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Executive summar y
B AC K G R O U N D
Since the early 1990s there has been growing concern about the potential ability
of anthropogenic chemicals present in the environment to disrupt the normal
endocrine function of humans and animals. Initially, concern focused on the
ability of some chemicals to mimic or antagonise the hormones naturally
produced by the gonads and on the possible consequences for reproductive health.
During the last four decades, instances of reproductive abnormalities have been
noted, around the world, for a number of populations of wildlife species
(including mammals, birds, reptiles, fish and molluscs), although generally at
highly polluted sites. More recently, concern has also been directed towards other
endocrine glands (e.g. the pituitary, thyroid or adrenal glands) and endocrinemodulated functions (e.g. immune and neurological functions), as it is now
recognised that these also may be potential targets for chemically-mediated
endocrine disruption.
In the light of these concerns this assessment seeks to address the ecological
significance of the presence of endocrine-disrupting chemicals in the environment
by:
❐

identifying those taxa that have physiological systems that may be
susceptible to endocrine-disrupting chemicals;

❐

assessing the significance of the presence of endocrine-disrupting
chemicals in the environment for reproductive health, at different levels in
the ecological hierarchy (i.e. individuals, populations, communities and
ecosystems); and

❐

identifying priorities for future ecological research, ultimately to address
the possible impact of endocrine disruption at the population and
community levels.

The evidence for chemically-mediated endocrine disruption of reproduction in
wildlife is extensively reviewed in this assessment. In order to facilitate the
assessment of existing studies on the effects of endocrine disrupters and to
3
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promote the development of more informative and multidisciplinary studies in the
future, background information is presented on relevant biological and ecological
processes, including mechanisms of sex determination and differentiation in
animals, the role of the endocrine system in reproductive function, factors
affecting sex ratios, and the fundamentals of population dynamics. Knowledge on
the fate and behaviour of potential endocrine disrupters is surveyed to assess the
likelihood and degree of wildlife exposure. Also considered are factors that may
influence the effects of exposure (e.g. sensitive periods of exposure). In addition,
enhancements to existing regulatory toxicological testing methods and strategies
that may improve the hazard assessment for wildlife and the value of these tests
for predicting ecologically significant effects are suggested.
This assessment, which was conducted over a period extending to mid-1998,
incorporates the views of experts who attended a workshop held at the Institute
for Environment and Health, Leicester, in May 1997, which focused particularly
on the identification of research priorities.

CONCLUSIONS
Results from in vivo and in vitro laboratory-based studies have indicated that
several naturally occurring and anthropogenic chemicals in the environment can
cause adverse effects in organisms by disrupting the endocrine system. Various
reproductive abnormalities in wildlife that are definitely or possibly caused by
endocrine disruption have been identified, but in the majority of cases it is not
known whether adverse effects have occurred at the population level. When
reproductive abnormalities in wildlife suggestive of endocrine disruption have been
identified they have generally been in locations with particularly high pollution
loads. Effects observed include altered gonadal size and structure, intersex, changes
in plasma sex steroids, abnormal induction of an egg yolk protein (vitellogenin),
altered reproductive behaviour and, in some cases, reduced production of viable
offspring. The degree of causality established between the reproductive
abnormalities observed and exposure to particular chemicals is variable, and
understanding of the mechanisms is limited. For example, in Lake Apopka,
Florida, USA, it appears that chemical endocrine disruption has led to
reproductive abnormalities in alligators; however, it has not been possible to
identify the specific chemical(s) responsible and the mechanisms of action have not
been fully elucidated. Vitellogenin induction in male freshwater fish, an effect
which has been observed in some UK rivers, has been demonstrated to be caused
principally by exposure to natural sex steroids present in sewage effluent;
alkylphenol polyethoxylates and the synthetic steroid, ethynyloestradiol have also
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been identified as possible causal agents. Vitellogenin induction and intersex have
also been detected in male flounder in UK estuaries, although, again, the causal
agents have yet to be identified. The development of imposex in species of marine
gastropod following exposure to organotin compounds in antifouling paint
represents the only example where it has been possible to link population declines
convincingly with endocrine disruption following exposure to a specific chemical.
A wide range of environmental factors (e.g. habitat degradation, food
availability) can exert significant effects on populations and communities. The
importance of these factors relative to the potential effects of endocrine
disruption is currently unknown. The association of the presence of an
endocrine-disrupting chemical with an abnormal effect is not in itself sufficient
to prove a causal link between exposure to the substance and changes in wildlife
populations or communities.
Despite the limitations in the available data, some chemicals present in the
environment undoubtedly have the potential to cause adverse endocrinemediated effects and it is appropriate, in line with the precautionary principle, to
give consideration to the need to reduce exposures.

R E C O M M E N D AT I O N S A N D R E S E A R C H P R I O R I T I E S
There is an urgent need for international agreement on ecologically-relevant
hazard testing and risk assessment strategies to address the complex issues
surrounding potential endocrine-disrupting chemicals. This will be a complex
undertaking given the range of potential end-points and differences in
susceptibility within and between taxa. Such a programme should be undertaken
in conjunction with further basic strategic research to determine the ecological
significance of endocrine disruption and to allow the development of an
integrated monitoring strategy.
A research strategy for the investigation of potential population-level effects of
endocrine disruption is developed herein which comprises three distinct stages:
❐

identification and validation of sentinel species;

❐

development of biomarkers for endocrine disruption in these species; and

❐

conducting integrated studies to investigate population consequences,
involving measurement of appropriate biomarker responses (of exposure
5
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and effect), chemical analysis and investigation of reproductive output and
population dynamics.
The following key research projects are recommended as part of such a research
strategy. They have been selected on the basis of current evidence and the
biological plausibility of endocrine disruption in ecosystems, and are focused on
priorities for the UK.
Studies are proposed on:
❐

population-level effects of endocrine disruption in wild fish in the UK;

❐

the potential effects of endocrine disrupters on invertebrates — to proceed
in three stages:


screening representative species of different taxa for
responsiveness to endocrine disrupters;



development of biomarkers; and



population-level effects;

❐

reproductive and population-level effects of endocrine disruption in top
predators;

❐

the development of tests with ecologically relevant end-points for the
detection of reproductive consequences of endocrine disruption;

❐

the environmental fate and behaviour of steroid hormones; and

❐

population-level and community-level changes in Nucellus lapillus and
benthic invertebrate communities, following controls on the use of
organotins.

Other recommendations include: the need to increase awareness of, access to and
use of existing data on physicochemical properties and toxicity of potential
endocrine-disrupting chemicals; the investigation of existing data sets on UK
wildlife population trends, including endocrine disruption (although causality
should not be attributed on the basis of correlation alone); and the application
and validation of current models (e.g. quantitative structure–activity
relationships; QSAR), and the development of new models, to predict the
environmental fate and behaviour of endocrine-disrupting chemicals.
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1 General
introduction
Since the early 1990s there has been growing concern about the potential ability
of substances of anthropogenic origin found in the environment to disrupt the
normal endocrine functions of humans and animals. Concern initially focused on
the ability of some chemicals to mimic the activity of endogenous oestrogens and
was prompted by field observations of significant changes in reproductive
physiology in populations of several wildlife species in a number of countries, and
by adverse trends in the incidence of some reproductive conditions in humans.
This led to a series of major workshops and assessments, including a project
commissioned by the then UK Department of the Environment and conducted by
the Institute for Environment and Health to assess the potential consequences of
environmental oestrogens to humans and wildlife (IEH, 1995). More recently, the
scope of concern has broadened, with the recognition that endocrine disruption
could potentially affect not only the gonads and the reproductive system, but also
endocrine glands (e.g. the pituitary, thyroid and adrenal glands) and endocrinemodulated functions, for example involving the immune and the neurological
systems. It was also recognised that exposures to naturally occurring or plantderived chemicals can cause endocrine disruption. The changing scope of the
subject has necessitated a broadening of the definition of an endocrine disrupter;
definitions proposed by a recent European conference have been adopted for the
current assessment, as follows.
An endocrine disrupter is an exogenous substance that causes adverse
health effects in an intact organism, or its progeny, consequent to changes
in endocrine function. In the absence of definitive in vivo data, a potential
endocrine disrupter is defined as a substance that possesses properties that
might be expected to lead to endocrine disruption in an intact organism
(EC, 1997).
Based on in vivo (mainly rodent) models or in vitro studies, a large number of
chemicals have been shown to possess endocrine-disrupting potential, and it is
likely that the list will increase in the future as more chemicals are studied.
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Evidence of reproductive abnormalities has been reported in a number of
populations of wildlife species. Evidence comes from studies on mammals, birds,
reptiles, fish and molluscs; however, these ‘unusual’ observations have been made
mainly at locations which are particularly polluted, such as sites of chemical
spillage or close to point sources of effluent discharge.
Considerable attention to date has focused on the implications of endocrine
disruption for human health. However this IEH assessment, commissioned by the
Department of the Environment, Transport and the Regions (DETR), seeks to
address the ecological significance of the presence of endocrine-disrupting
chemicals in the environment. The document identifies taxa that have
physiological systems susceptible to endocrine-disrupting chemicals and focuses
on the potential for such chemicals to affect the reproductive health of wildlife.
Potential ecological implications are considered, with particular reference to the
situation within the UK.
The key objectives of this assessment are to:
❐

assess the significance of the presence of endocrine-disrupting chemicals in
the environment for reproductive health, at different levels in the ecological
hierarchy (i.e. individuals, populations, communities and ecosystems); and

❐

identify priorities for further ecological research, ultimately to address the
possible impact of endocrine disrupters at the population and community
levels.

This assessment comprises three main sections followed by conclusions and
recommendations for future research. In Section 2 the evidence for chemicallymediated endocrine disruption in wildlife (including two detailed case-studies),
reproductive function (including sex determination and differentiation in animals,
the direct role of the endocrine system in reproductive function and factors
affecting sex ratios), fundamentals of population dynamics, and evidence for
community level effects due to pollution are reviewed. Section 3 reviews current
knowledge on the fate and behaviour of potential endocrine-disrupting chemicals,
with particular reference to the identification of factors that influence wildlife
exposure. Possible developments to enhance the strategies and test methods used
to screen chemicals for endocrine-disruptive effects in wildlife species are
discussed in Section 4.
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This document was compiled with the aid of key experts from Europe and the
USA who participated in a workshop held in Leicester in May 1997; the
assessment has been constructed over a period extending to mid-1998 and reflects
information available at that time. The workshop participants assessed the
available evidence, described ongoing studies and helped to compile the
recommendations for future work.
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2 Effects of
endocrine disruption
in organisms and
populations

E F F E CT S IN ORGANIS MS AND P O P U L AT I O N S

2 . 1 P R I NC I PA L E V ID E NCE FOR
EFFECTS

The effects of endocrine-disrupting chemicals on wildlife have been the subject of
many reviews and workshops in recent years (e.g. Colborn & Clement, 1992;
Colborn et al., 1993; Fry, 1995; IEH, 1995; Gray et al., 1996; Kavlock et al., 1996;
Nordic Council of Ministers, 1996; EPA, 1997). With so many reviews already
available the objective of this section is to give an updated overview of the
reproductive effects that have been associated, to some degree, with endocrine
disruption. The emphasis here is on evidence from wild populations, although
laboratory studies on wildlife species, which provide additional information on
the plausibility of ecological effects, have also been included. Many studies on
endocrine disruption have been performed on laboratory rodents, but such studies
are too numerous to be reviewed thoroughly within the context of this document.
Examples of chemicals that are either confirmed or potential endocrine disrupters
are discussed in Section 3.
The information presented in this section is organised on a taxonomic basis and
includes many instances where endocrine disruption per se has not been proven
but where reproductive effects have been observed and endocrine disruption has
been implicated. Most of the studies reported here have not established causality
between a reproductive abnormality observed in the wild and exposure to a
specific chemical or chemicals; even less have such studies demonstrated endocrine
disruption as the mechanism of action. This is not unexpected as exposure in the
wild is generally to complex mixtures, and there are currently few biomarkers
specific to endocrine disruption. It is also apparent that, with the exception of the
effects of tributyltin on some species of marine gastropod, the significance at the
population-level of endocrine disruption in individuals is unknown.
It is noteworthy that some plants and fungi have the ability to produce chemicals
that disrupt the reproductive performance of herbivores. Best known are the
relationships between plants and herbivorous insects (considered further in
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Section 2.1.5), although substances such as phytoestrogens and mycoestrogens
can also affect mammals. Changes in the diet, such as the consumption of
previously ungrazed plant species or an increase in the concentration of
phytoestrogens in a particular plant species, can lead to reproductive impairment;
such effects have been observed in domestic animals and in birds (reviewed in
Moule et al., 1963; Leopold et al., 1976; Labov, 1977; Etienne & Dourmad, 1994;
IEH, 1995; Chapin et al., 1996).

2.1.1 MA M M A L S

FIELD STUDIES
Links between environmental pollution and endocrine disruption have been
suggested in relation to population declines and abnormal reproductive function
in the Florida panther (Felis concolor coryi; Facemire et al., 1995), Baltic grey seal
(Halichoerus grypus), Baltic ringed seal (Phoca hispida botnica; Jensen et al., 1979;
Bergman & Olsson, 1985), common seal (Phoca vitulina; Reijnders, 1986) and
Beluga whale (Delphinapterus leucas; De Guise et al., 1995).
The Florida panther is an endangered species. In 1995 it was estimated that the
remaining population in Florida, USA numbered only 30 to 50 individuals, many
of which were suffering from a variety of physiological abnormalities, including
abnormalities of the reproductive, endocrine and immune systems. Reproductive
defects included sperm abnormalities, low sperm density and cryptorchidism. The
level of serum 17β-oestradiol was similar for males (cryptorchid and normal) and
females (which was considered to be suggestive of demasculinisation and
feminisation), although the oestradiol:testosterone ratio was significantly higher
in females and not significantly different between normal and cryptorchid males
(Facemire et al., 1995). The study involved small sample sizes and, because of the
rarity of the species, comparisons could not be made with reference populations.
Inbreeding had previously been suggested as the cause of these abnormalities, but
Facemire et al. (1995) suggested that pollutants with known endocrine-disrupting
potential might be responsible for the effects observed, and there was evidence for
exposure to such chemicals. Residues of mercury, selenium and a range of
organochlorine compounds were found in tissue samples taken from a dead
individual, and previous work in south Florida reviewed by Facemire et al. (1995)
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showed that raccoons, a major prey item of the panther, bioaccumulate a range of
organochlorine pesticides. Nonetheless, no causal link between the reproductive
abnormalities observed and exposure to endocrine-disrupting chemicals has been
established.
Declines in seal populations occurred in the Baltic Sea and westernmost part of
the Wadden Sea (north of the Netherlands) between 1950 and 1975; both of these
areas were highly polluted, particularly with organochlorines. The population of
common seals in the western most part of the Wadden Sea declined between 1959
and 1975 from more than 3000 to less than 500 animals and there was evidence
that pup production had declined sharply (reviewed in Jensen et al., 1979;
Reijnders, 1986). Jensen et al. (1979) found that tissue levels of organochlorine
compounds in female grey and ringed seals in the Baltic were associated with
reproductive problems, with higher levels of polychlorinated biphenyl (PCB) and
dichlorodiphenyltrichloroethane (DDT) metabolites present in the tissues of nonreproductive females than in tissues of pregnant females. The incidence of
pathologies of the endocrine system and the genital and urinary systems (uterine
stenoses and occlusions and adrenocortical hyperplasia) was also reported to be
high (Bergman & Olsson, 1985).
In recent years there has been evidence for recovery of populations of Baltic grey
seal and ringed seal in the northern Baltic and northern Gulf of Bothnia (between
Sweden and Finland), respectively (Mattson & Helle, 1997). Population increases
of about 10% for the Baltic grey seal and about 6% for the ringed seal have been
recorded and these recoveries have been associated with declines in the incidence
of uterine occlusions and decreases in the level of PCBs in the ecosystem,
including seal tissues.
Organochlorine contamination of the European otter (Lutra lutra) has been
extensively investigated at various sites throughout the UK and Eire. An
association has been found between elevated levels of organochlorine
contamination and population declines and inhibition of population growth
(Mason, 1995). Similar associations have also been found in otter populations in
Sweden and Norway (Smit et al., 1996). Recent work has included surveys of river
catchments in Ireland, in which high levels of PCBs have been reported in some
animals (Mason & O’Sullivan, 1993), and studies by Mason and Macdonald
(1993) who compared the density of otters and the organochlorine contamination
of spraints (otter dung) between upper and lower reaches of three catchments in
Wales and the west Midlands. In the latter studies, otter populations were assessed
by determining an index based on signs of the presence of otters along sections of
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riverbank and also the sprainting density. Tissue levels of organochlorines were
estimated from levels in spraints, using a model described by Mason et al. (1992);
the tissue ‘level of concern’ for reproductive health was also assessed using the
model. In contrast to upper stretches of these rivers, it was found that the otter
populations in lower stretches were erratic and had not reached equilibrium. In
association with this, levels of organochlorines in spraints gave cause for concern
in over 50% of samples from lower stretches whereas most of the samples taken
from the upper stretches were below the ‘level of concern’. The authors suggested
that organochlorine contamination of the food chain in these lower reaches was
inhibiting the growth of otter populations at these sites. A recent Dutch report on
PCBs and otters (Smit et al., 1996) concluded that there was a strong negative
correlation between hepatic vitamin A levels and PCB levels, and it was suggested
that this vitamin A deficiency may reduce the fitness of individual otters.
Although plausible, this effect has not been proved to have an effect at the
population level in European otters.
De Guise et al. (1995) reviewed the possible mechanisms for the decline of a small
population of Beluga whales (Delphinapterus leucas) which resides in the St
Lawrence estuary, Canada, and in which reproductive abnormalities and
immunosuppression had been observed. Compared with Arctic Belugas, a study
of cyclic corpuscles in ovary sections from the St Lawrence Belugas suggested that
there was little ongoing ovarian activity. An adult Beluga from the St Lawrence
estuary was also found with two ovaries, two testes and genital tracts of both
sexes, but lacking cervix, vagina and vulva. A mixture of contaminants, including
organochlorine compounds and benzo[a]pyrene has been detected at higher levels
in the tissues of St Lawrence whales than Arctic whales, but the significance of
these elevated levels in relation to the reproductive abnormalities observed in the
animals has not been established.
Other studies have also identified chemicals that have known endocrine-disrupting
potential, or are suspected endocrine disrupters, in the tissues of marine
mammals. For example, butyltin compounds have been detected in the tissues of
Steller sea lion (Eumetopias jubatus) from Hokaido, Japan and in tissues taken
from stranded bottlenose dolphins (Tursiops truncatus) found along the US
Atlantic and Gulf coasts (Kim et al., 1996a,b; Kannan et al., 1997). Other
chemicals found include polycyclic aromatic hydrocarbons in porpoises and seals
(Law & Whinnett, 1992), and toxaphene and chlordane in seals (Andersson &
Wartanian, 1992).
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CONTROLLED FEEDING STUDIES
Reijnders (1986) carried out a feeding study to investigate PCB pollution and
reproductive failure of seals from the Wadden Sea. One group of female common
seals was fed for 2 years with fish taken from the Wadden Sea whilst another
group was fed with fish from the northeast Atlantic. Chemical analysis revealed
that levels of PCBs and p,p'-dichlorodiphenyldichloroethylene (p,p'-DDE) were
higher in the fish from the Wadden Sea than in those from the Atlantic (average
daily intakes: PCBs, 1.5 mg vs 0.22 mg; p,p'-DDE, 0.4 mg vs 0.13 mg). The lower
rate of pregnancies and associated changes in hormonal profiles at the time of
implantation in seals fed fish from the Wadden Sea were attributed to the effects
of PCBs at or around the implantation stage, however no conclusions were drawn
about the mechanism of action. Plasma samples taken from common seals used
in this feeding study were investigated by Brouwer et al. (1989). On the basis of
the results, it was concluded that a diet of fish highly contaminated with PCBs led
to vitamin A and thyroid hormone deficiency in the seals. The authors suggested
that these effects may be involved in the reproductive failures observed in marine
mammals of the Baltic Sea, Wadden Sea and North Sea.
Bäcklin and Bergman (1992) investigated the effects of exposing female mink
(Mustela vison) to mixtures of PCBs (Clophen A50 and Aroclor 1254) and to
chemical fractions of these (mixtures of fractions and single fractions). Animals
in the Clophen A50 group received 2 mg per day for 84–96 days (provided in
peanut oil) and those in the Aroclor 1254 group received 1.64 mg per day for
79–94 days. Compared with controls, animals exposed to the commercial mixtures
and mixtures of the fractions showed a decrease in reproductive outcome with
high incidences of fetal deaths, whereas those exposed to a single PCB fraction
showed no such effect. The females in the Clophen A50 group showed a
predominance of late fetal death while the females in the Aroclor 1254 group
showed a high frequency of early fetal death indicated by the presence of corpora
albicantia in the ovaries. However, the mechanism for this effect was not
investigated in this study. Aulerich et al. (1985) found that feeding 2.5 ppm
Aroclor 1254 to adult female mink, from 1 month prior to breeding to
parturition, had severe effects on the ability of the mink to produce offspring. In
the group treated with Aroclor 1254 (n = 10) only one of the mated females gave
birth and this was to a single stillborn kit; in six other treated females post mortem
examination showed evidence of uterine implantation. In comparison, the control
group (n = 20) produced 105 live kits. It was also found that plasma progesterone
concentrations were significantly depressed by Aroclor 1254, and hepatic
microsomal cytochrome P450 concentrations were significantly elevated.
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Heaton et al. (1995) carried out a study in which carp from Lake Michigan, which
were contaminated with 8.4 mg PCBs/kg and 194 ng of 2,3,7,8-TCDD*/kg, were
included in the diet of adult ranch mink (Mustela vison) at levels of 0, 10, 20 or
40% of the diet by mass, with resultant dietary concentrations of 0.72, 1.53, and
2.56 µg/g PCB and 19.4, 40.0 and 80.8 pg/g TEQ, respectively. In contrast,
controls fed marine fish were exposed to dietary concentrations of only 0.015 µg/g
PCB and 1.03 pg/g TEQ. The females fed with 40% carp produced fewer kits than
controls, and all were stillborn or died within 24 hours. The authors determined
the lowest observable adverse effect levels (LOAEL) of 0.134 mg PCBs/kg
bodyweight/day or 3.6 ng TEQs/kg bodyweight/day for adult female mink. It was
estimated that doses of PCBs were sufficiently high in certain fish species at
several sites on Lake Michigan and Lake Huron to cause reproductive impairment
in wild mink.
The mechanism of this reproductive toxicity still remains to be confirmed. In
pregnant mink, Patnode and Curtis (1994) found that treatment with 3,3',4,4',5,5'hexachlorobiphenyl significantly increased progesterone receptor dissociation
constants (PR Kd) which coincided with embryo toxicity and reduced fetal
growth, and they suggested that these reproductive effects were the result of
impairment of progesterone receptor function via up-regulation of uterine
oestrogen receptors. It has also been suggested that the methyl sulphone
metabolites (MSFs) of PCBs may be the mediators of PCB-associated
reproductive failure in mammals, by reducing the availability of progesterone
binding sites in the uterus (Lund et al., 1985). In the rabbit liver, MSFs of PCBs
have a higher binding affinity for the intracellular steroid binding protein
uteroglobin than does the endogenous ligand progesterone (Gillner et al., 1988).
This affinity for uteroglobin binding leads to selective accumulation of MSFs in
the uterine epithelium and embryo (Darnerud et al., 1986).
* As toxic equivalents (TEQs). Because dioxin-like compounds exist in environmental
and biological samples as complex mixtures of congeners, and the relative potencies for
individual dioxin-like compounds can vary over orders of magnitude, the Toxic
Equivalency Factor (TEF) concept has been developed to express the toxicity of
PCDD/Fs relative to that of 2,3,7,8-TCDD; this is reported as a toxic equivalent (TEQ)
value. It is believed that PCDD/Fs exert most of their toxicological effects by a common
mechanism involving binding to an intracellular protein, the arylhydrocarbon (Ah)
receptor. Similarly, the toxicological effects of some dioxin-like PCB congeners may also
be mediated by the Ah-receptor. Therefore it may also be appropriate to assign TEFs to
these congeners. A limitation of such an approach is the assumption that the combined
toxic effect of the components of a given mixture is additive, neglecting possible
synergism or antagonism. The TEQ scheme was originally developed for the mixture of
compounds to which humans are directly exposed and may, therefore, not be applicable
to ecological targets such as fish, birds and other wildlife species (Ahlborg et al., 1994).
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Evidence from controlled feeding studies using seals and mink indicates that
exposure to certain PCBs leads to reproductive problems. However, in field
situations the relative importance of these and other contaminants needs to be
clarified.

ENDOCRINE DISRUPTION IN PEST CONTROL
The potential for using chemosterilants (including oestrogenic steroids) for the
control of rodents has been investigated in several studies (reviewed by Marsh,
1988; Smith, 1994). However, the success of these chemosterilants seems to be
limited. Lack of palatability on initial presentation of the bait, and on repeat
applications, has been a problem, as it has with other forms of chemical control.
Also, when using agents that cause male sterilisation (e.g. alphachlorohydrin) it is
necessary to ensure exposure of a large number of males in polygynous species, in
order to affect population fecundity significantly. However, Marsh (1988) noted
that if both sexes were targeted for reproductive inhibition the impact would be
substantially greater.

2.1.2 BI R D S

O B S E R VAT I O N S O F R E P R O D U C T I V E F A I L U R E I N T H E F I E L D
The detrimental effects of organochlorine pesticides on reproductive success in
birds of prey have been known for many years following the crash of populations
of many species in the 1950s and 1960s. Accounts of these population declines
and the establishment of the link with DDE, the cyclodiene pesticides and PCBs
are provided by Peakall (1992), Fry (1995) and Walker et al. (1996). Although
many raptor species were affected all over the world, particular attention focused
on the global decline of populations of the peregrine falcon (Falco peregrinus). It
emerged that, globally, the thickness of eggshells in failed nests was reduced, and
a correlation was established between level of DDE in the eggs and the eggshell
thickness.
It is thought that population declines of the peregrine in North America resulted
from eggshell thinning due to DDE. Extirpated populations of peregrines had
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eggshell thickness reductions of 18–25%, declining populations had reductions of
over 17%, whereas stable populations had less than 17% thinning. Although the
exact mechanism of action has not been confirmed, it is now generally agreed that
the transport of calcium across the eggshell gland mucosa is affected by DDE. In
a review, Walker et al. (1996) concluded that the decreased activity of Ca-ATPase
and effects on prostaglandins were the key mechanisms. It is noteworthy that
Lundholm (1988) showed a dose-dependent inhibition of progesterone binding to
its cytoplasmic receptor in the shell gland mucosa with increasing levels of DDE
in vitro. He suggested that DDE, via inhibition of calmodulin, inhibited the
binding of progesterone which could contribute to the toxic effects on
reproduction. Eggshell thinning due to DDE exposure did occur in the UK, but
the lethal and sublethal effects of the cyclodiene pesticides, aldrin, dieldrin and
heptachlor, are also thought to have been responsible for the UK declines of the
peregrine and other raptors, in particular the sparrowhawk. A significant interspecies variation in the sensitivity to eggshell thinning as a result of DDE
accumulation is known. Bird-eating raptors and some fish-eating birds (e.g.
cormorants and pelicans) are, unfortunately, particularly sensitive (irrespective of
bioaccumulation), whereas several laboratory species such as Japanese quail are
relatively insensitive. Since the banning of DDT and the cyclodienes in the UK,
elsewhere in Europe and in North America, populations of birds of prey that were
previously severely affected have partially or completely recovered (Walker et al.,
1996). Detailed accounts of the research on the effects of organochlorine
pesticides on UK populations of the peregrine and sparrowhawk are provided in
Ratcliffe (1980) and Newton (1986), respectively.
Reproductive failure and population declines have also been recorded in fisheating birds; a particular example is that of the Great Lakes, North America
(reviewed by Fry, 1995; Walker et al., 1996). In the 1970s reproductive
abnormalities were observed in herring gulls, terns and cormorants; these
abnormalities included behavioural changes in adults, death of embryos and
abnormal embryonic development, including crossed beaks in chicks. Such effects
have been attributed in laboratory situations to a number of different
organochlorines, but as there was a mixture of organochlorine contaminants in
the Great Lakes at the time it was not possible to identify which specific chemicals
were most important. However, there was a correlation between total
organochlorine level and incidence of reproductive effects. In one experiment in
which eggs were transferred from ‘clean’ to contaminated colonies and vice versa,
it became apparent that both embryo development and parental behaviour were
affected (reviewed in Walker et al., 1996).
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By the 1980s, with the decline in levels of the organochlorine pesticides, problems
of reproductive failure in fish-eating birds of the Great Lakes were restricted to a
few specific areas. With the use of more sophisticated analytical techniques in the
1980s it became apparent that some affected sites were contaminated with the
polychlorinated dibenzodioxins (PCDDs) and polychlorinated dibenzofurans
(PCDFs) and it became possible to identify more specific congeners of PCBs. The
use of TEQs to investigate complex organochlorine mixtures facilitated
investigation of the effects of organochlorine contamination on the fish-eating
birds of the Great Lakes. TEQs were determined in egg samples taken from
cormorant and tern colonies on Lakes Ontario and Michigan, and a correlation
was found between TEQs and the level of embryonic mortality (reviewed by Fry
1995; Walker et al., 1996).
Light oiling of seabirds following an oil spill has also been linked to changes in
levels of sex hormones and reproductive function. Fowler et al. (1995) studied
Magellanic penguins (Spheniscus magellanicus) coming ashore to breed following
an oil spill. The median value for the percentage of body surface oiled was 20%.
Levels of circulating sex hormones were compared between oiled and clean birds.
Circulating levels of testosterone and dihydrotestosterone were significantly lower
in oiled birds of both sexes. Oestradiol and luteinising hormone (LH) levels were
found to be significantly lower in oiled females compared with non-oiled females;
in males, levels of oestradiol were low in both oiled and clean individuals. Levels
of progesterone were unaffected in either sex. The authors also compared egg
production between pairs in which one partner was oiled and pairs where neither
partner was oiled. Significantly fewer pairs of penguins in which one partner was
oiled had eggs in the nest during the breeding season than did pairs comprising
two clean birds but, for those birds that did produce eggs, there was no difference
in offspring survival between oiled and clean birds. The authors noted that oiled
birds that had been kept in captivity had elevated levels of corticosterone,
indicating physiological stress. Fry (1995) cited several studies in other species
which indicated that exposure to oil on the plumage or by ingestion caused stress,
leading to elevated corticosterone levels and an apparent down-regulation of
reproduction at the pituitary level. This has been suggested as a cause of nest
abandonment and loss of stability of the pair bond. [Although such observations
show a link between environmental pollution and reproductive impairment, it is
not possible to separate the effects of stress from possible effects of chemicals.]
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CONTROLLED STUDIES OF REPRODUCTIVE FAILURE
Barron et al. (1995) reviewed many laboratory studies which have demonstrated
reproductive effects in relation to PCB exposure. The no observed adverse effect
concentration (NOAEC) and lowest observed adverse effect concentration
(LOAEC) values vary between species (by at least a factor of ten), although from
the data provided it is difficult to make direct comparisons because of the different
end-points reported in each of the studies. Examples of effects are: reduced semen
quality in American kestrels (Falco sparverius) fed 33 ppm Aroclor 1254;
reduction in comb and testicular weight in chickens fed 250 ppm Aroclor 1254;
and a dose-dependent increase in microsomal metabolism of oestradiol in
American kestrels fed Aroclor 1254 or 1262.
MacLellan et al. (1996) carried out a multigeneration study on American kestrels
(Falco sparverius) to investigate the effects of o,p'-dicofol exposure on
reproduction. Paired females were assigned to a control group or one of two
treatment groups (5 and 20 mg/kg bodyweight per day throughout the breeding
season). Reproduction was assessed on the ability of these birds to form a pair
bond and exhibit normal parental behaviour, clutch completion, fertility,
hatchability, and number of hatchlings reared to fledging. Females dosed with
20 mg/kg dicofol laid eggs with significantly thinner eggshells than control birds;
no differences in the parameters assessing breeding success were detected.
Dichlorobenzophenone (produced from dicofol by the chemical extraction
procedure) was only detected in the first and second clutch eggs laid by the females
in the group exposed to 20 mg/kg (detection limit was 256 ng/g). Of those chicks in
the treated groups that did not hatch, a significantly larger number of male
embryos possessed abnormal gonadal morphology (with evidence of feminisation)
compared with controls. Second-generation males and females were paired with
birds that had not been exposed and had previously bred successfully, and the same
reproductive parameters were measured. Second-generation females originating
from the 5 mg/kg dosage group produced a significantly greater number of eggs
and chicks which were lost compared with controls; similar results were obtained
for second-generation males. The results of breeding experiments with secondgeneration birds which originated from parents dosed with 20 mg/kg dicofol could
not be assessed statistically owing to the small sample size. Supporting evidence for
the feminisation of avian embryos on exposure to certain organochlorine pesticides
and their metabolites is provided by Fry and Toone (1981; see below). It is also
noteworthy that a dicofol spillage occurred at Lake Apopka, Florida, where
endocrine disruption of alligators has been identified and studied.
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F E M A L E – F E M A L E PA I R I N G
Unusually large clutches of eggs, often termed ‘supernormal clutches’, have been
reported in several species of gull and also the Caspian tern. These supernormal
clutches appear to be due to female–female pairings where both females lay in the
same nest. Most observations have been made at sites in North America that were
contaminated by high levels of organochlorines in the 1960s and 1970s. It was
suggested by Fry and Toone (1981) that skewed sex ratios in favour of females in
these colonies may have been caused by the absence of males at the breeding
colony as a result of feminisation or demasculinisation in the embryo stage, owing
to chemically-mediated endocrine disruption. The phenomenon of female–female
pairing in these North American gull colonies was reviewed by Fox (1992).
It is known that female–female pairing in gull and tern colonies can be induced by
a lack of males in the colony; Conover and Hunt (1984a) removed males from
colonies of ring billed gull (Larus delawarensis) and California gull
(L. californicus) prior to the breeding season and found that the number of
supernormal clutches was significantly higher in the manipulated colonies.
Evidence reviewed by Hunt et al. (1980) suggested that female–female pairing is a
behavioural response in an attempt to provide sufficient parental care in the
absence of a permanent male; often eggs are infertile but sometimes females
produce fertile eggs which have been fertilised by a promiscuous male.
Most of the reports of female–female pairing have been in colonies of western
gulls (Larus occidatalis) and herring gulls (L. argentatus) in the Channel Islands
off the coast of southern California and in the Great Lakes (particularly Lakes
Ontario and Michigan), respectively; both of these sites were heavily polluted by
organochlorines in the 1960s (Fox, 1992).
In the 1960s and 1970s high levels of DDE and PCBs were found in herring gull
eggs from Lakes Ontario and Michigan. In the 1970s there was a severe decline in
the reproductive success at these colonies and female–female pairing,
supernormal clutches, a high incidence of developmental abnormalities in
embryos, chick mortality and abnormal parental behaviour were all observed.
Supernormal clutches were most common in 1977 when 70 per 1000 nests
contained supernormal clutches; this declined to 10 per 1000 by 1980, in parallel
with a concomitant decline in levels of organochlorine contamination. During the
1970s there were large numbers of non-nesting birds around the colony but their
sex or age was never determined. Anecdotal reports of increased male mortality
at the colonies also exist. Similar observations were also made in the western gull
colonies in the Channel Islands off California (Fox, 1992).
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Fry and Toone (1981) demonstrated that injection of western gull eggs with
DDT/DDE at levels comparable to those found in eggs during the 1970s led to
feminisation of embryos. The most sensitive indicator of this feminisation was the
localisation of primordial germ cells in a thickened ovary-like cortex in the left
testis. In cases of higher levels of exposure, intersexuality was characterised by a
marked reduction in the number of seminiferous tubules and development of
ovary-like cortical and medullary tissue, although the cortex was less organised
than in genetic females. The consequence of these embryonic abnormalities to
reproductive function and behaviour in adult life are unknown, but recent studies
on rats by Kelce et al. (1994, 1995) have shown that DDE and vinclozolin are
potent antiandrogens; exposure of male rat embryos to vinclozolin leads to severe
abnormalities of the male reproductive tract, and exposure of rats to DDE
throughout the pubertal period leads to delayed onset of puberty. Fox (1992)
reported that gross and microscopic signs of feminisation similar to those
described by Fry and Toone (1981) were found in a sample of herring gull chicks
that had been naturally exposed to a number of organochlorine chemicals from
Lake Ontario in the mid-1970s.
Museum specimens have been used to investigate changes in sex ratio before 1940
and after 1950 in a variety of North American gull species, including western gull
and herring gull (Conover & Hunt, 1984b). Most of the specimens examined
during this investigation were known to have been collected away from breeding
colonies. There was a statistically significant decrease in the male:female ratio in
western gull and a decrease which was not statistically significant in herring gull.
In other species no such decrease was found. As the birds had been collected away
from breeding colonies the authors concluded that the skewness was due to
increased male mortality rather than feminisation of males causing them to forgo
breeding, as suggested by Fry and Toone (1981). Coulson and Thomas (1985)
carried out a detailed study on a kittiwake (Rissa tridactyla) colony in the UK,
and observed female–female pairings; these coincided with years when there was
known higher male mortality. The eggs produced by these birds were infertile.
In summary, female–female pairing in gulls is known to be caused by a skewed sex
ratio in favour of females. At the polluted sites in North America where this
phenomenon has most commonly been reported, feminisation of male embryos
due to the antiandrogenic actions of organochlorine pesticides is clearly feasible,
as suggested by laboratory study evidence. However, it has never been proved that
altered sex ratios in wild populations of gull are caused by such antiandrogenic
action. There is some evidence that increased mortality of males may have
contributed to skewed sex ratios.
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2.1.3 RE P T I L E S A N D A M P H I B I A N S

REPTILES
Probably the best documented case history of chemically-mediated endocrine
disruption occurring in a wild population of reptiles is that of the alligators in
Lake Apopka, Florida, USA. Lake Apopka is highly polluted as a result of
various sources of pollution including agricultural run-off, sewage effluent and a
major chemical spill of the organochlorine dicofol and sulphuric acid in 1980. The
dicofol was also contaminated with DDT and its metabolites
tetrachlorodiphenylethane (DDD), DDE and chloro-DDT. In addition, other
established
reproductive
toxicants,
such
as
the
nematocides
dibromochloropropane and ethylene dibromide, are now known to have been
present in areas of Lake Apopka at the time of the chemical spill (Semanza et al.,
1997). The alligators of Lake Apopka have been intensively investigated; studies
have focused particularly on aspects of their reproductive biology and
endocrinology. Much of this research has been carried out by Guillette and coworkers, and a recent account of this work is given by Guillette and Crain (1996).
Before the 1980s the alligator population in Lake Apopka was flourishing, but the
juvenile alligator population declined by 90% between 1980–1984 following the
chemical spill, presumably as a result of direct toxicity. A decrease in clutch
viability was not observed until 1984, four years after the spill. Levels of p,p'DDE, p,p'-DDD, dieldrin and cis-chlordane found in alligator eggs collected from
Lake Apopka were elevated in comparison with eggs collected from Lake
Woodruff, a less polluted control lake. Gonadal morphology and sex steroid levels
were abnormal in juvenile alligators hatched from eggs taken from Lake Apopka
in comparison with those from Lake Woodruff. Males hatched from Lake Apopka
eggs had histologically poorly organised testes with aberrant structures within the
seminiferous tubules. Six-month-old females had abnormal ovaries compared
with those from Lake Woodruff, with prominent polyovular follicles and an
unusually large number of multinucleated oocytes. Guillette and Crain (1996)
noted that previous studies have shown that rodent polyovular follicles induced by
diethylstilboestrol (DES) exposure have a lower rate of successful implantation,
and the authors suggested that this may be relevant to the reduced viability of
alligator eggs at Lake Apopka. Six-month-old male and female alligators from
Lake Apopka also had abnormal plasma sex steroids. Males had greatly reduced
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plasma testosterone levels (one quarter the levels of those of the control lake,
Lake Woodruff), and both males and females had elevated plasma 17β-oestradiol
levels in comparison with controls.
In vitro studies with excised gonads stimulated by gonadotrophins showed that
ovaries from females from Lake Apopka produced more 17β-oestradiol that those
taken from animals at control sites. Testes from Lake Apopka males produced more
oestradiol than those taken from males from Lake Woodruff. However there was no
difference in testosterone secretion from excised testes between Lake Apopka and
Lake Woodruff males even though the plasma testosterone levels in the animals
from Lake Apopka were reduced. As expected, in animals taken from either lake,
testosterone production from testes was greater than that produced from ovaries.
Differences between plasma steroid levels in older alligators between lakes with
different levels of pollution have also been documented. Female alligators aged
2 to 5 years from Lake Apopka had higher plasma testosterone levels than those
from Lake Woodruff. Plasma 17β-oestradiol was elevated in males from Lake
Apopka compared with males from Lakes Orange and Woodruff, whereas plasma
testosterone was significantly lower in Lake Apopka males compared with those
from Lake Woodruff but not with those from Lake Orange. The authors concluded
from this that other lakes (e.g. Lake Orange) may be affected to some degree.
Phalli were also found to be reduced in length in Lake Apopka males compared
with those from Lake Woodruff, and there is evidence that phallus lengths are
most reduced in the region of Lake Apopka where the chemical spill occurred.
The likely link between reduced phallus length and the action of antiandrogens is
supported by previous research by other workers which has shown that the
development and growth of crocodilian phalli is androgen dose-dependent.
Guillette and Crain (1996) concluded that abnormalities in plasma steroid levels
are due to modification of gonadal steroidogenesis and changes in steroidal
degradation pathways, and gonadotrophin release from the hypothalamohypophysial system, although further research is required to confirm this.
It is still not clear exactly which contaminants led to the effects observed, as
several chemicals with endocrine-disrupting potential are present in alligator eggs
from Lake Apopka. Contamination of the eggs through maternal transfer of
pollutants is suspected, although contamination through contact with the shell in
the nest is also possible, and indeed, there is experimental evidence in turtles which
shows that external contamination of the eggs can affect the developing embryos
(see below).
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Work on snapping turtles (Chelydra serpentina) in the Great Lakes has
demonstrated that at sites where eggs have high organochlorine residue levels the
incidences of embryo deformity and mortality are significantly higher than at less
polluted control sites. However, the mechanisms for such effects have not been
determined (reviewed by Guillette & Crain, 1996). The effects of PCBs on sex
determination in turtles have been investigated in experimental situations
(Bergeron et al., 1994; Crews et al., 1995). Normally sex determination in redeared slider turtle (Trachemys scripta) is controlled by the egg incubation
temperature. At a temperature of 26 °C only males are produced, whereas at a
temperature of 32 °C only females are produced; the threshold temperature is
29.2 °C, at which a 1:1 sex ratio is produced (Crews et al., 1995). Bergeron et al.
(1994) found that spotting eggs with two hydroxylated PCBs (2',4',6'-trichloro-4biphenylol and 2',3',4',5'-tetrachloro-4-biphenylol) prior to incubation at 27.8 °C,
led to the production of females. At doses of 200 µg 2',4',6'-trichlor-4-biphenylol
per egg and 200 µg 2',3',4',5'-tetrachloro-4-biphenylol per egg the proportions of
hatchlings that possessed some form of female reproductive structure were 100%
and 25%, respectively. When these two compounds were co-administered to give a
final concentration of 100 µg per egg, 80% of the hatchlings were female
compared with 10% and 0% when the two compounds were given separately. Nine
other PCBs tested (including hydroxylated and non-hydroxylated compounds) did
not significantly affect sex determination. It was concluded that the two
hydroxylated PCBs that did alter sex determination were exerting a synergistic
oestrogenic effect, although the exact mechanism was not elucidated.

AMPHIBIANS
Carey and Bryant (1995) reviewed possible associations between environmental
toxicants and declines in amphibian populations that have been recorded
worldwide. Several potential mechanisms other than lethal toxicity (including, for
example, increased susceptibility to disease, impairment of predator avoidance,
retardation of growth and development and reproductive impairment) were
considered. However, the authors concluded that the few studies available did not
identify the causes of the population declines.
There is some experimental evidence for induction of vitellogenin in amphibians
after exposure to DDT (Palmer & Palmer, 1995). Males of the short-clawed toad
(Xenopus laevis), dosed with 250 µg/g or 1 µg/g o,p'-DDT for 7 days, produced
vitellogenin, although the induction was less than when they were treated with
1 µg/g 17β-oestradiol or 1 µg/g DES. Induction of vitellogenin was significantly
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different between each of the treated groups and the controls (p<0.0001), which
did not produce detectable levels of the protein.
Pickford et al. (1997) used in vitro cultures of Xenopus laevis oocytes as a model
for investigating the ability of natural and xenoestrogens to disrupt amphibian
oocyte maturation. Germinal vesicle development, a marker of oocyte
maturation, was inhibited by the DDT-derivative methoxychlor, in a dosedependent manner; however, 17β-oestradiol and 17α-ethynyloestradiol were
partial agonists at high concentrations and some xenoestrogens (e.g. octylphenol
and bisphenol-A) had no effect. The antioestrogenic chemical ICI 182,780 also
failed to antagonise methoxychlor activity, confirming that, in this case, the
mechanism of methoxychlor action was not oestrogen-receptor mediated. A dosedependent methoxychlor-progesterone receptor interaction was found, and
methoxychlor caused an increase in oocyte cyclic adenosine monophosphate
(cAMP) levels. Based on existing knowledge of progesterone-induced maturation
of oocytes and its effect on cAMP levels, the authors speculated that
methoxychlor may exert its inhibitory effect on germinal vesicle development in
this species by acting as an antiprogesterone, disrupting oocyte cAMP signalling.

2.1.4 FI S H

O B S E R VAT I O N S O F R E P R O D U C T I V E I M PA I R M E N T
Several groups of chemicals of anthropogenic origin present in the environment
have been shown to affect fish, causing feminisation, masculinisation or other
changes associated with reproductive impairment. Such effects have been widely
reported in the scientific literature and it is apparent that some of the effects seen
are consistent with underlying mechanisms involving endocrine disruption
(Kime, 1995).
Gray et al. (1996) reviewed several laboratory studies on the effects of PCBs on
endocrine
function
in
fish.
These
have
shown
that
the
hypothalamic–pituitary–gonadal axis in adult fish is adversely affected, leading to
reduced gonadal growth, reduced steroid hormone and gonadotrophin
concentrations and reduced egg deposition. Some of these effects have been
shown to be linked to arylhydrocarbon-receptor binding.
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Suppressed ovarian growth and lowered levels of serum steroid hormones have
also been found in association with exposure to PCBs in natural populations of
fish. For example, Casillas et al. (1991) sampled female English sole (Parophrys
vetulus), taken from four sites in Puget Sound, Washington, which varied in the
level of chemical contamination. The fish were examined at the stage when they
were producing the egg yolk protein, vitellogenin. Fish that were captured were
assessed for reproductive competence by injection, at four-day intervals, with an
analogue of luteinising hormone releasing hormone (LHRH) in order to induce
spawning in the laboratory. The ability of the fish to spawn, the time taken to
spawn, larval viability, and oestradiol and vitellogenin (measured as alkalinelabile protein associated phosphate) plasma levels one day after capture were all
assessed. Low initial plasma levels of oestradiol and alkaline-labile protein
associated phosphate and subsequent reproductive impairment were associated
with higher sediment levels of contaminants, particularly polycyclic aromatic
hydrocarbons (PAHs) and PCBs. Exposure measurements made in the fish
(hepatic PCB concentrations and arylhydrocarbon hydroxylase activity)
corroborated this association, and other pollution-associated pathologies were
more prevalent in fish from the more contaminated areas. Time to spawn was
inversely related to initial oestradiol plasma levels and spawning success was
positively related to both initial oestradiol and alkaline-labile protein associated
phosphate concentrations. Alkaline-labile protein associated phosphate
concentrations were also related to fertilisation success. The authors concluded
that the chemical contamination at these polluted sites may have resulted in poor
reproductive success in English sole and this may have been related to a hormone
imbalance or non-synchronous ovarian development.
In a mesocosm study carried out by Janssen et al. (1997), female flounder
(Platichthys flesus) exposed to sediment from Rotterdam harbour (contaminants
not identified) were compared with a control group. Premature vitellogenin
induction and oocyte development, together with elevated plasma testosterone,
oestradiol and oestrone occurred in the fish exposed to harbour sediment. In vitro
investigation of the capacity of the ovaries of the fish to produce these sex steroids
showed that steroidogenesis was not altered and the authors concluded that it was
the elimination of steroids from the blood that was affected.

STUDIES ON EFFLUENTS
Effluent from paper mills (Kraft mill effluent) in two streams in Florida has been
associated with masculinisation of female mosquitofish (Gambusia affinis; Howell
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et al., 1980; Davis & Bortone, 1992). The masculinisation effect, also known as
arrhenoidy, involved the development of secondary sexual structures, particularly
the modification of the anal fin into a gonopodium-like structure; changes in
sexual behaviour were also observed. Laboratory studies in mosquitofish
confirmed that the Kraft mill effluent could induce the changes observed.
Additional studies using the phytosterols, sitosterol and stigmastanol (which
constitute 85% of the 3% of the plant sterols in the Kraft mill effluent), also
produced masculinisation; however, detailed identification and examination of the
‘active’ fractions was not carried out.
The effects of β-sitosterol have been investigated in vivo and in vitro in a number
of other laboratory studies. β-Sitosterol treatment of goldfish (by waterborne
exposure or injection) decreased plasma sex steroid levels, in vitro steroidogenesis
(testosterone and pregnenolone) and gonadal cholesterol levels (MacLatchy &
Van Der Kraak, 1995; MacLatchy et al., 1997). It has been shown to possess
oestrogenic properties in fish and mammals. It induced expression of the
vitellogenin gene in the liver of juvenile and methyltestosterone-treated rainbow
trout (Mellanen et al., 1996), was found to bind in vitro to hepatic oestrogen
receptors in rainbow trout (Tremblay et al., 1997) and induced vitellogenin
synthesis in male goldfish (MacLatchy et al., 1997). In mammals, β-sitosterol has
been shown to stimulate uterine growth (El Samannoudy et al., 1980; Malini &
Vanithakumari, 1993; Rosenblum et al., 1993), bind to rat hepatic cytosolic
oestrogen receptors (Rosenblum et al., 1993) and inhibit the oestrogen-specific
17β-oestradiol oxidoreductase type I enzyme (Mäkelä et al., 1995). However, the
extent of its contribution to reproductive dysfunction in wild fish exposed to pulp
mill effluent is not known at present.
The US Environmental Protection Agency (EPA) reviewed several further studies
which indicated developmental and fertility effects in other fish species exposed to
Kraft mill effluent. Again the agent or agents causing the effects were not
confirmed (EPA, 1997). Abnormalities in reproductive function in a population of
whitesuckers (Catastomus commersoni) near a Kraft mill on Lake Superior were
investigated in several studies. Effects observed included lower than normal levels
of steroid sex hormones in the blood, a prolonged time to reach sexual maturity,
smaller gonads and fewer eggs at maturity (McMaster et al., 1991, 1992;
Munkittrick et al. 1991). These effects were shown experimentally to be caused by
the effluent acting at multiple sites in the pituitary–gonadal axis (Van Der Kraak
et al., 1992). Although eggs from fish at the contaminated site were smaller than
those produced at control sites and male fish at the contaminated site produced
sperm with reduced motility, there was no effect on fecundity as assessed by egg
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fertilisation or hatchability, initial larval size, or larval survival (McMaster et al.,
1992). Effects were also noted in lake whitefish (Coregonus clupeaformis) at the
same contaminated site (Munkittrick et al., 1992a). However, in contrast to
whitesuckers, it appeared that fecundity was reduced in lake whitefish. In another
species co-existing at the site, the longnose sucker (Catastomus catastomus),
although steroidal hormone levels were reduced, no changes in gonadal size were
apparent (Munkittrick et al., 1992b).
In the UK, the focus of attention concerning fish has been on the oestrogenic
activity of components of sewage effluent, in contrast to the masculinisation
effects associated with Kraft mill effluent. As a result of observations made by
anglers in the late 1970s to early 1980s of an ‘unusually high incidence’ of
hermaphrodite roach in the River Lee, Thames Water carried out an investigative
study (Thames Water, 1981). Sites were sampled downstream of two sewagetreatment works on the River Lea and abnormal sex ratios and alterations of the
gonadosomatic index (GSI) were observed. Since then a great deal of laboratory
and field work, by Sumpter and co-workers, has shown that substances in sewage
effluent, notably oestrogenic hormones, induce the production of vitellogenin in
male fish (reviewed by IEH, 1995; Sumpter, 1995; Sumpter & Jobling, 1995), and
this is associated with an increase in the incidence and severity of intersex (testes
containing eggs) in male wild roach (Jobling et al., 1998). A detailed case study of
the UK investigations into the effects of sewage effluent on freshwater fish is
presented in Box 2.1.
Most of the work to date on the oestrogenic effects of sewage on fish in the UK
has been conducted on freshwater species, although recently vitellogenin
induction in males has been reported in estuarine and marine species. Laboratory
experiments have demonstrated vitellogenin induction in response to
environmental oestrogens in juvenile Atlantic cod (Gadus morhua) and juvenile,
sea-water adapted salmon (Salmo salar) and also flounder (Platichthys flesus;
Allen et al., 1997; Hylland et al., 1997). In addition, elevated levels of serum
vitellogenin and intersex (abnormal gonadal histology) have been found in male
flounders taken from UK estuaries compared with fish from marine control sites
(Allen et al, 1997; Lye et al., 1997). In contrast to the situation in rivers, the effects
do not appear to correlate well with the presence of oestrogenic hormones derived
from domestic sewage, and it has been suggested that industrially-derived
contaminants, such as organochlorines, PAHs and PCBs, may be important.
However, the causative agents have not been definitively identified (CEFAS, 1998).
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Box 2.1 Case study: Feminisation of fish exposed to sewage effluent
Studies contributing to the present
understanding of the effects of sewage
effluent on fish in the UK

Vitellogenin is a protein produced in the
liver of all egg-laying animals only in
response to oestrogenic stimulation.
Under normal conditions at the onset
of sexual maturity of the female,
hepatocytes are stimulated to produce
increasing quantities of this protein by
ovarian oestrogens (specifically 17βoestradiol). The protein is transported
via the blood to the ovary where it is
taken up by developing oocytes and
stored as egg yolk (review by Bromage
& Cumarunatunga, 1988). Levels in the
blood may reach tens of milligrams per
millilitre in females of some species but
very little is normally found in mature
males or juvenile fish because of the
absence of oestrogenic stimulation
(Clemens, 1978). Thus, the presence of
high blood levels of vitellogenin in males
and juveniles at up to 100 000 times
normal levels (Purdom et al., 1994) is
believed to reflect a sustained abnormal
oestrogenic stimulation. At present it is
unclear if the intersex condition, where
eggs are found in the male testis,
represents the result of continuous
abnormal oestrogenic stimulation or if
the aetiology lies with an abnormal
organisational event at an early stage
of development.
The recognition of such abnormalities
in fish populations raised concerns that
endocrine-disrupting chemicals were

present in the water at biologically
significant levels, and attention rapidly
focused on the potential role of sewage
effluent. Suspect chemicals included
constituents of the contraceptive pill,
alkylphenol polyethoxylates and the
natural steroid hormones.
Observations in the field

In response to the anecdotal reports from
anglers, Thames Water (1981) conducted
a study downstream of two sewagetreatment works (East Hyde and Rye
Meads) in the River Lea which
established the presence of intersex in
mature roach. At East Hyde age-related
declines in male gonad development and
increases in female gonad development
were noted. The male:female ratio also
changed from 1:1 at three to four years
of age to 1:22 at seven years. There was
an increased incidence of intersex and
testicular abnormalities in older fish that
had been exposed for the greatest time to
sewage effluent. Similarly, female roach
at Rye Meads had elevated GSI and there
was an age-related increase in intersex.
Purdom et al. (1994) showed that the
development of vitellogenin induction
in males in response to exposure to
sewage effluent could be rapid; increases
in vitellogenin occurred within three
weeks for male rainbow trout held in
galvanised steel cages downstream of
sewage-treatment works (in a nation-wide
study). Harries et al. (1995) also showed

31

E F F E CT S IN ORGANIS MS AND P O P U L AT I O N S

vitellogenin induction over three to six
weeks in 18-month-old male rainbow
trout held in cages at ten stretches in
six rivers directly below and at a range
of distances downstream of sewagetreatment works. Interestingly, reduced
testicular development was also detectable
over this time scale although there was no
evidence of intersex in the testes. For
four river stretches, an oestrogenic
response was only detectable in undiluted
sewage effluent, and effects were limited
to the nearby downstream region at five
other locations. However, effects were
seen for considerable distances
downstream of the sewage outfall for
three cases (1.5 km for River Arun, 5 km
for Rivers Lea and Aire). Effects were
most marked in the River Aire, which
contained high levels of alkylphenol
polyethoxylates from trade waste
(washing of fleeces in textile mills).
Harries et al. (1995) also investigated
vitellogenin induction in three to four
year-old roach previously caught in the
River Lea, and showed that this species
was less responsive than rainbow trout.

in comparison with fish from reference
sites. Comparisons of the incidence of
intersex between reference sites and sites
upstream and downstream of sewage
treatment works showed that reference
sites had the lowest incidence, and that
the incidence in downstream sites was
equal to or greater than that observed in
upstream sites. When the dilution factor
for each sewage treatment works was
taken into account, there was a strong
correlation between the sampling site
and the incidence of intersex (reference
site<upstream site<downstream site).
When severity of intersex was analysed
the effect was even more pronounced. It
was concluded that correlations between
the intersex condition, elevated plasma
vitellogenin, the GSI and the proportion
of sewage effluent in the river confirmed
the association between the effects and
exposure to sewage effluent. However, it
was also concluded that “strict cause and
effect relationships between particular
substances and biological responses
remain elusive”.
Laboratory studies

Recent investigations have examined the
oestrogenic effects of sewage effluent in
wild roach populations (Jobling et al.,
1998). Fish were sampled at 18 sites on
eight rivers, including five reference
locations (no effluent input), and the
incidence and severity of intersex, GSI
and vitellogenin levels were measured.
In fish at the sites close to sewage effluent
release points, there was a significantly
higher incidence of intersex together with
elevated vitellogenin induction in males,
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A range of laboratory-based
investigations have attempted to identify
the responsible oestrogenic agents in UK
sewage effluent.
Alkylphenol polyethoxylates are a major
group of surfactants usually present in
raw sewage. These are known to degrade
to alkylphenol polyethoxycarboxylic
acids, shorter chained alkylphenol
polyethoxylates and alkylphenols (Jobling
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& Sumpter, 1993). As the River Aire, in
which the most marked endocrinedisrupting effects were noted in one series
of field studies, contained high levels of
these chemicals from trade waste, they
came to be suspected as causative agents.
Jobling and Sumpter (1993) used a
bioassay (in vitro induction of vitellogenin
in primary cultures of rainbow trout
hepatocytes) to determine the oestrogenic
potency of several alkylphenol
polyethoxylates. Of the 11 compounds
tested, seven significantly increased
vitellogenesis, the most active being
4-tert-butylphenol and 4-tert-octylphenol
which gave inductions of 100- and
90-fold, respectively, although it should
be noted that these potencies were still
approximately 100 000-fold less than that
of 17β-oestradiol. Co-incubation with
an oestrogen antagonist, tamoxifen, was
shown to reduce the amount of
vitellogenin produced by either oestradiol
or 4-tert-butylphenol exposure, providing
further evidence that activity was
mediated by an oestrogen receptor
mechanism. In further work, Jobling et al.
(1996) exposed two-year-old (adult) male
rainbow trout in glass tanks to a series of
alkylphenols — 4-nonylphenol, 4octylphenol, 4-nonylphenoxycarboxylic
acid (NP1EC) and 4nonylphenoldiethoxylate (NP2EO) — at
three time points during the reproductive
cycle (May, August and November). All
proved oestrogenic, the most potent being
octylphenol, which caused induction of
a one million-fold increase in vitellogenin,
with nonylphenol, NP2EO, and NP1EC

causing inductions of 100 000-fold.
In each case, testicular growth was
significantly decreased, with octylphenol
causing a 50% inhibition. Histologically,
the testes showed varying degrees of
spermatogenic inhibition. A
dose–response relationship was
investigated in August for nonylphenol
(when testicular growth was under way)
and in November for octylphenol (when
testes were essentially fully developed).
A clear dose–response relationship was
apparent for nonylphenol-induced
vitellogenin synthesis and testicular
growth inhibition, whereas octylphenol
showed a dose-related increase in
vitellogenin synthesis but no effect on
testicular size.
Harries et al. (1995) carried out a series
of laboratory studies on constituents of
sewage effluent. Primary hepatocytes
isolated from the livers of male rainbow
trout were exposed to Tergitol NP9
(NP9EO), Tergitol NP40 (NP40EO),
NP2EO, NP1EC, nonylphenol,
octylphenol, 2-tert-butylphenol (2-BP),
3-tert-butylphenol (3-BP) or 4-tertbutylphenol (4-BP). Most of these
alkylphenols showed a dosage-related
stimulation of vitellogenesis, with the
exception of 2-BP, 3-BP, NP9EO and
NP40EO. However, the effects were weak;
micromolar concentrations were required
compared with low nanomolar
concentrations of 17β-oestradiol.
Tamoxifen was again demonstrated to
block the hepatocyte response. Of interest
was the additive effect that occurred when
cells were exposed to three or four
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alkylphenolic chemicals simultaneously
(each at a concentration of 5 µM) or
when exposed to mixtures of different
chemical groups known to be oestrogenic
(e.g. bisphenol-A, o,p'-DDT and
Aroclor), underlining the need to consider
the complex chemical composition of
sewage effluent in any assessment of the
causative agents. The uptake, disposition
and persistence of the alkylphenols have
been studied by Lewis and Lech (1996)
using radiolabelled nonylphenol in
rainbow trout. High levels of nonylphenol
occurred in the bile, liver, kidney and fat
after 14 hours’ exposure. Lower but still
significant levels occurred in the heart, gill
and dorsal muscle. The half-lives of
nonylphenol following eight hours’
exposure were 20, 19 and 6 hours in fat,
muscle and liver, respectively.
Bioaccumulation stabilised after about
12 hours in the viscera and two hours in
the carcass and the levels of accumulation
in the viscera were four times greater than
in the carcass. Nonylphenol appeared to
be metabolised by oxidation or glucuronic
acid formation or both, with excretion via
the bile.
In laboratory tests complementing their
field work (see above), Purdom et al.
(1994) examined the potency of the
constituents of the contraceptive pill
(ethynyloestradiol, mestranol and the αand β-glucuronide metabolites, all at
25 ng/l for six days) using juvenile
rainbow trout. Only ethynyloestradiol
induced vitellogenin production, with
levels reaching those of mature females in
six days. In a later experiment, exposure
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for 10 days resulted in statistically
significant induction in male rainbow
trout, at a concentration of 1 ng/l
ethynyloestradiol. Similarly, Harries et al.
(1995) exposed roach (Rutilus rutilus) in
flow-through tanks to nominal
concentrations of 65 µg/l nonylphenol or
1 ng/l ethynyloestradiol; plasma
vitellogenin was elevated in fish given
ethynyloestradiol compared with control
or nonylphenol treatment.
Harries et al. (1995) screened a series
of man-made chemicals (selected on the
basis of their presence in many sewage
effluents) for oestrogenic activity using
a suite of assays (binding to trout
oestrogen receptor, mammalian in vitro
assays using ZR-75 and MCF-7 cells and
a luciferase assay). Nine compounds
showed activity: di(2-ethylhexyl)phthalate
(DEHP); benzophenone; butylated
hydroxyanisole (BHA); butyl benzyl
phthalate (BBP); n-butylbenzene; di-nbutyl phthalate (DBP); 2,4dichlorophenol, bis-(2-ethylhexyl)adipate
(DEHA); and 4-nitrotoluene.
In a milestone study, Desbrow et al.
(1996) determined the identity of the
oestrogenic agents in seven domestic
sewage-treatment-work effluents, using a
combined fractionation and bioassay
technique (chemical analysis and in vitro
and in vivo assays; Figure 2.1). Each
fraction was then assayed for oestrogenic
activity using a recombinant yeast
oestrogen assay. Evidence for
oestrogenically active chemicals was
found for all seven sites. The only
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Figure 2.1 Summary of fractionation scheme of Desbrow et al.
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significant activity detected was for three
oestrogenic hormones present in a
biologically active, unbound form. These
were the natural hormones, oestrone and
17β-oestradiol, and the synthetic steroid,
ethynyloestradiol. The natural hormones
were consistently present at high levels
(oestrone 1–80 ng/l; 17β-oestradiol
1–50 ng/l), whereas ethynyloestradiol was
generally below the limit of detection,
except for one site where concentrations
of up to 7 ng/l occurred. At three sites,
although alkylphenols were detected in
fractions of the sewage-treatment-work
effluent, they were not present at
sufficient levels to cause an oestrogenic
response in the assay, suggesting that
these compounds were unlikely to be the
major cause of the oestrogenic activity
present. To assess the environmental
significance of these results, two
laboratory studies were conducted to
determine the effects on rainbow trout
and roach. In the first experiment the
sensitivity of the fish to the natural
oestrogen 17β-oestradiol and a
xenoestrogen, octylphenol, was assessed.
Male rainbow trout exposed to
octylphenol for three weeks showed
a dose-dependent increase in plasma
vitellogenin concentration; significant
increases (p<0.001) occurred at 10 and
100 µg/l. Exposure to 17β-oestradiol also
caused a dose-dependent increase, which
was only significant at the highest
concentration (100 ng/l; p<0.0001).
Similarly for male roach, both
octylphenol and 17β-oestradiol induced
dose-dependent increases in vitellogenin
synthesis but statistical significance was
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only attained for the high concentrations
(100 µg/l octylphenol and 100 ng/l 17βoestradiol). In the second experiment the
potency of oestrone was compared with
that of 17β-oestradiol and effects of
combined exposure assessed. Rainbow
trout were exposed to several
concentrations of oestrone, to 17βoestradiol (25 ng/l) or to a combination
of both. A dose-related increase was
again noted for oestrone (significant
response, p<0.0001, occurred at the
highest concentration of 100 ng/l). The
ten-fold increase in response to 17βoestradiol did not attain statistical
significance but the combined treatment
resulted in highly elevated vitellogenin
levels (more than 100 000-fold). The
authors concluded that three hormones,
oestrone, 17β-oestradiol and
ethynyloestradiol, were the most
significant oestrogenically active
substances in sewage-treatment-work
effluents and that, based on the
preliminary data, combined exposure
to oestrone and 17β-oestradiol resulted
in an additive effect. Furthermore,
alkylphenols, although detected in
fractions of the effluents, were not
considered to be a major cause of
oestrogenic activity in the effluents
studied.
Mechanism of action

Concerns have been expressed that
animals may be particularly susceptible
to exposure to high concentrations of
endocrine disrupters at critical early
stages of development. Indeed,
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potentially oestrogenic chemicals are
generally hydrophobic and will, therefore,
tend to bioconcentrate and bioaccumulate
in aquatic organisms, especially in adipose
tissues, although under normal conditions
levels may not be high enough to induce
significant physiological effects in adults.
Sumpter (1995) noted that during egg
development in females lipids are released
from the adipose tissue and mobilised to
the oocytes, and speculated that this may
result in a similar redistribution and
concentration of oestrogenic chemicals
into the fat-rich oocytes. Thus, localised
high levels could exist in the oocyte at the
time of ovulation and fertilisation, that is
at a critical period of sexual
differentiation. From the studies reviewed,
it is apparent that the natural hormones
oestrone and 17β-oestradiol and, in some
instances, the synthetic hormone
ethynyloestradiol may be the causative
agents in sewage effluent while
alkylphenols from industrial sources have
also been implicated in some cases.
Available data pertaining to the
mechanism of action of these compounds
in fish are summarised below.
Jobling and Sumpter (1993) used primary
cultures of hepatocytes from rainbow
trout to demonstrate that 4-BP acted via
the oestrogen receptor in a manner
similar to oestradiol itself. Using rainbow
trout hepatocytes Flouriot et al. (1995)
have shown that nonylphenol initiates
a dose-dependent increase in oestrogen
receptor and vitellogenin mRNA; the
effect was completely abolished by the coadministration of the antioestrogen,

4-hydroxytamoxifen. Furthermore,
nonylphenol displaced tritiated
[3H]oestradiol from oestrogen receptors
extracted from oestrogen-receptorenriched COS-1 cells and activated the
oestrogen-dependent reporter gene
ERE-TK-CAT. Ren et al. (1996), using
a probe for vitellogenin mRNA, showed
induction in rainbow trout following
exposure to oestradiol, nonylphenol or
DDE. These results suggested that
nonylphenol, like other oestrogenically
active chemicals, is a direct inducer of the
rainbow trout oestrogen receptor and of
vitellogenin gene expression. However,
there is some evidence suggesting a
different mode of action. Ren et al. (1996)
reported the effects of nonylphenol and
17β-oestradiol on vitellogenin gene
expression in immature rainbow trout
and found that the vitellogenin mRNA
precursor was expressed in male and
female immature fish in the absence of
oestrogenic stimulation. Vitellogenin
mRNA was synthesised four hours after
stimulation with 17β-oestradiol or
nonylphenol, and the precursor mRNA
began to disappear, suggesting that
oestrogen and nonylphenol may act
during post-transcriptional regulation,
possibly by initiation of pre-mRNA
splicing. Clearly additional work will be
necessary before the precise mechanisms
can be confirmed.
Conclusions

A strong causal association has been
established between effluent from sewagetreatment works in the UK and the
occurrence of effects in fish attributable
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to oestrogenic stimulation (e.g. intersex,
testicular abnormalities and abnormal
vitellogenin induction), using a
combination of field observations and
experimental exposure of animals under
field and laboratory conditions. The novel
development of a combined fractionation
and bioassay technique (Desbrow et al.,
1996) was critical in establishing the
identities of the principal causal agents.
Thus, although alkylphenols present in
some sewage effluent could elicit weak
oestrogenic effects, they were
demonstrated not to be the major
causative agents at most freshwater sites
studied. The synthetic oestrogen,
ethynyloestradiol, was also shown to be
of relatively low importance, despite
being active at a concentration 15 000fold less than that of the alkylphenols,
as levels were usually below the detection
limit. However, this work did implicate
the natural hormones, oestrone and
17β-oestradiol, which were present at
higher levels, as the principal active agents
of concern in sewage effluents and
suggested that, in combination, they had
an additive effect.
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Before effective remedial actions can
be introduced, it will be necessary to
establish the source of the natural
hormones and whether the sewage
treatment processes currently used are
responsible for de novo synthesis from
precursors or facilitate deconjugation
of the natural hormones excreted by
humans and animals to active forms.
In contrast to the case of imposex in
neogastropods caused by exposure to
organotin compounds (see below), it is
not yet clear if the observed effects in
individuals cause effects at the population
level. Similarly, the significance, for fish
communities, of apparent interspecies
differences in sensitivity is also unknown,
as is the impact of sewage effluent on
other aquatic taxa. Thus, considerable
challenges remain, particularly with
regard to ecological aspects, before an
understanding of the overall significance
of the oestrogenic effects of sewage
effluent can be developed.
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2.1.5 IN V E R T E B R AT E S

L A B O R AT O RY A N D F I E L D S T U D I E S
Most of the literature on chemically-mediated endocrine disruption in
invertebrates relates to the effect of tributyltin and other organotin compounds in
causing imposex in neogastropod molluscs (reported in detail in Box 2.2).
However, other studies, which are reported below, have demonstrated endocrine
disruption in daphnids. It is also worth noting that endocrine-disrupting
chemicals have been deliberately developed by man for use as insecticides and
many plants have long been known to produce endocrine disrupters as a defence
mechanism against phytophagous insects (reviewed below).
Laboratory studies on Daphnia magna have demonstrated that environmental
chemicals that disrupt sex hormones are capable of affecting fecundity and
altering the biochemical transformation and elimination of steroid hormones;
although these studies provide extremely valuable information it should be noted
that many of the exposure levels are higher than would be expected in the
environment. Baldwin et al. (1995) found that long-term exposure of daphnids to
high levels (0.5 mg/l) of DES reduced moulting frequency in first-generation
juveniles and decreased fecundity of second-generation adults. Both short-term
exposure of adult daphnids (48-hour) and long-term exposure of first-generation
adults to DES resulted in a decrease in the rate of elimination of two major
hydroxylated metabolites of testosterone whilst elimination of glucose conjugates
of testosterone was significantly elevated. In contrast, Baldwin et al. (1996) have
also demonstrated that 4-nonylphenol, a degradation product of alkylphenol
ethoxylates, was capable of inhibiting testosterone glucosylation while increasing
the production of non-polar testosterone metabolites in daphnids. It was noted
that 35 µg/l of nonylphenol reduced the metabolic clearance of testosterone by
50% and also reduced fecundity. Another study on D. magna by Parks and
LeBlanc (1996) found that continuous exposure to pentachlorophenol
concentrations as low as 0.25 mg/l caused a reduction in fecundity; elimination of
the androgenically inactive glucose-conjugated metabolites of testosterone was
found to decrease with increasing concentration of pentachlorophenol. Altered
biotransformation of testosterone has also been noted in daphnids exposed to
propiconazole, an imidazole fungicide; the production of testosterone metabolites
that are preferentially retained by the daphnids was inversely proportional to
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fecundity (LeBlanc et al., 1996). Den Besten et al. (1991) reported that cadmium
exposure resulted in decreased progesterone and testosterone levels in the pyloric
caeca and increased testosterone levels in the gonads of sea stars (Asteria rubens),
and other studies have demonstrated the potential of cadmium to disrupt the
developmental and reproductive processes in sea stars (LeBlanc, 1999).
It is noteworthy that in most cases of endocrine disruption in invertebrates,
androgenisation has occurred rather than oestrogenic effects, and it is therefore
possible that the invertebrates may generally be more susceptible to masculising
effects.
Several studies have demonstrated reproductive impairment in various
invertebrate species exposed to suspected endocrine-disrupting xenobiotics;
although there is no specific evidence for endocrine disruption these studies are
considered noteworthy and are summarised below.
Reductions in reproductive performance have been demonstrated in Daphnia
magna following exposure to atrazine at a concentration of 0.25 mg/l (Macek et
al., 1976) and in D. pulex at exposure concentrations down to 1.0 mg/l (Schober &
Lampert, 1977). Macek et al. (1976) also noted that atrazine impaired
reproduction and development of scud (Gammarus faciatus) while moult
frequency and reproductive performance of D. pulex have been shown to be
affected by simazine (Fitzmayer et al., 1982). A number of studies have identified
effects on the reproductive functioning of several invertebrate species following
exposure to organochlorine pesticides at levels significantly below the lethal
concentrations. Tyler-Schroeder (1979) reported that exposure to endrin at levels
as low as 0.03 µg/l delayed spawning and reduced the numbers of viable embryos
per female in the grass shrimp (Paleomonetes pugio). Similar effects were noted in
the copepod Eurytemorsa affinis after exposure to dieldrin (Daniels & Allan,
1981). Sanders (1980) reported that toxaphene reduced fecundity of D. magna at
non-lethal levels and Woin and Brönmark (1992) also demonstrated reductions in
fecundity in the pond snail (Lymnaea stagnalis) exposed to DDT. Another finding
that could potentially arise from endocrine-disruptive activity is the alteration in
embryonic development of the sea urchin after exposure to pentachlorophenol
(Ozretic & Krajnovic-Ozretic, 1985). LeBlanc has identified studies demonstrating
the potential of cadmium to disrupt the developmental and reproductive
processes of D. magna and mussels.
In a field-based study, Moore and Stevenson (1994) found what they considered
to be an unusually high incidence of intersexuality in two species of harpacticoid
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copepods, Paramphiascella hyperborea and Stenhelia gibba, in the vicinity of
Edinburgh’s long-sea sewage outfall in the Firth of Forth. Intersexuality was also
found in two species of Halectinosoma. However, no relationship was found
between the proximity to the outfall and the incidence of intersexuality; cases of
intersexuality were recorded up to 10 km from the outfall. According to the
authors, previous observations on the incidence of intersexuality in the
harpacticoid copepods suggest that the condition is very rare. They also
speculated that a decrease in water quality in the Forth estuary due to a variety of
sources of pollution may have made the harpacticoid copepods more susceptible
to parasitic infection, which has been suggested to lead to intersexuality.
Alternatively they suggested that previous work might have underestimated the
incidence of intersexuality through a lack of critical examination.
Clearly more work is needed on the normal incidence of intersex in the
harpacticoid copepods and indeed in the invertebrates in general, the best studied
example of endocrine disruption in invertebrates being imposex in molluscs. The
potential of xenobiotics to disrupt the endocrine systems of other ecologically
important groups such as the Annelida is unknown; invertebrate susceptibility is
further considered in Section 2.2.2.
Box 2.2 Case study: Imposex in molluscs caused by organotin exposure
The term ‘imposex’ was first coined
by Smith (1971) to describe the
superimposition of male sexual
characteristics (penis, vas deferens and
seminal vesicles) on females of the
American mud snail, Nassarius obsoletus,
and is now generally applied to such
morphological changes in female
gastropods. The discovery that exposure
to organotins was linked to the
occurrence of imposex is an excellent
example of the application of scientific
techniques to environmental pollution
problems and is the only example of
a firmly established case of endocrine
disruption causing population-level
effects in the field.

The severity of the symptoms of imposex
has been shown to vary from
development of a penis close to and
behind the right tentacle (the normal
position in the male), through growth
of a superficial vas deferens with seminal
vesicle-like structures between the genital
papilla and the penis to, in the most
extreme cases, occlusion of the papilla,
preventing egg liberation and breeding.
The extent of imposex can be assessed
through various scoring systems based on
morphological criteria. Relative penis size
(RPS) is often assessed where:
RPS = (mean female penis length)3 × 100
(mean male penis length)3
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This adjusts for population differences
in both the average size of molluscs and
penis size. Other more complex systems
have been used in some instances; for
example, Short et al. (1989) used degree
of development of the vas deferens in
addition to penis length as a marker
of the extent of imposex.
Initial field investigations in Nassarius
obsoletus determined that imposex was
not an effect of age, fasting or parasitism
(Smith, 1980). Subsequent studies
implicated organotin compounds,
especially tributyltin (see below).
Field studies

Smith (1981a), in a survey of US marine
sites, showed that imposex in Nassarius
obsoletus was very marked in populations
in or near marinas having large numbers
of boats but was minimal or absent in
populations distant from marinas. Smith
suggested that this could reflect the
presence of a pollutant associated with
marinas. In a subsequent study in which
caged N. obsoletus were transferred
between marina and clean locations,
induction of imposex was demonstrated
to be associated with the marinas (Smith,
1981b). Based on these findings and
laboratory-based studies (see below),
organotin compounds in antifouling
paints were implicated as the causative
agents. The scale of the problem was
demonstrated by a series of studies
throughout the world in which various
gastropod species were found to be
similarly affected; for example,
associations between the occurrence
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of imposex and the use of antifouling
paint were reported in gastropod
populations in the UK (Bryan et al.,
1986), Alaska (Short et al., 1989),
southeast Asia (Ellis & Pattisina, 1990)
and New Zealand (Smith & McVeagh,
1991). Effects have not been limited to
areas around harbours and marinas; for
example, changes have been documented
in an area of the North Sea with heavy
shipping traffic (Hallers-Tjabbes et al.,
1994). Field studies have provided much
of the evidence for a causal relationship.
Both tributyltin concentration and
incidence of imposex decrease with
increasing distance from contaminated
sites (Bryan et al., 1986; Short et al.,
1989; Ellis & Pattisina, 1990; Smith &
McVeagh, 1991; Hallers-Tjabbes et al.,
1994), and an association has been found
between the body concentrations of tin
(in the tributyl or dibutyltin fraction) and
degree of imposex (Bryan et al., 1987).
Further evidence comes from studies in
which normal healthy animals developed
imposex after being transferred to a site
polluted with tributyltin (e.g. Bryan et al.,
1986; Smith & McVeagh, 1991).
Concern about the impact of organotins
grew with the recognition that not only
was imposex widespread and apparently
irreversible (e.g. Smith, 1981b; Bryan et
al., 1986) but exposed populations of
neogastropods were suffering marked
declines. In the UK and Ireland effects on
Nucella lapillus have been highlighted (e.g.
Bryan et al., 1986; Minchin et al., 1996)
although this is not the only species
affected by organotins in Europe; for
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example, Littorina littorea has been
affected in the UK (Matthiessen et al.,
1995), Ireland (Minchin et al., 1996) and
Germany (Bauer et al., 1995), Ocinebrina
aciculata in France (Oehlmann et al.,
1996a) and Buccinum undatum in the
North Sea (Hallers-Tjabbes et al., 1994).
Laboratory studies

A series of early laboratory studies
suggested organotin compounds to be the
probable cause of imposex in gastropods.
Smith (1981b) studied the effect of
exposing Nassarius obsoletus to a series
of chemicals used at marinas, and
demonstrated that organotin-containing
antifouling paint induced imposex.
Tributyltin, tributyltin resinate and
tributyltin chloride were later identified
as active agents (Smith, 1981c).
Subsequently, Bryan et al. (1986)
demonstrated, in tidal tank experiments,
that imposex was initiated in Nucella
lapillus at tributyltin concentrations as
low as 1 ng/l. After 4 months animals had
accumulated 1 mg/g of tin (in the tributyl
fraction) and 40% of the animals had
developed a degree of imposex. Smith
& McVeagh (1991) also showed induction
of imposex by tributyltin in the
neogastropod Lepsicilla scokina when
animals were exposed to tributyltin at
nominal concentrations of 0.01, 0.1 or
1.0 µg/l. A high mortality rate (52%) was
noted at the high level and 92% of the
surviving females developed imposex.
At 0.1 µg/l, mortality was 57% with 50%
of the surviving females showing
imposex. Although mortality was only
6% at 0.01 µg/l, 95% of survivors showed

imposex. Gibbs et al. (1988) exposed
N. lapillus to tributyltin at tin
concentrations of 1–2, 3–5, 20 or 100 ng
tin/l for two years from hatching, and
found that all exposed females developed
imposex. At 3–5 ng tin/l the female penis
was of similar size to that of males and
increasing tributyltin concentration led
to further male characteristics developing
with repression of female characteristics.
Even at 1–2 ng tin/l some females were
sterilised by oviduct blockage and above
this concentration virtually all were
sterile.
Mechanism of action

Organotins have low water solubility and
high lipophilicity, and will readily adsorb
onto particulate matter and be taken into
the body. Marine organisms may thus be
exposed to organotins via water and
though exposure to or ingestion of
particulate matter (e.g. sediment) as well
as through their food. Levels in sediment
may be 1000 to 10 000-fold higher than
in water and, depending on feeding habits,
high bioaccumulation may occur. For
example, a bioaccumulation factor of
2500 to >500 000 has been reported in the
clam Mya arenaria (Bryan & Gibbs, 1991).
Indeed, it has been shown that Nucella
lapillus can absorb approximately half its
body burden from its food, Mytilus edulis
(Bryan et al., 1989). Organotins, especially
in triorganic form, have also been
demonstrated to have a range of toxic
effects in many phyla, including inhibition
of oxidative phosphorylation and
immunotoxicity (Langston, 1996), and the
potential risk to marine organisms is
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therefore clear. However, neogastropod
species appear particularly susceptible
to organotin exposure, through the
development of imposex, which can occur
even at very low exposure levels (≤1ng/l;
Langston, 1996); the mechanism
underlying imposex induction has been
an area of much research.
In the marine gastropod Ocenebra
erinacea, the pedal ganglia can produce
both stimulatory and inhibitory factors
to control penis formation but in females
only the inhibitory factor is normally
produced. Féral and Le Gall (1983)
cultured isolated pedal ganglia or entire
central nervous systems from female
O. erinacea with parts of the foot taken
from immature Crepidula fornicata. It was
established that the foot region used was
able to form a penis when suitably
stimulated. Culturing these systems in the
presence of polluted or clean sea water or
artificial sea water with or without
tributyltin, demonstrated that penis
formation could only be induced if entire
central nervous systems were used in the
presence of tributyltin. This suggested that
the effect of tributyltin was primarily on
the cerebropleura not the pedal ganglia.
Langston (1996) has reviewed potential
mechanisms of toxicity of organotins and
noted differences in sensitivity for
different molluscs. For example,
tributyltin inhibits the activity of NADHcytochrome c reductase and NADPHcytochrome c reductase in the molluscs
Thais haemostoma, Mytilus
galloprovincualis and Ruditapes decussata,
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whereas triphenyltin caused inhibition
in only T. haemostoma. Tributyltin was
shown to be a more potent inhibitor of
the NADH-dependent form than the
NADPH-dependent form in the bivalves
M. galloprovincualis and R. decussata
while both reductases were equally
sensitive in the gastropod T. haemostoma.
Oehlmann et al. (1996b) demonstrated
that increasing levels of testosterone are
associated with increasing imposex in the
gastropods Nucella lapillus and Hinia
reticulata. Tissue testosterone rose with
increasing tributyltin concentration and
duration of exposure, and testosterone
in the absence of tributyltin could also
induce imposex. However, simultaneous
exposure of N. lapillus to high
concentrations of tributyltin and
a competitive androgen inhibitor,
cyproterone acetate, completely
suppressed imposex. A steroidal
aromatase inhibitor, SH 489 (1-methyl1,4-androstadien-3,17-dion), was also able
to induce imposex, suggesting that the
mechanism of action of tributyltin that
results in imposex development may be
the inhibition of cytochrome P450dependent androgen aromatisation, which
is responsible for the conversion of
testosterone to oestrogen. Langston
(1996) also considered that such a
modification of the endocrine balance
was the most probable mechanism for
imposex induction. Another possibility
is that tributyltin may also inhibit the
formation of sulphur conjugates of
testosterone and its metabolites, thus
interfering with its excretion from the
body (Matthiessen & Gibbs, 1998).
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Outcome of regulatory control

Marine antifouling paints containing
various organotin compounds were first
introduced in the mid-1960s and because
of their effectiveness rapidly became
widely used for marine boats of all sizes
(Gibbs & Bryan, 1994). Legislation was
introduced in France in 1982 banning the
use of organotin-based paints on vessels
less than 25 m in length. Similar
restrictions followed throughout Europe,
North America, Australia and Japan from
1987 (Langston, 1996). Since 1987, an
environmental quality standard for
organotin in the UK has been set at
2 ng organotin per litre (0.8 ng/l as tin).
Use of organotin-containing antifoulants
is still permitted on vessels larger than
25 m (mainly commercial and naval
fleets). Thus, localised contamination may
still occur from ships in ports for docking
or maintenance. However, these larger
vessels will spend most of their time on
the open sea where, it is believed, the
leached organotins will be effectively
diluted and dispersed.
Even after the introduction of regulatory
controls concern has remained over the
long-term future of gastropod
populations, particularly in the North Sea
and other coastal waters. A detailed
survey of Nucella lapillus populations in
the various UK regions and Norway
between 1993 and 1994 provided evidence
of two opposing trends in populations.
Those in areas of high boating activity
that had been most severely effected have
shown continued reductions or even
extinction. However, populations in less

severely affected regions have shown
evidence of recovery in numbers and less
imposex (Evans et al., 1996).
Other effects of organotins on molluscs

Organotins have been implicated in a
wide range of toxic effects in molluscs in
addition to the induction of imposex in
gastropods. The population decline of the
bivalve Scrobicularia plana since the mid1980s has been attributed to tributyltin
(Langston et al., 1987, 1990; Langston
& Burt, 1991). Ruiz et al. (1995c)
suggested that high tributyltin levels may
associate with delayed spawning patterns
in clams from the Plymouth estuary.
Effects on larval burying activity, length,
weight and mortality rates have also been
associated with tributyltin (Ruiz et al.,
1994a,b, 1995a,b,c). The mechanism(s)
are, however, still to be determined.
Conclusion

The imposex effect of organotin
compounds on neogastropod molluscs
represents the best documented example
of endocrine disruption and is certainly
the only case to date where a causal
relationship with population-level effects
has been identified with certainty.
A combination of observational and
experimental studies in the field, together
with laboratory-based studies, has
permitted the identification of the agent
that causes imposex in gastropod
molluscs and suggested mechanisms of
action in these species, namely inhibition
of cytochrome P450-dependent androgen
aromatisation by organotin with a
resultant block in the conversion of
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testosterone to oestrogen, and
interference with testosterone excretion
through inhibition of sulphur
conjugation. Introduction of legislative
controls on the use of organotin
chemicals has offered an opportunity to

study recovery and re-establishment
processes in populations, potentially
offering insight into the interactions that
exist between effects at the level of the
individual and the population (see
Section 6).

P H Y T O C H E M I C A L S A N D I N S E C T I C I D E S T H AT D I S R U P T
INSECT ENDOCRINE SYSTEMS
It has long been known that plants produce secondary metabolites which have the
ability to disrupt the growth, development and reproduction of insects. They fall
mainly into two groups: ecdysteroids (and ecdysteroid analogues) and mimics of
insect juvenile hormones (reviewed by Bergamasco & Horn, 1983). The roles of
ecdysteroids and juvenile hormones produced by insects and crustaceans in
development and growth are well documented (Section 2.2.2). A large range of
ecdysteroids has been identified from many families of pteridophytes,
gymnosperms and angiosperms. A particularly ubiquitous phytoecdysteroid is 20hydroxyecdysone. Experimental evidence indicates that phytoecdysteroids can
affect larval and ovarian development, but there is significant variation in
sensitivity between insect groups and species. Mimics of insect juvenile hormones
have been found widely in the gymnosperms and angiosperms and have been
shown experimentally to mimic the actions of juvenile hormones in a range of
insect species, affecting metamorphosis in late instars and pupae, inhibition of egg
hatching, stimulation of ovarian development and inhibition of diapause in adult
females. One group of juvenile hormones is the juvabione-like compounds. It
seems that in many cases both the ecdysteroids in plants and the phytojuvenoids
provide a defence mechanism against non-specialist herbivorous insects.
The development of insecticides that act by disrupting the endocrine system of
insects began as early as the 1970s. Ecdysteroids and their analogues and juvenile
hormone mimics have been developed as pesticides and have been found to be
active against a wide range of insect species representing several insect orders.
Application of juvenile hormone mimics at sensitive stages in an insect’s life
history can disrupt development, reproduction, behaviour and general physiology.
Sensitive periods include the early stages of embryogenesis, the end of the last
larval or nymphal instar, the early pupal period (in Holometabola) and, in a few
species, the adult. The exact nature of the effects of application and the sensitive
windows of exposure vary between insect taxa. Several juvenile hormone mimics
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have been found to possess high biological activity; some of them, namely,
methoprene, hydroprene, kinoprene, fenoxycarb and pyriproxyfen have been used
commercially in the control of mosquitoes, flies, ants, fleas, cockroaches and
certain stored product pests. Many have high specificity in terms of susceptible
targets; they have very low toxicity to humans and vertebrates and are selective for
different insects. Endocrine-disrupting insecticides have been reviewed by
Oberlander et al. (1997) and Henrick (1995).
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2 . 2 U ND E R S TA ND I NG
R E P ROD U C T IV E FU NCT ION
A ND P O P U L AT I ON
DYNA MI C S

This section provides background information on the current understanding of
various biological processes that should be considered when assessing the
significance of the evidence for ecological endocrine disruption.
Subjects considered in this section include sex determination and differentiation,
intersexuality and factors affecting sex ratios. The fundamentals of population
dynamics, evidence for community-level effects of pollutants and trends in UK
vertebrate wildlife populations are considered in Section 2.3.

2.2.1 SE X D E T E R M I N AT I O N A N D T H E
ROLE OF THE ENDOCRINE SYSTEM IN
THE REPRODUCTION OF VERTEBRATES
In most vertebrates and invertebrates the sex of an individual is determined by the
sex chromosomes at the time of fertilisation, a process referred to as genotypic sex
determination. In animals exhibiting genotypic sex determination a sexual
maturation control system is established which directs and controls all of the late
ontogenetic processes involved in male–female differentiation of the genitalia.

48

E F F E C T S I N O RG A N I S M S A N D P O P U L AT I O N S

However, this genetic determination is not final and irrevocable; many external
and internal factors, which could modify or completely reverse the phenotypic
expression of the genetic constitution of the individual, may come into operation
during the developmental process. In some groups the importance of
environmental influences is great, for example, the effect of temperature on sex
determination in some reptiles. The fundamental principles of sex determination
in animals have been reviewed by many authors (e.g. Turner & Bagnara, 1971;
Wachtel et al., 1991; Pieau et al., 1994; Fry, 1995). In this section sex
determination in the vertebrates is considered, together with a brief outline of the
role of steroid hormones in various processes involved in vertebrate reproduction.
A similar account for the invertebrates is presented in Section 2.2.2.
The two major types of genotypic sex determination that exist may be referred to
as the mammalian and the avian types, also denoted as the XX/XY and ZZ/ZW
types respectively. In animals exhibiting the XX/XY system, the male is the
heterogametic sex (XY) while the female is homogametic (XX); half of the
spermatozoa produced contain an X-chromosome and the remainder a Ychromosome (see Figure 2.2). For the ZZ/ZW system of sex determination, the
female is the heterogametic sex. The small chromosome (equivalent to the Ychromosome of mammals) is designated by the letter W, and the X-chromosome
equivalent by the letter Z. Thus the homozygous (ZZ) condition produces males
while the heterozygous (ZW) produces females and half the ova will carry a Wchromosome and the other half a Z-chromosome. All the sperm carry a Zchromosome (reviewed in Turner & Bagnara, 1971; Pieau et al., 1994; Fry, 1995).
However, in some species it seems that the situation is actually more complex than
the two simple model systems described above. Recent research also suggests that
in some cases autosomal genes can have a role in sex determination (see review by
Wachtel et al., 1991). The sex of some poikilothermic vertebrate groups is
determined solely by environmental temperature, whilst in others there appears to
be an interaction between environmental temperature and the genetic system
(Pieau et al., 1994). Sex determination in vertebrates is summarised in Table 2.1.
Further details of sex determination and differentiation in the vertebrates are
provided below, together with overviews of the roles of the endocrine system,
particularly the sex steroids, in sexual development.
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Figure 2.2 Generalised scheme for phenotypic sex development in mammals
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Table 2.1 Sex determination systems in the vertebrates
Taxon
(Classes, orders, suborders)

Genotypic sex determination
XX/XY
ZZ/ZW

Mammals

✓
✓

Birds
Reptiles
Crocodilians
Turtles
Squamates
Lizards
Snakes

Temperature-dependent
sex determination

✓
✓

✓

✓

✓

✓
✓

✓

Amphibians
Anurans
Urodeles

✓
✓

✓
✓

✓
✓

Fish
Teleosts

✓

✓

✓

Adapted from Pieau et al. (1994)
XX/XY, male heterogamety; ZZ/ZW, female heterogamety

MAMMALS
The processes involved in the early sexual differentiation of mammals were
considered in a recent European Commission report (EC, 1997). The stages
involved in mammalian sex differentiation are represented diagrammatically in
Figure 2.2. In mammals, the early fetus displays internal duct structures which
would allow it to develop into either a male (the Wolffian ducts) or a female (the
Müllerian ducts). Sexual differentiation of the female is generally largely
autonomous and is regarded as the default pathway of fetal development. Thus,
the Müllerian ducts normally persist and the Wolffian ducts regress automatically
unless hormonal signals (initiated in the genotypic male) dictate otherwise.
Development of the fetus into a male requires, initially, the formation of the testes
(containing Sertoli cells) and, subsequently, the production of hormonal signals
which stimulate masculinisation of the body. The formation of a testis containing
Sertoli cells is dependent upon expression of the Sry gene on the Y-chromosome.
The Sertoli cells then begin to secrete anti-Müllerian hormone which causes
regression of the Müllerian ducts (which would otherwise give rise to much of the
internal female reproductive tract). Soon after testicular differentiation Leydig
cells form within the testis and begin to secrete testosterone. This acts locally to
stabilise the Wolffian duct system, thus preventing regression. Testosterone is also
secreted into the systemic circulation and acts at multiple sites around the body to
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bring about full masculinisation. Prior to its action at peripheral target sites,
testosterone is converted into the more potent androgen, dihydrotestosterone by
the enzyme 5α-reductase. Deficiencies in 5α-reductase, anti-Müllerian hormone
or testosterone production, or in the actions of testosterone or
dihydrotestosterone, can result in various intersex conditions in genotypic males.
Conversely, overproduction of androgens (usually as a result of malfunction of
the adrenal glands) may result in the partial masculinisation of a genotypic
female. In addition to these hormonal actions, it is increasingly being recognised
that several other hormones play subsequent roles in the development of a
normally functioning male testis and reproductive tract. These include the
regulation of Sertoli cell number by the action of follicle stimulating hormone
(FSH) and the thyroid hormones. Emerging evidence suggests that oestrogens and
inhibins also play an important, but as yet unspecified, role in the development of
the normal male reproductive tract.
Subsequent development of the mammalian reproductive system and secondary
sexual development is reviewed in Griffin and Ojeda (1996) and Brook and
Marshall (1996). At puberty plasma levels of gonadotrophins increase, resulting
in the increased secretion of testosterone in males and oestradiol in females. This
increase leads to the development of the secondary sexual characteristics.
The developed male reproductive system is controlled by complex interactions of
the endocrine system. In the hypothalamus, neuroendocrine neurones secrete
gonadotropin releasing hormone (GnRH) into the hypophyseal portal system
where it is carried via the blood to the anterior pituitary. Here it stimulates the
release of the gonadotrophic hormones, LH and FSH. Prolactin is also released
from the anterior pituitary under the control of dopamine. In contrast to the
action of GnRH on LH and FSH, dopamine has an inhibitory rather than a
stimulatory effect on prolactin release. The hypothalamic neuroendocrine
neurones contain receptors for monoamines and are, therefore, affected by these
central nervous system transmitters. The target of action for LH and FSH is the
testis and, although the primary actions of each hormone are on different
testicular cells, increasing evidence suggests that their function and specificity may
be more complex than was previously thought. The function of prolactin is less
clear and it appears that it may potentiate the effect of LH in the testis.
Luteinizing hormone controls the production of testosterone, and testosterone
together with LH and FSH are involved in the initiation and maintenance of
spermatogenesis.
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In the female, a complex series of inter-related steps are under hormonal control
via the hypothalamo–pituitary axis. These steps involve follicular development,
ovulation, ova transfer, fertilisation, transport of the conceptus, and its
subsequent implantation and development culminating in parturition. As is the
case with the male, gonadotrophin releasing hormones are released from the
hypothalamus and are carried via the hypothalamo–hypophyseal portal system to
the anterior pituitary where they promote the release of FSH, LH, prolactin and
others. The target organ for FSH and LH is the ovary, the role of prolactin is less
clear but, depending on the species studied, it is thought to affect the corpus
luteum, luteolysis and lactation. The release of GnRH from the hypothalamus is
controlled by a number of feedback loops, mainly involving the hormones
oestrogen and progesterone, released by the ovary. Although not fully understood,
it is postulated that follicular growth under the influence of FSH promotes the
secretion of increasing amounts of sex steroids, which in turn have a negative
feedback effect on the hypothalamic pathways resulting in decreased levels of
FSH from the pituitary.
The relative changes in the levels of oestrogen and progesterone appear to be
closely related to delayed implantation of the embryo in phocid seals (Reijnders,
1990), with an increase in progesterone and a decline in oestradiol following
ovulation. The period of delayed implantation lasts about 3–3.5 months and
implantation coincides with an increase in oestradiol and a gradual decline in
progesterone. Delayed implantation is an obligate component of the breeding
cycle of phocid seals, and is known to occur in several other groups of mammals
(Hansson, 1947). Dimorphic sexual behaviour is also influenced by the action of
sex steroids. This includes sexually dimorphic brain development (controlling
sexually dimorphic behaviour, such as male copulatory behaviour) and later
activation of sexual behaviour (see review by Nelson, 1995). Sex steroids can
affect dimorphic sexual behaviour irreversibly or reversibly, depending on the
timing of exposure. During critical windows in fetal development, sex steroids
exert irreversible effects on sexual behaviour in later life (an organisational effect).
In adults increased levels of hormone during adulthood can activate sexual
behaviour which subsides as the hormone is metabolised (an activational effect;
Nelson, 1995; see Section 3.3.2).

BIRDS
Differentiation of the sexes in birds has been reviewed by Fry (1995). In birds and
mammals, the initial organisational events within the gonad are similar. The
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primordial germ cells, which originate as extra-embryonic cells in the yolk sac of
both birds and mammals, migrate into the undifferentiated gonads at midgestation. In birds, the primordial germ cells migrate to the default location of the
seminiferous tubules in the male. In the absence of oestrogen, the glycoprotein
Müllerian regression factor causes regression of the developing oviducts in males.
Development of the ovarian architecture occurs when oestradiol is synthesised by
the gonad, causing localisation of the primordial germ cells in the cortex of the
left ovary, rather than the default location of the seminiferous tubules. In
addition, the release of oestradiol causes regression of the right gonad and
suppression of the synthesis of Müllerian regression factor. Thus oestradiol is
responsible for retention of the left Müllerian duct and for its differentiation into
the functional left oviduct and shell gland. Exposure to exogenous oestrogen
during embryonic development causes altered differentiation of the testes and the
accessory ducts of both male and females (Fry, 1995). This sexual differentiation
process in birds is represented diagrammatically in Figure 2.3.

REPTILES
Many crocodilian and turtle-type reptiles exhibit temperature-determined sexual
development (Crews et al., 1995; Guillette et al., 1995), and it seems that genetic
factors do not play an important role in the sex determination of such reptiles. In
those reptiles in which sexual development is not temperature dependent (e.g.
snakes, some turtles and lizards) sex determination is genotypic as in birds and
mammals (Pieau et al., 1994). The role of temperature and the influence of
exogenous exposure to sex steroids have been extensively studied. In alligators, the
incubation temperature at specific, critical periods of embryonic development is
known to trigger the determination of sex. Incubation temperature induces an allor-nothing response, so that an embryo will be either male or female; few intersexes
are produced. In the red-eared slider turtle (Trachemys scripta), a warm temperature
(e.g. 31 °C) will produce all female hatchlings, a cooler temperature (e.g. 26 °C)
produce males and intermediate temperatures result in varying ratios of males to
females. The influence of environmental temperature can, however, be modifiable by
treating eggs with oestrogens or oestrogen analogues. Studies have shown that
alligators and several species of turtle can exhibit sex reversal (male to female) if
developing embryos are exposed to an oestrogenic compound during a specific
period of development (see Section 2.1.3). Crews et al. (1995) suggested that the
incubation temperature affects sex determination in turtles either by controlling the
activation or repression of aromatase and reductase via temperature-sensitive
promoters or by indirectly affecting the activity of aromatase and reductase.
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Figure 2.3 Generalised scheme for phenotypic sex development in birds
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AMPHIBIANS
Amphibians exhibit XX/XY, ZZ/ZW and also temperature-dependent sex
determination (Pieau et al., 1994). Studies on two species of salamanders,
Pleurodeles waltl and P. poireti, have shown the influence of temperature alongside
the genetic sex determination. Both species display a ZZ/ZW mechanism of
genotypic sex determination, and at ambient temperatures (20 ± 2 °C) a sex ratio
of 1:1 is produced. However, high temperatures (30 °C) produce opposite effects
in the two species; in P. waltl the sex ratio is biased towards males whereas in
P. poireti the bias is towards females. Because a fairly large temperature change at
critical periods is required, it seems unlikely that this occurs readily in nature.
According to Moore (1987) the amphibians have the same basic repertoire of
hormones as other vertebrates. The hypothalamus secretes a decapeptide that is
structurally and functionally similar to the GnRH of mammals. The pituitary
gland produces the gonadotrophins, FSH and LH, and the gonads produce sex
steroid hormones (progesterone, 17β-oestradiol, testosterone, and 5αdihydrotestosterone). As well as development of the gonads and gametogenesis,
sexual behaviour is also controlled hormonally. For further details of the
reproductive endocrinology of amphibians see Moore (1987).

FISH
In terms of sex determination, fish species exhibit genotypic sex determination
(XX/XY and ZZ/ZW) and also temperature-dependent determination (Pieau et
al., 1994). Reproductive processes are known to be significantly more varied
among teleosts than in any other vertebrate class; some species become sexually
mature as males and later develop naturally into females, or vice versa. Sex
reversal in fish is considered in more detail in Section 2.2.4. On an evolutionary
scale, the more primitive the group, the less evidence there is for endocrine control
of the reproductive cycle and gonadal function (Scott, 1987). In terms of
phylogeny, the cyclostomes are the most primitive group and the teleosts the most
recent. In teleosts gonad development is completely controlled by the pituitary,
and the pituitary is linked to the hypothalamus via direct innervation and a blood
portal system. In the elasmobranchs, gonad development appears to be only
partially dependent on the pituitary, and the hypothalamus and pituitary are not
intimately linked. In the case of the cyclostomes, gonad development appears to
be autonomous and the pituitary and hypothalamus are physically separated by a
cartilaginous barrier.
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In the teleosts the sex steroid hormones are involved in the differentiation of the
gonads and accessory ducts. Many studies have shown that exogenously applied
steroid hormones can bring about complete reversal of sex. It is also known that
fish gonads develop a capacity for sex steroid synthesis very early in development.
For example, the histologically undifferentiated gonads of first-feeding rainbow
trout fry (50 days after hatching) can synthesise progesterone, 17αhydroxypregnenolone and 17α-hydroxyprogesterone. For detailed reviews on the
reproductive endocrinology of fish see Scott (1987).
The process of vitellogenesis appears to occur in all oviparous animals. In male
fish particularly, this process is currently of great interest as a biomarker of
exposure to oestrogenic substances (see Sections 2.1.4 and 4.4.3). The induction of
the protein vitellogenin, particularly in fish, has been extensively studied as a
biomarker of oestrogenic contamination of the aquatic environment (see review
by Sumpter & Jobling, 1995). The protein, which is normally only produced by
females, is produced in the liver under the control of 17β-oestradiol and taken up
by developing oocytes in the ovary. Plasma levels of vitellogenin increase by
around one million-fold during the reproductive cycle of some female salmonids,
whilst in males there is usually very little induction of vitellogenin synthesis. Thus,
vitellogenin induction in male fish provides a very useful biomarker for exposure
of fish to environmental oestrogens. It is now well known that oestrogenic
contaminants of the aquatic environment have the ability to induce vitellogenesis
in male fish in the laboratory, and also in those kept in cages in sewage outflows.
It is beyond the scope of this review to give a detailed account of vitellogenesis
and egg production (for detailed reviews see Tyler, 1991; Specker & Sullivan,
1993), however, Sumpter and Jobling (1995) give an overview of the hormonal
controls on the process. Although the process is under multi-hormonal control,
the steroid 17β-oestradiol secreted from the granulosa cells of ovarian follicles is
the principal hormone that stimulates synthesis of vitellogenin in hepatocytes.
There is also evidence to suggest that in fish, thyroid hormones interact with
steroid hormones, and have a role in reproduction (for review see Cyr & Eales,
1996). Cyr and Eales (1996) noted that although there are significant interspecies
differences in reproductive biology and strategy, temporal relationships exist
between gonadal development and thyroid function in the rainbow trout.
Evidence suggests that 3,3,3'-triiodo-L-thyronine is effective at low gonadotrophic
hormone levels when it may play a key role in the onset of gonadal development
and commitment to reproduction.
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POTENTIAL FOR ENDOCRINE DISRUPTION
The mammalian reproductive system is potentially susceptible to endocrinemediated disruption at several stages including the initial sexual differentiation of
the fetus, subsequent development of secondary sexual characteristics and during
sexual maturation and reproduction. In a similar way to mammals, sex steroid
hormones affect reproductive behaviour in birds, including both organisational
and activational effects (see Nelson, 1995; Hutchison, 1996). Although in the
lower vertebrates (reptiles, amphibians and fish) sex determination is more plastic,
there is evidence that reproductive processes are susceptible to chemicallymediated disruption.

2.2.2 RE P RO D U C T I O N A N D T H E
ROLE
IN

OF

THE

THE

ENDOCRINE

REPRODUCTION

SYSTEM

OF

INVERTEBRATES

Most interest in the ecological effects of endocrine disrupters has so far focused
on vertebrate species. However, invertebrates are vastly more numerous on the
earth than vertebrates. According to data presented by Biodiversity: The UK
Steering Group (1995a,b), invertebrate species account for over 78% of the global
total of described species. Invertebrates are also a very important component of
ecosystems. Not only are they a food supply for many vertebrates and a trophic
link in many ecosystems, they also have important roles in biogeochemical cycling
(e.g. detritus processing in both aquatic and terrestrial environments) and as
ecosystem engineers. Lawton (1994) defined ecosystem engineers as ‘organisms
that directly or indirectly modulate the availability of resources (other than
themselves) to other species, by causing physical state changes in biotic or abiotic
materials’. Examples of invertebrate groups with such ecological roles are the
stream-dwelling harpacticoid copepods (Crustacea) and the oligochaete worms
(Annelida), although there are many other examples which there is not space to
consider here.
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Stream-dwelling copepods are able to graze on aquatic microorganisms and are
thus an important trophic link between microbial communities and certain aquatic
insects and fish. They also produce faecal pellets which are an important food
supply for other benthic invertebrates (see O’Doherty, 1985). Aquatic oligochaetes,
which can attain very high population densities in sediments, perform an
important role known as bioturbation. That is, they physically shift the top layer of
sediment and thus increase its potential as a resource for other organisms.
Earthworms, by way of their burrowing, mixing and casting activities, change the
mineral and organic composition of soils. This provides safe places for seed
germination, alters geochemical cycling and hydrology, and affects plant
population dynamics and plant community development (Lawton, 1994). Insects
also have an important economic role as pollinators and in biological control.

S E X U A L I T Y A N D S E X D E T E R M I N AT I O N I N T H E
I N V E R T E B R AT E S
Invertebrates exhibit both asexual and sexual reproduction, with 99% of species
reproducing sexually at some point in their life cycle (Barnes et al., 1993). Asexual
reproduction takes the form of fission or parthenogenesis; in parthenogenesis,
diploid eggs are produced without fusion of gametes. In species exhibiting
parthenogenesis, the shift from parthenogenetic to sexual reproduction is often
brought about by changing environmental conditions. Related to parthenogenesis
is the process of arrhenotoky, where unfertilised haploid eggs develop into males,
and fertilised diploid eggs develop into females.
Some invertebrate taxa always have separate sexes assigned to separate individuals
(gonochorism), whilst in others individuals have both male and female organs at
the same time (simultaneous hermaphroditism), or may lose the characteristics of
one sex and gain those of the other, or may even alternate their sex during their
lifetime (sequential hermaphroditism).
According to Barnes et al. (1993) there are basically three types of sex
determination in the invertebrates: maternal, genotypic and environmental.
However, these influences can be interactive. In maternal determination the female
is able to produce different types of eggs (the sexual destiny of which is
predetermined) or is able to control whether eggs are fertilised or not, which in
turn dictates the sex of the offspring. An example of an organism exhibiting the
first type of maternal sex determination is the minute polychaete Dinophilus
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gyrociliatus; although male and female sperm are also known to occur, female
sperm consistently selects large eggs and male sperm consistently selects small
eggs. Species of Hymenoptera, for example the honeybee (Apis mellifera), exhibit
the second type. Queen honey bees can determine whether their eggs are fertilised
or not; fertilised eggs develop into females whilst unfertilised eggs develop
parthenogenetically into males (diplo-haploid sex determination). Genotypic sex
determination is found in species of insects, arachnids, nematodes, the polychaete
D. gyrociliatus (Barnes et al., 1993) and Crustacea (LeGrand et al., 1987). The
principles of sex determination follow those of vertebrate sex determination (see
Section 2.2.1). Environmental conditions are also known to determine the sexual
development of the embryo or larva in some invertebrate species. For example, in
the echiuran worm Bonella viridis, planktonic larvae become female if they settle
on the surface of the mud, whilst those settling on or very close to an existing
female become male. In the slipper limpet Crepidula fornicata sex determination
can be influenced by social conditions. These molluscs arrange themselves into
stacks, and as the stack grows the sex of individuals in the stack is determined by
their position and their size, the lowermost individuals being female, the
uppermost individuals being males and those intermediate often being
hermaphrodite (see Barnes et al., 1993). Size-specific sex change responses have
also been shown to be controlled by local group composition in the shelf limpet
(C. norrisiarum; Warner et al., 1996). Natural populations of polychaetes of the
genus Capitella contain males, females and hermaphrodites. Heterogametic
individuals are females whilst the sex of homogametic individuals is labile.
Laboratory investigations show that the number of individuals living together and
the sex ratio affects the initial sex of homogametic individuals: en masse they are
initially male and can become simultaneous hermaphrodites, whereas on their
own they develop as females and may occasionally become hermaphrodites
(Petraitis, 1990). Photoperiod is known to influence sex determination in some
crustaceans, for example in the amphipod Gammarus duebeni (Watt, 1994).
However, Watt (1994) postulated that partial sex control can also have an effect in
the case of G. duebeni. In the protogynous intertidal isopod Gnorimosphaeroma
luteum it has been shown that females are more dominant in the spring and early
summer compared with late summer and the autumn when immature males are
dominant (Brook & Davis, 1993).
Infections are also known to affect sex determination in invertebrates; for
example, feminisation has been well documented in Gammarus duebeni infected by
a microsporidian parasite (Dunn et al., 1995).
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H O R M O N A L LY C O N T R O L L E D R E P R O D U C T I V E P R O C E S S E S
A N D T H E P R E S E N C E O F ‘ V E R T E B R AT E - L I K E ’ S E X S T E R O I D S
A limited but important body of evidence already exists for the disruption of
normal sex hormone function in invertebrate species by xenobiotic chemicals
found in the environment. It is now well established that worldwide declines in
marine gastropod populations were caused by exposure to organotin compounds.
Laboratory studies involving daphnids have shown that a number of xenobiotics
found in the environment are able to disrupt sex hormone metabolism and affect
fecundity. Alteration in the levels of sex steroids in echinoderms exposed to PCBs
have also been recorded. These studies are reviewed in more detail in
Section 2.1.5. However, investigations have been limited to a small number of
invertebrate species and a few chemicals, and excluding those studies which have
investigated the effects of organotins on marine gastropods, investigations have
been largely carried out in laboratory situations. The purpose of this section is to
give an overview of the role of hormones in invertebrate reproduction and to
indicate where ‘vertebrate-type’ sex steroids have been characterised from
invertebrate tissues, together with evidence for their function where available, in
order to identify potential sites of disruption. Here consideration is particularly
given to the insects, crustaceans, molluscs and echinoderms, as these are the
groups for which most is known about endocrine function. However, this does not
indicate that other invertebrate groups that have important ecological roles, such
as the annelid worms, are any less susceptible in terms of the potential effects of
endocrine disruption.
The potential susceptibility of the invertebrates to environmental endocrine
disruption has recently been considered in detail by LeBlanc (1999). In terms of
phylogeny, the nature of vertebrate-type sex steroid utilisation appears to be
divergent above the Cnidaria (e.g. jelly fish, corals, sea anemones; see Figure 2.4).
In the deuterostome lineage of organisms (chordates and echinoderms),
vertebrate-type sex steroids are utilised, whilst in the protostome lineage the
ecdysteroids and terpenoids are at least as important as the vertebrate-type steroid
hormones. However, vertebrate-type sex steroids are known to affect reproductive
processes in arthropods and molluscs (i.e. groups of protostomes; LeBlanc, 1999).
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Figure 2.4 Phylogeny of hormone usage among chordates and invertebrates
Vertebrate-type sex
steroids
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Echinodermata
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Insecta
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Cnidaria

Mesozoa

Protozoans

Adapted from LeBlanc (1999)

INSECTS
The endocrine system of insects is probably the best studied of the invertebrates,
and it is well known that moulting of larval forms and the development of the
ovaries is under hormonal control. Ecdysone, an ecdysteroid, is secreted from the
prothoracic gland and is then converted to 20-hydroxyecdysone. This ecdysteroid
induces larval moulting. The secretion of ecdysone is mediated by a tropic neural
hormone known as prothoracicotrophic hormone which is produced by the brain.
A terpenoid known as juvenile hormone promotes retention of larval
characteristics and has an important role in vitellogenesis in insects (Hill & Wyse,
1989). Chen and Kelly (1993) correlated levels of ecdysone and
20-hydroxyecdysone with vitellogenesis in the stable fly (Stomoxys calcitrans).
The occurrence of ‘vertebrate-like’ sex steroids in insects was reviewed by
Denlinger et al. (1987). Oestrogens and androgens have been found in the tissues
of species of Diptera, Coleoptera, Hymenoptera, Lepidoptera and Orthoptera. In
the flesh fly (Sarcophaga bullata), oestradiol, oestriol and several androgens have
been identified by gas chromatography–mass spectrometry. Tissues from several
species of Orthoptera have been found to have the ability to metabolise
‘mammalian sex steroids’; these include the conversion of pregnenolone to
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progesterone, progesterone to 20-α-hydroxypregn-4-ene-3-one and 20-βhydroxypregn-4-ene-3-one, and testosterone to androstenedione. Original work by
Denlinger et al. (1987) on S. bullata found aromatase activity (which converts
testosterone to oestrogen) in several tissues including the gonads and reproductive
tract, and also identified a binding protein specific to oestradiol in haemolymph.
Ohnishi et al. (1985) identified oestradiol from the ovaries of the silkworm
(Bombyx mori) using gas chromatography–mass spectrometry. Denlinger et al.
(1987) concluded that the results of work to investigate the possible role of these
‘vertebrate-like’ hormones in insect reproduction were unclear.
As noted above (Section 2.1.5) many phytochemicals have the ability to disrupt
insect hormones (reviewed in detail by Bergamasco & Horn, 1983).

C R U S T AC E A N S
In the crustaceans, hormones control moulting and sexual differentiation. The
X organ–sinus gland complex (a neurosecretory system), which is located in the
eyestalks of crustaceans, secretes a moult-inhibiting hormone. Removal of the
eyestalks in decapods can induce an early moult. The moult-inhibiting hormone
acts on the Y organs found at the base of the antennae, and inhibits the
production of ecdysone and 20-hydroxyecdysone, the principal ecdysteroids
produced by this organ. As in the insects these ecdysteroids control the processes
involved in moulting (Hill & Wyse, 1989). The hormone 20-hydroxyecdysone is
probably also involved in vitellogenesis (Charniaux-Cotton & Payen, 1988).
Sexual differentiation is also controlled hormonally (reviewed by CharniauxCotton & Payen, 1988). Genetic males have an androgenic organ which is separate
from the testes. Secretion of androgenic hormone from this organ stimulates
differentiation of the testes and secondary sexual characteristics of the male. In
the absence of androgenic hormone, female differentiation occurs spontaneously.
This endocrine control has been experimentally demonstrated in species of
Isopoda, Decapoda and Amphipoda.
The occurrence of ‘vertebrate-type’ sex steroids in crustaceans is reviewed and
discussed by LeBlanc (1999). Oestrogens and androgens have been characterised
from daphnids and the American lobster (Homarus americanus); testosterone has
been measured in the ovaries of the Norway lobster (Nephrops norvegicus);
progestogen biosynthesis from the precursors cholesterol or pregnenolone has
been demonstrated in the crab (Cancer pagurus) and the ovaries of the spiny
lobster (Panlirus japonicus).
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A number of experimental studies reviewed by LeBlanc (1999) show that
administration of testosterone to malacostracans can increase testicular size or
cause the development of testes from ovarian tissues. It has been speculated that
testosterone may, to some extent, be able to mimic the actions of androgenic
hormone. A number of chemicals have been shown experimentally to disrupt
either testosterone metabolism or elimination of testosterone metabolites in
daphnids. The same chemical exposures were also found to decrease fecundity (see
Section 2.1.5). A study reviewed by LeBlanc (1999) involving the penaeid
Parapenaeopsis hardwickii suggested that progesterone may serve as a vitellogeninstimulating hormone in crustaceans.

ECHINODERMS
The results of several studies on the function of sex steroids associated with
echinoderms, notably the Asteroidea (sea stars), have been reviewed by Shirai and
Walker (1988). It appears that sex steroids have an important regulatory role in
gametogenesis although they are effective over relatively short periods. Oestrogens
appear to control vitellogenesis and possibly also spermatogonial cell division in
the testes. 17β-Oestradiol and oestrone have been demonstrated by
radioimmunoassay to occur in the gonadal and pyloric caecal tissues of Asteria
rubens. Receptors for 17β-oestradiol have been demonstrated in the cytosol
prepared from pyloric caecal tissues of A. rubens. Changes in levels of
progesterone in the pyloric caeca appear to be correlated with the onset of
vitellogenesis and the initiation of spermatogenesis. Both the pyloric caeca and
the ovaries are able to synthesise sex steroids. It has been suggested that
environmental stimuli, such as photoperiod, are perceived by both the pyloric
caeca and the gonads and that they are able to complement each other by
secreting similar or different steroids. In contrast to male vertebrates, high levels
of androgens in male echinoderms have not been recorded.

MOLLUSCS
The occurrence of oestrogens and androgens in marine gastropods is well known.
Indeed, the mechanism of action of organotin compounds in the induction of
imposex is now thought to involve interference in testosterone metabolism.
Imposex in marine gastropods is reviewed in detail in Sections 2.1.5. and 3.2.5.
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Takeda (1979) injected dehydroepiandrosterone, testosterone, oestradiol,
oestrone, pregnenolone and gonadotrophin into the body cavities of two species
of slug, Deroceras reticulatus and Limax flavus. Oestrogen administration was
found to stimulate egg laying, although the rate of development of the eggs was
low, whereas androgen administration was found to increase the rate of egg
development. Gonadotrophin administration was also found to increase both the
rate of egg laying and development. Takeda (1979) concluded that hormonal
regulation of slugs seems to resemble the hypothalamic–pituitary–gonadal system
in vertebrates.

ANNELIDA
A neurosecretion produced by the brains of nereids has an inhibitory effect on the
final stages of metamorphosis, and decerebration at this stage has been shown to
lead to precocious maturation. However, if decerebration is performed at earlier
stages in development, oocyte degeneration and incomplete metamorphosis
occur. Thus, the hormone has a dual action; it has a trophic effect on somatic
growth and in early gametogenesis and an inhibitory effect on the processes
appropriate to the final stages of development (see review by Barnes et al., 1993).

POTENTIAL FOR ENDOCRINE DISRUPTION
The endocrine system has a key role in invertebrate reproductive processes, and in
some cases sex steroids are known to be important. Reproduction in the
invertebrates is therefore potentially susceptible to chemical disruption of the
endocrine system. Indeed, studies reported in Section 2.1.5 clearly show that
exposure of several species of marine gastropod and some crustaceans to
xenobiotic chemicals results in reproductive impairment. From this evidence it
seems clear that invertebrates warrant further consideration in the on-going
assessment of the ecological effects of environmental endocrine disruption.
However, LeBlanc (1999) concluded that the present limited understanding of
normal endocrine processes in invertebrates makes assessment of chemical
endocrine disruption in field conditions difficult.
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2.2.3 S E X

RATIOS

IN

VERTEBRATES

Within the context of this review it would be impractical to consider sex ratios
throughout all animal groups. Instead, emphasis is given to providing an overview
of factors, other than chemically-mediated endocrine disruption, that may affect
sex ratios; this includes studies that have been reported on changes in sex ratios in
time and space in populations of freshwater fish, with special reference to Europe.
Sex ratio is, in part, dependent on sex determination, which (as described in
Section 2.2.1) is, in some vertebrates, dependent on environmental factors (e.g.
temperature dependency in some reptiles, amphibians and fish). Sex ratio may
also be affected by sex reversal (see Section 2.2.4).

MAMMALS AND BIRDS
In mammals and birds, sex ratio in broods and litters can often be skewed in
favour of one sex and this can vary between offspring of individuals within the
same species (Clutton-Brock, 1994). In species that are dimorphic the cost to the
mother of producing one sex can be greater. For example, where males are larger
and more costly to produce than females, environmental stress and food shortage
might lead to a sex ratio biased in favour of females (fewer males are produced).
This may be due to the increased cost of male growth in utero and correspondingly
greater embryo mortality in males. Some workers have suggested that sex ratio can
be manipulated by a female to increase her fitness in relation to environmental
conditions. In some species, particularly those that are polygynous, it appears that
individual females that can afford to invest more heavily in their offspring produce
the more costly males rather than females. For example, in red deer it is known
that dominant hinds produce more male than female offspring. Clutton-Brock
(1994) concluded that most of the convincing sex ratio trends that were associated
with environmental stress were achieved by a reduction in both litter size and
number of males rather than adaptive manipulation of the sex ratio. However, he
also stated that in some species there is a growing body of evidence that indicates
that females with access to plentiful resources produce more males than females.
A study by Arnbom et al. (1994) on southern elephant seals (Mirounga leonina)
also showed that male pups were more costly to produce than females, and that
only females above 380 kg produced male pups. The authors suggested that
smaller females might benefit from terminating their pregnancies with male
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fetuses in order to devote energy to their own growth, allowing the production of
a male pup in the next season.
Manipulation of sex ratio by birds is also reviewed by Gowaty (1991). A recent
study by Komdeur et al. (1997) showed that Seychelles warblers (Acrocephalus
sechellensis) appeared to modify the sex ratio of their broods in relation to food
resources. Young females are known to act as helpers to their parents when they
are feeding subsequent broods, whereas males disperse. In low-quality territories
helpers lower their parent’s reproductive productivity whereas in high-quality
territories, one or two helpers increase productivity. It was found that sex ratios
were heavily skewed towards males in broods raised on low-quality territories.
This was confirmed by moving breeding pairs between low-quality and highquality territories. The mechanism by which this occurs is unknown. Sex ratios in
birds, particularly gulls, are also considered in Section 2.1.2.

EUROPEAN FISH
There appear to be only a few recent published studies on the sex ratio of the
freshwater fish species commonly occurring in Europe (Table 2.2). Overall, these
studies suggest that males occur in greater or equal numbers to females in the
early years of life but that females predominate as the animals age. This has
generally been attributed to differential mortality, possibly arising in some species
from the size difference between the sexes (males tending to be smaller). However,
the sex ratios reported may also have been influenced by sex-related differences in
the age of maturation and differences in spatial distribution arising from
differences in feeding, activity and spawning patterns.
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Dace
(Leuciscus leuciscus)

Dace
Chub
(Squalius cephalus)
Northern pike
(Esox lucius)

River Wye, UK

Rivers Stour and
Frome, UK

River Stour, UK

Rivers Stour and
Frome, UK

Perch
Roach

Roach

Northern pike

River Po, Italy

French lake

Bautzen reservoir,
Saxony, Germany

Smoky Hollow and
Wichett Lakes on
Mannitoulin Island,
and the St Lawrence
River, Canada

*males: females

Dace

River Meure, Belgium

Klicava Valley,
Perch (Perca fluviatilis)
former Czechoslovakia Roach (Rutilus rutilus)

Species

Location

Sex ratio 1.24:1 but seasonal differences
Spring 1.04:1; Summer 1.44:1;
Autumn 0.98:1; Winter 1.27:1
Attributed to different growth, seasonal activity and
feeding patterns

Proportion of males 35% in 1981–1982; 4% in 1994.
Attributed to selective predation since males are
smaller than females

≥2

Sex ratio 1:1 at spawning; males 1 year old, females
2 years old

Sex ratio 1:1; Females predominate in older age groups

Sex ratio 1.75:1; males mature sexually
Females mature sexually
Sex ratio 0.18:1

Overall

Mann (1976a)

Mann (1974)

Hellawell (1974)

Reference

Casselman
(1975)

Schultz (1996)

Jamet (1992)

Alessio et al.
(1991)

Philippart (1981)

Sex ratio 2.12:1
Mann (1976b)
Sex ratio approx 1:1
Sex ratio 0.28:1
Greater number of males at spawning in younger fish
Pivnicka (1972)
compared with older groups. Attributed to earlier sexual
maturation in males and higher mortality of older males

Sex ratio 7.3:1
Sex ratio 2.6:1
Majority female

Sex ratio 1.2:1
Sex ratio 0.3:1

Sex ratio approx 1:1
Higher proportion of males. Change may reflect
differences in stress at attainment of maturity
Higher proportion of females. Cause unknown

2
3
7

1–2

Overall

<1
1–2
>4
1–2
2–4

1
2
>9

1–2
7–9

>6

<3
4–6

Age (years) Observations

Table 2.2 Studies on sex ratios* in freshwater fish
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2.2.4 SEX CHANGE,
HERMAPHRODITISM
IN

FISH

AND

AND

INTERSEX

INVERTEBRATES

S E Q U E N T I A L H E R M A P H R O D I T I S M I N S H A L L O W - WAT E R
MARINE FISH
Hermaphroditism is the condition whereby an organism has both male and female
reproductive organs. Some shallow-water marine fish are sequential
hermaphrodites; they are fully functional as one sex and then later in their life
change completely to the other. Some go from male to female (protandry),
whereas other undergo the reverse change (protogyny). This subject is reviewed in
depth by Shapiro (1994).
It was once thought that sex reversal in these fish occurred when they reached a
certain age or size. It is now known that the situation is more complex. Sex
reversal is actually dependent on the sex structure of the social unit in which the
fish live. In some protogynous species the social unit consists of a single male with
a number of females. Removal of the male stimulates the largest, most dominant
female to undergo sex change. However, in nature, all-female social units do exist.
Experiments have shown that a certain profile of behaviour between a female and
the male and the other females in the social unit, prior to removal of the male, is
required to initiate sex change. Similar principles operate in protandric species.
When sex change begins in protogynous species, the ovarian tissues within the
gonad degenerate and are replaced by testicular tissue. The result is a solid testis
possibly containing a remnant of ovarian tissue. Many species are dimorphic and
colour and fin structure also change, together with behaviour.
H-Y antigen is a membrane component found on the cell surface of all cells in the
male body of mammals and many other vertebrates. It is only expressed in females
of species where the female is the heterogametic sex (birds and some reptiles). In
fish that undergo protogynous sex changes, the level of H-Y antigen expression
increases. However, investigations of genomic sections identified as sex-specific in
many animals have revealed no consistent changes. Thus the level of genetic
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involvement in the sex change of such fish is still unknown. The physiological
processes controlling sex change are also unclear. In a number of species levels of
11-ketotestosterone have been shown to increase under natural conditions as the
female to male change progresses, but it is unknown whether this is a cause or
effect of the physiological processes that occur. In the bluehead wrasse, males can
be classified as either primary males (i.e. have only a brief transient period when
they have ovarian tissue) or terminal males where they have previously been fully
developed females. Protogynous species with two types of males are termed
‘diandric’. The number of cells in the hypothalamus producing LHRH, the
hormone that controls the release of LH from the pituitary, is known to be higher
in terminal males than in females or primary males. Injection of females with 11ketotestosterone increases the number of these cells to the levels found in terminal
males. However, injection of 11-ketotestosterone has also been shown to increase
LHRH cell numbers in primary males, and it is now thought that the number of
these cells has more to do with determination of reproductive behaviour than sex
change per se. Thus, primary males congregate and spawn in groups while
terminal males spawn in pairs with individual females. The evolutionary
significance of these sex-change systems in fish is discussed by Shapiro (1994).

HERMAPHRODITISM AND THE DEVELOPMENT OF INTERSEX
IN OTHER FISH SPECIES
Cases of apparently functional hermaphrodites have also occasionally been
reported for pike (Esox lucius) in the Esla basin in Spain (Dominguez et al., 1989).
The authors suggested this might have been influenced by the recent introduction
and rapid expansion of the pike throughout the Esla basin. Examples of
hermaphroditic pike, whitefish and burbot (Lota lota) have also been noted in an
alpine lake by Hoffmann and Meder (1988), and an example of an apparently
functional hermaphrodite European perch (Perca fluviatilis) was noted in Lake
Pounui, New Zealand (Jellyman, 1976). In the light of the effects of sewage effluent
on some UK fish species (see Box 2.1), reports from elsewhere in Europe of cases
of intersexuality (i.e. the display of characteristics intermediate between those of
typical males and females) in fish species that are generally considered to be
dimorphic are of interest. Slooff and Klootwijk-van Dijk (1982) reported intersex
in five out of 5533 [0.09%] bream (Abramis brama) collected in The Netherlands in
1977. These authors noted that the fish were between seven and 10 years of age and
that, in each case, the ovarian and testicular tissues were sharply demarcated, with
both gonadal areas appearing to show normal gamete development. Schultz (1996)
noted that very few cases of intersexuality had been reported for roach (Rutilus
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rutilus) and that during an 15-year study period at a German reservoir only one
case had been found. The significance of such observational studies is unclear in
the absence of associated data on pollution levels.

I N V E R T E B R AT E S
The range of normal sexuality within the invertebrates includes gonochorism,
simultaneous hermaphroditism and sequential hermaphroditism (protandry and
protogyny). Hermaphroditism is known to occur within several major
invertebrate taxa (although in some it may occur only rarely, most species within
the taxon exhibiting only gonochorism), namely, Ctenophora, Platyhelminthes,
Gastropoda (Mollusca), Annelida, Brachiopoda, Urochordata, Asteroidea and
Ophiuroidea (Echinodermata), Cirripedia and Malacostraca (Crustacea; Barnes
et al., 1993). In sequential hermaphroditism social and environmental factors are
known to initiate sex change.
Intersex has been recorded in the red clawed crayfish (Cherax quadricarinatus), in
both wild and cultured populations (Sagi et al., 1996). The species is normally
gonochoristic, but the intersex individuals observed by Sagi et al. (1996) were
functional males (with male morphology and testes that produced spermatozoa)
with ovaries that were similar to those found in pre-vitellogenic females. The
incidence of intersex in the cultured population in an aquaculture centre in Israel
was 1.2% (13 out of 1058). The authors concluded that this was not an example
of protandry. A high frequency of intersexuality was found in harpacticoid
copepods in the vicinity of a sewage outfall in the Firth of Forth (Moore &
Stevenson, 1994; see Section 2.1.5 for details). This observation in copepods,
which are normally gonochoristic, remains unexplained; parasitic infection
leading to intersexuality and previous underestimates of the incidence of
intersexuality in susceptible species were suggested as factors to be considered.
In summary, hermaphroditism is widespread in the invertebrates where it is a
normal form of sexuality. However, there are also reports of intersexuality in
species which are generally thought to be gonochoristic. The incidence of
intersexuality in invertebrates and factors that might affect it, particularly in
supposedly gonochoristic species, should clearly be considered when assessing
whether observed ‘abnormalities’ are due to endocrine disruption.
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2 . 3 P O P U L AT I ON A ND
C OMMU NI T Y E FFE CT S

2.3.1 PO P U L AT I O N DY N A M I C S

When considering the effects of chemical endocrine disrupters within ecosystems
the ultimate concern is with effects at levels of organisation higher than the
individual, that is at the population, community and ecosystem levels.
Establishing cause and effect in relation to an environmental pollutant becomes
more difficult with increasing levels of organisation (i.e. it is easier to establish
links between experimental chemical exposure and biochemical changes in an
individual than to link environmental exposure to a change in population size;
Peakall, 1992; Walker et al., 1996). The objective of this section is to highlight
factors that may affect population size and the characteristics of some species that
may make them more vulnerable. The key information on the principles of
population dynamics presented in this section has been taken from reviews by
Begon et al. (1990) and Walker et al. (1996).
Changes in the numbers of individuals in a population (N) over time can be
summarised as follows:
Nfuture = Nnow + B − D + I − E
where B is the number of births between now and sometime in the future, D is the
number of deaths over this time, I is the number of immigrants and E is the
number of emigrants.
The population growth rate is an important characteristic of the population. The
life-history characteristics of an organism will affect the population growth rate
(e.g. age-specific birth and mortality rates, the timing of the first breeding
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attempts). Density-dependence (where the population growth rate depends on the
density of the population) is particularly important and should be considered
alongside any investigation of the effects of pollution. Density-dependence may
occur in some stages of an organism’s life history but not in others. For example,
a 25-year study of sea trout population dynamics showed that the mortality of
alevin (at 5 months old) and parr (at 6 months old) was density-dependent, but
after this age it was density-independent (Walker et al., 1996). In many groups of
animals it has not been established which stages are subject to density dependency
(Walker et al., 1996; Begon et al., 1990). The carrying capacity (i.e. the stable
population density that an environment can support) of a site or habitat will be
determined by the supply of a range of resources that may be required by an
organism throughout its life history; these obviously include food supply, and
resources that are required specifically for reproduction (e.g. suitable nesting
sites). Whilst birth rate may be affected by endocrine disruption, birth rate
together with mortality and migration may be affected by density-dependent
factors. It is feasible, depending on the population dynamics of a particular
species, that an effect on reproductive function will be compensated for by density
dependency, and the numbers of individuals of a species reaching maturity will be
unaffected. Interactions with other species may also be important. For example,
recruitment of adults of a species is unaffected by endocrine disruption but the
effect of a reduced food supply (immature stages of a prey species) may have an
impact on a predatory species.
Factors affecting the resources available to a species, such as habitat availability
and food resources will probably, depending on the circumstances, be far more
important than any possible endocrine disruption. Such factors include changes
in land management, for example agricultural practice, and the indirect effects of
pesticides, for example by reducing food available for higher predators because of
effects of pesticides on invertebrate populations. A report published by the Joint
Nature Conservation Committee (Campbell & Cooke, 1997) examined the
evidence for the indirect effects of pesticides on species of UK farmland birds that
are in decline. Although factors other than pesticide usage will have contributed
to the declines noted, the indirect effects of pesticides have been shown to have
had adverse effects on populations of the grey partridge (Perdix perdix) and the
effects of pesticides could not be ruled out in 19 other species. Trends in UK
wildlife populations are described in more detail in Section 2.3.3.
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L I F E - H I S T O RY S T R AT E G I E S
The life-history strategies that are adopted by organisms can be brought together
in the concept of r- and K-selection (Begon et al., 1990). This concept is pertinent
when trying to determine whether endocrine disruption causes effects at the
population level. While r-selected individuals are able to reproduce rapidly in an
unpredictable habitat, K-selected individuals are able to make large proportional
contributions to a population that is close to its carrying capacity in a stable
environment. Some species tend towards an r-strategy whilst others are Kstrategists (for reviews see Pitcher & Hart, 1982; Begon et al., 1990). The general
characteristics of r- and K-selection are summarised in Table 2.3. The
characteristics highlighted in this table are considered to be particularly important
determinants of the likelihood that effects such as endocrine disruption in
individuals will contribute to a decline in a population. These characteristics will
also influence the potential rate of recovery of a population following removal of
an adverse environmental factor.

LIFE-TABLE EXPERIMENTS
Current ecotoxicological hazard assessment is dominated by end-points based on
effects in groups of individuals, such as acute toxicity studies to determine the
level causing effects or death in 50% of the individuals (EC/LC50), or chronic
toxicity studies to determine a no-observed-effect concentration (NOEC), or
changes in reproductive performance or growth rate. Such studies are usually
performed on single species in the laboratory. It has been suggested that a lifetable approach may be a more useful, ecologically-relevant way of assessing
toxicological hazard (e.g. Calow et al., 1997; Walthall & Stark, 1997) and this may
be usefully applied to endocrine disruption. Life tables have been used as a
method for generating population-level end-points, such as the intrinsic rate of
population increase (rm) as toxicological stress increases. The instantaneous rate of
increase (ri) has been proposed as an alternative measure (see Box 2.3). In life-table
studies, groups of the organism under investigation are kept at different
concentrations of the toxicant of interest, and the numbers of births and
survivors are measured at regular intervals (e.g. daily); the food supply is
regulated. The life history is described by mortality rate, birth rate, and age at the
first reproductive event, if simplifying assumptions that mortality rate does not
change with age, and birth rate does not change with age after the first
reproductive event are made. This approach obviously does not take into account
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interactions with other species which may reduce the population growth rate in
the wild. Density-dependence may also come into play in the wild and this can be
examined in life-table experiments. A worked example of a life-table approach is
given in Walker et al. (1996).
Table 2.3 Characteristics of r- and K-selected populations
K-selection

r-selection

Found in constant or predictable habitats

Found in ephemeral or changeable habitats

Steady, crowded population

Population levels fluctuate

Intense competition between juveniles for
local habitat

Mortality rates density-independent and
uncertain, sometimes catastrophic

Few, larger offspring produced with provision of
parental care*

More, smaller offspring with little parental care

Small reproductive allocation; iteroparity
Large reproductive allocation; semelparity (tend
(produce offspring in a series of separate events)* to produce offspring in one major event over a
short period)
Long lifespan*

Short lifespan

Delayed reproductive maturity*

Precocious reproductive maturity

Based on Begon & Mortimer (1986)
* Characteristics considered to be of particular importance when considering the potential impact of
endocrine disruption

Box 2.3 Intrinsic and instantaneous rates of population increase
Walthall and Stark (1997) used the lifetable approach to compare measurements
of the intrinsic rate of increase (rm) with
the instantaneous rate of increase (ri) in
populations of pea aphid (Acyrthosiphon
pisium) exposed to different
concentrations of the insecticide
imidacloprid. The intrinsic rate of increase
(rm) was calculated by using the following
equation:
1 = ∑lxmxe-rmx
where x is the age of the cohort, lx is the
proportion of individuals surviving to age
x, mx is the number of females produced
per female of age x.

The instantaneous rate of increase, or ri,
was calculated using the following
equation:
ri = ln (Nt/No)
t
where Nt is the final number of animals,
N0 is the initial number of animals
introduced, and t is the change in time
(number of days the experiment was run).
According to Walthall and Stark (1997),
ri is easier and less expensive to measure
than rm. The comparisons made by
Walthall and Stark (1997) suggested that
ri could be used as a predictive measure
in place of rm.
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M AT H E M AT I C A L M O D E L S F O R E C O T O X I C O L O G I C A L R I S K
ASSESSMENT
A framework for ecotoxicological risk assessment has been presented by Calow et
al. (1997). The approach involves the following steps:
❐

defining a mathematical relationship between survival probability,
reproductive output and time from birth to breeding (or between breeding
events) with population dynamics (the ecological problem);

❐

defining a mathematical relationship between changes in toxicant
concentration and the biological variables important in population
dynamics (the toxicological problem);

❐

combining these relationships to formulate a relationship to describe the
ecotoxicological problem; and

❐

using the ecotoxicological relationship (a function of the predicted
environmental concentration and the predicted effect on the population
annual reproductive rate) to predict the risk of population extinction.

Clearly the nature of the life history of a species will affect the population
response; Calow et al. (1997) illustrate this by applying the model to a number of
different examples, including a semelparous species — one in which individuals
undergo a single reproductive event — and a strongly iteroparous species — in
which individuals undergo repeated reproductive cycles. The approach could also
be extended to the community level by identifying the frequency of life-history
types in a given community.

2.3.2 EF F E C T S O F P O L L U T I O N AT
THE

COMMUNITY

LEVEL

Establishing causal relationships between a particular pollutant and significant
changes in community and ecosystem structure and function is difficult, owing to
the complexity of inter-relationships often present, which involve both biotic and
abiotic interactions. The principles of community ecology and ecosystem
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processes (including biogeochemical processes) are presented in detail in Begon et
al. (1990). With the exception of the effect of organotin compounds on marine
gastropods, effects of ecological endocrine disrupters at the population level are
largely unknown, and until such population-level effects are better understood
attempts to investigate effects of endocrine disruption at the community or
ecosystem level are unlikely to be profitable (see Sections 5 and 6). Nonetheless, it
is appropriate to review briefly here examples of some community-level
investigations that have already been conducted on pollutants that do not act by
endocrine disruptive mechanisms, since such studies could contribute to the
development of studies on endocrine disruptive effects at these higher levels of
ecosystem organisation.
Perhaps the most informative examples of studies on community and ecosystem
effects to date have been experimental studies on soil communities and processes,
and on whole-lake ecosystems. An overview of such studies is presented in Walker
et al. (1996). The effects of pesticides on soil microflora are routinely investigated
by assessing changes in biogeochemical cycling, a process in which soil
microorganisms play an important role. Schindler and co-workers have carried
out experiments in whole lakes in North America in which they investigated
community and ecosystem responses, particularly the processes of eutrophication
and acidification, to the addition of particular pollutants (e.g. Schindler, 1991;
Schindler et al., 1991). By using simple experimental treatments it was possible to
reduce the number of possible alternative explanations for a response. For
example, by adding acid without aluminium it was possible to show that the early
biological effects of acidification were caused by the hydrogen ion alone. Wholelake experiments on acidification (Schindler et al., 1991) showed that the
communities found in lakes which differed in their physical attributes and
locations responded similarly when exposed to acid. Phytoplankton and
zooplankton were affected, leading to a change in the dominant species and a loss
of diversity. Schindler (1991) highlighted effects arising from complex interactions
that would not have been foreseen using small scale experiments. For instance, the
sensitivity of some fish species appeared to be affected by the sensitivity of key
prey species and by altered competition. Also, the decline and extirpation of
crayfish populations appeared to be caused by a combination of physiological
factors, parasitism and reproductive failures.
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2.3.3 PO P U L AT I O N T R E N D S I N U K
WILDLIFE

In order eventually to be able to determine any possible effects of endocrine
disruption in UK wildlife it is first necessary to examine current population
trends. It should be stressed that the changes in population status reported here
have been attributed to a variety of factors and in many cases cannot be fully
explained. There is no evidence that endocrine disruption is associated with any
of the population declines reported below. Interpretation of data sets on such
trends may be useful for identifying future research on the effects of pollution
(including endocrine disruption) although care should always be taken in
attributing causality on the basis of correlation analysis.
A comprehensive review of the status of biodiversity in Great Britain was
undertaken by ‘Biodiversity: The UK Steering Group’ (1995a,b), for the then
Department of the Environment, as part of the official UK Government’s
response to the Rio declaration. This review addressed changes in populations of
animals and plants over the previous 25 years and focused particularly on those
habitats and species for which the Government has international obligations or
that were considered to be rare or at particular risk. Data on population levels
were reported as three lists:
❐

a short list of 116 species that have shown a decline in numbers in Great
Britain of more than 50% over the past 25 years;

❐

a middle list of approximately 300 species that have shown a global decline
of more than 50% over the past 25 years; and

❐

a long list of 1250 species that are under either endemic or global threat,
that have shown more than a 25% decline in numbers worldwide, that are
present only in very restricted areas within Great Britain, or that have been
identified by specific EC or UK legislation.

From this review (see Figure 2.5) it is apparent that a number of animal species in
Great Britain are experiencing marked declines in numbers, including several
species of mammals, farmland birds and amphibians. In addition, the survey
indicated that numerous invertebrate species are suffering population declines. In
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25–40% change

≥50% change

Decrease

Mammals
Water vole
Lesser white-toothed shrew
Brown hare
Red squirrel
Birds
Sparrowhawk
Montagu's harrier
Water rail
Barn owl
Herring gull
Kestrel
Reptiles
Sand lizard
Amphibia
Natterjack toad
Great crested newt
Fish
Allis shad
Twaite shad
Vendace

Mammals
Greater mouse-eared bat
Birds
Roseate tern
Marsh warbler
Skylark
Bittern
Stone curlew
Corncrake
Cirl bunting
Woodlark
Tree sparrow
Capercaillie
Song thrush
Bullfinch
Amphibia
Pool frog

Incr ease

Figure 2.5 Population trends (1970–1995) in selected mammal, bird, reptile,
amphibian and fish species found in Great Britain

Mammals
Grey seal
European otter
Birds
Marsh harrier
Hobby
Peregrine
Goosander
Osprey
Slavonian grebe
Tawny owl

Mammals
Red deer
Birds
Goshawk
Red kite
Gannet
Arctic skua
Pink-footed goose
Dartford warbler
Cettis warbler

Data from Biodiversity: UK Steering Group (1995a,b)
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contrast, it does seem noteworthy that although there is clear evidence for
endocrine disruption in fish at the individual level in UK waters, populations of
many species of fish-eating birds are increasing in numbers or range.
A wide range of possible causes has been suggested, with various levels of
certainty, for the population declines that have been observed (Biodiversity: The
UK Steering Group, 1995a,b). These include loss of habitat, changes in habitat
structure, reduced food resources, increased predation, and pollution, including
decreased water quality. Declines in many UK farmland bird species have been
documented recently and have received particular attention. As described in
Section 2.3.1, a recent report (Campbell & Cooke, 1997) concluded that the
indirect effects of pesticides (through reduction of habitat and food supply) were
responsible for the decline of the grey partridge, and could not be ruled out as
contributing to the decline of 19 other species. Other factors that may have
contributed to the declines include loss of non-crop habitats, changes in cropping
patterns and crop types, and increases in predator numbers.
It should be recognised that reductions in reproductive success can and do operate
through mechanisms that do not involve endocrine disruption. For example, an
insect food source may be reduced as a result of agricultural pest-control methods.
Nonetheless, the involvement of endocrine disruption in some cases of population
decline is plausible, although to date most studies have identified other factors
that are likely to be of greater importance. Thus the issue of endocrine disruption
should not be dismissed, but should be considered in the context of other factors
on a case-by-case basis. Research to investigate potential population-level
consequences of endocrine disruption in situations where there is evidence for
endocrine disruption at the individual level, or where it seems particularly
plausible, is recommended in Section 6.
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2 . 4 S U MMA RY ON E FFE CT S
O F E N D OC R I NE D IS R U P T ION
I N O RG A NI S MS A ND
P OP U L AT I ONS

EVIDENCE FOR EFFECTS
Results from several field and laboratory investigations have suggested that
endocrine-disrupting activity of some environmental pollutants may be associated
with adverse environmental impacts. The strength of the evidence for such an
effect varies across the taxonomic groups. The most informative studies are
summarised below.
In a limited number of mammalian species, adverse effects have been associated
with exposure to chemicals that have endocrine-disrupting ability. Studies have
found adverse reproductive effects in Florida panthers, linked with evidence
suggesting that the panthers were exposed to organochlorine compounds. Adverse
reproductive effects in seals in the Baltic Sea and Wadden Sea and declines in
Baltic seal populations have been associated with increased tissue levels of, and
pollution by, organochlorine compounds, while population recoveries have been
associated with reductions in such pollution. In controlled feeding studies, seals
fed a diet of Wadden Sea fish, contaminated with PCBs, had lower vitamin A and
thyroid hormone levels than seals fed less-contaminated fish from the north
Atlantic. The observation that otter populations in the lower stretches of rivers in
the west of the UK were less stable than those in higher stretches of the same
waters was associated with increased levels of organochlorine compounds in otter
dung from the lower stretches of water. Impaired reproductive outcomes, relative
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to controls, were observed among female mink fed diets containing mixtures of
PCBs or fish contaminated with PCBs and dioxins. Reproductive abnormalities in
St Lawrence Beluga whales have been found, together with high tissue levels of
organochlorine compounds and benzo[a]pyrene. Although these studies have
found associations between exposure to potential endocrine-disrupting chemicals
and adverse effects, causal links have not been established.
In birds, the link between population declines among raptors and organochlorine
pesticides, which cause egg shell thinning, is long established; similar effects have
been observed in fish-eating birds. Organochlorine pesticide contamination has
also been associated with adverse reproductive effects, including female–female
pairing, supernormal clutches, high incidences of developmental abnormalities
and chick mortality among gulls at sites in North America. A multigeneration
laboratory study on the effects of o,p'-dicofol in kestrels showed egg shell thinning,
increased feminisation in male embryos that failed to hatch, and greater loss of
eggs and chicks following breeding from second generation males or females,
relative to controls. Feminisation of embryos was also observed in western gull
embryos from eggs dosed with DDT/DDE. There is good evidence for a causal
link at the individual and population level between exposure to organochlorine
pesticides and adverse reproductive and developmental effects in birds, but it is
not known if an endocrine-disruptive mechanism is responsible.
Evidence suggesting possible chemically-induced endocrine disruption in reptiles
comes mostly from a series of studies on alligators. In the years following a
chemical spill, the alligator population in Lake Apopka, Florida, USA, showed a
decline in juvenile population, reduced clutch viability and abnormal gonadal
morphology and sex steroid levels, when compared with a control population of
alligators from a less-polluted lake in the same region. Among snapping turtles
from the Great Lakes, North America, elevated incidences of embryo deformity
and mortality have been observed at sites where eggs have high organochlorine
residue levels. Furthermore, experimental studies have demonstrated that two
hydroxylated PCBs were able to disrupt temperature-dependent sex determination
in red-eared slider turtle eggs. Experimental studies on amphibians have indicated
some evidence for vitellogenin induction in male toads exposed to DDT or (with
a smaller effect) 17β-oestradiol and DES. In vitro studies have demonstrated that
methoxychlor (but not other selected natural or synthetic oestrogens) inhibited
maturation of short-clawed toad oocytes, possibly by acting as an
antiprogesterone. Although there is evidence for chemically-mediated endocrine
disruption in the population of alligators in Lake Apopka, specific chemicals
associated with the effect have yet to be identified. Supportive evidence for
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chemically-mediated endocrine-disrupting effects in the environment is provided
by the experimental studies in turtles and toads.
Several laboratory studies have indicated that PCBs adversely affect the
hypothalamic–pituitary–gonadal axis in fish, some of the observed effects being
linked to arylhydrocarbon-receptor binding. Some similar effects have also been
observed in natural fish populations. In English sole from the Puget Sound,
Washington, USA, oestradiol levels and spawning success were inversely related
to levels of chemical contaminants, especially PAHs and PCBs, while
experimental exposure to sediments from Rotterdam Harbour, The Netherlands,
has been associated with premature vitellogenin induction and elevated plasma
levels of sex steroids in female flounder.
Kraft mill effluent has been shown in field and laboratory studies to cause
developmental and fertility effects, including masculinisation, in a number of fish
species, including mosquitofish, white suckers and lake whitefish. One possible
causal agent, β-sitosterol, a major component of Kraft mill effluent, has been
shown, in laboratory studies, to cause reductions in plasma sex steroid levels,
steroidogenesis in vitro, and gonadal cholesterol levels in goldfish. It also induces
vitellogenin synthesis in male goldfish and expression of the vitellogenin gene in
the liver of rainbow trout, and binds to hepatic oestrogen receptors in rainbow
trout. β-Sitosterol has been shown to have oestrogenic properties in mammalian
test systems.
Field and laboratory studies, largely in the UK, have demonstrated feminisation
of male freshwater fish in association with exposure to sewage effluent. Two
studies have identified intersex in male roach downstream of sewage treatment
works; the second study also found induction of vitellogenin in males and a
graded response with distance from the sewage effluent. Two experimental studies
(in a number of rivers) have demonstrated increased vitellogenin in male rainbow
trout as little as three to six weeks after exposure to sewage effluent. In vitro
studies have demonstrated that alkylphenols, phthalates, 17-β oestradiol and
ethynyloestradiol present in sewage effluent are active in a range of assays for
oestrogenicity. In a study using a combined fractionation and bioassay procedure,
the natural hormones, oestrone and 17-β oestradiol, and to a lesser extent the
synthetic steroid, ethynyloestradiol, rather than alkyl phenols, were found to be
the major agents responsible for oestrogenic activity in sewage treatment effluents.
Vitellogenin induction and testicular abnormalities in male flounder in polluted
estuaries have now also been shown. In this case, however, although the specific
agents responsible have yet to be definitively identified, industrial contamination
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rather than domestic sewage may be important. Reproductive impairment,
induction of vitellogenin, masculinisation and feminisation have all been observed
in fish exposed to chemical pollutants. In particular, there is a strong causal
association between exposure to sewage effluent in the UK and oestrogenic
stimulation of fish. However, it is not yet clear what impacts such effects might
have at the population level.
In laboratory studies with invertebrates, exposure to DES, 4-nonylphenol,
pentachlorophenol or propiconazole all caused adverse effects on the reproductive
performance of Daphnia magna. With the exception of DES, the effects appear to
be related to a shift in the metabolism of testosterone to metabolites that are more
readily retained; thus androgenisation rather than oestrogenic activity may be the
more usual form of endocrine disruption in invertebrates. In one field study, a
high incidence of intersexuality was reported among two species of harpacticoid
copepods in the vicinity of a sewage outfall.
Population declines of mollusc species, related to organotin-induced imposex,
have been observed in studies throughout the world. This is the only established
example of endocrine disruption causing population-level effects in the natural
environment. Organotin compounds are believed to act by inhibiting cytochrome
P450-dependent androgen aromatisation, which blocks the conversion of
testosterone to oestrogen, or possibly through inhibition of conjugation of
testosterone, thus resulting in the masculinisation of females. Results from field
studies from around the world and from experimental studies on organotin
compounds have clearly established a causal association between organotin
exposure and imposex in neogastropods.

UNDERSTANDING REPRODUCTIVE FUNCTION
The potential for a chemical to interfere with the reproductive functions of an
organism will, in part, depend upon the susceptibility to chemically-mediated
disruption of those processes that control sex determination and development.
In the higher vertebrates, the initial organisational event determining the sex of the
embryo is genetically controlled. In mammals, female sexual differentiation is the
default pathway, with masculinisation requiring hormonal stimulation in the fetus.
In birds however, the default pathway is towards the development of masculine
structures. Subsequent development of the reproductive system and maintenance
of reproductive function are also hormonally controlled. Thus, in both groups
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there is potential for endocrine-mediated disruption at several stages, including
early sexual differentiation of the fetus and subsequent development of secondary
sexual characteristics, as well as during sexual maturation and reproduction.
Some reptiles and amphibians exhibit genotypic and hormonal control systems
for sexual differentiation, which are similar to those of mammals and birds; others
(such as alligators and several species of turtle) show mainly temperaturedependent control of sexual development. In both cases there is the potential for
oestrogenic chemicals to disrupt the process of sexual development.
Fish species may show genotypic and/or temperature dependency. In general, the
more primitive (less evolved) the fish species, the less endocrine control appears to
be involved. However, many studies have provided clear evidence of the
occurrence of endocrine disruption in the teleosts.
In invertebrates, maternal, genotypic, environmental and social factors may all
affect sex determination to varying extents in different species. There is evidence
that retention of larval characteristics, larval moulting, ovarian development and
vitellogenesis in insects, moulting, sexual differentiation and vitellogenesis in
crustaceans, and gametogenesis and vitellogenesis in echinoderms are all
hormonally controlled. As above, any processes that are hormonally controlled
are susceptible to endocrine disruption.
In addition to potential chemically-mediated effects on the sex or sexual
development of individual animals, it is known that sex ratio in animals can be
influenced by various environmental factors. Examples are known (in mammals) of
more males being produced under favourable environmental conditions than when
the mothers are subject to environmental stress, while some birds produce more
male offspring when in low quality territories. There is some evidence that several
European species of fish have sex ratios that tend to favour males in younger
parental age groups, although subsequent differential mortality appears to favour
survival of females in older age groups. Such variability in reproductively
important end-points requires consideration when attempting to identify the
impact of environmental pollution on the reproductive performance of a species.
In addition it should be appreciated that, in some fish and invertebrate species,
hermaphroditism, intersex or sequential changes in the sex of the animal occur as
normal physiological events, and hence such possibilities need to be carefully
considered when assessing possible evidence for endocrine disruption.
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P O P U L AT I O N A N D C O M M U N I T Y E F F E C T S
Establishing cause and effect at levels above that of an organism (i.e. population,
community or ecosystem) in relation to an environmental pollutant is difficult.
The population growth rate of a species is affected by its life history
characteristics and, in some cases, by its density-dependency. Changes in
environmental resources, such as food and habitat availability, clearly have the
potential to affect population growth. Such factors need to be taken into account
when evaluating the possible impact of endocrine disruption on populations.
Changes in habitat, reduced food resources, increased predation and pollution
have all been suggested as possible causes for declines in the populations of several
mammalian species, farmland birds, amphibians and invertebrates, observed in
the UK since the 1970s. Although to date most studies have identified other
factors that are likely to have a greater influence on population declines, the
involvement of endocrine disrupters is also plausible.
As effects of endocrine disruption at the population level are currently largely
unknown, investigations of endocrine disruption at the community and ecosystem
levels are unlikely to be productive at present.
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3 . 1 I NT ROD U CT ION

An increasing number of synthetic chemicals are known or suspected to cause
endocrine or hormone-like effects, as assessed by in vivo screening methods. These
include various chlorinated hydrocarbons, alkylphenols, phthalates, organotin
compounds, synthetic oestrogens and some metals; examples are presented in
Table 3.1, which is not exhaustive. Only a minor fraction of the chemicals used in
industry have been tested for endocrine effects so far. As over 100 000 man-made
chemicals are in regular use and an unidentified number of their degradation
products are also present in the environment (Mücke et al., 1986), it is likely that
other chemicals or groups of chemicals will be identified as endocrinologically
active.
The potential harm of a chemical is related both to its toxicity and to the exposure
or dose to the target organism. This section is concerned with the exposure of the
ecosystem and wildlife to various endocrine disrupters. Section 3.2 presents the
environmental levels of selected endocrine disrupters, and their environmental
fate and behaviour is briefly discussed in Section 3.3. It should be noted that the
following sections do not aim to provide a comprehensive review of all endocrine
disrupters, but rather to provide an overview of a few selected substances.
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Table 3.1 Examples of compounds that may potentially behave as endocrine
disrupters
Chemical group
Organochlorine pesticides
Dichlorodiphenylethanes

Compounds
o,p'-DDTa, p,p'-DDTb, DDEb, c, d, o,p'-DDDd, dicofol,
endosulphanb, e, methoxychlora

Cyclodienes

Chlordane, oxychlordane, heptachlor, heptachlor epoxide, aldrin,
dieldrin

Chlorobenzenes

Hexachlorobenzenef

Hexachlorocyclohexanes

β-HCHa

Chlorinated terpenes

Toxaphene c, d

Dicarboximides

Vinclozolinc,d, procymidome c, iprodioneg

Other

Mirexd, e, f, linuronh, DBCPh, chlordecone (kepone)a, ketoconazole
class fungicidesd

Other pesticides
Organophosphates

Malathion, parathiond, chlorpyriphosg

Chlorotriazine herbicides

Atrazine, simazine

Dithiocarbamates

Thiramg, metam sodiumg

Carbamates

Carbaryl, methomyl

Benzimidazoles

Benomylh, carbendazimh

Industrial chemicals
PCBs, PBBs

Aroclor 1254e, hydroxylated PCBs, some PCBsa, d, f, PBBsd, f

PCDDs/PCDFs

Dioxinsb, e, f, furansf,

PAHs

Various PAHsb, benzo[a]pyreneh, dimethylbenzanthracened

Phenolic compounds

Nonylphenola, c, octylphenola

Phthalate esters

DEHP, butylbenzylphthalate, di-n-butylphthalatee, phthalic acid
estersf

Other industrial compounds

Bisphenol A
Organotin compounds (e.g. tributyltin), aniline dyesd, benzidinebased dyesg, carbon tetrachlorided, chloroformd, carbon
disulphideg, methanold, g, ethanold, urethaned

Synthetic hormones

Ethynyloestradiol, diethylstilboestrol

Heavy metals

Leade, f, manganeseg

Adapted from Gray et al. (1996)
a

Environmental oestrogens – oestrogen mediated; b Environmental anti-oestrogens; c Environmental
anti-androgens/androgens; d Adrenal endocrine disrupters; e Toxicants that reduce serum levels of a
steroid hormone; f Antithyroid endocrine disrupters; g Toxicants that affect reproduction primarily
via the central nervous system; h Other toxicants that alter hormonal status
DBCP, 1,2-Dibromo-3-chloropropane; DEHP, Di(2-ethylhexyl)phthalate;
DDD, Dichlorodiphenyldichloroethane; DDE, Dichlorodiphenyldichloroethylene;
DDT, Dichlorodiphenyltrichloroethane; β-HCH, β-Hexachlorocyclohexane;
PAHs, Polycyclic aromatic hydrocarbons; PBBs, Polybrominated biphenyls;
PCBs, Polychlorinated biphenyls; PCDDs/PCDFs, Polychlorinated dibenzodioxins and
dibenzofurans
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3 . 2 E N V I RO NME NTA L LE V E LS

During the past few decades increasing concern about potential adverse effects of
chemicals in the environment has led to the collection of a large amount of
information on concentrations of substances occurring in various environmental
compartments (e.g. air, water, soil, sediment, animals and plants). Most
monitoring, however, has been directed at a few compounds of particular
scientific, medical and regulatory interest (e.g. pesticides, chlorinated products
and heavy metals; ECETOC, 1998). Although limited amounts of data are
generally available for many chemicals, it is rare to find comprehensive data
covering all environmental compartments in which a chemical might occur
(ECETOC, 1988).
Problems may arise when attempting to draw general conclusions from data on
environmental levels from different studies and monitoring programmes. Factors
that affect the reliability and comparability of measurements and their adequacy
for characterising the state of the environment include:
❐

the purposes of a monitoring programme;

❐

the sampling location and methodologies;

❐

accuracy of measurements; and

❐

the temporal and spatial variability of data.

Thus there may often be a wide range of measured concentrations of a chemical
in any one compartment (ECETOC, 1988); nonetheless, such information is
necessary in order to identify risks to the environment.
Environmental levels are presented in the following subsections for selected
chemicals or groups of chemicals (see the Glossary for their formulae) with
potential endocrine-disrupting activity, namely, chlorinated aromatic
hydrocarbons (e.g. dichlorodiphenyltrichloroethane (DDT), polychlorinated
biphenyls (PCBs), polychlorinated dibenzodioxins/furans (PCDD/Fs),
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alkylphenol ethoxylates, bisphenol-A, phthalates, organotin compounds, and
synthetic and natural oestrogens (diethylstilboestrol (DES), ethynyloestradiol,
oestrone and 17-β oestradiol). The chemicals were selected to include:
❐

compounds of current concern (e.g. phthalates, dioxins, organotin
compounds);

❐

compounds which, although no longer produced or used in the UK, are
globally distributed/transported by natural processes (e.g. DDT, PCBs);
and

❐

compounds for which little or no monitoring has been conducted to
determine levels and/or effects in wildlife and ecosystems (e.g. DES,
bisphenol-A, ethynyloestradiol).

The aim is to provide an overview of typical concentrations. Owing to the large
number of publications available, levels presented here may be based on those
reported in review papers. These values may, therefore, represent a range of
concentrations from different studies which may not be directly comparable
because of differences in the objectives of setting the monitoring programme and
in the experimental design and analytical methodologies. Where available UK
data are presented. No attempt has been made to include data for all
environmental compartments.
Of particular importance are the quality assurance and quality control procedures
followed to monitor these pollutants. It is only in recent years that the
development of sensitive analytical instrumentation has allowed the accurate
measurement of very small concentrations of these compounds in the
environment, some of which are present in the parts per trillion or parts per
billion range (i.e. 10-12 to 10-9). Furthermore, for many of these compounds
sophisticated analytical methodologies are necessary to allow for the speciation of
individual compounds (e.g. PCBs, PCDDs and organotin compounds). For
example, until the early 1980s the methodologies used to analyse PCBs did not
allow for the measurement of individual congeners in environmental samples.
Instead, commercial Aroclor mixtures were used as standards and environmental
samples were measured relative to these, to produce a value for the ‘total PCB’
content of the sample. However, analytical advances made during the past decade
have not only produced better quality data, but have also allowed for the
quantification of individual congeners. As the analysis of all PCB congeners is too
time-consuming and expensive, most laboratories tend to analyse a selected
number of congeners, which may differ between laboratories.
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Relatively few laboratories report values for certified reference materials, which
would increase confidence in the comparability of data for these compounds.
Furthermore, certified reference materials are not even available for some
compounds. Thus, comparisons can only be made in a very broad sense. All these
factors highlight the importance of treating some of the earliest data with caution
and the difficulties inherent in comparing data produced by different laboratories.

3.2.1 CH LO R I N AT E D A RO M AT I C
HYDROCARBONS

Chlorinated aromatic hydrocarbons can be divided into those compounds that
have been manufactured commercially (technical products and pesticides such
as PCBs and DDT) and compounds formed unintentionally or released
accidentally in combustion and production processes (PCDD/Fs and related
compounds). These groups of compounds have attracted much attention because
of their persistent and often hydrophobic character, which has
resulted in their bioaccumulation in the environment (de Voogt, 1996). The
environmental chemistry of PCBs, DDT and PCDD/Fs, including their behaviour
and fate, has been reviewed extensively (e.g. WHO 1989a,b, 1993). Their emissions
to the environment are almost exclusively as commercial, technical mixtures
or
mixtures
related
to
certain
formation
processes
(e.g.
waste incineration processes; de Voogt, 1996). Such mixtures may contain
hundreds of congeners and isomers. Broadly applied, the term DDT may
comprise p,p'-DDT, its metabolites dichlorodiphenyldichloroethylene (p,p'-DDE)
and dichlorodiphenyldichloroethane (p,p'-DDD), and impurities (o,p-isomers; i.e.
a total of six congeners). The term ‘PCBs’ defines a group of 209 possible related
congeners, differing from each other by the number and position of chlorine
atoms on the phenyl rings. There are 75 possible PCDDs and 135 PCDFs.
DDT was widely used as an insecticide in Great Britain from the late 1940s. Its
total use declined during the 1960s, but was still substantial in the 1970s and early
1980s (Newton et al., 1993). Thereafter, its use in Great Britain and many other
countries virtually ceased in response to government action. At present DDT is
completely banned in at least 26 countries and severely restricted in a further 12
(Pesticide News 40, 1998). However, it is used extensively in some tropical
countries as a protection against malaria-carrying mosquitoes and other similar
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vector-borne diseases, and to control agricultural and forest pests (Smith, 1991).
An estimated 2.8 × 106 tonnes of DDT had been manufactured worldwide by 1974
(Woodell et al., 1971), but there do not appear to be reliable figures for DDT
production since then (Smith, 1991).
PCBs were widely used in a variety of applications including electronics (e.g.
dielectric fluids in transformers and capacitors), hydraulic and cutting fluids,
carriers in pesticide formulations, pigment carriers in paints, and flame retardants
(Swackhammer, 1996). They were produced commercially from 1930 until the
1970s when restrictions on their manufacture and use were progressively
introduced, with their use banned in many countries, including the USA, since
1986, apart from derogations, such as their continued presence in certain types of
electrical and other equipment manufactured and in use in the EC before that
date. Following the outcome of the 1990 North Sea Ministerial Conference, the
UK has set an action plan aimed at the phasing out and destruction of all PCBs
and their metabolites by the end of 1999, with the exception of smaller
transformers containing fluid volumes of less than 15 dm3 of PCBs, which will be
allowed to continue operating until the end of their useful lives (ENDS, 1997).
Total world production of PCBs until 1980 has been estimated to be about
1.2 × 106 tonnes (reviewed by Tanabe, 1988). Of the total amount of PCBs
produced globally, it is estimated that 65% is still in use in industrial countries,
primarily in ‘closed systems’ (e.g. transformers and condensers) or deposited in
landfills; 4% has been destroyed and about 31% has been released to the
environment (Tanabe, 1988).
PCDD/Fs are not produced intentionally, but are released into the environment
from various combustion processes such as municipal waste incineration, metal
smelting activities and the burning of fossil fuels and as a result of their
occurrence as unwanted by-products in various chlorinated chemical formulations
(DoE, 1989; HMIP, 1995). Natural combustion processes may also be a source of
PCDD/Fs, but the environmental burden has been supplemented in recent years
by anthropogenic emissions (Duarte-Davidson et al., 1997). In most biological
samples only the tetra- to octa-chloro congeners with 2,3,7,8 chlorination (2,3,7,8substituted PCDD/Fs) have been detected and the absence of other congeners in
these samples can be explained by their rapid metabolism and excretion (reviewed
by Ahlborg et al., 1992). Thus, attention has focused on the 17 PCDD/Fs with
chlorines substituted in the 2,3,7,8-positions, which are also believed to be the
most toxic (DoE, 1989).
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For the purpose of this review, information on environmental levels is only
presented for p,p'-DDT, and p,p'-DDE, the sum of total PCBs, total 2,3,7,8substituted PCDD/Fs, the sum of tetra- through to octa-chlorinated PCDD/Fs or
total 2,3,7,8-TCDD equivalents (TEQs*). This is obviously an over-simplification
as there is wide variation in physicochemical properties and tendency to
bioaccumulate between individual PCB and PCDD/F congeners (see Section 3.3.7
for further detail). As a consequence, congener patterns differ depending on the
environmental compartment and on the original congener profile of technical
mixtures. For example, the higher water solubilities and vapour pressures of the
lower chlorinated PCBs and 2,3,7,8-substituted PCDD/Fs (see Section 3.3) mean
that they are more likely to predominate in air relative to the higher chlorinated
congeners. In contrast, the higher chlorinated congeners are more abundant than
the lower chlorinated compounds in most biotic samples, and this is accentuated
in biota at higher trophic levels of the food chain (Ahlborg et al., 1992).
Furthermore, although great differences exist in the toxicity of individual
congeners, several PCDD/Fs as well as non-ortho (IUPAC PCB numbers 77, 126
and 169), mono-ortho (105, 114, 118, 123, 156, 157, 167 and 189) and di-ortho (170
and 180) substituted PCBs have been shown to induce a number of common toxic
responses similar to those observed for 2,3,7,8-tetrachloro-p-dibenzodioxin
(2,3,7,8-TCDD; Ahlborg et al., 1994).
Because of the resistance to environmental degradation and the long residence times
of DDT and its metabolites (especially DDE), PCBs and PCDD/Fs (see
Section 3.3), these compounds have become ubiquitous in the environment and are
subject to long-range transport and global distribution; they have been found in
remote areas in different environmental compartments, including soil, sediment and
especially terrestrial and aquatic organisms (see Tables 3.2–3.4). Concentrations in
various environmental compartments are briefly summarised below.

DDT AND DDE
DDT and DDE concentrations in various environmental media are summarised
in Table 3.2. Levels of DDT residues in UK air are very low, ranging from 17 to
29 pg/m3 (Turnbull, 1996). Higher levels (of up to 590 pg/m3) have been reported
in areas outside the UK where DDT is still used (Iwata et al., 1993).
* Toxic equivalent value, TEQ, is the potency of PCDD/Fs relative to that of 2,3,7,8TCDD (see Section 2.1.1).
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nd–320 ng/l
nd–234 ng/l

England and Wales, coasts and estuaries, 1991–1992;
n = 47 834, samples >DL, 5.5% DDT, 4.7% DDE

nd–310 ng/l

0.01–5.86 mg/kg dw

0.01–245 mg/kg dw

England & Wales, groundwater, 1991;
n = 17 411, samples >DL, 3.0%

Water
England & Wales, fresh water, 1991–1993;
Scotland, fresh water, 1991; n = 472 876,
samples >DL, 3.8% DDT, 3.2% DDE

5 US cities, 1971; n = 380, DL = 0.002–0.03 mg/kg dw,
samples >DL, 64% DDT, 72% DDE

Soils
US National Soils Monitoring Program, 1970–1972;
n = 4475, DL = 0.002–0.03 mg/kg dw,
samples >DL, 19% DDT, 21% DDE

0.005–3.0 ng/m2/day*

0.2–1.4 ng/l

5 Great Lakes, USA, 1990–1992
annual mean concentrations

Deposition flux
Various sites, 1985–1990

14 ng/l
1.1 ng/l

Rural England, 1992–1993

46 ng/l

Rainwater
UK, 1967

Thames Valley, UK, 1987–1990

0.1–180 pg/m3

nd–96 ng/l

nd–58 ng/l

nd–843 ng/l

0.01–7.86 mg/kg dw

0.01–55 mg/kg dw

0.06–0.14 ng/l

0.5 ng/l

–

19 ng/l

14 pg/m3

17–29 pg/m3
0.3–590 pg/m3

p,p'-DDE

Air from various seas and oceans, 1989–1990; n = 71

Concentration
p,p'-DDT

Air
Southern England & Thames Valley, UK, 1992–1993

Environmental or biological sample

Table 3.2 Environmental concentrations of DDT and DDE

"

"

DoE (1996)

Carey et al. (1979a)

Crockett et al. (1974);
Carey et al. (1978, 1979b)

Bidleman & McConnell (1995)

Hoff et al. (1996)

"

"

Reviewed by Turnbull (1996)

Iwata et al. (1993)

Reviewed by Turnbull (1996)

References
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Concentration

Mean, 1.77 mg/kg ww
Range, 0.3–10.5 mg/kg ww
Mean, 0.4 mg/kg ww
Range, 0.04–3.1 mg/kg ww

UK, kestrel liver, 1963–1970; n = 249

UK, kestrel liver, 1986–1990; n = 174

Hutchinson & Simmonds (1994)

"

"

"

"

"

Newton et al. (1993)

MAFF (1994)

Iwata et al. (1993)

References

* the sum of DDT and its metabolites

DDE, dichlordiphenyldichloroethylene; DDT, dichlorodiphenyltrichloroethane; DL, detection limit (where reported); dw, dry weight; nd, not
detected; ww, wet weight; –, not reported

nd–4.0 mg/kg ww

Mean, 0.47 mg/kg ww
Range, 0.12–0.84 mg/kg ww

UK, kingfisher, 1986–1990; n = 26

Marine mammals
UK, harbour and grey seal blubber
concentrations, 1988–1989
n = 30

Mean, 4.96 mg/kg ww
Range, 1.06–23 mg/kg ww

UK, kingfisher, 1963–1970; n = 29

Mean, 4.84 mg/kg ww
Range, 0.9–26 mg/kg ww

0.022–0.70 mg/kg ww

500–1400 ng/l

p,p'-DDE

Mean, 1.77 mg/kg ww
Range, 0.31–10 mg/kg ww

nd–8.0 mg/kg ww

0.007–0.14 mg/kg ww

100–860 ng/l

p,p'-DDT

UK, sparrowhawk liver, 1986–1990; n = 290

Birds
UK, sparrowhawk liver, 1963–1970; n = 104

Fish
Liverpool & Morecambe Bays, Humber &
Thames Estuaries, UK, fish liver (cod,
whiting, dab and flounder), 1992; n = 16

Surface seawater from various seas and oceans,
1989–1990; n = 68

Environmental or biological sample

Table 3.2 continued
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UK levels of DDT and DDE in rainwater (Table 3.2) are significantly lower
(1.1–14 and 0.5 ng/l, respectively) than when first measured in the late 1960s (46
and 19 ng/l, respectively; Turnbull, 1996).
In the absence of deliberate recent applications of DDT, the deposition rates of
airborne residues will be the main determinant of the input to terrestrial systems.
Deposition fluxes for DDT have been estimated to range from 0.005 to
3.0 ng/m2/day. Such inputs will result in additional levels an order of magnitude
lower than any residues already present in soils with a history of DDT application
(Boul, 1995). Current atmospheric inputs to UK agricultural soils with a history
of DDT application should not significantly increase the overall DDT and DDE
soil burden.
Soil concentrations will vary considerably depending on past DDT usage. Soil
organic matter content, texture (primarily clay content), nutrient and pH of the
soil, moisture content and temperature will also affect soil bioavailability and
rates of microbial degradation of DDT (Weber et al., 1993). In the USA, for
example, DDT ranges of 0.01 to 245 mg/kg dry weight (dw) were measured during
1970–1972, although over 80% of samples had levels below the limits of detection
(Crockett et al., 1974; Carey et al., 1978). Carey et al. (1979a) reported levels of
0.01–5.9 mg/kg dw in various urban soils in the USA, 36% of samples being below
detection levels.
Recent data from routine sampling of water for certain pesticides in England and
Wales show that current DDT and DDE levels in fresh water, groundwater and
seawater are low, 95% of samples having concentrations below detection limits.
The highest reported values (310 and 843 ng/l for DDT and DDE, respectively)
were measured in Scotland (DoE, 1996).
A large amount of data has been published on levels of chlorinated hydrocarbons,
including DDT and DDE, in many different terrestrial and aquatic species.
However, because of the persistence and potential for bioaccumulation of these
compounds, efforts have often concentrated on measurements in higher trophic
levels, especially in the marine environment. Much of the published data were
collected with specific objectives in mind, for example, investigations of health or
toxicity issues for higher organisms on a local or regional basis (Turnbull, 1996).
Table 3.2 presents residue levels for fish liver, bird liver and seal blubber.
Higher terrestrial organisms will accumulate DDT mostly from their food (WHO,
1989a). Birds with the highest residues of DDT or its metabolites have been found
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to be either terrestrial predators feeding on other birds or aquatic predators
feeding on fish (Cooke et al., 1982). Thus, residues of DDE, measured during
1963–1970, in the liver of sparrowhawk (with birds as its principal dietary
component) and kingfisher (which mainly feeds on fish) averaged 4.84 and
4.96 mg/kg wet weight (ww), respectively, compared with a mean value of
1.77 mg/kg ww reported for the kestrel (which mainly feeds on small mammals;
Newton et al., 1993). Similar results have been reported for wild mammals, the
degree of uptake and retention varying between species. Generally, herbivorous
mice, voles and hares contain less DDT than carnivorous mink and insectivorous
shrews exposed to similar levels of DDT over similar periods of time (reviewed by
WHO, 1989a).
Most studies in seals express organochlorine levels in animals on a wet-weight basis
and, where different tissues have been analysed, the greatest concentration has
usually been found in blubber (reviewed by Hutchinson & Simmonds, 1994).
Variations between levels in different tissues are reduced when values are expressed
per weight of extractable lipid. Before 1980, the highest mean wet-weight blubber
concentration of DDT and related metabolites (911 ± 582 mg/kg) in pinnipeds (e.g.
ringed, grey and harbour seals) was recorded in sea lions from California. In later
studies the highest concentrations measured in individual pinnipeds appear to be
in the 1–15 mg/kg range (reviewed by Hutchinson & Simmonds, 1994). Levels of
up to 8 mg/kg ww have been measured at various UK sites.
Time trend analysis in contaminated and uncontaminated areas has shown that
DDT levels in marine and freshwater organisms increased steadily until the mid1970s, following the variation in industrial production with a 5–10 year lag phase,
and since then there has been a continuing decrease in levels (reviewed by de
Voogt, 1996). Newton et al. (1993) have also reported a significant downward
trend for DDE in the livers of five predatory bird species in Britain over a 28-year
period (1963–1990), following successive restrictions in the use of organochlorine
pesticides (Table 3.2).

P O LY C H L O R I N AT E D B I P H E N Y L C O M P O U N D S
PCBs have been measured in air, deposition fluxes and water, though
environmental background concentrations are generally low (see Table 3.3).
Halsall et al. (1995) have reported concentrations for UK air ranging from 0.03 to
3.7 ng/m3 and deposition fluxes of 0.02–7.0 µg/m2/day. Globally, PCBs are found
in air at concentrations of 0.002–15 ng/m3 although levels are higher in industrial
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Reviewed by Swackhammer (1996)
Halsall et al. (1995)
Alcock et al. (1993); HMIP (1995)
Reviewed by Swackhammer (1996)
Iwata et al. (1993)
MAFF (1994)
Reviewed by Swackhammer (1996)
Newton et al. (1993)

1–8 ng/l d
0.02–7 µg/m2/day b
2.3–670 mg/kg dw a
0.12–0.64 ng/l d
0.005–0.063 ng/l
0.3–6.6 mg/kg ww c
0.5–3.0 mg/kg ww d
Mean, 1.99 mg/kg ww c
Range, 0.2–17 mg/kg ww c
Mean, 2.72 mg/kg ww c
Range, 0.4–20 mg/kg ww c
Mean, 4.6 mg/kg ww c
Range, 0.5–46 mg/kg ww c
Mean, 1.8 mg/kg ww c
Range, 0.2–18 mg/kg ww c
Mean, 47 mg/kg
Range, 11–117 mg/kg

Halsall et al. (1995)
"
Iwata et al. (1993)

0.03–0.7 ng/m3 a
0.4–3.7 ng/m3 b
0.003–0.71 ng/m3 a

Reviewed by Hutchinson & Simmonds (1994)

"

"

"

References

Concentration

Concentration given as the sum of 20 or more congeners; b Concentration given as the sum of 8 or fewer congeners; c Concentration measured
on an Aroclor basis; d Total number of PCBs measured not specified

a

dw, dry weight; PCBs, polychlorinated biphenyls; ww, wet weight

Marine mammals
UK, harbour and grey seal blubber, 1988;
n = 84

UK, heron liver, 1986–1990; n = 146

UK, heron liver, 1963–1970; n = 79

UK, sparrowhawk liver, 1986–1990; n = 290

Environmental or biological sample
Air
UK, rural site, 1991–1992; n = 1
UK, urban sites, 1989–1990; n = 4
Various seas and oceans; n = 71
Rainwater
Great Lakes region, North America, 1989–1991
Deposition flux
UK, rural site and urban sites, 1991–1992; n = 1, 4
Soils
UK, rural and urban soils; n = 36, 19
Water
Great Lakes region, North America, fresh water, 1991–1995
Various seas and oceans, surface seawater, 1989–1990; n = 68
Fish
Liverpool & Morecambe Bays and Humber & Thames estuaries,
fish liver (cod, whiting, dab and flounder), 1992; n = 16
Great Lakes region, North America, whole lake trout, 1992
Birds
UK, sparrowhawk liver, 1963–1970; n = 60

Table 3.3 Environmental concentrations of PCBs
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areas (up to µg/m3; WHO, 1993). In the Great Lakes region, North America, PCB
residues in rain water (1–8 ng/l) seemed to be reasonably constant across the lakes
with more variability being observed at a given site than between sites, indicating
that there is little geographical variation (reviewed by Swackhammer, 1996).
Various surveys have been conducted in the UK to determine background PCB
concentrations in soils. The most recent studies have reported ranges of 2.3 to
55 µg/kg (HMIP, 1995) and 14 to 669 µg/kg (Alcock et al., 1993). The highest
levels reported in the later study (>200 µg/kg) were collected from industrial sites.
PCBs have low solubilities in water at environmental temperatures and once
discharged into water they are likely to adsorb strongly onto particulates,
especially those with a high organic matter content, and eventually be sedimented
to the bottoms of rivers and lakes. As a consequence PCBs are found at very low
levels in water, and comparatively few studies have been conducted to determine
the levels in water bodies. In a review, Swackhammer (1996) reported PCB
concentrations in fresh water in the Great Lakes ranging from 0.1 to 0.64 ng/l;
despite the similarity of PCB levels in rainwater across the region, concentrations
were generally lower in the larger lakes surrounded by areas with lower population
and less industrialisation (0.1–0.2 ng/l) and higher in lakes situated close to larger
urban and industrial centres (0.3–0.6 ng/l).
Because of the highly lipophilic nature of this group of compounds and their
persistence in organisms (see Section 3.3.7), PCBs tend to bioaccumulate through
the food chain leading to biomagnification in higher trophic levels. Examples of
concentrations reported in fish, fish-eating birds and marine mammals are
summarised in Table 3.3. The highest pre-1980 wet-weight blubber concentrations
of PCBs in pinnipeds were reported in harbour seals from the Netherlands
(1470 ± 922 mg/kg; reviewed by Hutchinson & Simmonds, 1994). In later studies,
the highest levels recorded were from grey seals of the Dee estuary in the UK
(mean value of 47; range of 10–117 mg/kg; reviewed by Hutchinson & Simmonds,
1994) although levels are generally below 70 mg/kg (Table 3.3).
A decline in PCB concentrations, since the mid-1960s and early 1970s, in UK
archived air samples has been reported, based on rural archived herbage and air
filters (Jones et al., 1992, 1995). The decline in PCB levels in air samples was most
marked through the 1970s, possibly reflecting the withdrawal of PCBs in 1970 (by
the sole manufacturer for the UK) from all uses except those in ‘closed systems’.
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Furthermore, as for DDT, time trend analysis of marine and freshwater
organisms in both contaminated and uncontaminated areas has shown that,
globally, PCB levels increased steadily until the mid-1970s, following the variation
in industrial production with a 5–10-year lag phase. After 1974–1977,
concentrations declined to pre-1970 levels and remained constant during the
1980s (reviewed by de Voogt, 1996). A study conducted in Great Britain by
Newton et al. (1993) over a 28-year period (1963–1990) found a significant decline
in the levels of PCBs in some fish-eating birds (heron and great crested grebe), but
not in kestrel, kingfisher or sparrowhawk.

P O LY C H L O R I N AT E D D I O X I N S A N D F U R A N S
Concentrations of PCDD/Fs in environmental samples are generally orders of
magnitude lower than those reported for DDT and PCBs (Table 3.4). Levels of
individual congeners in air, for example, can be in the fg/m3 range (10-15 g/m3).
Thus highly sensitive and specific analytical techniques are necessary for
measuring environmental levels of these compounds. Methods that permit the
reliable analysis of such trace amounts have only been developed in recent years.
As a consequence, few PCDD/F measurements have been made in ambient air or
natural aquatic environments. Contemporary ambient atmospheric levels and
deposition fluxes for the UK (expressed as the sum of the 2,3,7,8-substituted
PCDD/Fs) range from not detectable to 62 pg/m3 and not detectable to
31 ng/m2/day, respectively.
In the terrestrial environment most of the PCDD/F burden resides in soils
(Duarte-Davidson et al., 1997). The most recent UK survey was conducted by
HMIP (1995); levels in 27 soils collected from seven towns and cities ranged from
0.59 to 107 µg/kg dw, expressed as the sum of the tetra- to octa-PCDD/Fs
(Table 3.4). A small subset of 16 soil samples (11 rural; 5 urban) were also
analysed for 2,3,7,8-substituted PCDD/Fs; concentrations ranged from 0.78 to
87.34 ng TEQ/kg dw.
Surface water concentrations measured at a number of rivers in England and
Wales have generally been less than 6 ng/l, with most of the water samples
analysed being close to or below the analytical limit of detection. Concentrations
of PCDD/Fs in river sediments varied considerably between sites (0.3–16 µg/kg
dw). Both in this study and elsewhere in Europe sediments have been found to be
the main reservoir of PCDD/Fs in river systems (Rose et al., 1994). In another
study, total PCDD/F concentrations at four selected UK lakes and reservoirs were
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0.1–0.8 µg/kg wwb
<1 pg/g lipidc
15–25 pg/g lipidc

Fish
UK, lake/reservoir fish (pike, perch, roach, eel and brown trout)

Marine mammals
Antarctica, crab-eating seal, blubber homogenates
Northern hemisphere, common, ringed and grey seals

c

a

de Wit et al. (1994)
"

Expressed as the sum of the 2,3,7,8- TCDD equivalents; b Concentration expressed as total tetra- through octa-chlorinated PCDD/Fs;
Total toxic equivalence (TEQ) values calculated using the Nordic toxic equivalency factor (TEF) model

DL, detection limit; dw, dry weight; nd, not detected; ww, wet weight

"

0.5–5 µg/kg dwa

UK, lake and reservoir sediment; n = 4

Rose & McKay (1996)

Rose et al. (1994)

0.3–16 µg/kg dwb

Sediments
England and Wales, river sediments; n = 40

Rose et al. (1994)

"

<6 ng/lb

Mean, 3.5 pg/kg dw
Range, 0.31–14.6 pg/kg dw

UK, urban soils; n = 5

"

HMIP (1995)

Davis (1993)

Duarte-Davidson et al. (1994)

Davis (1993)

Duarte-Davidson et al. (1994)

References

Water
England and Wales, river surface, fresh waters; n = 40

Mean, 0.3 pg/kg dw
Range, 0.11–0.75 pg/kg dw

Mean, 7.4 pg/kg dw
Range, 0.5–107 pg/kg dwb

0.97–6.3 ng/m2/day

nd–31 ng/m2/day

nd–3.4 pg/m3

UK, rural soils; n = 11

Soils
UK, 7 towns and cities; n = 27

England, rural site, 1992; n = 1, DL = 0.01–0.2

pg/m2/day

Deposition flux
England, urban sites, 1991–1992; n=4, DL = 0.01–0.2 pg/m2/day

England, rural site, 1992; n = 1, DL = 0.01–0.2

nd–62 pg/m3

pg/m3

Concentration

Environmental or biological sample

Air
England, urban sites, 1991–1992; n = 4, DL = 0.01–0.2 pg/m3

Table 3.4 Environmental concentrations of PCDD/Fsa
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0.5–5 µg/kg dw in sediments and 0.1–0.8 µg/kg ww in fish (Rose & McKay, 1996).
These values were consistent with those found in other European and North
American studies.
Time-trend analyses in guillemot eggs from Scandinavia have shown a steady
decrease in PCDD/F since the late 1960s, concentrations in 1992 being
approximately 70% of those measured in 1969. This may indicate that actions
taken in numerous countries in the 1970s, such as banning PCB mixtures,
pentachlorophenol and (2,4,5-trichlorophenoxy) acetic acid (2,4,5-T), have led to
reduced inputs of PCDD/Fs to the environment, at least in certain parts of the
world (de Wit et al., 1994). Similarly, contemporary levels of PCDD/Fs from rural
UK herbage have declined eight-fold since 1961–1965 (Kjeller et al., 1996).

3.2.2 NO N Y L P H E N O L A N D
ALKYLPHENOL

ETHOXYLATES

Alkylphenol polyethoxylates, some of which are known to have oestrogenic effects
in fish, are non-ionic surfactants, consisting of a branched-chain alkylphenol
which has been reacted with ethylene oxide to produce a para-substituted
ethoxylate chain with as many as 100 repeating units. Commercial formulations
usually have a complex mixture of isomers and homologue groups. The alkyl
group is typically a branched nonyl, octyl or dodecyl chain. Nonylphenol
ethoxylates are the most common of the alkylphenol polyethoxylates, and
account for 82% of production (Nimrod & Benson, 1996). The primary
biodegradation of alkylphenol polyethoxylates involves the hydrolytic removal of
ethoxylate groups resulting in the production of the degradation intermediates,
nonylphenol, nonylphenol monoethoxylate (NP1EO) and nonylphenol
diethoxylate (NP2EO) which are relatively stable in the environment because of
the presence of the benzene ring and their low water solubility. The use of
nonylphenol ethoyxlates in domestic detergents in the UK was voluntarily phased
out in 1976 (DoE, 1992), but they are still used, mainly as industrial surfactants,
and 17 600 tonnes of nonylphenol ethoyxlates were used in the UK in 1992 (DoE,
1993). It was agreed at the Paris Commission that the use of nonylphenol
ethoxylates in both domestic and industrial cleaning agents should be phased out
in member countries by 2000 (DoE, 1993). Despite high inputs to the environment
few studies of levels in UK waters have been conducted. Discharge to the
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environment mainly occurs from industrial effluents, water treatment works and
septic tanks. Monitoring has concentrated on measuring levels in river water and
sediment, raw sewage and effluent discharges. Table 3.5 summarises some of the
environmental levels reported in the literature.
In a recent survey of five rivers and estuaries in England and Wales, nonylphenol
concentrations ranged from <0.2 to 12 µg/l in river water and sewage effluent
(Blackburn & Waldock, 1995). Higher levels of up to 330 and 180 µg/l for sewage
effluent and river water, respectively, have been measured in samples collected
from a stretch of the river Aire, which received high inputs of surfactants derived
from textile plants. Blackburn and Waldock (1995) also measured concentrations
of nonylphenol in various UK estuaries and showed that levels were generally an
order of magnitude lower than those reported in river water, reflecting the dilution
and dispersion processes in estuaries.
The Scottish Environment Protection Agency has measured nonylphenol and
nonylphenol ethoxylates in 60 major discharges and found that effluents
frequently contained a few µg/l of nonylphenol and 10–50 µg/l of nonylphenol
ethoxylates. Industrial effluent often contained levels of over 10 µg/l of
nonylphenol and 500–2000 µg/l of nonylphenol ethoxylates (ENDS, 1996). Mean
nonylphenol levels in sewage sludge, measured by Sweetman et al. (1991), were
326 mg/kg dw in sludge samples from mainly domestic treatment works and
638 mg/kg dw in samples from mainly industrial catchment areas.
Ahel et al. (1994a) found that the relative abundance of nonylphenol in sediment
samples from Swiss rivers was significantly higher than in water samples collected
at the same locations. They reported that the ratio of nonylphenol concentrations
in sediment to those in water ranged from 364:1 to 5100:1, indicating preferential
association of nonylphenol to sediments. Concentrations of nonylphenol up to
13 mg/kg dw were recorded (Ahel et al., 1994a). Naylor et al. (1992) measured
alkylphenol polyethoxylate levels in 30 US river sediment samples and found a
maximum concentration of 2.9 mg/kg dw, expressed as the sum of nonylphenol,
NP1EO and NP2EO.
Aquatic flora and fauna may conceivably act as repositories for these compounds.
However, information on the concentrations of these compounds in such matrices
is very sparse. Table 3.5 shows concentrations measured in algae, fish and ducks.
Nonylphenol ethoxylate levels of 0.25 mg/kg dw (Marcomini et al., 1990) and
nonylphenol levels of 2.5–38 mg/kg dw (Ahel et al., 1993) have been found in
algae. Levels of nonylphenol in river fish and wild duck have been reported to be
0.15–0.78 and 0.03–1.2 mg/kg, respectively (Ahel et al., 1993).
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Ahel et al. (1994a)

Maximum, 45 µg/la

Switzerland, 1983–1986; 84% samples had levels >1µg/l
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a

<0.03–1.2 mg/kg dwa

Ahel et al. (1993)

Ahel et al. (1993)

Concentration of nonylphenol; b Total concentration of nonylphenol, nonylphenol monoethoxylate and nonylphenol diethoxylate

DL, detection limit; dw, dry weight; nd, not detected

Birds
Switzerland, Glatt River area,
wild mallard duck, 1984–1985

0.15–0.78 mg/kg dwa
≤5.8 mg/kg dwb

Ahel et al. (1993)

2.5–38 mg/kg dwa

Fish
Edible portions of fish

Marcomini et al. (1990)

0.25 ± 0.15 mg/kg dwa

Switzerland, Glatt River, 3 algae species

Naylor et al. (1992)

Mean, 0.16 mg/kg dwa
Maximum, 2.9 mg/kg dwa

USA, river sediment, 1989; n = 30, 72% of samples >DL

Algae
Italy, Venice lagoon, 1987

Ahel et al. (1994a)

nd–13.1 mg/kg dwa

Switzerland, river sediment

"

Sweetman et al. (1991)

Marcomini et al. (1990)

Mean, 638 mg/kg dw
Range, 520–824 mg/kg dwa

Mean, 326 mg/kg dw
Range, 256–415 mg/kg dwa

>5.6 mg/kg dwa
Range, 0.15–13.7 mg/kg dwb

Sediment
Italy, Venice lagoon, shallow marine bay sediment, 1987

UK, mainly industrial catchment area, 1989; n = 3

Sewage sludge
UK, mainly domestic catchment area, 1989; n = 3

Mean, 0.12
Maximum, 0.64 µg/lb

Naylor et al. (1992)

"

0.2–180 µg/la

England and Wales, 5 rivers, 1994; n = 29, 62% samples >DL

USA, 1989; n = 30, 30% of samples >DL

"

0.1–330 µg/la

England and Wales sewage effluent, 1993–1994; n = 16, 87.5% samples >DL

µg/lb

Blackburn & Waldock (1995)

0.08–5.2 µg/la

References

Concentration

Environmental or biological sample

Water
England, 6 estuaries and 1 harbour, 1993; n = 22, 73% samples >DL

Table 3.5 Environmental concentrations of nonylphenol ethoxylates
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3.2.3 BI S P H E N O L -A

Bisphenol-A (4,4'-isopropylidenediphenol) is primarily used as an intermediate in
the manufacture of epoxy and polycarbonate resins, which are widely used as
lacquers to coat metal packaging, such as food cans and bottle tops, and for lining
ageing water pipes (ENDS, 1995). It is also used as a stabiliser for plasticisers in
polyvinylchloride (PVC), as an antioxidant in rubber and plastics and as a
fungicide. Additionally it is used as a raw material in the manufacture of flame
retardants. The annual production capacity of bisphenol-A world-wide exceeds
422 × 103 tonnes (reviewed by Nordic Council of Ministers, 1996).
As bisphenol-A is used at many sites and in many types of product, it is likely that
it will enter the environment in substantial quantities from both point sources (e.g.
industrial waste-water discharges, accidental spills) and diffuse sources (e.g.
consumer products; reviewed by Nordic Council of Ministers, 1996).
No estimates of emissions of bisphenol-A from point sources have been reported
in the literature. Emissions during the production of bisphenol-A are considered
negligible because it is manufactured in closed systems. However, inadvertent and
accidental spills may occur during the manufacture, processing, handling and
distribution of the chemical (Nordic Council of Ministers, 1996). It has been
estimated that in the US the maximum effluent concentrations (of bisphenol-A)
from industries using the chemical would not be greater than 0.1 mg/l (EPA, 1985,
cited in Dorn et al., 1987), however, higher levels have been found in water samples
from polluted rivers near industrial areas in Japan (e.g. Matsumoto, 1982).
The presence of bisphenol-A in PVC and other plastic or resin products may lead
to its release during use or following disposal of these products; hence the
widespread distribution of bisphenol-A in the environment (Nordic Council of
Ministers, 1996). It may also be released into food products. Brotons et al. (1995)
reported migration of bisphenol-A from the lacquer coatings of food cans into the
liquid of preserved vegetables, with levels of up to 33 µg per can being detected
(equivalent to ~80 µg/kg). Philo et al. (1994) have reported leakages of bisphenol-A
into food-simulant liquids. It may also be released from polycarbonate flasks
during autoclaving (Krishnan et al., 1993; Brotons et al., 1995).
Very few measurements have been reported in the literature on environmental
levels and, where available, they generally relate to occupational exposure in the
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workplace or industrial discharges (into air or water). Available data are
summarised in Table 3.6. Bisphenol-A levels were measured in air at 32 Finnish
industrial sites during 1986–1990 to determine the exposure of the work force
(Nordic Council of Ministers, 1996); reported levels ranged from <0.05 to
20 µg/m3. No information was found in the literature for ambient air
concentrations.
Eight atmospheric fallout samples (wet and dry deposition) were collected from a
residential area of Tokyo, Japan, between 1976 and 1978 at roof-top level
(approximately 15 m high); bisphenol-A deposition rates ranged from not
detectable to 0.2 µg/m2/day, with a mean value of 0.09 µg/m2/day for samples
above the detection limits (Table 3.6; Matsumoto & Hanya, 1980). Soil samples
collected around the same sampling location (n = 5) were below the detection limit
(Matsumoto & Hanya, 1980).
Muszkat et al. (1993) detected concentrations of up to 0.5 mg/kg at a soil surface
which had been irrigated with municipal effluent for 20 years. Control soils which
had only received rainwater or ground water irrigation had levels that were not
detectable and 0.2 mg/kg, respectively.
Levels of bisphenol-A in water samples collected from unpolluted waters in
Ogasawara Islands, Japan, between 1974 and 1975, were below the limit of
detection (not reported), whereas levels in polluted river samples from Tokyo,
collected during 1975–1978, ranged from 0.06 to 1.9 µg/l, although only 26% of
samples were over the detection limit (Matsumoto, 1982).
Levels of bisphenol-A or its diglycidyl-ether of up to 1 µg/l are likely to occur in
UK water supplies owing to the use of epoxy resins to line ageing water mains;
and higher levels may occur if the resin does not set properly before the main is
returned to use (ENDS, 1995).
No information was found in the literature on concentrations in other
environmental compartments (e.g. sludge, sea water, sediments, aquatic and
terrestrial biota).
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"
"

10–20 µg/m3
0.4 µg/m3

Finland, welding work (>250 °C) – degradation products of epoxy resins

Finland, workplace air – drying epoxy paint in hot ovens

"
ENDS (1995)

nda
0.06–1.9 µg/l
≤1 µg/l

Water
Japan, unpolluted river waters; n = 35

Japan, polluted river samples; n = 19, 26% of samples >DL

Estimates based on emissions from epoxy resin
lining in water mains

"

nd–0.2 mg/kga,c

Israel, soils irrigated with rainwater or groundwater

a

Detection limit not reported; b Detection limit = 0.01–1 ng on column; c Basis for calculations (wet weight or dry weight) not reported

DL, detection limit; nd, not detected

Muszkat et al. (1993)

≤0.5 mg/kga,c

Soil
Israel, soil irrigated with municipal effluent for 20 years

Matsumoto & Hanya (1980)

nd–0.2 µg/m2/dayb

Deposition
Japan; n = 8, 63% samples >DL

Matsumoto (1982)

<0.05

Finland, machine tooling polycarbonate plastics

"

"

6.3 µg/m3

Finland, industrial painting with epoxy powder, sample taken from
beside the painting machine

µg/m3

Nordic Council of
Ministers (1996)

1.7 µg/m3

Reference

Level

Environmental or biological sample

Air
Finland, laminating work

Table 3.6 Environmental concentrations of bisphenol-A
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3.2.4 PH T H A L AT E S

Phthalates are used as plasticisers for PVC and other polymers. About 2.7 × 106
tonnes of phthalates are produced globally per year. Nearly 50% of production is
di(2-ethylhexyl)phthalate (DEHP; reviewed by WHO, 1992). The loss of
phthalate plasticisers to the environment in Western Europe has been estimated to
be about 7700 tonnes per annum (ECPI, 1995). Only DEHP concentrations in
environmental and biological samples are presented herein (summarised in
Table 3.7).
It is important to note that phthalates frequently occur as laboratory
contaminants, and this can result in overestimation of their concentrations in
environmental samples (WHO, 1992). The prevention of contamination during the
collection, storage and analysis of samples is therefore essential. As steps taken to
avoid contamination are rarely described in reports published before 1980, the
reliability of data from such studies often cannot be assessed (WHO, 1992).
There is a lack of information concerning environmental levels of DEHP in the
UK and elsewhere, especially in air, soil and sediment. No DEHP levels have been
reported for UK air. Atmospheric levels in other parts of the world range from
less than 5 ng/m3 in remote areas to 300 ng/m3 in polluted areas (DoE, 1991).
Reported levels of phthalates in natural waters are low. Concentrations of up to
2.5 µg/l have been found in fresh waters, with a mean value of about 0.6 µg/l
(ECPI, 1995). In an industrial area of Greater Manchester, UK, in 1984, levels of
DEHP in the River Irwell were up to 0.4 µg/l, and those in the River Etherow were
up to 1.6 µg/l; a level of 1.9 µg/l was found in a sample of sewage-treatment
effluent (Fatoki & Vernon, 1990). The DEHP level in a non-industrialised UK
estuary, the Crouch estuary in Essex, ranged from 58.5 to 78.3 ng/l (Waldock,
1983). Measurements in the Mersey estuary in 1985 lay between 83 and 335 ng/l,
with a general trend of decreasing concentration with increasing salinity. The
concentration of DEHP in the suspended particulate fraction ranged from 0.18 to
0.7 ng/kg dw (Preston & Al-Omran, 1986).
In 1983 the Water Research Centre sampled 32 public and private supply
boreholes and four UK aquifers. DEHP was only found in one of the aquifers
monitored, in 7 out of 11 samples (average 0.074 µg/l, maximum of 0.1 µg/l;
Kenrick et al., 1985).
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110
0.4 mg/kg*
13–16 µg/kg lipid

USA Catfish, agricultural and industrial areas

USA Catfish, Fairpoint National Fish Hatchery, Iowa,

Marine mammals
Common seal pup blubber

* Basis for calculations (dry weight or wet weight) not reported

DEHP, Di(2-ethylhexyl)phthalate; dw, dry weight; nd, not detected; ww, wet weight

13–16 mg/kg lipid
3.2 mg/kg*

Fish
Hatchery-reared juvenile Atlantic salmon

30 mg/kg dw
11.2–26 mg/kg ww

nd–1.6 µg/l

Greater Manchester, UK river water

River Crouch estuary

1.9 µg/l

Sewage-treatment effluent; n = 1

Sediment
River Usk

0.08–0.33 µg/l

River Mersey estuary (industrialised), UK seawater; n = 16

0.06–0.08 µg/l

Water
River Crouch estuary (non-industrialised), UK seawater ; n = 1
Mean, 0.07 µg/l
Maximum, 0.1 µg/l

<5–300 ng/m3

Air
World range covering remote and polluted areas

UK ground water; n = 36, DL = 2.8%

Concentration

Environmental or biological sample

Table 3.7 Environmental concentrations of DEHP

Zitko (1972)

"

Mayer et al. (1972)

Zitko (1972)

Waldock (1983)

Eglinton et al. (1978)

Fatoki & Vernon (1990)

Preston & Al-Omran (1986)

Preston & Al-Omran (1986)

Kenrick et al. (1985)

Waldock (1983)

Reviewed by DoE (1991)

References
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DEHP has been found in many fish, shellfish and seal samples. DEHP levels
ranging from 13 to 16 mg/kg of lipid have been reported for hatchery-reared
juvenile Atlantic salmon and a value of 13–16 mg/kg was measured in blubber
from one seal pup (Zitko, 1972). Zitko (1972) also reported levels ranging from 8
to 9 mg/kg of lipid for commercial fish food, and Mayer et al. (1972) reported
levels of 0.4 and 3.2 mg/kg ww in channel catfish at two industrial locations in the
USA. These samples were taken in the late 1960s and early 1970s and may
therefore not be representative of current exposure to DEHP. However, no more
recent data were found in the literature.

3.2.5 OR G A N O T I N C O M P O U N D S

Organotin-containing antifouling paints were widely used during the 1970s and
early 1980s to inhibit settlement of fouling organisms on boats. This lead to
widespread leaching of these compounds, particularly tributyltin and, to a lesser
extent, triphenyltin into coastal waters, causing deleterious effects on non-target
species, particularly in areas close to harbours, marinas and estuaries where boats
are moored in large numbers (Langston, 1996). Additional, though smaller, inputs
from preservation of timber, fish-farming cages and nets, and from fungicides and
municipal wastes have also been identified (Langston, 1996).
Following growing concern about the toxicity of organotin compounds in the
marine environment, the UK Government took steps to control its use in 1985
under the Control of Pollution Act 1974a, and later under the Food and
Environment Protection Act 1985b and Control of Pesticide Regulations 1986c.
Implementation of these controls reduced the amount of organotin allowed in
paints for retail sale to 7.5% in copolymer paints and 2.5% in free association
products, and by 1987 the sale, supply or use of organotins on boats smaller than
25 metres in length was effectively banned (Waldock, 1994). In the UK an
Environmental Quality Standard for organotins has been set at 2 ng/l (0.8 ng/l as
tin; Langston, 1996). Vessels larger than 25 metres (mainly commercial and naval
a

The Control of Pollution Act, 1974, Chapter 40 of the Public General Acts and Measures of 1974,
Elizabeth II, Part II
b The Food Environment Protection Act, Chapter 48 of the Public General Acts and Measures of
1985, Elizabeth II, Part II
c Statutory Instrument 1986 Part II Section II, SI 1986/1510 Pesticides: The Control of Pesticides
Regulations 1986, pp 5235–5242

111

L E VE LS, FAT E AND B E HAVIOUR

fleets) are still entitled to use organotin-containing antifoulants, on the premise
that, as most of their time is spent on the open sea, released biocides will be
effectively diluted and dispersed (Langston, 1996).
It is only in recent years that analytical techniques have been sufficiently
sophisticated to allow for the speciation of individual organotins and their accurate
measurement in water (in the pg–ng/l range, 10-12 to 10-9 g/l), sediment and biota
(see, for example, reviews by Donard, 1989; Maguire, 1991). Some of the earliest
data generated must, therefore, be treated with caution (Waldock, 1994).
The toxicity of organotins is dependent on the size of the alkyl or aryl group in
the molecule, and for aquatic species of invertebrates and vertebrates the tributyl
and triphenyl compounds are the most toxic (Waldock, 1994). Because of the
toxicity of tributyltin in the aquatic ecosystem, monitoring has generally focused
on measuring levels in water, sediment and aquatic biota (see Table 3.8). As a
consequence, an extensive database of the concentrations of tributyltin and some
of the other organotin species in fresh and marine waters has been developed in
recent years. In the UK and North America data have been collected since the
early 1980s (Maguire et al., 1982; Waldock & Miller, 1983). Elsewhere in Europe
and in Australasia monitoring programmes have been running since the mid1980s (Waldock, 1994).
All enclosed estuarine locations where organotins have been used as an
antifouling preparation on large numbers of pleasure craft are contaminated
(Waldock, 1994). Concentrations in marinas can rise to part per billion levels
(µg/l), and concentrations of a few to hundreds of parts per trillion (ng/l) are
routinely detected in open water (Table 3.8). Concentrations of organotins in
water have generally decreased in the UK since the mid-1980s, following the
introduction of controls on their use (Waite et al., 1991, Waldock et al., 1992). For
example, at a site in Poole Harbour (southern England) tributyltin levels have
decreased from up to 1.3 µg/l prior to 1987 to 23 ng/l tributyltin during the early
1990s (Langston et al., 1994). However, although organotin levels are declining, a
slowing in the rate of disappearance has recently been observed at some sites;
reductions to below the Environmental Quality Standard of 2 ng/l in water may
therefore not be achieved in the near future (Langston, 1996).
In harbours containing dry-dock facilities (for commercial ships, ferries and naval
vessels) organotin concentrations can still be high. Waste water from highpressure hosing of hulls treated with antifouling paint may contain parts per
million concentrations of organotin, and this water is often discharged untreated
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Environmental or biological sample
Water
UK, estuaries, marinas and harbours in summer, 1986–1989
France, estuaries and seawater
Europe (France, Portugal and the Netherlands)
USA, estuaries and seawater
Canada, lake and rivers; n = 221, 19% of samples >DL
US, natural waters; n = 8
Sediment
UK, harbours
Europe (France, Portugal and the Netherlands), rivers
Canada, harbours; n = 235, 33% of samples >DL
Biota
UK, dogwhelks
UK, seawater bivalves, 1986–1989
Switzerland, Lake Lucerne, macrophytes (Elodea canadensis)
Switzerland, Lake Lucerne, isopods (Asellus aquaticus)
Switzerland, Lake Lucerne, zebra mussels (Dreissena polymorpha)

Table 3.8 Environmental concentrations of tributyltina
References
Waite et al. (1991)
Alzieu et al. (1989)
Quevauviller & Donard (1990)
Seligman et al. (1989)
Maguire et al. (1986)
Matthias et al. (1986)
Law et al. (1998)
Quevauviller & Donard (1990)
Maguire et al. (1986)
Bryan et al. (1987)
Waite et al., (1991)
Langston (1996)
"
"

Concentration
<1–1960 ng/l
<2–1500 ng/l
≤870 ng/l
<5–350 ng/l (5% >50)
<10–2340 ng/l
<7–1872 ng/l
≤75 µg/g dw
≤9.3 µg/g dw
≤10.8 µg/g dw
≤0.79 µg/g dw
≤6.35 µg/g ww
0.012 µg/g (US)
0.09 µg/g (US)
0.82 µg/g (US)
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Kannan et al. (1997)

Mean, 100 ng/g ww
Range, 5.8–770 ng/g ww
Mean, 44 ng/g ww
Range, 11–76 ng/g ww
1.9–34 ng/g ww
4.4–128 ng/g wwb
Kim et al. (1996b)
Law et al. (1998)

"

References

Concentration

Some authors express results as tin (Sn) equivalents, some as species. Some data are expressed on a dry weight basis, some as wet weight
(US, unspecified); b Calculated from the total butyltin levels, assuming 20% is tributyltin

a

DL, detection limit

Adapted from Waldock (1994)

Japan and Alaska, Steller sea lion liver
UK, porpoise liver

USA, Atlantic spotted dolphin liver

Environmental or biological sample
Marine mammals
USA, bottlenose dolphin liver

Table 3.8 continued
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into estuaries (Waldock et al., 1988). For example, concentrations of
approximately 100 ng/l tributyltin are currently encountered in water upstream of
maintenance facilities in the Test estuary (Southampton, UK), unchanged from
values observed before the 1987 restrictions (Langston et al., 1994).
All major rivers monitored to date in the UK have detectable quantities (low parts
per trillion) of organotin, even in water sampled far away from direct inputs.
Inland lake systems used for recreational yachting (e.g. the Norfolk Broads) may
contain high parts per trillion concentrations (Waite et al., 1989).
Sediment is a potential reservoir for organotins, and retention in muds is likely to
be a major source of organotins to estuarine and harbour ecosystems in the
future, together with inputs from commercial vessels and docks (Langston, 1996).
No Environmental Quality Standard has been set for organotins in sediments
other than to prevent levels from increasing (Langston, 1996).
Waite et al. (1991) have recently produced a classification of shellfish sites for the
UK based upon sediment contamination. A site is considered lightly
contaminated if sediment tributyltin concentrations are <0.01–0.05 µg/g dw and
the site is remote from boat moorings, and a highly contaminated site will have
tributyltin concentrations in the range 0.3–1 µg/g dw and will generally be located
within a high-density mooring area. Concentrations of tributyltin over 1 µg/g dw
are generally measured at sites where sediments contain paint particles. This
classification takes into account elevated concentrations in sediments near dry
docks or marinas caused by shedding of paint chippings as a result of hull
cleaning. Typical tributyltin concentrations in various sediments are summarised
in Table 3.8.
In biota the highest concentrations of tributyltin have been recorded for molluscs;
concentrations range from below detection to low µg/g levels (Table 3.8) and are
generally clearly related to pleasure craft or shipping activity (Waldock, 1994). In
exceptional cases (e.g. use of tributyltin on nets at fish farms) high concentrations
(µg/g) have been recorded in fish (Table 3.8).
Butyltin compounds have been detected in the tissues of Steller sea lion
(Eumetopias jubatus) from Hokaido, Japan, and in tissues taken from stranded
bottlenose dolphins (Tursiops truncatus) found along the US Atlantic and Gulf
coasts. In Steller sea lions higher tributyltin (and total butyltin) residues were found
in hair and liver samples than in a range of other tissues and organs examined,
including blubber (Kim et al., 1996a). The selective accumulation in these tissues
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was attributed to the protein-binding affinity of the substances, rather than to
lipophilicity. Mean concentrations of total butyltins (i.e. sum of mono-, di- and
tributyltins) and tributyltin in liver samples were 220 and 21 ng/g ww, respectively,
in animals collected from eastern Hokaido and 150 and 13 ng/g ww, respectively,
in animals from western Hokaido. In most samples, dibutyltin residues were
retained at higher levels than tributyltin, suggesting the degradation of tributyltin
to dibutyltin in the liver. The biomagnification factor of butyltins in Steller sea
lions was low, with a mean of 0.6 (range, 0.15–4.6), indicating that this animal is
unlikely to magnify butyltins because they are rapidly degraded and excreted.
Bottlenose dolphins had mean (and range) tributyltin levels of
100 (5.8–770) ng/g ww and total mean (and range) butyltin levels of
1400 (110–11 340) ng/g ww in their liver (Kannan et al., 1997). The percentage of
dibutyltin concentrations was higher in the liver (61–69%) than in other tissues and
organs, owing to the metabolic degradation of tributyltin to dibutyltin and
monobutyltin by cytochrome P450 enzymes present in the liver (Lee, 1991).
Butyltin concentrations in the livers of spotted dolphins (an offshore species) were
three to four times lower than those in bottlenose dolphins, which are primarily a
coastal species occupying bays, estuaries and inshore channels between islands, and
would, therefore, be expected to be more exposed to antifouling paints on boats
and ships (see Table 3.8; Kannan et al., 1997). Kannan et al. (1997) estimated a
mean and maximum biomagnification factor of 1.0 and 6.8, respectively.
A UK study has recently reported total butyltin concentrations of
22–640 ng/g ww in porpoise liver (Law et al., 1998). On average, dibutyltin was the
major component and only about 20% of the butyltin was present as tributyltin
(i.e. <10–180 ng/g ww). Total butyltin concentrations in grey seals were lower than
those seen in porpoises (not detected to 22 ng/g ww), suggesting that seals have
either a lower dietary intake or more rapid metabolism of organotins than do sea
lions and small cetaceans (Law et al., 1998).
Levels of organotins in biota from estuaries seem to be declining. For example,
oysters transplanted each year at a number of sites in UK estuaries have
contained successively lower concentrations of tributyltin, and exhibited better
meat yield and produced shells of decreasing thickness (Waite et al., 1991;
Waldock et al., 1992). Climatic and nutritional variables can be largely discounted
as factors in the recovery of the animals because illegal sales of organotins close
to one of the sites have produced a ‘positive control’ where organotin
concentrations in both water and animals have reduced less rapidly, and
consequently improvement in growth has been less marked (Waldock, 1994).
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3.2.6 SY N T H E T I C

AND

NATURAL

OESTROGENS

DIETHYLSTILBOESTROL
Diethylstilboestrol is a non-steroidal oestrogen, first synthesised about 55 years
ago (Vessey, 1989). Although no longer produced commercially, at one time DES
was extensively used as a pharmaceutical agent. During the 1940s it was promoted
as a drug for the treatment of habitual and threatened abortions and later it was
claimed that DES treatment also had a beneficial effect on late complications of
pregnancy (reviewed by Vessey, 1989). There seem to be few reliable data about
how many women were given DES during pregnancy although it has been
estimated that fewer than 10 000 women received the drug in the UK (reviewed by
Vessey, 1989).
Studies conducted during the early 1950s showed that DES did not produce the
anticipated beneficial effects but rather led to an increased risk of spontaneous
abortion and neonatal and premature death, and also an increased risk of clearcell adenocarcinoma of the vagina and cervix (1 in 1000) in women exposed in
utero (reviewed by Vessey, 1989). Other studies on animals of several species
exposed perinatally to DES have also shown many other anomalies and tumours
in female offspring (see for example Walker, 1989, for a review).
Despite the numerous studies that have been conducted to determine human
health effects following treatment with DES, no report on environmental
concentrations of DES has been found in the literature.

E T H Y N Y L O E S T R A D I O L , O E S T R O N E A N D 17 ß - O E S T R A D I O L
The increasingly widespread use of synthetic hormones in the contraceptive pill
(e.g. ethynyloestradiol) coupled with the excretion of natural hormones (e.g.
oestrone and 17β-oestradiol) in the urine has raised concern about the oestrogenic
effects such hormones may have on fish and other wildlife in rivers. This has led
to the development of methodologies to measure levels in water near sewagetreatment works and, as a consequence, monitoring has focused on determining
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the levels of oestrogenic compounds in sewage effluent, river water and tap water.
Concentrations reported from various studies on ethynyloestradiol are
summarised in Table 3.9 and levels of all three hormones in UK sewage effluents
are summarised in Table 3.10.
Aherne and Briggs (1989) reported ethynyloestradiol concentrations ranging from
less than 1 to 15 ng/l in various UK waters, the highest concentration being
reported for river water samples. A recent survey measured concentrations in
waste effluents from seven UK sewage-treatment works and detected
ethynyloestradiol at three of the sites, with concentrations ranging from 0.2
to 7 ng/l (Desbrow et al., 1996).
Stumpf et al. (1996) have demonstrated, for various sewage treatment works in
Germany, that ethynyloestradiol was eliminated effectively but not completely by
the sewage plants (58–91%) with effluent levels of up to 62 ng/l being found. This
compared with river concentrations of below 5 ng/l.
Recently research has been directed towards identifying which hormonemimicking substances present in sewage effluent may be responsible for the
oestrogenic activity observed in fish (Desbrow et al., 1996; see also Section 2.1.4).
Desbrow and colleagues have reported two natural oestrogens (oestrone and 17βoestradiol) and a synthetic hormone (ethynyloestradiol) as the main compounds
responsible for such effects (concentrations summarised in Table 3.10). Levels of
Table 3.9 Environmental concentrations of ethynyloestradiol (ng/l)
Water samples

Concentration

Reference

Sewage-treatment works effluent
UK; n = 8

<1–7

Aherne & Briggs (1989)

UK; n = 7, 57% samples <DL

0.2–7

Desbrow et al. (1996)

≤62

Stumpf et al. (1996)

Germany, compound generally detected
River water
UK; n = 13

<1–15

Aherne & Briggs (1989)

Germany, compound occasionally detected

<5

Stumpf et al. (1996)

Impounding reservoir water
UK; n = 3

1–3

Aherne & Briggs (1989)

<1–4

Aherne & Briggs (1989)

Drinking-water
Germany; n = 12
Tap water
Germany

nd

DL, detection limit; nd, not detected (detection limit, 1 ng/l)
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Table 3.10 Concentrations (ng/l) of three steroids in seven predominantly domestic
UK sewage effluents
Location
Southend

Concentration
Oestrone
32–48

17β-Oestradiol
29–48

Ethynyloestradiol
nd–7

Harpenden

5.2–8.9

3.7–7.1

nd

Rye Meads

1.8–3.6

2.7–6.3

nd

Deephams

2.0–13

4.3–12

nd

3.5–10

0.6–4.3

Naburn

15–76

Horsham

3.1–12

4.0–5.7

0.2–0.8

Billing

1.4–10

6.1–7.4

nd

From Desbrow et al. (1996)
nd, not detected (detection limit, 0.2 ng/l)

oestrone, 17β-oestradiol and ethynyloestradiol lay in the ranges 1.4–76 ng/l,
2.7–48 ng/l and 0.2–7 ng/l, respectively, at seven UK sites. The natural hormones
were consistently quantified at all seven sewage treatment effluent sites in the UK,
whereas ethynyloestradiol was only detected at three sites and in only 30% of the
samples analysed (Table 3.10).
The source of the natural hormones was believed to be anthropogenic, probably
largely from women, while that of the synthetic hormone, ethynyloestradiol, was
probably attributable to contraceptive medication. Although humans and other
mammals excrete oestrogen in inactive forms, these appeared to be converted back
into a biologically active unbound form during sewage treatment (Desbrow et al.,
1996). No other significant oestrogenic activity was found, indicating that these
hormones may constitute the majority of the oestrogenic activity within domestic
sewage effluent. However, the authors were cautious about drawing any firm
conclusions from this study, given the small number of water treatment plants
evaluated.
Despite the fact that the greatest concerns in the UK over elevated exposure to
natural and synthetic hormones have been directed at sewage treatment effluent,
other sources of environmental loading should not be ignored. For example,
Nichols et al. (1997) have reported an increase in 17β-oestradiol in run-off water
following the spreading of animal manure (e.g. poultry litter) on land; the
concentration and mass losses were dependent on the litter application rate.
17β-Oestradiol persisted in the litter for at least seven days under field conditions.
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3.2.7 MO N I TO R I N G E N D O C R I N E
DISRUPTERS

Extensive monitoring of the environmental levels of many chemicals is routinely
undertaken by several organisations within the UK (e.g. Department of the
Environment, Transport and the Regions; Ministry of Agriculture, Fisheries and
Food; Environment Agency; water supply companies), with attention mainly
focusing on air quality, soil, fresh or marine waters, sediments, and foodstuffs
(basket surveys). Among the chemicals that are or have been monitored, several
have been suggested to be potential endocrine disrupters. As an example of the
range of analyses conducted, relevant work performed during the period
1992–1994 by the Centre for Environment, Fisheries and Aquaculture Science
(CEFAS; formerly the MAFF Directorate of Fisheries Research) and for the
years 1995 and 1996 by the Environment Agency, is summarised in the Annex in
Table I and II, respectively.
Monitoring has generally been undertaken to fulfil statutory obligations or
because of concerns over the potential toxicity of these chemicals in general,
rather than specifically because of their suspected endocrine-disruptive potential.
The exceptions to this are the monitoring of organotins in the marine
environment and recent investigations into sewage-treatment effluents (see
Sections 3.2.2, 3.2.5 and 3.2.6). Although there is currently no integrated
monitoring programme for endocrine disrupters in the UK, collation of the
existing data on levels of potential endocrine-disrupting chemicals could improve
knowledge about their environmental distribution and load.
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3 . 3 FAC TO R S INFL U E NCI NG
FAT E A N D B E HAV IOU R

To understand the effects that endocrine disrupters may have on the ecosystem
and wildlife, as well as knowing their concentrations in various environmental
matrices, it is important to understand their transport and fate in the
environment. This section presents an overview of factors, such as routes of
uptake and absorption, timing of exposure, biodegradation and
biotransformation, bioavailability and bioaccumulation, which influence the fate
and behaviour of chemicals in the environment, and the extent of exposure of
individual organisms and ecosystems to specific compounds. The interactive
effects of mixtures are also briefly discussed. Finally examples are given of how
selected endocrine disrupters (described in Section 3.2) are expected to behave in
various environmental compartments.
Compounds entering the environment may be transported to other locations (e.g.
from land into groundwater) or they may move from one medium to another (e.g.
through deposition and volatilisation). Pollutants may also be diluted in air or
water or biodegrade into other compounds that may be more or less toxic, and
they may be absorbed and concentrated in living organisms through the food
chain. The magnitudes of these effects will vary with the characteristics of both
the substances and the environmental conditions, but an understanding of
pollutant movement and fate is an essential step in determining the effects on
organisms and ecosystems.
The fate and behaviour of a compound in the environment are partly controlled
by physical and chemical properties and are also dependent on environmental
factors such as temperature, pH, salinity, wind velocity, microbial activity, the
organic matter content and sunlight intensity. Physicochemical parameters such
as vapour pressure, solubility, octanol–water partition coefficient (Kow) and
Henry’s Law constant, and factors such as biodegradation, photodegradation,
half-life and bioconcentration will reflect how specific compounds may be
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expected to partition or persist in different environmental compartments.
Table 3.11 summarises some of the physicochemical parameters for the various
chemicals highlighted in Section 3.2.
Solubility and vapour pressure will influence the likelihood of a compound
staying in solution, volatilising into the atmosphere or partitioning onto sediment
and soil organic matter. Henry’s Law constant describes the tendency of a
chemical to volatilise from soil, water and plant surfaces into the atmosphere.
Higher values of Henry’s Law constant generally indicate a tendency of a
compound to volatilise, whilst compounds with lower values are more likely to
stay in solution. Kow values have proved to be an approximate measure of the
partition of a compound between water and lipophilic substances such as body
fat. Generally, smaller hydrophilic molecules (which have low Kow values) dissolve
more readily in water and are less likely to sorb to soil or into tissues. On the other
hand, larger hydrophobic molecules with high Kow values will have a strong
tendency to associate with soil organic matter or body fat. As Kow values vary over
orders of magnitude, even within groups of endocrine-disrupting chemicals (e.g.
between individual PCB congeners), they are generally expressed on a logarithmic
scale (Table 3.11).
A compound’s half-life (t1/2 ) can be used as a measure of its physical persistence
in the environment as it is a measure of the time taken for half of the chemical to
disappear from the relevant environmental matrix. The loss of a substance from
an environmental matrix is dependent not only on the intrinsic properties of the
substance but also on environmental factors and processes. For example, in soils
the t1/2 of a compound is influenced by its biodegradation, leaching potential and
volatilisation, whereas in the atmosphere, the influence of sunlight (leading to
phototransformation) may be important.

3.3.1 RO U T E S O F U P T A K E A N D
ABSORPTION

In the aquatic environment chemical uptake occurs either through direct uptake
of dissolved chemicals from the water column or through ingestion. Passive
diffusion is likely to be the primary mode of uptake and elimination of lipophilic
environmental chemicals by unicellular organisms (e.g. phytoplankton). The large
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surface area across which diffusion occurs relative to organism mass allows for the
concentration of chemicals within the organism to attain steady-state equilibrium
with the environmental concentration very rapidly (Ellgehausen et al., 1980).
Under these conditions, the processes governing uptake and elimination are
Table 3.11 Summary of physicochemical propertiesa for various contaminants
Compound
p,p'-DDT
p,p'-DDE

Solubility
(mg/l at 25°C)
3.00 × 10-3
4.00 × 10-2

Vapour pressure
(Pa at 25°C)
2.00 × 10-5

log Kowb
6.0

Henry’s law constantc,
Hc (dimensionless)
9.53 × 10-4

1.00 × 10-3

5.7

3.21 × 10-3

3.70 × 10-2

3.40 × 10-2

5.6

1.09 × 10-2

1.10 × 10-4

3.80 × 10-5

7.1

5.59 × 10-3

1.93 × 10-5

1.18 × 10-7

6.8

1.35 × 10-3

10-4

10-4

6.1

1.45 × 10-6

7.8

PCBs
PCB-28
PCB-153
PCB-206

2.06 × 10-3

1.20 × 10-4

6.8

7.12 × 10-3

PCDD/Fs
2,3,7,8-TCDD
2,3,7,8-TCDF

4.19 ×

1,2,3,4,7,8-HexaCDD 4.42 × 10-6
1,2,3,4,7,8-HexaCDF 8.25 × 10-6
OCDD
OCDF

7.40 ×
1.16 ×

10-8
10-6

1.99 ×

3.08 × 10-6

7.0

10-7

8.2

10-7

8.0

10-5

4.5

9.53 ×
1.01 ×
1.90 ×

6.06 × 10-4
1.83 × 10-3
5.87 × 10-4
2.76 × 10-4
4.04 × 10-5
5.03 × 10-4

4-Nonylphenol

3.40

Bisphenol-A

1.20 × 102

5.32 × 10-6

3.3

4.10 × 10-5–4.10 × 10-4

TBT

10.00

-

2.2–4.4

-

DEHP

0.34

8.00 × 10-4

5.1

4.91 × 10-4

10-4

Ethynyloestradiol

4.83

1.00 ×

4.1

-

Oestrone

12.4

-

-

-

17β-Oestradiol

13.0

-

-

-

From or based on Tabak et al. (1981); Howard (1989, 1991); Mackay et al. (1992a,b); Nordic
Council of Ministers (1996)
a Physicochemical properties such as solubility and vapour pressure are temperature dependent.
Wide ranges in physicochemical properties are generally reported in the literature, especially for nonpolar substances; only mean values are presented here
b Compounds with log K values >4 will be strongly bound to soil and highly lipophilic; values
ow
<2.5 will have lower adsorption potential and low lipophilicity
cH
c

values >1 × 10-4 indicates relatively high volatility potential, < 1 × 10-4 indicates low volatility

DDE, Dichlorodiphenyldichloroethylene; DDT, Dichlorodiphenyltrichloroethane; DEHP, Di(2ethylhexyl)phthalate; PCBs, Polychlorinated biphenyls; PCDDs/PCDFs, Polychlorinated dioxins and
furans; TBT, tributyltin
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identical (i.e. diffusion across the cell surface membrane; LeBlanc, 1995). In fish,
passive diffusion across the gills is the primary route of uptake of lipophilic
chemicals from the aqueous environment. Therefore the rate of uptake of a
chemical across gill membranes generally correlates well with the Kow, which
indicates lipophilicity. For highly hydrophobic chemicals (i.e. those with extremely
low water solubility) having high Kow values, passive diffusion is generally not
significant (Iannuzzi et al., 1996).
For both terrestrial and aquatic ecosystems the uptake of chemicals due to
ingestion is determined by an organism’s feeding preferences, its ingestion rate and
its absorption efficiency (Iannuzzi et al., 1996). In an aquatic environment, for
example, the range of sedimentary and water concentrations that an organism
may be exposed to as it moves and forages is dependent on its feeding preferences
(Iannuzzi et al., 1996). Primary consumers (e.g. zooplankton and polychaetes),
depending on their feeding strategy, consume sediment, detritus or plankton
(Barnes & Hughes, 1982). Secondary consumers feed primarily on benthic
detritivores and zooplankton whilst tertiary consumers may feed on a variety of
food sources such as fish, shellfish and other benthic invertebrates.
The routes of entry of a chemical and its subsequent metabolism may be reflected
in the tissue distributions found. For example, in Nucella lapillus absorption of
tributyltin from water takes place primarily across gill and mantle tissue, whereas
tributyltin in food is efficiently absorbed in the digestive gland; the later may
contribute considerably to overall uptake (Bryan et al., 1989; Langston, 1996). In
this species, both the kidney and digestive gland appear to have important roles in
tributyltin metabolism, judging by their relatively high proportion of breakdown
products such as dibutyltin and monobutyltin compounds (Bryan et al., 1989).
The bottom-dwelling fish Solea lascaris accumulates tributyltin at similar rates
from water and sediment when the latter are in equilibrium. In the liver and, to a
lesser extent, gill, dibutyltin concentrations exceed those of tributyltin suggesting
that these are the major sites of accumulation and breakdown. In contrast, the
total concentrations of organotins are comparatively low in the muscles of this
species compared with other tissues and the tributyltin fraction accounts for
85–89% of the total tin present (Langston, 1996).
The absorption efficiency of a xenobiotic is the fraction or percentage of the
substance that is accumulated in the body of the organism following ingestion
from food or sediments or absorption from water. Absorption efficiency is
influenced by the complex feeding interactions within the food web, the capacity
of the species to metabolise the chemical, the exposure of the organism to
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contaminated media, and the physicochemical properties of the media (e.g. water
and sediments in the aquatic environment; Gobas et al., 1988).
For most organochlorine pesticides and PCBs the absorption efficiencies range
between about 40 and 90%, while those for PCDD/Fs (and some PCBs) range
between about 10 and 30% (reviewed by Iannuzzi et al., 1996). PCDD/F dietary
absorption efficiencies reported for fish are consistently lower than for PCBs. The
absorption efficiencies for di- to octa-substituted PCDDs in trout range from 6 to
50% and are not influenced by chlorine content (reviewed by Niimi, 1996).
However, absorption efficiencies of about 40 to 50% have been reported for
2,3,7,8-TCDD in trout, indicating a higher rate of absorption. Similarly, although
less information is available for the PCDFs, 2,3,7,8-TCDF also seems to be
absorbed at a higher rate in fish than other PCDFs (reviewed by Niimi, 1996).
Gobas et al. (1988) have reported that absorption efficiencies of hydrophobic
organic chemicals in fish are a function of their log Kow; absorption efficiencies are
high and generally similar for chemicals for a log Kow of up to approximately 7,
but fall with increasing log Kow values thereafter. Most PCDD/Fs, other than the
tetra-substituted congeners, have log Kow values greater than 7, thus explaining
the relatively low absorption efficiencies of the former compared with the latter.
Losses of chemical by depuration, dilution due to growth, metabolism and
excretion are also important factors that will ultimately determine the final uptake
by the organism. Uptake rate constants have been found to vary significantly
between different fish species, even for the same class of chemical, with the surface
area of the fish’s gill appearing to be important. This in turn is related to body
weight since larger animals need less energy per kilogram body weight for
metabolic processes than smaller animals and therefore require relatively smaller
gill surface areas (Sijm et al., 1995). Thus, a smaller fish species will have a higher
relative uptake rate of chemicals through the gills than a larger fish. Depuration
and metabolism are generally not significant for highly hydrophobic chemicals,
owing to their extremely high lipophilicities (Iannuzzi et al., 1996).

3.3.2 TI M I N G O F E X P O S U R E

An important consideration in assessing the potential effects of endocrinedisrupting chemicals in wildlife species is the time at which exposure occurs. Two
general types of effect, ‘organisational’ and ‘activational’, have been described.
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Organisational effects are developmental effects usually apparent in early life, and
activational effects commonly occur in adulthood and are more transitory in
nature (Guillette et al., 1995). Exposure during embryonic development is
particularly important since it may lead to permanent structural modifications of
the reproductive, immune or nervous systems and, even though such effects are
usually manifest in early life, they may extend into adulthood. Factors which may
alter the response of embryos to endocrine-disrupting chemicals include
bioaccumulation, degradation and secretion of xenoestrogens and levels of free
and bound hormones (Guillette et al., 1995). Table 3.12 summarises some of the
organisational and activational effects observed in various wildlife species
exposed to endocrine-disrupting chemicals.
Mammalian embryos developing in utero may be exposed to hormones and
endocrine-disrupting contaminants via uterine secretion and transplacental
movement of maternally derived nutrients.
In rodents, exposure to oestrogenic compounds, such as DES, in utero or
immediately after birth results in pathological changes of the reproductive tract,
as well as functional differences at puberty and throughout adulthood (reviewed
by Guillette et al., 1995). Similar effects have also been demonstrated on the
immune and neuroendocrine systems. Whereas adult exposure to oestrogens
temporarily inhibits many aspects of the immune system, neonatal exposure to
DES causes a persistent impairment of several immune parameters, including
reduced delayed hypersensitivity response and decreased in vitro mitogen
response. The developmental stage during which exposure occurs seems to be
critical for determining the persistence of oestrogenic effects. For example, DES
treatment of mice during the first five days after birth caused immune depression
evident at 17 months of age, whereas treatment on days 6 through 10 had no
discernible effects later in life (Kalland et al., 1979). Such studies demonstrated an
increased sensitivity to endocrine-disrupting compounds during specific windows
in the organisational phase of development.
Many organisational modifications do not become apparent until later in life. For
example, post-natal exposure of mice to elevated concentrations of oestrogens
appears to increase significantly the severity of the reproductive abnormalities
induced by prenatal oestrogen exposure (reviewed by Guillette et al., 1995).
Such organisational effects have also been observed in wildlife species (see
Section 2.1). Although it is difficult to identify specific cause-effect relationships
after exposure in the field, laboratory studies have confirmed that in ovo or in utero
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Poor quality eggs

↑Embryonic deformities

↓Testosterone (male)

Reptiles
Snapping turtle

American alligator

Abnormal testicular cells
↑17β-Oestradiol (female)
↑Polyovular follicles and
polynuclear oocytes

?

?

↓17β-Oestradiol before
sexual maturation
Delayed oviposition
↓Laying capacity

Female–female pair bonds
Abnormal mating
behaviour

↓Plasma testosterone

Activational effectb

Japanese quail

Retained Müllerian ducts
Abnormal gonadal
morphology

?

Birds
Western gull

Organisational effectb

Species

Mammals
Dall’s porpoise

DDT

PCBs, PCDD/Fs

PCBs

DDT
DDE

p,p'-DDE

EDCsc

Guillette et al. (1994)

Bishop et al. (1991)

Biessmann (1982)

Fry & Toone (1981)

Subramanian et al.
(1987)

References

Table 3.12 Organisational and presumed activational effects of environmental endocrine-disrupting chemicals (EDCs) in
wildlife speciesa
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?

↑Embryonic mortality

Trout

White croaker

↓Fecundity and fertility
↑Ovarian follicular atresia

(yolk protein) in males

↑Plasma vitellogenin

Masculinisation of females
Anal fin modifications
Mating behaviour

↓Fertility
↓17β-oestradiol
↓Dihydrooxyprogesterone

Activational effectb

DDT

Sewage works effluent

Kraft mill effluent

Halogenated hydrocarbon
mix (e.g. PCBs, PCDD/Fs)

EDCsc

Hose et al. (1989)

Purdom et al. (1994)

Davis & Bortone (1992)

Leatherland (1992)

References

PCBs, Polychlorinated biphenyls; PCDDs/PCDFs, Polychlorinated dioxins and furans; DDT, Dichlorodiphenyltrichloroethane;
DDE, Dichlorodiphenyldichloroethylene

Partial, representative listing only; b As the mechanisms underlying many of these effects are known or under study, the phenomenon listed as
activational may be due to an organisational effect not apparent at birth; c The contaminant(s) listed has been found to compose the greatest body
burden in the animal studied

a

From Guillette et al. (1995)

?

Premature sexual maturity
Loss of sexual dimorphism
↑Embryo mortality

Organisational effectb

Mosquitofish

Fish
Salmon

Species

Table 3.12 continued
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exposure to endocrine-disrupting chemicals can cause irreversible alterations to
the reproductive system in wildlife species (Guillette et al., 1995).
To date the main xenobiotic oestrogens that have been identified to have effects on
sex differentiation in birds have been lipophilic organochlorines, which
bioaccumulate and are deposited in the yolk of eggs (Fry, 1995). The fat reserves
of birds tend to contain high levels of lipophilic pollutants (such as PCBs, DDT,
DDE and PCDD/Fs). During reproductive events, these fat reserves will be
mobilised and used in egg production. This will result in the mobilisation and
transport to the eggs of previously sequestered pollutants. When the developing
embryos mobilise the yolk they will, therefore, be exposed to high levels of
contaminants during the critical stages of growth and development. Species
producing large, yolky eggs will be at particular risk (Guillette et al., 1995). Avian
embryos are especially vulnerable because these lipophilic compounds and their
metabolites are not excreted from the egg but remain in the blood circulation
throughout incubation (Fry, 1995).
Early studies demonstrated, for example, that o,p'-DDT injection into gulls’ eggs
mimics the action of oestrogens and results in abnormalities of both male and
female embryos (Boss & Witschi, 1947). Exposure of seabird eggs to DDT
concentrations comparable to those found in contaminated eggs obtained from
wild nests has induced the abnormal development of ovarian tissue and oviducts
in male embryos (Fry & Toone, 1981). A reduced number of males in colonies of
gulls and terns has been shown to lead to female–female pairing, indicated by the
occurrence of supernormal clutches of eggs. However, the role of chemicallymediated endocrine disruption is as yet unproven (see Section 2.1.2).
Furthermore, sublethal exposures to, for example, DDT or petroleum oil also
appear to affect reproduction adversely through non-specific morbidity or
increased stress, resulting in reduced egg laying, interruption of incubation or
reduced care of chicks. In addition, exposure to petroleum oil during the chick
rearing period has caused reduced foraging and food delivery by adults, which in
turn led to a decrease in the growth and survival of chicks (reviewed by Fry, 1995).
Organisational effects observed in reptiles (see also Section 2.1.3) include the
disruption by two hydroxylated PCBs of temperature-dependent sex
determination in red-eared slider turtles, causing increased feminisation, with the
development of apparently normal ovaries and oviducts (Bergeron et al., 1994)
and the permanent modification of gonads of male and female juvenile alligators
after embryonic exposure to p,p'-DDE (reviewed in Guillette et al., 1995).

129

L E VE LS, FAT E AND B E HAVIOUR

Although for the latter the specific time of embryonic exposure was not known,
the nature of the reproductive abnormalities was consistent with exposure
occurring throughout the in ovo period as, in these wild alligators, eggs were
already contaminated at ovulation (reviewed in Guillette et al., 1995).
Fitzsimmons (1995) has reviewed the effects of pollutants on the early life stage
mortality of lake trout in the Great Lakes, North America, and has summarised
the information available on exposure of feral fish eggs to DDT, PCBs and
PCDD/Fs in laboratory experiments. The author concluded that exposure to high
concentrations is associated with common causes of mortality such as reduced
hatching, blue-sac disease and swim-up syndrome.
Laboratory studies have found that early stages of sac-fry development appear to
be more sensitive to the effects of mixtures of PCBs and DDE than later stages,
although exposure to high concentrations may be required to induce adverse
effects. For example, Berlin et al. (1981) exposed lake trout (Savelinus namaycush)
fry to PCB and DDE concentrations similar to and 5- and 25-fold higher than
those measured in Lake Michigan water (10 ng/l PCBs expressed as Aroclor 1254
and 1 ng/l p',p'-DDE). Exposure began one week after hatching; fry were exposed
to PCBs and DDE individually and simultaneously. Mortality was 17% higher
among fry exposed to 250 ng/l PCBs than in the control group, at the time of yolk
sac absorption (approximately 30 days post-hatching, a well-documented critical
period in salmonids). Exposure to high levels of PCBs and DDE simultaneously
did not show a significant increase in mortality (see Section 3.3.6). A second
critical period began after 56 days contaminant exposure when the fry were
63 days old; mortality rates were again significantly higher in all exposed groups
(17–35% mortality) relative to the control group (11% mortality). This critical
period coincides with the beginning of active feeding; thus the addition of PCBs
and DDE in the water and diet was apparently responsible for the significant
differences in mortality between exposed and control fry.
Similarly, Burdick et al. (1972) reported that DDT toxicity does not appear to
occur until after active feeding has begun. DDT, fed in sufficient quantities over
an extended period of time, adversely affected the reproductive efficiency of
brown and brook trout, owing to an increase in the mortality rate, but the effect
only occurred during a 40-day period after feeding had begun, with no differences
in mortality between exposed and control groups noted before then. A more
recent study has found that exposing adult fish (Danio rerio) to 5 ng/l of
ethynyloestradiol over a relatively short period of time (12 days) prior to spawning
caused high embryonic mortality (Nash et al., 1997).
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Gimeno et al. (1996) have recently reported that male carp were sensitive to 4-tertpentylphenol during sexual differentiation. Sexually undifferentiated, 50-day-old
fish were exposed for 90 days to concentrations of 0.1, 0.32 and 1 mg/l; exposure
for 60 days to all tested concentrations resulted in the development of an oviduct
in almost all male fish, although this morphogenetic feature was detected as early
as 30 days after the start of exposure. Exposure over 90 days resulted in a very
poorly developed testis with an oviduct in most fish, and spermatogenesis was
severely inhibited. In some individuals exposure to the highest concentration
induced the formation of a further feminised testis (ovotestis) as well as severely
inhibiting spermatogenesis.

3.3.3 EN V I RO N M E N T A L D E G R A DAT I O N
AND BIOTRANSFORMATION

Bacteria and, to a lesser extent, fungi play a fundamental role in influencing the
fate and behaviour of organic chemicals in most environments. Microorganisms
must be present to initiate the cycling of materials through all foodwebs and the
processing of dissolved and particulate matter. Virtually all cycles (including the
carbon, nitrogen and sulphur cycles) require some involvement by bacteria or
fungi for the sequential chemical changes that make otherwise unavailable
compounds accessible to the next level in the web (Kormondy, 1984; Wainwright
& Falih, 1996). The microbial assemblages associated with terrestrial and aquatic
environments can have enormous effects on the availability and fate of natural
and man-made compounds and are responsible for up to 90% of the
decomposition of detritus in terrestrial ecosystems (Odum, 1975). Bacteria and
fungi are suspended in water columns, intimately associated with sediment, and
appended to wood and plant substrates. Many are able to metabolise a wide range
of materials, and they are often the only organisms that can. Fungi and bacteria
have the capacity to degrade cellulose and lignin as well as hydrocarbons (Basaglia
et al., 1992).
There are many examples of microbial transformation arising from environmental
changes in certain ecosystems. Such transformations make bacteria flexible and
useful in chemical processing.
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Sterols are important for cell growth and integrity and the capacity to produce
sterols as secondary metabolites, which presumably would include steroid
components found in sewage effluent and landfills, has been demonstrated for
fungi in terrestrial and aquatic systems (Moore-Landecker, 1990; Liu et al., 1995;
Alexopoulos et al., 1996; Kahlos, 1996; Madigan et al., 1997). The capacity to
recognise and transform sterols has implications for the success of the microbes
normally present in any ecosystem. When microbes are exposed to endocrine
mimics or disrupters, the health of the greater environment is affected via the
fundamental role of microbes. This capacity suggests a potential role in
biomonitoring. Very little is known about the response and role played by
microorganisms in endocrine disruption in the environment, beyond that inferred
from domestic sewage treatment. For example, the microbial breakdown of
steroids in sediments generally occurs under anaerobic conditions (Killops &
Killops, 1993) and little is known about the fate of natural and man-made
endocrine disrupters under such conditions.
In attempting to understand the fate of endocrine mimics and disrupters, it is
important to take into account the ability of fungi and bacteria to transform
sterols and related compounds and to recognise that they may be significantly
affected by the presence of these compounds.

3 . 3 . 4 BI O AVA I L A B I L I T Y

The main factors affecting the availability of endocrine-disrupting chemicals in
soils and sediments to organisms exposed via the aqueous phase are aqueous
solubility and adsorption to the soil matrix (Scow, 1993). Aqueous solubility is
influenced by chemical shape, size and functional group content (Aislabie &
Lloyd-Jones, 1995) and low solubility will reduce bioavailability from the aqueous
phase. Sorption may either enhance or decrease bioavailability and also microbial
degradation rates in soil (Aislabie & Lloyd-Jones, 1995). Chemicals in soil may
bind tightly to organic matter or partition into soil. Normally this reduces their
biological availability. However, in certain cases immobilisation of xenobiotics on
mineral surfaces may have the opposite effect by making them more accessible to
sediment-bound bacteria. For example, the bacterial bioavailability of
3-chlorodibenzofuran is enhanced by the presence of a sorbing surface, such as a
substrate containing organic matter, in contrast to a non-sorbing surface, such as
glass (Harms & Zehnder, 1995).
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Strong sorption commonly reduces the rate of release of a chemical from soil
particulate matter into the aqueous phase, with a consequent decrease in
bioactivity and increase in persistence. Various edaphic factors, including nutrient
status of the soil, percentage of organic matter, soil structure, ageing, temperature,
moisture and pH may also be influential. The properties of the chemical and the
soil constituents with which it is in contact are of primary importance in
determining the bonding mechanisms and hence the bioactivity or mobility of the
chemical (Weber et al., 1993).
Ageing is viewed as the continuous diffusion of a contaminant into kinetically
‘remote’ compartments of the soil (reviewed by Jones et al., 1996), for example, by
diffusion into some components of organic matter, partitioning into humic
matter, entrapment in soil micropores, absorption onto soil particles and
formation of strong bonds between soil and sediment constituents. Thus,
following application of a compound into soil there is instant rapid dissipation
(through volatilisation, biodegradation, etc.) followed by a much longer period
characterised by a slower rate of loss (reviewed by Jones et al., 1996). The portion
remaining can potentially be separated into a relatively bioavailable (labile)
component, a relatively firmly bound (recalcitrant but extractable) component
and an irreversibly bound (non-extractable) component (Jones et al., 1996). As
ageing occurs, the proportion which is relatively labile decreases whilst the
proportion which is irreversibly bound and non-extractable increases. Muir et al.
(1985) reported that 8–14% of 14C-labelled 1,3,6,8-TCDD was irreversibly bound
in soil about one year after application.
The pH status of the soil media will affect the ionic status of any ionisable
compounds. This in turn will affect the type and amount of bonding that occurs,
and may also affect the degradation rate (Weber et al., 1993). Soil moisture and
temperature directly affect many biological processes, including plant metabolism
and microbial degradation, and thereby influence the bioactivity and persistence
of chemicals in soil. However, for organisms such as earthworms that ingest
mineral matter from the soil, the kinetics and extent of desorption and relative
affinities for partitioning into the lipids of the organism rather than into the
organic content of the soil may become important.
In a study to determine the bioavailability of chlorobenzenes and PCBs in soils,
Belfroid et al. (1995) found that both accumulated in earthworms (Eisenia andrei).
Comparison of the PCB accumulation pattern in worms with the pattern in soil
showed that biotransformation of the PCBs was of minor importance in the
former. For most chemicals a steady state was achieved within 10 days, after which
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concentrations in the earthworms remained virtually constant during the rest of
the experiment (100 days). Steady-state concentrations did not exceed soil
concentrations. Elimination rate constants were found to decrease with increasing
hydrophobicity of the chemical.
Larsen et al. (1992) exposed the earthworm Lumbricus rubellus to a soil
containing a mixture of PCB congeners at a concentration of 150 µg/kg and found
that the bioconcentration was lower for the more chlorinated congeners and also
decreased as the number of ortho-substituted chlorine atoms decreased. The
higher uptake of the less chlorinated compounds was also attributed to a slow
diffusion for such congeners and/or to the higher interstitial water concentration
of these PCBs due to their lower soil sorption. In contrast, the highly chlorinated
congeners were more lipophilic and had a greater tendency to bind more tightly
with the organic component of the soil. Similarly, other studies have shown that
although lipophilic organic compounds (e.g. PCBs and PCDD/Fs) have a
tendency to adsorb onto sediments they may still become bioavailable to
organisms in the aquatic environment. Exposure to a complex mixture of
PCDD/Fs in an aquatic ecosystem in the presence or absence of sediment has
been shown to result in different bioavailabilities; PCDD/F accumulation was less
in the presence than in the absence of sediment (Loonen et al., 1994).
Furthermore, the effects of sediment were found to be compound-specific, so that
the bioavailable fraction of the higher chlorinated PCDD/Fs was reduced more by
the presence of sediment than was that of the lower chlorinated congeners.

3.3.5 BI OAC C U M U L AT I O N

Chemicals can be accumulated in organisms through direct uptake from the
surrounding medium (e.g. water, pore water) by, for example, gills or skin
(bioconcentration) or through ingestion of particle-bound chemicals
(bioaccumulation), as well as through the food chain, following various pathways
along different trophic levels (biomagnification; Franke et al., 1994).
The bioconcentration factor (BCF) describes the tendency of a compound to
bioaccumulate through the food chain; it is, in essence, the ratio of the
concentration of a substance in an organism to the concentration in the
surrounding medium. Bioconcentration factors are species specific, and vary with
the duration and concentration of exposure, and the environmental conditions
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(WHO, 1989a; see Section 3.3.7). They are derived experimentally using a variety
of methods or calculated mathematically using physicochemical properties. As a
consequence BCFs will vary depending on the method of measurement or
calculation and should, therefore, be treated with caution. The level of exposure
to a compound will make a marked difference to the BCF obtained. For highly
lipophilic compounds very low exposure concentrations are likely to lead to high
BCFs, since all the compound will be absorbed, whilst high exposure
concentrations will tend to minimise the BCF (WHO, 1993). Therefore, it is
important to measure BCFs under steady-state conditions, which may not always
be easy to achieve. Uncertainties will also arise from differences in the
methodology used to measure the BCF and from extrapolation of data from
experimental to field conditions.
Bioaccumulation can occur in both aquatic and terrestrial ecosystems. Once a
contaminant enters an aquatic ecosystem, sediments can serve as sinks so that the
contaminant may accumulate in these to much higher concentrations than in the
overlying water. Sediment-sorbed contaminants may accumulate sufficiently in the
tissues of prey organisms to elicit direct adverse effects. Aquatic organisms that
bioaccumulate contaminants from water or sediment may transfer these
contaminants to their predators (Suedel et al., 1994). The extent to which these
sediment-associated contaminants can move through aquatic food webs and thus
potentially affect organisms at higher trophic levels has not been thoroughly
investigated (Suedel et al., 1994). The trophic transfer potential must be known in
order to evaluate the environmental significance of bioaccumulation of sedimentassociated materials in aquatic organisms.
According to LeBlanc (1995) differences in the bioconcentration of trophic levels
are largely attributable to the higher lipid content and reduced chemical
elimination efficiency of organisms in the higher trophic levels. Slight
biomagnification (of <2-fold from one trophic level to the next) has been
suggested to occur only for compounds having a BCF of greater than 114 000 or
a log Kow greater than 6.3, and few chemicals or groups of chemicals (e.g. DDT,
some PCBs and PCDDs) have been shown experimentally to have such high BCFs
or log Kow values (see Table 3.11; LeBlanc, 1995). As the mass of an organism
increases, chemical compartmentalisation within the organism increases and the
ratio of elimination to chemical storage capacity will decrease. Accordingly,
elimination of lipophilic chemicals falls as the organism’s size increases, resulting
in an apparent environmental biomagnification while, in reality, the difference is
due to species differences in bioconcentration (LeBlanc, 1995). Thus, with a few
exceptions, biomagnification is unlikely to occur with most chemicals and, relative
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to bioconcentration, can be considered an insignificant source of chemical
bioaccumulation.
Predators may be exposed to particularly high levels of contamination following
bioaccumulation through the trophic chain and thus tend to be more vulnerable
to the effects of persistent pollutants. Also predators tend to occur in relatively
small numbers, usually with low reproduction rates, and are correspondingly slow
to recover after a population decline (Walker, 1990). These problems were
illustrated by the population declines in peregrine falcons and sparrowhawks in
the UK associated with the toxic effects of organochlorine insecticides (see
Section 2.1.2).
Bioaccumulation may be particularly important for endocrine-disrupting
chemicals, as they may be released from fat storage during critical periods in an
organism’s life cycle, for example during times of starvation, or during egg
production in non-mammalian species or lactation in mammals.
The confounding factors of biotransformation, metabolism and other
elimination pathways should be considered when examining the presence or
absence of bioaccumulation in the environment (WHO, 1989a), as these
processes can lead to the formation of compounds that are more (or less) toxic
than the original compound. An example of this is DDT, which can be
metabolised by different organisms via different pathways. Of the two initial
metabolites, DDE is the more persistent although not all organisms produce
DDE from DDT. The alternative route of metabolism is via DDD which leads to
more rapid elimination (WHO, 1979).

3.3.6 MI X T U R E S A N D I N T E R AC T I O N S

Many chemicals have been suggested as possible endocrine disrupters (see
Table 3.1) and although most research to determine toxic effects has been
conducted on single compounds (or compound groups), most chemicals occur in
the environment as mixtures. Therefore, the possibility of interactive effects
between chemicals in mixtures should be considered. Recent developments in
biochemistry and molecular biology have opened the way for the production of
assay systems which can be used to monitor exposure to multiple pollutants and
their toxic effects under field conditions (Walker, 1990). However, these are as yet
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at an early stage of development and currently little is known about the
interactions of complex mixtures of pollutants.
Theoretically, mixtures could have additive, synergistic or antagonistic effects.
Where compounds have the same mode of action, the possibility exists for
additivity of effects. Certain PCB and 2,3,7,8-substituted PCDD/F congeners, for
example, have been shown to elicit common toxic responses, which are believed to
be additive (Ahlborg et al., 1992, 1994). Similarly, an oestrogenic response (as
indicated by the production of vitellogenin) has been observed in male rainbow
trout when exposed to 17β-oestradiol (10 or 100 ng/l) or oestrone (100 ng/l) alone,
and the response after simultaneous exposure to 17β-oestradiol and oestrone
(each at 25 ng/l) indicated an additive oestrogenic effect for these hormones
(Environment Agency, 1996a).
The affinities of chlorinated aromatic hydrocarbons to bind to specific (e.g. lipid)
and non-specific sites (e.g. the arylhydrocarbon (Ah)-receptor present in liver and
other tissues, such as the kidney) are determined, in part, by the physicochemical
properties of the compounds. The binding sites can be divided into inducible and
non-inducible sites. The number of sites present in the former category depends
on the amount of chlorinated hydrocarbons bound to the Ah-receptor. Here, nonadditive (antagonistic) effects can be important when organisms are exposed to
complex mixtures, as is the case in wildlife (de Voogt, 1996). Berlin et al. (1981)
have reported that the effects of exposure to PCBs and DDE (in combination) on
the survival of lake trout did not appear to be additive and could have been
antagonistic. Mortality of fry exposed to 250 ng/l PCB (expressed as
Aroclor 1254) and 2.5 ng/l DDE was significantly lower (46.5%) than that of fry
exposed to 250 ng/l of PCBs alone (56.8%). Similar results were reported for fry
exposed to 10 and 1 ng/l of PCBs and DDE, respectively. However, these results
were not conclusive as mortality in fry exposed to 50 ng/l PCBs and 5 ng/l DDE
showed additive rather than antagonistic results.
The possibility that synergism may be involved in endocrine disruption has also
received much attention. Theoretically this could arise, for example, from the
inhibition of a detoxifying enzyme by one pollutant leading to the stabilisation of
another pollutant, so that an effect would only occur if both compounds were
taken up simultaneously. Alternatively, toxicity of a pollutant might be the
consequence of the induction of an activational enzyme following earlier
exposure to another pollutant (Walker, 1990). Indeed, exposure to relatively high
levels of PCBs (which are known to induce cytochrome P450) has been associated
with high levels of the orthologue form of cytochrome P450 in seabirds

137

L E VE LS, FAT E AND B E HAVIOUR

(Borlakoglu et al., 1988). Walker and Johnston (1989) have suggested that birds
with high levels of this type of cytochrome P450 may be particularly vulnerable to
some aromatic hydrocarbon pollutants in situations such as severe oil spills at sea,
because of enhanced activation of carcinogenic metabolites. Sumpter and Jobling
(1995) tested a number of chemicals known to be oestrogenic to mammals and
fish and reported that the effect of mixtures was considerably greater than the sum
of the effects caused by individual chemicals. The oestrogenic activity of five
substances (nonylphenol, octylphenol, o,p'-DDT, Aroclor 1221 and bisphenol-A)
was assessed by their ability to stimulate vitellogenin synthesis in cultured
hepatocytes of rainbow trout. After two days of exposure to the chemicals (each
chemical being present in the culture medium at 1 mole/l either individually or in
combination), vitellogenin induction was significantly greater for the combined
exposure than would have been expected from the sum of the responses to the
individual chemicals. In addition, co-administration of two hydroxylated PCBs
(2',4',6'-trichloro-4-biphenylol and 2',3',4',5'-tetrachloro-4-biphenylol) enhanced
the potential for altering the sexual development of turtles relative to
administration of each compound separately (Bergeron et al., 1994). However,
Ashby et al. (1997) and Ramamoorthy et al. (1997) have failed to find evidence of
synergism using a range of assay systems, and a report of synergism in a yeastbased assay (Arnold et al., 1996) has been withdrawn (McLachlan, 1997). It is
thus apparent that the relevance of synergism to endocrine disruption is still
highly controversial.

3 . 3 . 7 FA T E A N D B E H AV I O U R O F
SELECTED

ENDOCRINE

DISRUPTERS

Taking into account information reviewed herein on factors affecting the fate and
behaviour of chemicals in the environment, an overview is presented below on how
the various chemicals highlighted in Section 3.2 may partition between different
environmental compartments. The information available on individual compounds
varies, reflecting the knowledge base. More detailed investigations have been
conducted, for example, on some halogenated aromatic hydrocarbons (e.g. DDT,
DDE, PCBs and PCDD/Fs) than on other potential endocrine disrupters (e.g.
bisphenol-A, phthalates, nonylphenol, diethylstilboestrol and ethynyloestradiol).
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C H L O R I N AT E D A R O M AT I C H Y D R O C A R B O N S
The key properties that influence the environmental distribution of chlorinated
aromatic hydrocarbons are their relatively low reactivities (which result in their
environmental persistence), their volatility at normal environmental temperatures
(which accounts for their transport in the vapour phase and consequent
environmental ubiquity) and their relatively low solubility in water but high
solubility in lipids (one important consequence of which is their accumulation in
the fat reserves of marine and other mammals).
Physicochemical properties for DDT, DDE and a selected number of PCBs and
PCDD/Fs are summarised in Table 3.11. Lower chlorinated PCBs and PCDD/Fs
have high vapour pressures and water solubilities relative to the higher chlorinated
congeners, whilst the higher chlorinated compounds are more lipophilic (as shown
by the increase in log Kow values with increased chlorination). Such differences
exert a profound effect on the persistence of individual congeners and their
partitioning between environmental compartments. For example, the enhanced
volatility of the lower PCB congeners and 2,3,7,8-TCDD and 2,3,7,8-TCDF
means that they will have a greater tendency to volatilise and to exist as gases in
air than the higher chlorinated PCBs and PCDD/Fs. However, the lower PCB
congeners are also more prone to atmospheric degradation. By comparison, the
higher molecular weight compounds are less likely to degrade in the environment
and are more prone to bioaccumulate.
Chlorinated hydrocarbons are readily adsorbed onto sediments and soils which
can act both as sinks and as long-term sources of exposure, thereby contributing
to aquatic and terrestrial bioaccumulation. The worldwide atmospheric
distribution of chlorinated hydrocarbons clearly indicates that volatilisation from
soils, plants and aquatic systems is an important process and that
photodegradation may be slow. These compounds are highly persistent in soils
and sediments, with estimated half-lives in soils of greater than 10 years. Soil
invertebrates will contribute towards the redistribution of organochlorine residues
in the top layer of soils (Boul, 1995). Plants will not take up soil-borne residues
very efficiently, presumably because such residues are strongly bound to soil.
Grazing animals, however, can accumulate these compounds by ingesting
contaminated soils.
Organochlorine compounds are readily taken up by organisms which accumulate
them from the surrounding medium and food. For gill-breathing animals, both
the surrounding water and the food contribute to the total burden of these
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compounds, whereas food provides the major source for terrestrial fauna, birds
and marine mammals (WHO, 1989a). High lipid solubility (as shown by high log
Kow values) and low water solubility lead to the retention of DDT, DDE, PCBs
and PCDD/Fs in fatty tissue. The rates of accumulation into organisms vary
between species, with the duration and concentration of exposure, and with
environmental conditions. In general, organisms at higher trophic levels tend to
contain higher levels than those at lower trophic levels, the highest concentrations
generally being found in the top predators (such as birds of prey and seals).
Differences can be observed between aquatic and terrestrial organisms, however.
Concentrations in terrestrial animals are usually much lower than those in aquatic
species, even for top predators (de Voogt, 1996).
The main factors that appear to determine the ecological partitioning of
persistent organochlorine contaminants in fish are the lipid content of the fish,
their trophic level and the trophic structure of the food chain. For example, a
study conducted by Rowan and Rasmussen (1992) showed that these three
variables may explain 59–72% of the DDT and PCB variation in contaminant
concentrations for 25 species of fish in the Great Lakes, North America. However,
a relationship between environmental concentrations (in water and sediment) and
contaminant concentration in fish is nonetheless apparent after such variations in
fish lipid content and food chain factors have been taken into account (Rowan &
Rasmussen, 1992).
Because oceans serve as a sink for chlorinated pesticides and other aromatic
hydrocarbons, marine mammals and piscivorous birds consume relatively high
amounts of these compounds, but they have a relatively low capacity to
metabolise them (de Voogt, 1996). Bioconcentration factors for fish are generally
higher than for their invertebrate prey (WHO, 1989a; LeBlanc, 1995).
Bioconcentration factors for total DDT range up to 124 000 for species in aquatic
systems (WHO, 1989a), and BCFs for two Aroclor mixtures (Aroclor 1254 and
1242) have been reported as being up to 36 000 and 274 000 for invertebrates and
fish, respectively (reviewed by LeBlanc, 1995). Bioconcentration factors for
PCDD/Fs are lower than those reported for PCBs. These results seem to be in
agreement with the biomagnification factors reported by Niimi (1996) who found
that biomagnification factors over several trophic levels often exceeded 100 for
PCBs, but were less than 10 for PCDD/Fs because of the lower persistence of
many PCDD/F congeners in most organisms (see Section 3.3.5 for details on the
differences between bioaccumulation and biomagnification). The author
concluded that these observations generally suggest that most PCBs should be
found at higher concentrations in higher trophic levels, whereas the opposite
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would be the case for PCDD/Fs. Examples of various BCFs for DDT, PCBs and
PCDD/Fs are given in Table 3.13.
The uptake of organochlorine compounds by fish is affected by the size of the
fish. Smaller fish, for example, have been found to take up relatively more DDT
from water than larger specimens of the same species (WHO, 1989a). The
biological half-lives of DDT in fish have been estimated as being 428, 64 and
137 days for groups exposed to DDT at concentrations of 0.9, 9 or 93 µg/kg in
their diet, respectively (Warlen et al., 1977). DDE is eliminated much more slowly,
with a biological half-life of 8 years (National Research Council, 1977).
Many, although not all, studies have shown evidence of correlations between age
or sex and organochlorine concentrations in pinnipeds. Male seals, for example,
continue to accumulate certain organochlorines throughout their lives whilst
female seals accumulate these compounds until maturity, when they lose part of
their body burdens to their offspring via transplacental transfer and, more
importantly, via lactation (Hutchinson & Simmonds, 1994). Pinnipeds seem less
able to metabolise organochlorine than terrestrial mammals, and this ability seems
to vary between seal species (Hutchinson & Simmonds, 1994). The same
phenomenon has been observed in cetaceans (Borrell, 1993) and turtles (MeyersSchone & Walton, 1994).
Different populations of wildlife species may show differences in congener
patterns of environmental contaminants such as PCBs and PCDD/Fs. Congener
patterns may differ in the same species at different locations as a result of varying
patterns present in their food, as has been demonstrated for seals fed with fish
(Boon et al., 1992). Such differences also relate to the selective biotransformation
capacities of the organism involved (Boon et al., 1992). For example, porpoises
have been shown to have a lower ability to metabolise certain PCB congeners
(those that possess adjacent hydrogen atoms in the meta- and para-positions) than
other cetacean species from the same area (Boon et al., 1992). In contrast, PCB
patterns in certain species, such as the polecats have been found to be independent
of prey choice. For example, similar PCB patterns have been reported in polecats
feeding on terrestrial (small rodents) or aquatic (amphibian) prey, leading to the
conclusion that the similarities in PCB pattern were controlled by metabolic
processes rather than dietary factors (Leonards et al., 1994).
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100
3.0
0.1
0.14
0.052
0. 047
0.176
0.137
0.133
0.95

Exposure (µg/l)

33 days
28 days
30 days

21 days
6 days
3 days
13 days
3 days
3 days
12 weeks
12 weeks
12 weeks
11–16 months

300
6000
5000
1500
32 600
22 900
21 363
43 158
51 355
104

BCF

3094
4875
7070–7125

4050 ± 1507
36 000
49 050 ± 8383
274 000

Duration of exposure

References

Reviewed by WHO (1989b)

Reviewed by LeBlanc (1995)

Reviewed by WHO (1989a)

c

When several BCF were found in the literature, these values were averaged and are presented as mean ± standard deviation

based on whole body measurement on a dry weight basis unless otherwise specified. It should be noted that BCFs can be misleading as
uptake is dependent on factors such as level and duration of exposure, species, etc
b BCF calculated on a wet weight basis

a BCF

BCF, bioconcentration factor; DDT, Dichlorodiphenyltrichloroethane; PCBs, Polychlorinated biphenyls; PCDDs, Polychlorinated dioxins

PCDD
Algae (Oedogonium cardiacum)
Catfish (Italurus punctatus)
Cladoceran (Daphnia magna)

PCBsc
Invertebrates (Aroclor 1254)
Invertebrates (Aroclor 1242)
Fish (Aroclor 1254)
Fish (Aroclor 1242)

American kestrel (Falco sparverius)

Total DDT (i.e. DDT plus metabolites)b
Diatom (Cylindrotheca closterium)
Pond snail (Physa, 5 spp.)
Glass shrimp (Palaemonetes kadiakensis)
Pink shrimp (Penaeus duorarum)
Mayfly larva (Hexagenia bilineata)
Mayfly larva (Siphlonurus spp.)
Rainbow trout (Salmo gairdneri)

Sample

Table 3.13 Examples of bioconcentration factorsa for various chlorinated aromatic hydrocarbons

L E VE LS, FAT E AND B E HAVIOUR

L E V E L S, FAT E A N D B E H AV I O U R

N O N Y L P H E N O L A N D A L K Y L P H E N O L E T H O X Y L AT E S
Discharge of nonylphenol and alkylphenol ethoxylates to the environment mainly
occurs from industrial effluents, water-treatment works and septic tanks. DoE
(1993) estimated that 83% (14 670 tonnes) of the nonylphenol ethoxylates used in
the UK in 1992 entered the environment, 37% being discharged into rivers,
estuaries and the sea, and the remainder (46%) onto land (landfill and soil). There
has been growing concern about the effects that these compounds may have on
aquatic ecosystems, as the elimination of the nonylphenol ethoxylates in sewage
treatment plants is incomplete (as shown by the residues measured in effluent; see
Table 3.5). In addition, the incorporation of sewage sludge onto agricultural land
may also lead to exposure to nonylphenol ethoxylates in the terrestrial
environment (Table 3.5).
Initial biodegradation of alkylphenol polyethoxylates proceeds via shortening of
the hydrophilic chain, forming increasingly lipophilic metabolites that are
resistant to further microbial degradation. This is highlighted by the higher
concentrations of lipophilic metabolites in river sediment following
biotransformation of these compounds in natural waters. Once the alkylphenol
polyethoxylates enter the environment they degrade to 4-nonylphenol and
NP1EO and NP2EO, which degrade much more slowly (if at all, depending on the
receiving environment) and are more toxic to aquatic organisms than the more
highly ethoxylated nonylphenol ethoxylates (DoE, 1993). These three compounds
are intermediate biodegradation products that are stable and more lipophilic than
the parent material, and may adsorb onto sediment and sewage sludge (Nimrod
& Benson, 1996).
The physicochemical properties of nonylphenol (i.e. low Henry’s Law constant
and vapour pressure, see Table 3.11) and its use characteristics are such that it is
unlikely to enter the atmosphere. If released to water, nonylphenol should adsorb
quite strongly to sewage sludge, suspended solids or sediments (log Kow = 4.5) and
may bioconcentrate in fish and aquatic organisms because of its lipophilic nature.
Nonylphenol is susceptible to photochemical degradation, with an estimated halflife, in the surface layer of lake water, of approximately 10–15 hours under
continuous sunny summer conditions. The degradation rate is approximately
1.5 times slower at depths of 20–25 cm (Ahel et al., 1994b).
Marcomini et al. (1990) measured much higher concentrations of nonylphenol,
NP1EO and NP2EO (up to 5.6 mg/kg dw for nonylphenol) in the top sediment
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layer (top 0.01–0.15 mm) in the Venice Lagoon, Italy, than the underlying 5 cm of
sediment. Comparable results were found for the firmly-bound, recalcitrant PCBs,
leading to the conclusion that there was little degradation of nonylphenol
ethoxylates and that the lower concentrations were achieved by dilution with clean
sediment. On the other hand, Ahel et al. (1991) found that nonylphenol, NP1EO
and NP2EO levels declined significantly in groundwater from 4.1 µg/l (measured
in river water) to 1.0 and 0.3 µg/l at 2.5 and 13 m away from the river bed,
respectively. This decline was attributed to biodegradation.
Ekelund et al. (1993) found that initial degradation of 14C-labelled nonylphenol
in sea water was slow (0.06% per day) in the absence of sediment. However, the
rate increased as the microorganisms adapted to the substrate; after four weeks at
11 °C it increased rapidly, so that after 58 days about 50% of the nonylphenol had
been metabolised. Thus, the degradation rate was about 1.2% per day in the
presence of sediment, presumably owing to the higher number of microorganisms
present in the sediment. This degradation rate remained constant throughout the
remainder of the experiment.
A study conducted by Ahel et al. (1994c) to determine the transformation of
alkylphenol polyethoxylates in sewage treatment showed that less than 40% of the
influent was subject to biodegradation, 20% was adsorbed to the sludge and 4045% was present in secondary effluent. Digested sludge contained 95%
nonylphenol and 5% NP1EO and NP2EO, owing to both the hydrophobic nature
of nonylphenol and the transformation of nonylphenol ethoxylates to nonylphenol
during anaerobic digestion of the sludge during sewage treatment. The presence of
nonylphenol and nonylphenol ethoxylates in sludge-amended soils may, therefore,
have an impact on terrestrial organisms although comparison of the data obtained
from aquatic ecosystems with nonylphenol uptake by crop plants indicates
bioaccumulation is higher in water-borne plants (Ahel et al., 1993).
If sewage sludge containing nonylphenol is applied onto agricultural land, the
nonylphenol will remain adsorbed onto the organic matter. Marcomini et al.
(1989) examined the fate of nonylphenol ethoxylates in soil which had been
treated with sludge and reported a decrease in nonylphenol concentration in the
sludge-amended soil from 4.7 to 0.5 mg/kg dw over a 320-day period. 80% of the
reduction in concentration occurred in the first month with levels decreasing very
slowly thereafter. The reduction in levels could have been caused by oxidative
biodegradation although the authors suggested that small amounts could have
leached down to groundwater. Kirchmann and Tengsved (1991) examined the
levels of nonylphenol in barley grains cropped from soil fertilised by sewage
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sludge, but found no sign of any uptake. No information was available on the fate
and behaviour of nonylphenol in soil organisms.
Ahel et al. (1993) conducted a study to evaluate the bioaccumulation potential of
nonylphenol, NP1EO and NP2EO in freshwater organisms under natural
environmental conditions for different trophic levels, mainly macrophytic algae,
fish and birds. Bioconcentration factors are summarised in Table 3.14. High
concentrations were reported in macrophytic algae (particularly Cladophora
glomerata), leading to BCFs of up to 10 000. The distribution of the compounds
in algae was not the same as in water; nonylphenol was relatively more abundant
in the algae than NP1EO and NP2EO. Considerable differences were also
apparent between different species collected from the same location; the plant
Table 3.14 Examples of estimated bioconcentration factors for nonylphenol,
nonylphenol monoethoxylate and nonylphenol diethyloxylate
Organism

BCFa

Reference

Nonylphenol NP1EO
Wild biota
Macrophytic algae
Cladophora glomeratab
Fontinalis antipyreticab
Potamogeton crispusb
Fish
Squalius cephalus and Barbus barbusb
Mallard duck (Anas boscas)
muscleb
liverb
Laboratory studies
Shrimp (Crangon grangon)c
Stickleback (Gasterosteus aculeatus)c
Mussel (Mytilus edulis)c
Mussel
Rainbow trout (Oncorhynchus mykiss)
carcass and viscera

NP2EO
Ahel et al. (1993)

10 000
1000
640

3200
40
50

500
65
200

13–408

3–300

3–326

308
26

91
4

37
<3

≤100d
≤300d
≤3400d
280–400

Ekelund et al. (1990)
"
"
Granmo et al. (1990)

40–100

Lewis & Lech (1996)

BCF, bioconcentration factor; NP1EO, nonylphenol monethoxylate; NP2EO, nonylphenol
diethoxylate
a

BCF can be misleading as uptake is dependent on factors such as level and duration of
exposure, species, etc. BCF are dry weight based except where specified
b The average water concentration for nonylphenol in wild biota was 3.9 µg/l and the average
tissue concentration was 38, 1.4, 1.2 and 0.1 mg/kg dw for algae, fish, duck muscle and duck
liver respectively
c Water (and tissue) concentrations were 6.9 µg/l (675 µg/kg ww) for shrimp,
4.85 µg/l (1250 µg/kg ww) for stickleback and 6.05 µg/l (20 930 µg/kg ww) for mussel
d Wet weight based
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species Potamogeton crispus and Fontinalis antipyretica showed significantly lower
accumulation than C. glomerata. Concentrations in fish were much lower;
estimated BCFs for fish tissues ranged from 13 to 410, indicating that C. glomerata
was not directly involved in the trophic pathways leading to the fish examined and
that bioaccumulation did not take place. However, bioaccumulation by other
routes (e.g. via freshwater invertebrates) cannot be excluded. The BCFs estimated
for NP1EO and NP2EO were lower than for nonylphenol in species of algae and
fish. In the majority of tissues of wild duck, the concentrations of both
nonylphenol and NP1EO were considerably higher than the concentration of
NP2EO. The results are consistent with the lower Kow values of NP1EO and
NP2EO (Ahel et al., 1993). These results appear in general agreement with those
reported elsewhere for laboratory experiments. For example, BCFs for
nonylphenol of up to 100 have been estimated for shrimp and rainbow trout, and
BCFs up to 1300 or 3400 for sticklebacks and mussels, respectively (Table 3.14).
Lewis and Lech (1996) exposed rainbow trout to 14C-labelled nonylphenol at
18 or 36 µg/l in water to study its distribution, persistence and bioaccumulation.
They reported BCFs ranging from 40 for rainbow trout carcass to 100 for viscera.
They found that nonylphenol was rapidly taken into most tissues and had an
apparent half-life of 19–20 hours in edible tissue, such as muscle and fat, and of
approximately 5 hours in the liver. These half-lives are relatively short when
compared with other organic compounds such as PCBs and may explain the
BCFs observed in fish.

BISPHENOL-A
Little information is available on the environmental fate and behaviour of
bisphenol-A. It has moderate solubility, very low vapour pressure and a low
Henry’s Law constant (Table 3.11). As such, if released into the atmosphere it is
likely to exist almost entirely in the particulate phase. The small fraction of
bisphenol-A present in the vapour phase will readily react with photochemically
generated hydroxyl radicals (t1/2 = 4 hours) or may photolyse. The
photodegradation products of bisphenol-A vapour are phenol, 4-isopropylphenol
and a semiquinone derivative. Reaction with hydroxyl radicals would be expected
to be much slower in the particulate phase. Particulates will be removed from the
atmosphere by either dry deposition or photolysis.
Owing to its moderate solubility, transport in water is considered to be the
predominant distribution pathway for bisphenol-A. The rate of evaporation from
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water is likely to be low (as shown by its relatively low vapour pressure, moderate
Kow and low Henry’s Law constant), and it is more likely to adsorb onto sediment.
A fugacity model has estimated that 43% of bisphenol-A will partition to water,
32% to sediment, 24% to soil and <0.01% to air (Nordic Council of Ministers,
1996). Biodegradation in water has been estimated to take a few days with
reported half-lives of 1 to 4 days (Dorn et al., 1987).
Bisphenol-A is expected to have low to moderate mobility in soils because of its
relatively strong adsorption potential, and leaching potential should be negligible.
It is not expected to undergo chemical hydrolysis or volatilise significantly from
soil surfaces (Dorn et al., 1987) and will only biodegrade in soil under aerobic
conditions once the soil microorganisms have become acclimatised.
A BCF of <100 was measured for bisphenol-A in carp (Kawasaki, 1980; Dorn et
al., 1987), which indicates that it is unlikely to bioaccumulate to any significant
extent in aquatic organisms.

P H T H A L AT E S ( D E H P )
Owing to concern over the migration of DEHP from plastic tubing to drinking
water and from food packaging to food products, most research has focused on
determining levels in food and estimating human exposure through the
consumption of contaminated food. Little information is available on
environmental fate and exposure levels for ecosystems and wildlife.
DEHP is likely to be released to air and water during the production and disposal
(e.g. incineration, landfill) of plastic products. High concentrations of DEHP in
waste waters and sludges of urban and industrial areas may originate from
plasticised particulate materials in road dusts and road run-off (ECPI, 1995). As
in plasticised finished products, these phthalates in particulate material are not
bioavailable (ECPI, 1995).
DEHP has a low vapour pressure and low solubility (Table 3.11), so will evaporate
into air and dissolve in water at very low rates.
Atmospheric transport of DEHP adsorbed onto particulate matter may be a
significant route of environmental transport because of subsequent deposition in
rain. However, atmospheric photodegradation of DEHP may be a significant
breakdown pathway for phthalates as this process has been shown to be rapid,
with a half-life of less than two days (reviewed by DoE, 1991).
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The half-life in water has been estimated at 146 days (Klopffer et al., 1982) and
DEHP has a strong tendency to adsorb to particulate matter in water (where it
accumulates in sediments), soil (where it is held strongly by organic solids) and the
atmosphere. It has been estimated that 90% of available DEHP would be readily
adsorbed by organic soil particles in an ecosystem (Wams, 1987). If released to
soil it will neither evaporate nor leach into ground water.
Under aerobic conditions DEHP will biodegrade fairly rapidly and it seems
probable that this will be a significant breakdown route for phthalates in the
environment. Biodegradation will occur very slowly, if at all, in anaerobic systems,
explaining the observed presence of phthalates in many anaerobic sediments at
levels about three orders of magnitude higher than in overlying waters (ECPI,
1995). Thus, it appears that anaerobic sediments may form an important
environmental sink for phthalates. The effects that these adsorbed phthalates have
on organisms living in the upper sediment layer is not known.
In addition to atmospheric deposition, the spreading of sewage sludge containing
high levels of phthalates onto agricultural land could significantly increase the
loading of these compounds onto soil. However, the physical chemistry of
phthalates is such that it appears unlikely that they would be mobile in organicrich soils, although it is possible that the presence of other organic compounds
could affect their mobility (ECPI, 1995). Furthermore, phthalates will readily
biodegrade in aerobic soils. Barley grains grown on soil fertilised with sewage
sludge have been found to have higher concentrations of DEHP than those of
control plots, although the uptake percentages were relatively low, amounting to
only 0.1–0.2% of the initial amount added (Kirchmann & Tengsved, 1991).
DEHP is highly lipophilic as shown by its high log Kow value (Table 3.11) and as
such would be expected to bioconcentrate in aquatic organisms. Experimental
studies have shown BCFs generally ranging from 10 to 500 in fish and
invertebrates (see Table 3.15). Wofford et al. (1981) found that BCFs did not vary
significantly between different species of oyster, shrimp and fish (7–17) exposed to
concentrations of 100 or 500 µg/l for one day, possibly owing to the high levels of
variation between individuals of a given species. The BCFs observed in this study
were lower than those reported by Mayer and Sanders (1973) for freshwater fish
(135) and various invertebrates (93–720) exposed to water concentrations of
0.1–1.9 µg/l over the same period of time. Other studies have reported much
higher BCFs (of the order of 20 000), but these values have been attributed to
surface contamination of the organisms used in the experiment as a result of their
exposure to concentrations of phthalates in water at levels well above their
solubilities (reviewed by ECPI, 1995).
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Table 3.15 Examples of estimated bioconcentration factors* for DEHP
Organism

Water
conc.
(µg/l)

BCF after
1 day
3 days

7 days

14 days

Water flea (Daphnia magna)

0.3

93

250

450

–

Scud (Gammarus pseudolimnaeus)

0.1

720

1380

3900

3600

Midge (Chironomus plumosus)

0.3

270

330

350

–

Mayfly (Hexagenia bilineata)

0.1

210

250

575

–

1.9

135

245

369

458

Fathead minnow (Pimephales promelas)
Oyster (Crassostrea virginica)

100
500

11
7

Shrimp (Penaeus aztecus)

100
500

10
17

Sheephead minnow
(Cyprinodon variegatus)

100
500

11
14

Data from Mayer & Sanders (1973); Wofford et al. (1981)
BCF, bioconcentration factor; DEHP, Di(2-ethylhexyl)phthalate
* BCF can be misleading as uptake is dependent on factors such as level and duration of
exposure, species, etc

Various studies have shown a rapid loss of phthalates when the organisms were
placed in clean water, which has led to the suggestion that although aquatic
organisms will bioaccumulate phthalates, they are also capable of metabolising
them. Mayer and Sanders (1973) reported that 50% of DEHP and its degradation
products were eliminated from fish within seven days. Phthalate residues in the
water flea Daphnia magna have been shown to decrease rapidly to 6% of the
original DEHP concentration after 10 days (Sanders et al., 1973). Metcalf et al.
(1973) found that DEHP was degraded more rapidly in fish than in D. magna,
mosquito larvae, snails, clams or the aquatic plant Elodea canadensis.
Degradation involved the hydrolysis of the ester bonds to form monoethylhexyl
phthalate, phthalic acid, phthalic anhydride and a variety of polar metabolites
and conjugates. DEHP in the freshwater fish Lebistes reticulatus decreased to 37%
and 17% of total radiolabelled DEHP after two and seven days, respectively. This
contrasted with the greater than 95% of DEHP that remained in the invertebrates
and E. canadensis after two days.
Although data are reported above only for DEHP, it should be noted that, as for
other groups of compounds (e.g. PCBs, PCDDs), individual phthalates will
behave differently in the environment depending on their solubility, vapour
pressure, Kow value, and so on.
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ORGANOTIN COMPOUNDS
Organotin compounds are reasonably soluble in water (Table 3.11), and partition
coefficients between sediments and water have been found to be in the range of
103 to 104 (Unger et al., 1987; Kram et al., 1989). Tributyltin is moderately
lipophilic, and is therefore expected to bioaccumulate to a fairly high degree,
although reported log Kow values vary between 2.2 and 2.4, depending on pH,
ionic strength and nature of the medium (Fent, 1996).
Degradation of tributyltin in the environment takes place by sequential dealkylation to the dibutyltin, monobutyltin and inorganic tin compounds
(Waldock, 1994). De-alkylation may be mediated by a variety of chemical and
biological processes. For example, photolytic decay has been demonstrated by a
number of researchers (e.g. Soderquist & Crosby, 1980). It is clear that exposure
to ultraviolet light in the laboratory can produce rapid photolytic breakdown
(within 2 to 3 days), but in aquatic systems, with poor penetration of ultraviolet
light, biologically-mediated breakdown is more significant. In the aqueous phase,
half-lives have been shown to be in the order of days to months depending on
temperature and algal biomass (e.g. Seligman et al., 1986; Lee et al., 1987; Thain
et al., 1987). Although organotin compounds should be relatively non-persistent,
degradation rates are slowed by the presence of sediment, and tributyltin persists
in anaerobic sediments for a number of years (Waldock et al., 1990).
Complexation of tributyltin with dissolved organic matter appears to reduce its
availability and toxicity, presumably by slowing down the uptake process
(Langston, 1996). The extent of tributyltin bioaccumulation is highly dependent
on whether the main route of uptake is from water, sediment or diet. Water is the
only vector for tributyltin accumulation in algae, which may partly explain why
BCFs are lower in algae than in heterotrophic invertebrates where dietary
supplements of tributyltin can be important (Langston, 1996). Absorption of
tributyltin from phytoplankton is, for example, regarded as significant in
suspension feeders such as certain mussel and clam species, whilst benthic
sediments may provide up to 90% of accumulated body-burdens in deposit
feeding clams and burrowing polychaetes (Langston et al., 1994). Similarly, a diet
of mussels has been shown to contribute approximately 50% of the tributyltin
body burden in dog whelks (Bryan et al., 1989).
Bioconcentration factors for tributyltin (see Table 3.16) can vary by several orders
of magnitude between different estuarine organisms collected at the same field
site; they have been reported as ranging from 2 × 103 to 5 × 105 relative to the
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Table 3.16 Examples of bioconcentration factorsa for tributyltin
Organism
Macroalgaeb
Polychaeteb
Molluscsb

BCF
Fucus vesiculosis
Ragworm (Nereis diversicolor)
Bivalve (Petricola pholadiformis)
Bivalve (Mya arenaria)

Fish

1500
2000–20 000
12 000
500 000
500–5000

Data from Langston (1996)
BCF, bioconcentration factor
a

BCF can be misleading as uptake is dependent on factors such as level and duration of
exposure, species, etc; b BCF from organisms from the Itchen Estuary, Southampton (water
concentration 67 ng tributyltin/l)

surrounding water (Langston, 1996). Bioconcentration of tributyltin in
macroalgae species is much lower than in invertebrates, particularly faunal
bivalves. Interspecies variation in organotin body burdens is influenced not only
by physicochemical properties, but also by feeding habit and by the ability to
metabolise the parent compound (Langston, 1996). Bioconcentration factors in
aquatic organisms are generally highest in those species which lack efficient
degradation systems, such as molluscs, and lowest in animals with efficient
tributyltin metabolism, such as fish, crustaceans and polychaetes. Depuration
studies have shown that the metabolism of tributyltin is faster in algae (half-life of
2–3 weeks) and fish (half-life of 2–17 days) than in molluscs (half-life of
7–14 weeks in Mytilus edulis, Scrobicularia plana and Nucella lapillus; Bryan et al.,
1989; reviewed by Bryan & Gibbs, 1991; Langston et al., 1994). Degradation is
also efficient in mammals and birds, and the risk of food chain biomagnification
is unlikely to be significant for top-level consumers. For example,
biomagnification factors have been estimated as having a mean and maximum of
1 and 6.8 for bottlenose dolphins (Kannan et al., 1997) and a mean (and range) of
0.6 (0.15–4.6) for Steller sea lions (Kim et al., 1996b), indicating that these animals
are unlikely to magnify butyltins because they rapidly degrade and excrete them.
Bioconcentration factors may vary considerably even between species belonging
to the same phylum, giving rise to large differences in the proportion of tributyltin
and its metabolites present in their tissues (Langston, 1996). For example, within
the bivalve molluscs, organotin in Mercenaria mercenaria and Mya arenaria has
been reported as being principally present as tributyltin, the parent compound,
with limited signs of breakdown to dibutyltin (91% and 84% of total triorganotins
as tributyltin for these two species, respectively) leading to higher body burdens in
these organisms compared with other species (Langston, 1996). In contrast, 72%
of total organotins was present as dibutyltin in another sediment-dwelling clam,
Petricola pholadiformis. Therefore, differences in metabolic activity may
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contribute to the large variation in the BCFs observed between species such as M.
arenaria and P. pholadiformis even though they occupy almost identical ecological
niches (Langston, 1996).

S Y N T H E T I C A N D N AT U R A L O E S T R O G E N S

DIETHYLSTILBOESTROL
DES is no longer used commercially and therefore is no longer likely to be
released into the environment. Until its ban, release to the environment could have
occurred during transport, storage or disposal. Based on its physicochemical
properties, including a high log Kow value (5.07), DES is likely to adsorb strongly
onto soil particulates and sediment if released to land or water. Volatilisation from
the soil surface is probably not significant and if released to the atmosphere DES
vapour should rapidly oxidise, primarily by reaction with ozone, with an estimated
half-life of 11.4 minutes*. Considering the relatively short half-life and low water
solubility, wet deposition is not believed to be significant. Nothing is known about
biodegradation in natural waters, but DES has been shown to be resistant to
degradation in activated sludge (Lutin et al., 1965).
No other information was found in the general literature on environmental fate
and behaviour.

E T H Y N Y L O E S T R A D I O L , O E S T R O N E A N D 17 ß - O E S T R A D I O L
As summarised in Section 3.2.6, natural and synthetic steroids in municipal waste
waters are generally present at low concentrations (see Table 3.9 and 3.10).
However, as these steroids are physiologically active in very small quantities, it is
important to determine to what extent they biodegrade during normal wastewater treatment and in the receiving water bodies that may eventually be used for
water supplies (Tabak & Bunch, 1970).
Synthetic hormones such as ethynyloestradiol have lower solubility in water than
the natural hormones (e.g. oestrone and 17β-oestradiol; see Table 3.11) and, as a
consequence, the amounts removed by microflora from waste-water treatment
* Spectrum (1998) Chemical Fact Sheet available [at August 1999] from
http://www.speclab.com/compound/c56531.htm
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plants are also lower. Tabak et al. (1981) reported that 5–25% of total synthetic
hormone was lost when only primary treatment processes were employed in a
sewage-treatment plant, whilst 20–40% was lost if the plant had both primary and
secondary treatments. This compared with 35–55% and 50–70% losses,
respectively, of natural hormones. These results are in agreement with other
reports (Tabak & Bunch, 1970; Norpoth et al., 1973) which indicated that
synthetic oestrogens exhibited greater overall resistance to microbial degradation
than the natural hormones. Ethynyloestradiol, for example, was found to persist
intact in activated sludge over a period of five days, whereas natural progestanes
generally had half-lives of less than two days.
The susceptibility of natural and synthetic steroids to degradation by
microorganisms in activated sludge varies with the hormone and the type of
culture enrichment used in biodegradation studies (Tabak & Bunch, 1970). The
performance of sewage-treatment plants will also be greatly influenced by factors
such as the biological oxygen demand (BOD) and total suspended solids in the
effluent (Tabak et al., 1981). For example, there is a general increase in the
biodegradation rates of hormones as BOD decreases.
Little is currently known about the environmental concentrations, fate and
behaviour of these hormones in the aquatic environment. The need for further
research in this area has recently been highlighted by the fact that, even though
natural oestrogens are excreted in an inactive form, they appear to be re-activated
at some point between excretion and discharge in effluent from the sewagetreatment works (see Section 3.2.6). Thus, even though current methods remove a
large proportion of the total hormone burden from effluent, further research is
needed to assess sources and fate and behaviour in sewage-treatment plants in
order to improve the technical ability to remove these compounds from sewage
effluent (Environment Agency, 1996b). To fill these gaps in knowledge, the
Environment Agency and DETR are in the process of developing a strategy for
environmental and effluent monitoring of hormones in native fish populations in
rivers adjacent to sewage-treatment plants (Environment Agency, 1996a).
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3 . 4 S U M MA RY ON LE V E LS,
FAT E A N D B E HAV I OU R OF
E N D OC R I N E -D I S R U P T I NG
C H E M I C A LS IN T HE
E N V I RO NME NT

ENVIRONMENTAL LEVELS
Broad ‘order of magnitude’ ranges of environmental levels of the endocrinedisrupting chemicals reviewed in this section, recorded over approximately the last
decade in the UK, are summarised for different media in Figure 3.1.

F AT E A N D B E H AV I O U R
Uptake of chemicals in the aquatic environment occurs through direct uptake of
dissolved chemicals or through ingestion. In fish, lipophilic chemicals are more
readily taken up by passive diffusion across the gills than are hydrophilic
chemicals. The absorption efficiency of a chemical is dependent on its
physicochemical properties and, in a given species, is influenced by exposure level,
feeding habit and metabolic capacity.
The effects of endocrine-disrupting chemicals in organisms are influenced by the
timing of exposure. Organisms are particularly vulnerable to exposure during
embryonic development, as such exposure may lead to permanent organisational
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effects; exposure during adult life may lead to transitory activational effects.
Organisational effects reported include: pathological changes in the reproductive
tract, functional changes at puberty and during adult life, and persistent
impairment of immune function parameters, in rodents exposed to oestrogenic
compounds; disruption of sex differentiation in birds exposed to lipophilic
organochlorine compounds; increased feminisation of reptile embryos exposed to
PCBs; modification of gonads in male and female juvenile alligators exposed to
DDE; increased mortality during sac-fry development and when active feeding of
fry commences, among fish exposed to PCBs and/or DDE/DDT; and feminisation
of male carp exposed to 4-tert-pentylphenol during the sexual differentiation phase.
Although microorganisms play a fundamental role in the environmental
degradation and biotransformation of organic compounds, little is known about
how they may respond to or affect individual endocrine-disrupting chemicals in
the environment.
Aqueous solubility and adsorption to the soil matrix are major factors affecting
the bioavailability (to organisms exposed via the aqueous phase) of endocrinedisrupting chemicals in soils and sediments, and the bioavailability of organic
compounds in soils reduces with time (described as ageing). Soil moisture,
temperature and pH all affect plant metabolism and microbial activity and, hence,
the activity and biopersistence of chemicals in soil. Earthworms, which ingest
mineral material from soil, accumulate many non-ionic hydrophobic compounds,
such as PCBs.
Bioconcentration factors, which describe the tendency of a compound to
bioaccumulate, vary with species and level and duration of exposure. The more
lipophilic a compound the higher the BCFs are likely to be, although metabolism
and elimination will also play a role in bioaccumulation. Bioaccumulation may be
important for endocrine-disrupting chemicals because they could be released from
fat storage, and therefore cause high systemic exposure, during times of
starvation, egg production (in non-mammals) or lactation (in mammals), when
the animal or its offspring might be particularly vulnerable.
The lower chlorinated PCBs and PCDD/Fs, having higher vapour pressures than
the higher chlorinated congeners, are more likely to exist in the atmospheric phase.
The higher chlorinated congeners are less likely to degrade in the environment and
are more prone to bioaccumulation. Being lipophilic, chlorinated aromatic
hydrocarbons are retained in fatty tissues, although the ability to metabolise them
(e.g. as demonstrated for PCB congeners) may affect overall body burden.

155

L E VE LS, FAT E AND B E HAVIOUR

Concentration of pollutant (g/m3)

Figure 3.1 Summary of environmental levels in the UK of selected potential
endocrine-disrupting chemicals
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Alkylphenol ethoxylates are biodegraded via shortening of the hydrophilic chain
to 4-nonylphenol, NP1EO and NP2EO which, being more lipophilic than the
parent compounds, can be expected to be absorbed more readily to sewage sludge,
soils and sediments and to bioconcentrate in fish and aquatic organisms.
With moderate solubility and low vapour pressure, transport via water is likely to
be the major distribution route for bisphenol-A. Owing to a moderate Kow, it is
likely then to absorb onto sediments.
As DEHP has a low vapour pressure and low solubility, it will only evaporate into
air at very slow rates. Photodegradation and biodegradation may both be
significant breakdown pathways. In water it will dissolve slowly and tend to
adsorb to particulate matter. It is also likely to be readily adsorbed to organic
particles in soil. Being lipophilic it can be expected to bioconcentrate in aquatic
organisms, although there is some suggestion that aquatic organisms may be able
to metabolise phthalates.
Organotin compounds are moderately soluble in water and are also moderately
lipophilic and so expected to bioaccumulate to some extent. Bioconcentration
factors for tributyltin vary by several orders of magnitude between species, in part
owing to interspecies variations in ability to metabolise the parent compound.
Bioconcentration factors in aquatic organisms are, for example, highest in
molluscs, which lack efficient degradation systems, and lowest in fish, crustaceans
and polychaetes as these species can metabolise tributyltin efficiently.
As it is no longer used commercially, diethystilboestrol is unlikely to be released
into the environment. Synthetic hormones, such as ethynyloestradiol, are less
soluble than natural hormones, such as oestrone and 17β-oestradiol, and are more
resistant to microbial degradation. No data are available to estimate the likely
bioconcentration and bioaccumulation of synthetic and natural oestrogens.
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4 . 1 I NT ROD U CT ION

As there is concern over the endocrine-disrupting potential of a wide variety of
chemicals, a thorough reappraisal of existing regulatory toxicity testing methods
and strategies is now warranted, aimed at ensuring an adequate assessment of the
endocrine-disrupting activity of chemicals at the earliest possible stage. Ideally,
new chemical entities should be screened for endocrine-disrupting potential and
certain existing chemicals should also be reassessed using revised or new methods.
Within Europe and the USA attention has been focused by a number of
government sponsored reports (e.g. DEPA, 1995; IEH, 1995; EC, 1996;
Umweltbundesamt, 1996; EC, 1997; EPA, 1997). Federal legislation in the USA
(Food Quality Protection Act of 1996 and Safe Drinking Water Act of 1996)
requires the EPA to develop and implement a comprehensive screening
programme for oestrogenic and other endocrine effects (as considered necessary)
within a three-year period. The debate on the possible need to enhance existing
test methods or to develop new methods has moved to a global perspective with
the production by the Organisation for Economic Co-operation and Development
(OECD) of a detailed review paper on sex hormone disrupters (OECD, 1998).
Much of the attention to date has focused on human health aspects, but a
European workshop has specifically addressed wildlife aspects of the testing of
endocrine disrupters (Tattersfield et al., 1997).
To date ecological hazard and risk assessment processes have been based on
laboratory studies of end-points of ecological relevance (survival, growth and
reproduction), generally only in a few species. Although the rodent reproductive
studies currently used for human safety assessment would be expected to be
predictive for other mammalian species, few of the current regulatory tests using
non-mammalian wildlife are suitable for detecting endocrine-disruptive effects. In
order to account, at least to some extent, for the uncertainties of extrapolation
from such laboratory tests, regulatory control has been based upon the
application of safety (assessment) factors which are intended to provide
satisfactory safety margins. The present risk assessment paradigm is designed to
be precautionary but the applicability of the current safety factors to the effects
of endocrine-disrupting activity has not yet been established. There is a need to
identify appropriate test end-points and to validate test strategies that are of
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relevance to endocrine disruption to permit confident extrapolation from
controlled laboratory tests to effects at the population and, if possible, ecosystem
levels.
The following discussion seeks to define the requirements for effective testing
strategies and methods to detect ecologically significant changes in reproductive
function resulting from endocrine-disruptive effects of chemicals.

161

S CR E E NING ME T HODS

4 . 2 S C R E E NI NG S T R AT E GY
F O R R E P RO D U CT IV E E FFE CT S
I N W I LD LI FE

As a large number of chemicals potentially require investigation, and several
mechanisms of action have already been identified, there is a pressing need to
develop an efficient, integrated testing strategy capable of establishing the
endocrine-disruptive potential of chemicals and of assessing their potential
ecological impact. To date, concern has been greatest for chemicals affecting
oestrogenic or androgenic processes, but other mechanisms of endocrine toxicity
are known (e.g. progestagen, thyroid and arylhydrocarbon-receptor interference;
cross-talk of signal transduction pathways; and metabolic alteration of the ratio
of metabolites of oestradiol) and will have to be considered during the
development of a testing strategy.
It has been generally recognised (EC, 1997; Tattersfield et al., 1997; OECD, 1998)
that in practice two distinct tiers of testing will be necessary. An initial screen of
short-duration studies (tier 1) should be used to select or rank the priority of
chemicals for investigation by subsequent, longer-term, more detailed tests (tier 2;
see Figure 4.1). Clearly, given the number of chemicals requiring assessment, even
the chemicals to be submitted to the first tier of the screening process will need to
be ranked in order of priority. Prioritisation is likely to be driven by many factors
(e.g. available data on chemical structure, physicochemical properties, previously
established toxic effects, and use and exposure patterns). Owing to the current
limited knowledge of how endocrine disrupters work and how different wildlife
species may be affected, most chemicals will need to be tested at least at tier 1. It
should be stressed that the initial suite of ecologically relevant screening tests
(tier 1) should only be used to facilitate prioritisation of chemicals for subsequent
definitive testing. Short-duration studies with limited end-points cannot be
regarded as sufficiently predictive of effects on the reproductive performance of
individuals or populations to demonstrate a lack of endocrine-disruptive activity
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Figure 4.1 Summary of proposed tiered testing strategy for assessment of potential
ecologically relevant endocrine-disrupter activity

Candidate chemicals enter Tier 1
prioritised on basis of existing data

Tier 1

In vivo studies
In vitro studies

Structure–activity
relationships
Prioritisation step

Tier 2

Chronic/subchronic studies
Multigeneration studies

Hazard potential fed into risk
assessment process
Adapted from Tattersfield et al. (1997)

by a chemical. In line with the widely recognised definition of an endocrine
disrupter (see Section 1), in vivo tests must be considered as the studies of key
importance even at this stage of the testing process. Any structure–activity
relationship (SAR) models or in vitro test methods included in tier 1 will have a
secondary but still highly important role by providing additional information on
potential activity and suggesting possible mechanisms of action. They might also
be expected to play a valuable role outside the regulatory process by assisting in
the selection of candidate chemicals during product development. Given the
current knowledge base, the use of existing chronic or subchronic study designs to
provide a definitive assessment of a chemical’s endocrine activity is open to
question and, as discussed later in this section, to establish a chemical definitively
as an endocrine disrupter it may be necessary, at present, to perform full
multigenerational studies. However, efforts to develop and validate suitable
chronic or subchronic tests should continue.
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4 . 3 R E QU I R EME NT S FOR T E S T
ME T H OD S

Ideally, the tests incorporated into the proposed tiered testing strategy should be
applicable to novel and existing chemicals and to environmentally relevant
mixtures (such as effluent discharges). As this testing strategy is intended to focus
on identifying ecological rather than human hazards, the overall objective should
be to ‘prevent harm to the environment’ and, as such, the focus must be on
predicting effects on reproductive success in individual organisms and, ultimately,
at the population level. A key aspect of the testing strategy should, therefore, be
to demonstrate that a chemical does not adversely affect the production of viable
offspring. In this context ‘production of viable offspring’ is a broad concept
incorporating end-points such as parental breeding success, number of young
born and surviving to maturity, their growth and maturation rates, and the
reproductive success of these offspring. Alterations in such end-points will be of
much greater and more direct ecological importance than, for example, the
demonstration of modifications to blood hormone profiles.
For any given chemical, the range of taxa that will need to be included in a
testing strategy specifically to assess endocrine-disruptive potential may vary
depending upon available data and likely routes of environmental exposure. For
example, with certain classes of chemical (e.g. some pharmaceuticals) detailed
assessment of mammalian reproductive performance is often included as part of
the standard development programme and these studies may provide sufficient
data to address ecological concerns without the need for additional testing of
mammals, although in this case the specific testing of other potentially exposed
taxa may be necessary. However, for other types of chemical, such as industrial
products, information from standard toxicity tests may be much more restricted,
and additional studies in mammals, as well as other taxa, may be required to
assess endocrine-disruptive potential.
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Ideally, it would be highly desirable to limit in vivo testing to a single tier
comprising only one vertebrate and one invertebrate species (both of which had
been established as fully representative of all other species). However, given the
known differences in the biology of the various species and taxa, and the current
uncertainties relating to possible endocrine-disruptive mechanisms, this is an
unrealistic proposition. Instead it will be necessary to identify a suite of species
that are as representative as possible (based on comparative biology and
endocrinology, and on sensitivity to known endocrine-disruptive processes). This
list will require updating as the knowledge base increases and confidence grows in
issues of cross-species predictivity. Key aspects that must be addressed during the
selection of species for testing are:
❐

sensitivity to endocrine disrupters;

❐

inclusion of dimorphic sexes;

❐

rapidity of reproductive cycles;

❐

easily identifiable end-points;

❐

representativity of other taxa (and wherever possible of direct relevance to
UK fauna);

❐

hormonal receptor structure and expression level (as differences between
organisms may have important implications); and

❐

ease of use and maintenance in the laboratory.

In addition, susceptibility to endocrine disruption is known to vary with life-stage
and it is therefore important that the testing process addresses this issue. It should
also be noted that non-mammalian species may be subject to a range of adverse
effects which mammalian models are incapable of predicting, for example,
amphibian metamorphosis and, in arthropods, moulting and metamorphosis
control systems, sex ratio control systems or the development of intersex states
(e.g. as in copepods). Thus, to assist in the assessment of the potential ecological
impact of chemicals and to improve ongoing ecological monitoring, there is a
need to expand the range of wildlife testing conducted to include a wider (and
more representative) range of species and end-points.
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Within tier 1, the in vivo models selected should comprise a range of simple shortduration tests utilising representative species to assist in ranking of chemicals for
further (definitive) testing. Each of these tests should have a limited number of
well-defined, easily assessed end-points capable of detecting endocrine disruption
by established mechanisms. As such, these tests need not directly address the
ultimate objective of assessing the overall impact on reproductive performance, an
aspect which is likely to be better addressed by the more extensive testing that
would occur in the second tier.
The tests used in the second tier should be wide-reaching, allowing assessment of
the effect of a chemical on the overall reproductive performance of the organisms,
and using end-points that cover morphological, physiological and biochemical
responses and, where applicable, potential effects on behaviour, memory and
learning. The requirements of the various tests are more fully discussed in the
following critical review of existing test methods. It should be noted that current
regulatory tests have not been specifically designed to detect endocrine disruption
and therefore need to be optimised, and specific models need to be developed that
are better suited to this task.
Before any species or test method can be accepted for regulatory use, thorough
validation will be necessary. This will require definition of the model and the
development of a standard set of parameters to measure reproducibility. In
addition, the system’s responsiveness to a reference set of highly characterised
chemicals covering a range of relevant activities will need to be established. At
present there is no way to extrapolate from effects seen at the individual level to
higher levels of ecological complexity (e.g. community level).
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4 . 4 C R I T I C A L A P P R A I S A L OF
E X I S T I N G T ES T ME T HOD S

All current regulatory toxicity test models are open to interference from many
factors that can limit the utility of the data for the assessment of endocrine
disruption. Examples include the influence of general stress both prior to and
during a test on the reproductive performance of animals, and the influence of
water quality on the toxic responses shown by fish. For many of the nonregulatory tests that have been proposed in the literature for identifying endocrine
disruption, there has yet to be general agreement on optimal methodology, even
for tests that have been in use over considerable periods of time (in some cases for
decades). Furthermore, for some methods, even the strain of animal used may
significantly influence response. In view of the difficulties in standardising test
methods, it may be appropriate to consider an alternative approach to the design
of tests, which would be less prescriptive in method design and allow sufficient
flexibility to develop appropriate testing regimes on a case-by-case basis,
depending on the species and end-points of primary interest. Under such a
strategy it would, however, be necessary to define a range of appropriate test
conditions under which a specific series of responses would be expected, in order
to permit the validity of the study and the quality of the test data to be assured.
It should also be recognised that standard regulatory tests used to assess the
toxicity of chemicals employ animals held in pristine conditions at relatively low
densities. Such tests do not directly reflect the conditions of species in the wild.
Although it is obviously impossible to recreate the conditions to which natural
populations are exposed, consideration should be given to the inclusion of more
ecologically relevant designs, such as mesocosm studies, which are capable of
incorporating factors such as density-dependence. Such designs are likely to be
practicable for invertebrate species although not generally feasible for vertebrate
species. Complementary laboratory and field studies to assist in the development
of an understanding of the ecological relevance of any endocrine-mediated effects
exhibited should also be considered.
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Existing regulatory and non-regulatory test models for possible use in the
proposed tiered testing strategy are briefly reviewed below: it is beyond the scope
of this document to review comprehensively all such models that could be applied
to the study of endocrine-disruptive activity. The various classes of test are,
however, assessed in terms of their potential for use or adaptation. A more
detailed review of current test methodologies for sex hormone disruption, can be
found in the OECD detailed review paper (OECD, 1998).

4.4.1 ST R U C T U R E –AC T I V I T Y
RELATIONSHIP

(SAR) M O D E L S

The basis of SAR modelling is the mathematical description of the relationship
between the chemical or biological properties of a series of chemicals and their
molecular structure or other physicochemical properties. Once such relationships
are established, it becomes theoretically possible to use the model to predict the
activity of untested chemicals. Such models would provide highly effective tools
for screening and prioritising large numbers of chemicals.
Several models relating to the field of endocrine disruption are under active
development, especially within the US Environmental Protection Agency (EPA).
As noted by the Society for Environmental Toxicology and Chemistry (SETAC),
two different approaches to SAR modelling exist: the correlative approach in which
variations in molecular structure within a congeneric series of chemicals are related
to variations in toxicological properties; and the pattern recognition approach
which attempts to identify common stereo-electronic characteristics among
structures that elicit similar toxicological activity (Tattersfield et al., 1997). In each
case, a prerequisite for successful modelling is the fundamental understanding of
the toxic mechanism and of the critical structural characteristics and properties
that govern the activity.
In the field of endocrine disruption, progress has been limited by the wide variety
of potential mechanisms of action and the multiple organisational levels at which
endocrine disruption can operate. In addition, there are significant gaps in basic
understanding of the biology of animals that is relevant to endocrine disruption,
and the possibility of novel mechanisms of action and unknown cellular receptor
structures should always be considered. Any system used for formal chemical
regulatory purposes will require rigorous validation. While it might be
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conjectured that SARs addressing specific chemical:receptor interactions, based
on data from in vitro test models, might be the first to become widely available, the
inherent predictive limitations of SAR models must be recognised. Thus, for the
foreseeable future within the regulatory arena, SARs are likely to serve only a
secondary role to that of in vivo testing, but they are likely to be of considerable
value as non-regulatory tools for prioritisation or selection.

4.4.2 IN V I T RO M O D E L S

No in vitro model to evaluate endocrine disruption has yet been accepted for use
by regulatory agencies, although many possible models have been suggested. The
available models include cell-free systems, tissue or primary cell cultures of human
or animal origin, established (immortalised) cell lines derived from human or
animal tissue, and yeast based assays. The established animal or human cell line
and yeast cell models may be further subdivided, depending on the presence or
absence of transfected hormone receptor and/or reporter genes. The utility and
limitations of such methods have been widely reviewed (see EC, 1997; Tattersfield
et al., 1997; Zacharewski, 1997; OECD, 1998). OECD (1998) noted that the
routine use of human primary tissue models is impracticable and animal primary
tissue models have yet to be developed into usable systems. A number of models
incorporating transfected receptor/reporter genes in established cell lines have
been widely used as screens for the mechanistic study of oestrogenic and
androgenic activity of chemicals. However, the sensitivity of cell lines may differ
between subtypes and, for a given subtype, can alter with repeated culture cycles
(passages) of the cells (Villalobos et al., 1995). Responsiveness may be highly
dependent on the level of receptor expression by a clone.
For in vitro screens using cell lines, cell stock uniformity is an important variable
that can affect reproducibility. Before adopting such in vitro screens as regulatory
test systems, laboratories would need to adopt identical lines, and measures would
be needed to ensure that drift in specification did not occur with repeated
passages. In addition, a number of the non-regulatory models are subject to
patents and so international regulatory adoption is likely to prove difficult. The
generic advantages and disadvantages of cell-based in vitro systems are
summarised in Table 4.1. Cell-free models have also had a role in the mechanistic
investigation of substance–receptor interactions, but because of their highly
artificial nature they are not very predictive of in vivo activity and may be of
limited value, except as part of a testing battery.
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Table 4.1 Generic advantages and disadvantages of cell-based test systems
Advantages

Disadvantages

Live animals not required

Highly restrictive/specific end-point

Inexpensive, rapid, high throughput

Limited mechanism of action

May be automated

Can only detect established mechanisms of activity

Amenable to fractionation techniques
(to identify active constituents in complex
mixtures)

Very limited ability to mimic in vivo metabolic,
pharmacokinetic, pharmacodynamic,
bioconcentration and bioaccumulation processes

Very small quantities of substance/mixture
needed

Unable to address critical windows of sensitivity
(e.g. in developing organisms)

Can investigate metabolites independently
of parent compound
Useful as screen
Highly specific mechanism of response
provides insight into mode of action

The limitations of in vitro tests mean they cannot be used as the sole screens in
tier 1. They may, nonetheless, play an important role in screening of large
numbers of chemicals during selection of candidates for further investigation, and
in vitro tests may also give some insight into possible mechanisms of action.

4.4.3 IN V I VO M O D E L S

In vivo models have a number of advantages over the in vitro systems discussed
above:
❐

in vivo models are highly integrative;

❐

mixed mechanisms of action and numerous end-points can be evaluated;

❐

inactive substances can be metabolised to active products and vice versa;

❐

allowances can be made for pharmacokinetic and pharmacodynamic
parameters; and

❐

substances can be administered to surrogate species of relevance to
environmental exposure situations.
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In vivo models, used for both regulatory and non-regulatory purposes, of potential
application to the study of endocrine disruption have been identified. A number
of the in vivo models currently in use in regulatory hazard assessment either
already address end-points of potential relevance to endocrine disruption or
could be modified to permit such assessment. Various countries and economic
areas have tended to develop their own designs and, for any given chemical, the
tests actually used will depend upon many factors (e.g. intended use and amount
produced). The guidelines published by the OECD (1993a,b) are, however,
representative of both the scope and intent of the various designs. Other tests
focused on wildlife that warrant specific mention include a number relating to
effects on beneficial insects, from the European and Mediterranean Plant
Protection Organisation (EPPO, 1992, 1993), and partial and full life-cycle tests
developed by the EPA, using various freshwater and marine fish (Eaton, 1970,
1974; Spehar, 1976; Allison & Hermanutz, 1977; McKim, 1985). The full life-cycle
tests for fish, in particular, are little used owing to their extended durations and
high resource requirements. Table 4.2 lists the regulatory tests of potential
relevance, and detailed appraisals of their relevance to the assessment of
endocrine disruption can be found in a SETAC report (Tattersfield et al., 1997)
and an OECD detailed review paper (OECD, 1998).
It should be noted that there is a general need to establish to what extent the
responsiveness and sensitivity of the species and end-points used in in vivo tests
are relevant to wildlife in the UK.

MAMMALIAN TESTS
The majority of the mammalian regulatory tests use rodents, and these tests have
been designed principally to provide information for human risk assessment
although the data generated will also be of relevance to other species. For most
chemicals, the preponderance of rodent toxicity and pharmacokinetic data
generated during development will relate to rats rather than mice, and this may
lead to rats also being the preferred species for the evaluation of endocrinedisruptive activity, in the absence of valid scientific reasons to the contrary.
Of the available short-duration regulatory tests, most address acute toxicity
(OECD 401, 420 & 423) and have few end-points, none of which are of direct
relevance to endocrine disruption. There is, therefore, a need to validate a range
of suitable short-term tests of endocrine disruption to be used for regulatory
purposes. The rodent uterotrophic or vaginotrophic assays appear most suitable
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Table 4.2 Summary of regulatory tests of possible relevance to the assessment of
endocrine disruption
Proposed testing tier/ guideline

Study type

Tier 1
Mammalian
OECD 401
OECD 420
OECD 423

Acute oral toxicity (14 days)
Acute oral toxicity – fixed dose method (14 days)
Acute oral toxicity – acute toxic class method (14 days)

Non-mammalian vertebrate
OECD 210
OECD 204

Fish, early life stage toxicity test (14 days)
Fish, prolonged toxicity test (14 days)

Invertebrate
OECD 202
OECD 207
EPPO 22
EPPO 22
EPPO 23

Daphnia, acute mobilisation test and reproductive test
Earthworm, acute toxicity test
Honeybee, plant protection products, evaluation
Honeybee, tests for growth regulating insecticides
Side effects on natural enemies of insects and mites

Tier 2
Mammalian
OECD 407
OECD 408
OECD 409
OECD 412
OECD 414
OECD 415
OECD 416
OECD 421
OECD 422
OECD 452
OECD 453

Repeated dose oral toxicity study in rodents (28 days)
Subchronic oral toxicity – rodent (90 days)
Subchronic oral toxicity – non-rodent (90 days)
Repeat dose inhalation toxicity (28/14 days)
Teratogenicity
One-generation reproductive toxicity
Two-generation reproductive toxicity
Reproduction/development toxicity screening test
Combined repeated dose toxicity study with the
reproduction/developmental toxicity screening test
Chronic toxicity studies (>13 weeks)
Combined chronic toxicity/carcinogenicity studies (>13 weeks)

Non-mammalian vertebrate
OECD 205
OECD 206
EPA

Avian dietary toxicity test (>13 weeks)
Avian reproduction test (>13 weeks)
Partial/full life-cycle fish tests

Data from Eaton (1970, 1974); Spehar (1976); Allison & Hermanutz (1977); McKim (1985);
EPPO (1992, 1993); OECD (1993a,b)

as screening tools for assessing oestrogenic agonistic or antagonistic activity.
These have been widely used for many decades (e.g. Allen & Doisy, 1924; Bülbring
& Burn, 1935; Dorfman et al., 1936; Jones & Edgren, 1973; Deckers & Schuurs,
1989; O’Connor et al., 1996), but there is no generally accepted protocol and it is,
therefore, necessary to validate the treatment regimens, conditions and end-points
that offer the greatest sensitivity and specificity. The weight of secondary sex
organs (generally the prostate) in males has been used as an end-point of
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androgenic potential in intact (Chen et al., 1988) or castrated (Phillips et al., 1990;
Kuhnz & Beier, 1994) rats. Use of castrated animals will facilitate assessment of
androgenic agonistic activity. A number of alternative prostatic end-points have
been used, including cytosolic and nuclear androgenic receptor binding (Botella et
al., 1987) and ornithine decarboxylase activity (Fjösne et al., 1992), but the
preferred mammalian assay for androgenic activity appears to be prostatic weight
assessment in castrated rats.
Existing mammalian subchronic, chronic and reproductive assays that are
compliant with regulatory needs may be of potential use in tier 2. In the
subchronic (OECD 407, 408 & 412) and chronic (OECD 451, 452 & 453) tests, in
utero or perinatal exposure of the animals may potentially (although in practice,
rarely) be used while a wide range of end-points (such as behaviour, blood
composition, organ weight measurement and morphology) are specified. As noted
previously, from the ecological perspective the crucial factor is the influence a
chemical could potentially exert at the population level through modifying
reproductive success. Although existing subchronic/chronic toxicity test designs
provide valuable information on the endocrine-disrupting potential of a chemical,
there is scope for enhancing the end-points used to permit a more detailed
investigation of endocrine and reproductive functions. Given the current limited
knowledge base, for many chemicals full multigeneration studies, including
assessment of the development and reproductive capacity of offspring, are likely
to be required to rule out any endocrine-disrupting activity. Research is needed to
establish the predictability and sensitivity of potential subchronic/chronic endpoints as markers of such adverse reproductive change before the nonreproductive tests in tier 2 can be considered definitive.
Depending on the class of chemicals, considerable data on reproductive function
in rodents may routinely be available from the human hazard assessment process.
For example, pharmaceutical products will have been extensively assessed while
industrial products are likely to have been subject to limited testing. Among the
existing regulatory methods that are likely to have been used in the case of
pharmaceutical or agrochemical products to assess reproductive function (e.g.
OECD 414, 415, 416, 421 & 422), there is scope for extending the end-points
examined in order to increase the tests' sensitivity to endocrine disruption. For
example, for OECD 421, gonadal and accessory sex organ weight analysis,
monitoring of secretary product production, sex hormone level assays, detailed
spermatogenesis and sperm analysis of the parents and, in the offspring, a more
rigorous pathological examination could be incorporated, while OECD 415 could
be similarly extended by assessing offspring behavioural development, memory
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and learning performance. For the existing two (multi)-generation design
(OECD 416) that might be expected to form the basis of any tier 2 mammalian
test for endocrine-disruptive potential, scope for enhancement also exists. The
examination of the weight and pathology of reproductive organs could be
extended, and detailed spermatogenesis and sperm investigation of the parental
generation and the offspring could be added. Perhaps more significantly, increased
attention could be focused on the physical, sexual and behavioural development
and the learning and memory abilities of the offspring.

NON-MAMMALIAN TESTS
When current non-mammalian regulatory tests are considered, most address
acute or subacute toxicity and have few end-points, none of which are of direct
relevance to endocrine disruption. A brief review of potential short- and longerterm studies is presented below; more detailed discussions of potential for
endocrine effects can be found in Tattersfield et al. (1997) and Ankley et al. (1998).

BIRDS
For short-term screening assessments, test systems addressing simple end-points
of relevance to endocrine disruption should be developed by modification of the
existing study designs using precocial species. Longer-term, multigenerational
assessments of avian reproductive function currently use OECD 206, in which
Bobwhite or Japanese quail or mallard ducks are dosed for at least 20 weeks and
egg-laying activity is stimulated by control of photoperiod. Eggs are then
artificially incubated and the young observed for two weeks. It should be noted
that the OECD, in conjunction with SETAC, are already considering
enhancement of the existing avian designs (OECD, 1996). The current OECD 206
method includes several end-points of relevance to hormonal disruption in both
the adult (e.g. survival, behaviour, rate of egg production and viability, and gross
pathology of the gonads and accessory sex organs) and the offspring (survival of
young, condition, growth and general behaviour). However, the current design
fails to include any assessment of parental behaviour. Successful reproduction in
many bird species is dependent on complex mating and parental behaviour
patterns, and the precocial species currently employed do not permit assessment
of behavioural disturbances. Additional study designs using altricial species (e.g.
dove) need to be developed to assess whether chemicals can disrupt the care of the
eggs and young by the parents.
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FISH
Fish development is investigated in the OECD 210 early life-stage design; this is a
potentially valuable initial screen in that it permits study of the early
embryonic/larval stages of the fish and hence would be expected to detect
endocrine-disruptive events. However, the study only covers a restricted part of
the life cycle and, therefore, is unlikely to detect all possible endocrine-disrupting
effects. It is unlikely that additional end-points could be included without
significantly extending the duration and basic nature of the test, so the
development of alternative tests may be more appropriate. An example would be
the use of reproductively mature fish to measure simple end-points indicative of
hormonal interference, such as egg production in zebra fish or fathead minnow for
oestrogenic interference, and effects on secondary sexual characteristics (such as
fatpad changes in the fathead minnow) for androgenicity. Other potential endpoints include sex hormone blood levels, gonadosomatic and hepatogonadal
indices, vitellogenin production and gamete viability.
The existing full or partial life-cycle tests developed by the EPA offer detailed
information on the reproductive performance of fish and as such represent definitive
(tier 2) test designs. However, these current designs are protracted and costly to
perform, and their general use is unlikely to be economically feasible. As for all
multigenerational designs, from a practical standpoint the species used should
ideally exhibit rapid life cycles. This precludes the routine use of UK-relevant
species which have extended reproductive cycles and slow development and suggests
the need to develop protocols employing tropical species. It will, however, be
necessary to include in any validation exercise an assessment of the relevance of the
responses of tropical fish species to UK and other non-tropical species.

I N V E R T E B R AT E S
OECD 202 is a short-duration test which uses daphnids to assess changes in
mortality, behaviour and reproductive capacity over a number of generations and
has end-points clearly relevant to endocrine disruption. Indeed, although of only
short duration, this test includes a wide range of reproductive end-points through
several generations and, as such, could be considered for inclusion in the tier 2
testing. This example underlines the possibility that a series of cost-effective,
short-duration, multigenerational studies could be developed using invertebrate
species with short reproductive life cycles. The other current regulatory tests in
invertebrates are restricted in nature and unlikely to be amenable to enhancement.
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Thus there is an outstanding need to develop a series of tests to investigate
endocrine disruption in the invertebrates. Care must be taken to ensure that the
species selected are representative of the various types of invertebrate and that the
end-points used include those specific to invertebrates (such as pupation, larval
development and moulting). Possible initial test models should include egg
production in molluscs and crustacea having short life cycles (e.g. some copepods
which show continuous egg production) and larval development and egg-laying
activity in the honeybee. The earthworm, an hermaphrodite, should also be
considered for use because of its importance in terrestrial ecology. If possible, the
end-points identified should be of relevance to biomarkers that could be employed
in field monitoring, as this would facilitate integration of laboratory and field
investigations.

NOVEL TEST METHODOLOGIES
In addition to the test designs discussed above, a number of novel models have
been proposed for the assessment of endocrine disruption. These include, for fish
and birds, the injection of chemicals directly into eggs or via administration to the
mother, followed by monitoring of the subsequent development of the offspring.
The development of transgenic fish having relevant receptor and reporter systems
has also been suggested to enable rapid detection of endocrine-disrupting activity
(through, e.g., use of a colour-change reporter system), followed by
developmental monitoring of the animals to investigate the longer-term
significance of such effect (EC, 1997). Such systems would require assessment and
validation before adoption.
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4 . 5 OT H E R AP P ROACHE S TO
T H E D E V E LO P ME NT OF A
S C R E E N I NG S T R AT E GY

The EPA Endocrine Disrupter Screening and Testing Advisory Committee has
published a report* containing proposals for a prioritisation, screening and
testing strategy, also based around a tiered approach, such as the one developed
herein. However, there is, as yet, no consensus on the actual approach to be
adopted. The OECD is working towards the development of consensus through
the establishment, in 1998, of the Working Group on Endocrine Disrupters
Testing and Assessment (EDTA), and through the ongoing development of test
protocols, for example for mammalian screening and fish life-cycle tests. Other
national and international meetings have also been held to promote the
development of a consensus approach to the testing of potential endocrinedisrupting chemicals (e.g. EU/US Transatlantic Co-operation in Human and
Environment Health Experts Panel Meeting on Opportunities for Collaborative
EU/US Research Programmes; 19–21 April, 1999 in Ispra, Italy).

* EDSTAC (1998) Endocrine Disrupter Screening and Testing Advisory Committee
(Final Report) available [at August 1999] from
http://www.epa.gov/opptintr/opptendo/finalrpt.htm
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4 . 6 F U R T H E R CHA LLE NGE S

An early stage in any attempt to identify suitable animal models for use in novel
testing methods must involve confirmation of the validity for endocrinedisrupting activity of the current assumptions about extrapolations across species
or taxa. For example, among the vertebrates it is currently assumed that adverse
effects in birds and fish will be predictive for reptiles and amphibia. The sensitivity
of reptiles and amphibia to hormonal disrupters does, however, require
clarification, particularly in amphibia where metamorphosis plays a key role (with
consequent unique targets for endocrine-mediated effects). For the various
invertebrate groups it is also essential that the existing knowledge on their
endocrine and reproductive systems is evaluated to:
❐

define which phyla and taxa are likely to be particularly sensitive and hence
most likely to be at risk;

❐

understand differences in endocrinology between invertebrate species and,
hence, gain insight into the extent to which it is possible to extrapolate
between species; and

❐

determine which endocrine-disruptive mechanisms are of primary
importance in invertebrates.

Detailed investigation of a range of species will be necessary to establish which are
optimal for use in testing for endocrine disruption. However, on the basis of the
criteria established in Section 5 of this report, a number of potential candidates
can be proposed for the different animal groups (Table 4.3).
There is also a need to rank the sensitivities of the various end-points used in the
test models and, very importantly, to prioritise their significance as markers of
endocrine disruption. Current progress in this field is limited by the restricted set
of reference chemicals available for study.
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Table 4.3 Candidate species for use in tests for endocrine-disruptive potential
Environment

Species

Terrestrial
Mammals

Rodents

Birds

Precocial species (e.g. quail) for tier 1
Precocial and altricial species (e.g. dove) for tier 2

Invertebrates

Honeybee and, possibly, earthworm

Aquatic
Fish

Tropical species (e.g. fathead minnow or zebra fish)

Invertebrates

Scrobicularia, Morisa, Copepod, Bryocampus, Platyneireis and, for
short-term studies only, Carcinus spp.

At present there are concerns that endocrine-mediated effects may show an
inverted-U-shaped dose–response curve (vom Saal et al., 1997)*. There is a need
to clarify this and, if it is confirmed, to define the frequency at which such an
effect is likely to occur using a range of chemicals and mechanisms of action. If
an inverted-U-shaped dose–response curve is established as a reasonably common
feature, this would have a considerable impact on test design and risk assessment
strategy, as well as having important implications for environmentally relevant
situations where organisms are exposed to complex chemical mixtures at a wide
range of concentrations. The potential role of chemical interactions such as
antagonism, additivity and synergy in exposure to complex mixtures also
warrants further study. Arnold et al. (1996) reported synergism between endocrine
disrupters when tested for effects in vitro although the paper was later withdrawn
(McLachlan, 1997) and other studies have failed to confirm such synergistic
effects (Ashby et al., 1997; Ramamoorthy et al., 1997). Given the range of
potential mechanisms by which disruption might occur, additivity might be
expected where the chemicals present in a mixture operate through similar
mechanisms of action, whereas synergistic interactions would only be expected to
occur in vivo when chemicals were operating via different mechanisms.
The likelihood of adverse effects on population level or structure (i.e. the
population’s ability to respond to environmental perturbation) should be a key
aspect of any assessment of the potential hazard of a chemical to the
environment. Although it may become possible, with current test designs, to
extrapolate fairly confidently from effects on the various end-points to the impact
on the individual organism, further extrapolation to the population level is
*

Whereas the traditional toxicological assumption is that response will increase in line with rising
dosage, it has been suggested that, for endocrine disruption, low dosages may elicit unexpectedly
large responses compared with effects at either higher or very much lower dosages.
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extremely difficult. This is partly a reflection of current uncertainty about the
biological significance of some of the biomarkers used, but also reflects lack of
knowledge about the relative importance and interactions of the many factors
that influence animal populations in the wild. Of these, density-dependent factors
are believed to be of great importance to wild populations, but such influences are
not addressed in the traditional test designs. Theoretically, endocrine disruption
could exert a number of effects on a field population by modifying the fecundity
or growth of individuals (see Section 2). There is, however, a need to determine
the actual importance of the various ecological factors in relation to endocrinemediated effects, before attempting to modify the risk assessment process.
Thus, although traditional toxicity tests can provide information on effects in
individuals (for a variety of end-points, e.g. reproduction, growth, mating,
behaviour) that might be suitable for limited modelling of effects at the population
level, it is likely that the power of such tests to predict population effects in the
wild will remain limited. However, further development of techniques such as lifetable and stock recruitment models (which are used to address population effects)
might offer the best possibility of developing more ecologically relevant tests of
endocrine-disrupting activity in the future.
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4 . 7 S U MMA RY ON
D E VE LO P M E N T OF T E S T S FOR
E ND OC R I N E -D IS R U P T IV E
EFFECTS

Screening to identify endocrine-disrupting chemicals should be approached using
a two tiered strategy. In tier 1 an initial screen based on SAR models and shortterm tests, including in vivo studies, should be used to select and rank the priority
of chemicals for investigation in subsequent, longer-term, more detailed tests
(tier 2) which, for the present, should generally include multigeneration studies.

REQUIREMENTS FOR TEST METHODS
The focus of a screening strategy should be to identify chemicals that may cause,
by an endocrine-disrupting mechanism, an adverse effect on the reproductive
success of individual organisms and populations. Although for some classes of
compounds (e.g. pharmaceutical chemicals) the toxicity studies currently required
for regulatory purposes may provide suitable data to assess endocrine-disrupting
activity in mammals, for many chemicals it will be necessary to develop additional
studies in order to evaluate any ecological impact resulting from endocrine
disruption. Tier 1, short-term in vivo studies should comprise a limited number of
tests with well defined end-points to detect endocrine-disrupting activity by
defined mechanisms. Tier 2 tests should address morphological, physiological,
biochemical and behavioural end-points that can be used to assess the impact of
a chemical on overall reproductive performance.
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APPRAISAL OF TEST METHODS
At present, SAR models are unsuitable for evaluating endocrine-disrupting
activity for regulatory purposes owing, in part, to the wide variety of potential
mechanisms of action and to the lack of understanding of basic animal biology
relevant to endocrine disruption. Nonetheless, SAR models may be useful
additional tools for selection and prioritisation of chemicals for further testing.
In vitro models of potential use in tier 1 include cell-free systems, tissue or primary
human or animal cell cultures, human or animal immortalised cell lines and yeastbased assays. The limited range of end-points and limited validation of the
available assays mean that such tests cannot be used as the sole components of the
tier 1 screen and in vivo studies will also be required.
Several existing in vivo assays, including some currently in use for regulatory
purposes, either already give information on endocrine-disrupting activity or
could be modified to give such information. Most existing short-term tests for
acute mammalian toxicity (usually carried out in rodents) are not informative
about endocrine-disrupting potential; other short-term in vivo tests, such as the
rodent uterotrophic assay and weight of secondary sex organs, require validation.
Some existing subchronic and chronic mammalian studies provide additional data
on reproductive function; other toxicity studies could be used or extended to
provide information on in utero and perinatal effects and on end-points of more
relevance to an evaluation of endocrine-disrupting activity. Greater use of
multigenerational mammalian studies would also help to provide definitive
information about endocrine-disrupting potential in mammals. Few existing nonmammalian regulatory tests provide information on endocrine disruption, though
a few could be modified to provide additional data. Some longer-term,
multigeneration studies in birds assess end-points relevant to endocrine disruption,
such as survival, rate of egg production, viability, and gonadal morphology. Early
life-stage studies in fish allow the detection of endocrine-disrupting events at early
embryonic and larval stages. Additional studies are needed to evaluate endocrinedisrupting activity at other stages of development. Current full or partial life-stage
studies could be used to provide definitive tier 2 tests, but they are costly and
depend on species such as tropical fish with rapid life cycles, which may not be
representative of non-tropical species. Existing short-duration tests on daphnids
provide information on a wide range of reproductive end-points over several
generations, and as such could be included in a testing strategy as tier 2 tests for
endocrine disruption. Nonetheless, there is an urgent need to develop tests for
endocrine-disrupting activity in a wider spectrum of invertebrate species.
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Promising novel methods to test for endocrine-disrupting activity include the
injection of chemicals directly into mother fish or birds or their eggs, and
subsequent monitoring of the development of offspring, and the development of
transgenic fish to facilitate rapid detection of endocrine-disrupting activity.
The traditional toxicity tests assess effects in individuals; further development of
techniques such as life-table and stock recruitment models are necessary to enable
extension of evaluations to include the effects of endocrine-disruption at the
population level.
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DIS CUS S ION AND CONCL US ION S

5 . 1 E F F E C T S OF E ND OCR INE
D I S R U P T I ON AT T HE
I ND I V I D U A L A ND
P O P U L AT I ON LE V E LS

ASSESSMENT OF CURRENT KNOWLEDGE
Some observations of reproductive abnormalities in natural populations of
mammals, birds, reptiles, fish and molluscs are suggestive of chemically-mediated
endocrine-disruptive effects. The chemicals implicated include organochlorine
compounds (such as PCBs and PCDDs in marine mammals, birds and reptiles),
Kraft mill and sewage effluent (in UK freshwater fish) and organotin compounds
(in molluscs). Often exposure has been to a mixture of chemicals at heavily
polluted sites, for example alligators in Lake Apopka, so that identification of the
specific chemical(s) responsible has rarely been possible. Chemically-mediated
endocrine disruption has been established at the population level only for
organotins in neogastropods.
Experimental studies have provided supporting evidence for endocrine disruption
in seals (fed a PCB contaminated diet), birds (following maternal exposure or
treatment of eggs with organochlorine pesticides), reptiles (based on turtle eggs
treated with certain hydroxylated PCBs), amphibians (including toads treated
with DDT or oestrogens and Xenopus treated with methoxychlor), fish (based on
in vivo studies on β-sitosterol and in vitro tests for activity of alkylphenols,
phthalates and oestrogens) and invertebrates (including daphnids exposed to
alkylphenol, diethystilboestrol and some pesticides).
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As noted above, the population-level significance of endocrine disruption in
individuals within a population is largely unknown. The decline in populations of
species of neogastropods (particularly Nucella lapillus) as a result of organotin
exposure, represents the only proven case where endocrine disruption by a
particular pollutant has led to a population-level effect. Owing to the influence of
factors affecting population dynamics, such as density-dependence, which may
operate in some species, impairment of reproductive function at the level of the
individual will not necessarily be reflected in population-level changes.

F U T U R E I N V E S T I G AT I O N S
In order to make a more comprehensive assessment of the ecological significance
of endocrine disruption, more informative studies will be needed than those that
are currently available. Further studies will require the development of better
techniques to investigate the environmental impacts of endocrine disrupters,
particularly at sites where endocrine disruption is suspected. In essence, this
involves the establishment of suites of sentinel species and associated end-points,
including biomarkers, to be used in integrated laboratory and semi-controlled
field studies to investigate potential effects at the population level. The choice of
species and end-points from these suites will be influenced by a variety of factors,
including the nature of the suspect chemicals and the particular ecological
situation. In establishing biomarkers of endocrine disruption, a number of
important variables must be taken into account. Circulating steroid hormone
levels will vary widely throughout the reproductive cycle (Peakall, 1994) and levels
of plasma sex steroids can be affected by, for example, stress due to confinement
and handling, starvation, and parasitic infection (Salmo trutta: Pickering et al.,
1987; Sumpter et al., 1991; Oncorhynchus mykiss: Sumpter et al., 1991;
Dicentrarchus labrax: Cerdá et al., 1994). Furthermore, food rationing can affect
vitellogenin plasma levels and thyroid function (Eales et al., 1992; Cerdá et al.,
1994).
Such an approach requires methodological development, as described below, but
some initial criteria for selecting sentinel species and some possible candidate
sentinels and potential biomarkers are outlined in Boxes 5.1, 5.2 and 5.3.
For the foreseeable future, studies on endocrine disruption should mainly be
restricted to the individual and population levels because current understanding
of the causes of change at the community and ecosystem level is still too
rudimentary. Sufficient experience should be built up, using a few well-
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Box 5.1 Selection criteria
Criteria for selecting sentinel species are listed below, although not all will
necessarily be applicable or desirable in every case.
❐

common or widespread organisms

❐

ecologically or economically important

❐

likely to receive significant exposure

❐

chosen species include a range of lifestyles and feeding habits

❐

biology well understood

❐

relatively insensitive to conventional toxicants

❐

experimentally amenable and readily cultured in the laboratory

❐

sedentary or territorial or have a local home range

❐

operation of the endocrine system known at least in part

❐

sexual reproduction and preferably sexual dimorphism

❐

ideally, rapid generation times

characterised cases, to allow more confident extrapolations from the individual to
the population level. However, it would be prohibitively costly (and
environmentally unwise) to carry out investigations at the population level in
every new instance where endocrine disruption is observed in individual
organisms. Therefore, in the interim, it may be necessary to consider remedial
action on the basis of effects at the individual level.
A number of factors (environmental and social) are known to affect sex
determination and differentiation, sex ratios and the incidence of
hermaphroditism. Sex ratios in fish also vary in time and space because of
migratory behaviour. Such issues must be taken into account in studies
investigating ecological endocrine disruption.
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Box 5.2 Possible sentinels
Based on the criteria in Box 5.1, some suggestions of UK sentinel species
representing a range of taxa from both terrestrial and aquatic environments
are given below. However, the final selection of these species will require
further research. In many of the taxa listed below, responsiveness to endocrine
disrupters will first have to be demonstrated.
For the aquatic environment
❐

annelids (e.g. Platynereis)

❐

molluscs (e.g. some gastropods)

❐

crustaceans (malacostracans, e.g. Carcinus; amphipods, e.g. Corophium;
isopods, e.g. Asellus aquaticus; harpacticoid copepods, e.g. Bryocampus
zschokkei; some cladocera)

❐

insects (e.g. Chironomus)

❐

echinoderms (e.g. sea urchins)

❐

fish (e.g. viviparous blenny Zoarces viviparus; stickleback Gasterosteus
aculeatus; roach Rutilus rutilus; minnow Phoxinus phoxinus)

❐

aquatic mammals (e.g. otters; seals)

❐

fish-eating birds

For the terrestrial environment
❐

crustaceans – isopods and soil microarthropods

❐

molluscs – slugs

❐

insects – honeybees

❐

predatory birds
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Box 5.3 Possible biomarkers of endocrine disruption
❐

vitellogenin induction in males or immature females

❐

sex steroid levels and/or changes in their biotransformation and
elimination

❐

zona radiata (egg protein) induction

❐

imposex

❐

gondopodium development in femalesa

❐

indirect biomarkersb

mixed-function oxidases

thyroid hormones

a
b

The gonopodium is a secondary male sexual characteristic in a few species of fish
Such indirect biomarkers are not specific for endocrine disruption

A R E S E A R C H S T R AT E G Y
A three-stage research strategy based on current knowledge is outlined below.
Such a strategy is ultimately intended to assess the effects of endocrine disruption
at the population level and to allow the development of appropriate monitoring
to safeguard populations. The research activities involved are presented in
sequence from initial to subsequent actions. However, they are not presented in
priority order because most will require some development and deployment. The
main components of the research strategy described below are represented
diagrammatically in Figure 5.1.

I D E N T I F I C AT I O N A N D VA L I D AT I O N O F S E N T I N E L S P E C I E S
❐

Develop a list of sentinel species using agreed criteria. The choice must
provide a balance between vertebrates and invertebrates, reflecting
ecological importance, and must propose the minimum number of sentinels
consistent with the objectives of the work. This is essential to keep costs
within reasonable limits.

❐

Establish that the sentinels are responsive to a range of endocrine disrupters
(e.g. androgens as well as oestrogens) in controlled conditions. In conjunction
with single- or multigeneration laboratory screening tests for sensitivity of
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Figure 5.1 Proposed research strategy for investigating the significance of
ecological endocrine disruption with respect to natural populations

1 Identification and validation of sentinel species
Achieved by applying one or both of the following approaches to candidate
species:
screening organisms — sensitivity in single- or multigeneration
laboratory tests (preferably on suite of species); and
field studies — investigation of morphological/reproductive
abnormalities at locations of suspected endocrine disruption.
2 Development of biomarkers for endocrine disruption in
sentinel species
3 Integrated studies to investigate population consequences
Involving the following approaches:
biomarker measurement;
chemical analysis;
population studies — field studies, mesocosm studies, semicontrolled field studies (dependent on species),
laboratory/life-table experiments; and
application of Toxicity Investigation and Evaluation (TIE).

sentinels, initial surveys for aquatic invertebrates should be conducted near
sewage outfalls or other locations suspected to be highly contaminated, to
investigate the incidence of morphological and gross sexual abnormalities
(intersex, abnormal genitalia), such as those already established for fish.

DEVELOPMENT OF BIOMARKERS FOR ENDOCRINE
DISRUPTION IN SENTINEL SPECIES
❐

In cases where there is evidence for potential endocrine disruption, develop
suites of biomarkers. Special attention should be given to invertebrates;
examples might include metabolic androgenisation and vitellogenin
induction in crustaceans.
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❐

Gather baseline data on temporal and other variability in the reproductive and
endocrine systems of the sentinels to establish what is ‘normal’. This is
essential to give a basis for assessing any effects, including development and
response of biomarkers, which may be attributed to endocrine-disrupting
chemicals.

❐

Identify biomarkers that can be used with species of particular conservation
value, as well as with sentinels. These should be non-destructive and cause
minimal stress to the organism (e.g. markers in urine and faeces).

❐

Gather data on variability in sensitivity between species. This is essential for
risk assessments; an example might be critical ‘windows’ of exposure.

I N T E G R AT E D S T U D I E S T O I N V E S T I G AT E P O P U L AT I O N
CONSEQUENCES
❐

Conduct field surveys of endocrine disruption in sentinel species near sewage
outfalls and other known sources of endocrine-disrupting chemicals. These
will include inter alia the integrated measurement of biomarkers (of
exposure and effect), use of chemical residue analysis and measurement of
population reproductive success (e.g. fecundity, hatching success, agespecific population size, sex ratios). The focus should be just as much on
population structure as population numbers.

❐

Make appropriate allowances for population dynamics. Problems may be
encountered with populations that have previously been exposed to
endocrine disrupters, since this may result in selection and adaptation, and
account must also be taken of life-history parameters such as migratory
patterns. In some cases (longer-lived species), useful information may only
be obtained through the collection of relatively long time series of
population parameters. Reproductive success will have to be followed over
one or more lifetimes for sentinel species. Seals and/or fish-eating birds
would be useful sentinels for studying individual biomarker responses,
tissue residue levels and reproductive success.
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❐

Conduct field studies with a defined and reported statistical power to detect
effects.

❐

Follow up observations of effects in the field by experiments designed to
elucidate causative substances and mechanisms. Experimental studies may
include mesocosm and other semi-field experiments, in situ caging
experiments, and Toxicity Identification and Evaluation (TIE) trials
conducted on tissue extracts, as well as laboratory and cage experiments
based on life-table designs to obtain additional data about potential
impacts on population growth rate. The value of suites of biomarkers in
identifying changes in population growth rate due to endocrine disruption
should also be investigated in these experiments. It is important to note that
changes in population parameters (altered growth, changes in reproductive
output, viability of offspring, etc.) in association with chemical exposure
are not necessarily mediated by endocrine mechanisms. However, if
endocrine-disrupter biomarker responses are observed together with
morphological changes in reproductive tissues and organs, then the weight
of evidence for endocrine disruption becomes much greater.

❐

Conduct mesocosm studies. These have a particular utility in establishing
links between biomarker changes and effects at the individual and
population levels, but they must be carefully designed to avoid problems
associated with high replicate variability.

❐

Develop studies to measure population growth. Full life-table response
experiments are costly and can only be conducted with species having short
generation times. However, there may be scope for developing simplified
designs that merely measure population growth over one generation, at
different toxicant concentrations and population densities, without having
to obtain age-specific information. Such procedures would be very valuable
but have so far only been validated in aphids (see Walthall & Stark, 1997).

❐

Develop computerised population models. Interpretation of both field and
laboratory data would be assisted by the application of validated and
computerised population models. However, although several already exist,
it is not yet clear which are the most appropriate. Such models might be
used to predict the degree to which, for example, reproductive function and
sex ratios could change without affecting population stability.
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5 . 2 LE VE L S, FAT E A ND
B E H AVI OU R OF E ND OCR I NE D I S R U P T I NG CHE MICA LS I N
T H E E N V I RO NME NT

ASSESSMENT OF CURRENT KNOWLEDGE
The majority of synthetic chemicals that have been suggested to have endocrinedisrupting properties are organic chemicals. Some may enter the environment,
where they could cause adverse, though possibly subtle, effects.
A review of the published literature on selected suspected endocrine disrupters
demonstrates the great disparity in information available for different compounds.
For example, much information is available on certain chlorinated aromatic
hydrocarbons (e.g. DDT, PCBs and PCDD/Fs), not only about environmental
fate but also concentrations in various environmental compartments. In contrast,
very little has been published on bisphenol-A or the natural and synthetic steroid
hormones
(e.g.
oestrone,
17β-oestradiol,
diethylstilboestrol
and
ethynyloestradiol). For many suspected endocrine disrupters (e.g. phthalates and
nonylphenol) monitoring has focused on levels in specific environments (e.g. in
aquatic systems) reflecting the key compartments of concern.
An overview of the processes affecting endocrine disrupters in the environment has
highlighted the important influence of several factors, including route of uptake,
timing of exposure, bioavailability, biodegradation, bioaccumulation, the interactive
effects of compound mixtures on both the fate and behaviour of compounds in the
environment, and the extent of exposure of organisms and ecosystems.
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F U T U R E I N V E S T I G AT I O N S
As the potential for a chemical to cause harm depends both on its inherent
toxicity and on the level of exposure or dose received by an organism, a
meaningful assessment of environmental impact requires the accurate
determination of the exposure of organisms to environmental pollutants. Better
knowledge of the fate and behaviour of chemicals within the environment will
facilitate a more complete understanding of the potential hazard of endocrine
disruption in ecosystems.
Most programmes to date that have monitored chemicals in the environment have
been for purposes other than assessing the effects of endocrine disruption on the
environment. Future activity to monitor potential endocrine disrupters should be
effects led, as little is to be gained from generalised environmental monitoring in
the absence of reasonable evidence or a plausible hypothesis for a biological
impact. This should not, however, preclude investigation of environmental
concentrations of suspected endocrine disrupters as part of a preliminary risk
assessment. In developing monitoring strategies, requirements for chemical
analyses should be considered alongside biological monitoring. A number of
questions, as listed below, are relevant in defining the scope of such activity.
❐

What substances need to be considered?

❐

Which media need to be considered?

❐

Will chemical monitoring be appropriate in biological samples?

❐

What species should be sampled?

❐

Where should sampling take place (i.e. point source, local, regional,
national)?

❐

How should monitoring be structured (e.g. number of samples and
frequency of sampling)?

❐

What are the appropriate detection limits?

❐

If it is confirmed that a substance shows an inverted-U-shaped
dose–response curve, can a sufficiently low detection limit be achieved for
effective use during environmental monitoring?
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❐

Are there any existing long-term baseline data which will allow
measurement of changes in levels with time?

It is essential that all fate and behaviour or monitoring studies are underpinned by
good quality analytical data. Confidence in the data is an important prerequisite
for decisions regarding endocrine disrupters or other organic substances in the
environment, and this requires the inclusion of appropriate quality assurance and
validation procedures.
Many organic micropollutants that do not have endocrine-disrupting activity may
have physicochemical properties similar to known endocrine disrupters.
Experience gained from studies on the fate and behaviour of such micropollutants
in the environment may be of relevance to endocrine disrupters. Knowledge of a
range of properties is necessary in order to model and predict the fate and
behaviour of chemicals in environmental compartments and to predict transport
between compartments. A database of physicochemical and related properties
needs to be broad to be of real value, and it is important to identify gaps and,
where necessary, generate appropriate data. Researchers involved in modelling
environmental fate and behaviour should be consulted during the development of
such databases. Currently there are gaps in data on, for example, organic carbon
partition coefficient (Koc), biodegradation under aerobic and anaerobic
conditions, acid dissociation constant, solubility, photodegradation, vapour
pressure and Henry’s Law constant for a range of steroidal hormones that may be
present in sewage effluent. The quality and reliability of the data are of great
importance and could be assessed by a critical evaluation of the available data
sources.
The bioavailability of endocrine disrupters in sediment, soil and dissolved organic
matter is of crucial importance for the prediction of exposure and biological
effects. In particular, the phenomenon of tighter binding of organic substances
with sediments or soils over time requires further clarification so that appropriate
allowances can be made in predictive models and intervention strategies. The
relative importance of different routes of uptake into biota (e.g. via ingested
sediment or dermal and respiratory surfaces) is also poorly understood and
should be investigated further. The development of QSAR and other models may
be a valuable way forward for predicting the extent and power of binding of
chemicals to dissolved and particulate organic matter in aquatic or terrestrial
systems. As part of the screening process such data would be of value in helping
to predict likely environmental fate of endocrine disrupters. Numerous models
addressing the fate and behaviour of organic chemicals in the environment might
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be applied to endocrine disrupters, but it is important that they are first validated
using data from actual situations. There have also been a number of developments
in QSAR methodology directed at identifying endocrine-disrupting activity.
These should be critically evaluated and developed further as required.
There are significant gaps in knowledge about the environmental chemistry of
steroidal hormones. Little is known about their fate and transformation in soils
and sediments, or their bioavailability, and there are only limited data on the fate
of steroidal hormones in waste-water treatment plants. A significant proportion
of steroidal hormones might be expected to partition into sewage sludge, and
when the sludge is applied to land the potential exists for these compounds to
enter biota. However, if sludge is disposed of to landfill or by incineration this
potential is likely to be reduced or eliminated. Waste from livestock is an
additional, and potentially significant, source of steroidal hormones.
In evaluating the impact of endocrine disrupters relative to other stressors, all
possible sources should be considered. For example, natural hormones from
sewage-treatment works may originate directly from humans or they may be
generated by the activity of microorganisms on precursor compounds (e.g.
cholesterol). Sewage effluents should, therefore, be considered secondary sources,
with the primary or diffuse source entering the system upstream of the sewagetreatment works. Possible sources of phyto- and myco-oestrogens, and any
anthropogenic influences on these sources, should also be taken into account.
Information about sources is important when considering the cost effectiveness of
monitoring or intervention strategies.
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5 . 3 D E VE LO P ME NT OF T E S T S
F O R E ND OCR I NE -D IS R U P T IV E
EFFECTS

The primary objective of an ecological risk assessment should be to prevent harm
to the environment; it should assess the potential impact of a chemical or other
stressor on populations rather than on individuals. This focus on an ultimate
impact at the population rather than individual level emphasises the very different
approach used in ecological risk assessment compared with human risk
assessment, where the focus is on protecting the individual. Thus, when
considering how best to evaluate a chemical for endocrine-disrupting activity as
part of a wildlife hazard assessment, attention should focus on the potential
consequences to a population of the impact the chemical might have on the ability
of an individual organism to produce viable, reproductively competent young.
There is a need to assess whether the uncertainty (‘safety’) factors currently
employed in risk assessment are appropriate for endocrine disruption, and to
develop further the predictive value of current test designs for population or
higher organisational levels. The suggestion of an inverted-U-shaped
dose–response curve (vom Saal et al., 1997) needs to be investigated to establish
whether it is commonly applicable to endocrine-mediated toxicity. If so, this
would have important consequences for both risk assessment and test protocol
design, and might also affect the study of complex mixtures such as those found
in the field. On the basis of present knowledge, it is considered that new tests of
greater ecological relevance are required to address endocrine-disruptive endpoints specifically, and especially to detect interference in the production of
reproductively competent offspring.
Large numbers of existing chemicals have yet to be assessed for potential
endocrine-disrupting activity and many new chemicals are developed every year.
There is, therefore, an urgent need to establish an internationally agreed, validated
tiered testing strategy for endocrine-disrupting activity that can be used during the
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ecological hazard assessment of chemicals. Tier 1 of any such strategy needs only
to seek to prioritise chemicals rather than to provide definitive answers. However,
given the current state of knowledge in the field of endocrine disruption, even this
first tier will need to incorporate in vivo models, with in vitro and SAR models
providing supporting information. Tier 1 screening tests could employ simple,
easy to measure end-points that have been shown to indicate possible endocrine
disruption, rather than reproductive tests involving production of young.
An initial tier of short-duration tests on a range of vertebrate and invertebrate
species could be envisaged which would permit the prioritisation of chemicals for
further study. For the vertebrates, it is proposed that testing should be conducted
in mammals, birds and fish, at least initially. If a high degree of cross-taxa
predictivity can be demonstrated, it may be possible to reduce the range of taxa
used. However, the current assumption used in hazard and risk assessments that
fish are predictive for amphibia, and birds for reptiles, should be confirmed for
established endocrine-disruptive mechanisms. The range of endocrine-disruptive
effects to be included in the screening process will require careful consideration;
certainly assessment of oestrogenic and androgenic activity is required. The
objectives of the testing process, that is the demonstration of the presence or
absence of a range of relevant end-points or the investigation of underlying
mechanisms of effect for a given chemical, should also be agreed. This will have
important implications for the design of testing strategies. Examples of possible
initial screens include:
❐

for mammals — the rodent uterotrophic assay and preputial weight
measurement in castrated male rodents;

❐

for birds — protocols based upon precocial species; and

❐

for fish — egg production and gonadosomatic index in females and
secondary sexual characteristics in males.

Before such tests can be validated for the invertebrate groups, there is an
outstanding need to select a range of species that are representative of the various
taxa. This will first require investigation of the endocrinology of the various taxa
and elucidation of the endocrine-disruptive effects to which they are susceptible.
Suitable sentinel species will then have to be identified. Key requirements would
be responsiveness to endocrine disrupters, rapidity of reproduction, similarity to
UK species, presence of easily identifiable end-points, ease of use in the
laboratory and, preferably, the presence of dimorphic sexual characteristics.
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Tier 2 testing, using species identified during the development of tier 1 tests,
would constitute more definitive tests. Further understanding of the significance
to endocrine disruption of end-points of current subchronic and chronic studies
is necessary before such studies can be used with confidence to predict the effects
on the reproductive success of individuals or populations; at present only
multigenerational studies are considered sufficiently robust to establish
definitively that a chemical lacks endocrine-disrupting potential. Although, for
mammals, existing reproductive studies used for regulatory purposes (possibly
with some enhancement) may be satisfactory, test methods need to be developed
for other vertebrate groups and for the invertebrates. In birds, there is a need to
investigate parental behavioural effects, requiring the use of altricial species, while
in fish, practical constraints will make it necessary to employ tropical
representative species with relatively short reproductive life cycles rather than nontropical species.
Density-dependent effects can be important in controlling wild populations. Lifetable models incorporating density-dependency have been used in ecological
studies, but these are not yet sufficiently developed to allow their direct adoption
into a screening strategy. In the longer term, such ecologically relevant designs and
the use of novel systems (e.g. transgenic fish) may be important in assessing the
environmental impact of chemicals with endocrine-disrupting activity.
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5 . 4 OV E R A LL CONCL U S IONS

Results from in vivo and in vitro laboratory-based studies have indicated that
several naturally occurring and anthropogenic chemicals in the environment can
cause adverse effects in organisms by disrupting the endocrine system. Various
reproductive abnormalities in wildlife that are definitely or possibly caused by
endocrine disruption have been identified, but in the majority of cases it is not
known whether adverse effects have occurred at the population level. When
reproductive abnormalities in wildlife suggestive of endocrine disruption have
generally been identified they have usually been in locations with particularly high
pollution loads. Effects observed include altered gonadal size and structure,
intersex, changes in plasma sex steroids, abnormal induction of egg yolk protein
(vitellogenin), altered reproductive behaviour and, in some cases, reduced
production of viable offspring. The degree of causality established between the
reproductive abnormalities observed and the exposure to particular chemicals is
variable and our understanding of the mechanisms is limited. For example, in
Lake Apopka, Florida, USA, it appears that chemical endocrine disruption has
led to reproductive abnormalities in alligators; however, it has not been possible
to identify the specific chemical(s) responsible and the mechanisms of action have
not been fully elucidated. Vitellogenin induction in male freshwater fish, an effect
which has been observed in some UK rivers, has been demonstrated to be caused
principally by exposure to natural sex steroids present in sewage effluent;
alkylphenol polyethoxylates and the synthetic steroid, ethynyloestradiol have also
been identified as possible causal agents. Vitellogenin induction and intersex have
also been detected in male flounder in UK estuaries, although, again, the causal
agents have yet to be identified. The development of imposex in species of marine
neogastropods following exposure to organotin in antifouling paint represents the
only example where it has been possible to link population declines convincingly
with endocrine disruption following exposure to a specific chemical.
A wide range of environmental factors (e.g. habitat degradation, food availability)
can exert significant effects on populations and communities. The importance of
these factors relative to the potential effects of endocrine disruption is currently
unknown. The association of the presence of an endocrine-disrupting chemical
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with an abnormal effect is not in itself sufficient to prove a causal link between
exposure to the substance and changes in wildlife populations or communities.
Despite the limitations in the available data, some chemicals present in the
environment undoubtedly have the potential to cause adverse endocrine-mediated
effects and it is appropriate, in line with the precautionary principle, to give
consideration to the need to reduce exposures.
Finally, there is an urgent need for international agreement on ecologicallyrelevant hazard testing and risk assessment strategies to address the complex
issues surrounding potential endocrine-disrupting chemicals. This will be a
complex undertaking given the range of potential end-points and differences in
susceptibility within and between taxa. Such a programme should be undertaken
in conjunction with further basic strategic research to determine the ecological
significance of endocrine disruption and to allow the development of an
integrated monitoring strategy.
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6 Research
recommenda tions
Although there is some evidence that chemically-mediated endocrine disruption
occurs within ecosystems in the UK, further research is needed to establish the
scale and relative ecological importance of this form of toxicity.
Recommendations for further research are described below. In order to maximise
the benefits to be derived from scarce research resources, it is important that the
key projects should be undertaken within a co-ordinated, strategic framework
including, where appropriate, integration with other, related national research
programmes. The programme should involve the integrated investigation of
molecular, cellular, physiological-biomarker and population-level responses and
exposure assessment, and will inevitably require a multidisciplinary approach.
The key research projects that should form part of an integrated programme are
detailed below. Some will depend on the outcome of earlier phases; these are
noted in the text.

P O P U L AT I O N - L E V E L E F F E C T S O F E N D O C R I N E D I S R U P T I O N
IN WILD FISH
Within the UK, effects of endocrine disruption (abnormal vitellogenin induction
and morphological changes in the gonads) have been noted in fish taken from
rivers and estuaries receiving sewage effluents. There is a need to establish the
significance to populations of the changes found in individual fish. The use of
semi-controlled field or mesocosm studies is recommended, while computer
modelling may be valuable in interpreting laboratory and field data. Species for
study should be selected with care to ensure that they are of relevance and that
data can be interpreted meaningfully. For example, in the estuarine environment,
the viviparous blenny (Zoarces viviparus) may be particularly useful because it
shows non-migratory breeding behaviour and its reproductive success can be
measured in the field.

R E S E ARCH R E COMME NDAT IONS

E N D O C R I N E D I S R U P T E R S I N I N V E R T E B R AT E S

S C R E E N I N G R E P R E S E N T AT I V E S P E C I E S O F D I F F E R E N T
TAXA FOR RESPONSIVENESS TO ENDOCRINE DISRUPTERS
To date there have been few investigations of the potential for endocrine
disruption in invertebrates. Evidence is limited to organotin-induced imposex in
neogastropods and, for a few chemicals, disruption of testosterone metabolism
and elimination in daphnids. It is essential that species (representing a range of
taxa and feeding strategies) are identified and screened, under laboratory
conditions, for their suitability to act as sentinels for endocrine disruption. The
choice of substances to be employed should take account of the known
endocrinology of the taxon concerned. Criteria for the selection of likely sentinel
species are given in Section 5. Priority taxa are considered to be the Crustacea,
Mollusca, Insecta, Echinodermata and Annelida. Because endocrine disruption
has been firmly established only in the aquatic environment in the UK, screening
should focus more heavily on aquatic species. Initially, investigations should focus
on reproductive and morphological abnormalities rather than biochemical
changes. In conjunction with the laboratory-based work, appropriate field surveys
of species selected as potential sentinels should seek to identify whether
abnormalities of the reproductive system or altered sex ratios occur at sites
receiving sewage effluent (where endocrine disruption has already been confirmed
in fish).

DEVELOPMENT OF BIOMARKERS
This element depends on the outcome of the screening process described above.
Where reproductive or morphological effects are found as a result of suspected
endocrine disruption, it will be necessary to determine the underlying mechanisms
and to develop appropriate biomarkers. Before adoption, the effects on
biomarkers of stressors other than chemically-mediated endocrine disruption and
of temporal changes or periodicity will require investigation.

P O P U L AT I O N - L E V E L E F F E C T S
Using the information gathered from the first two phases, it should be possible to
assess, in the species studied, the significance to the population of the observed
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individual-level effects. The ultimate aims should be to understand the causal
links between exposure and ecological response, and to develop ecologically
significant biomarkers. This will require the integration of data from biomarkers
and chemical residue analyses with measurements of population dynamics. In this
respect, the use of life-table response experiments using microcosms may be of
value in assessing population growth and allowing for density-dependent factors;
species with a short generation time are most appropriate for this type of study.
Field investigations will also be required.

R E P R O D U C T I V E A N D P O P U L AT I O N - L E V E L E F F E C T S O F
E N D O C R I N E D I S R U P T I O N I N T O P P R E D AT O R S
There is a strong case for research to establish whether endocrine disruption is
occurring in top predators. Based on existing knowledge, the initial focus of such
research should be on fish-eating marine mammals, coastal fish-eating birds and
raptors. Much is already known about population dynamics in several such
species and it is possible, in some species, to follow the reproductive success of
individuals and their offspring and thereby assess inter-individual variations in
response. There are already good databases on the levels of persistent pollutants
in eggshells, and it could also be useful to employ fractionation studies (using
bioassays) of blubber samples from marine mammals to determine whether
potential endocrine disrupters are present. These data would permit the
investigation of any correlation between an individual’s contaminant level and its
reproductive success. There is also a need for further development and validation
of effect biomarkers in top predators.

D E V E L O P M E N T O F T E S T S W I T H E C O L O G I C A L LY R E L E VA N T
END-POINTS FOR THE DETECTION OF REPRODUCTIVE
CONSEQUENCES OF ENDOCRINE DISRUPTION
There is currently a need to conduct multigeneration studies incorporating
ecologically relevant end-points for endocrine disruption in both vertebrates and
invertebrates. Where possible, species relevant to the UK should be used. For the
vertebrates, attention should focus on use of birds and fish, since the existing tests
for mammals are believed to be generally satisfactory (although with scope for
some enhancement). For birds, it is important to incorporate the assessment of
possible effects on mating and parental-care behaviour using an altricial species
while, in fish, the validity of extrapolating to UK species from tropical species
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with short generation times should be investigated. In the case of the
invertebrates, it will first be necessary to select appropriate animal models. A suite
of species representing different invertebrate taxa and feeding strategies is likely to
be required, and information from the research projects described above should be
valuable for this. End-points relating to the reproductive ability of the organisms
or their offspring are considered to be of particular relevance. The results from
these studies should be used to validate the predictive value of subchronic tests,
particularly for vertebrates.

E N V I R O N M E N T A L F AT E A N D B E H AV I O U R O F S T E R O I D
HORMONES
There are significant gaps in knowledge on the environmental chemistry of
steroidal hormones, including their fate and biotransformation in soils and
sediments and their availability to biota from these media. The major source of
the natural steroids (e.g. oestradiol and oestrone) in sewage effluent has still to be
confirmed, and their fate and behaviour following transfer to the land in sewage
sludge should also be addressed.

P O P U L AT I O N - A N D C O M M U N I T Y - L E V E L C H A N G E S I N
N U C E L L A L A P I L L U S A N D B E N T H I C I N V E R T E B R AT E
COMMUNITIES FOLLOWING CONTROLS ON THE USE OF
ORGANOTINS
The impact of organotin-based paints on gastropod populations is currently the
only definitive example of a population-level effect of chemically-mediated
endocrine disruption. Ten years after organotin compounds were banned from
use on vessels greater than 25 metres in length, Nucella populations are in
different states of recovery. This represents an ideal opportunity to investigate the
dynamics of population recovery and to extend investigations beyond the
population level to look at possible associated changes in benthic community
structure.

O T H E R R E C O M M E N D AT I O N S
Several additional recommendations, concerning knowledge gaps and research
requirements considered to be of secondary importance, are listed below.
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❐

There is an general need to increase awareness of, access to and use of
existing databases incorporating physicochemical properties, toxicity data
and population trends in wildlife, although the reliability of these data sets
must first be critically examined. For example, detailed information on the
physicochemical properties of a potential endocrine disrupter is required to
predict its fate and behaviour in various environmental compartments and
to predict transport between compartments. In order to establish data gaps,
a critical assessment of existing data sets, including data quality
assessment, would be valuable.

❐

Investigation of existing data sets on UK wildlife population trends may be
useful to focus future research on the effects of pollution, including
endocrine disruption. For example, the British Trust for Ornithology
surveys of bird populations could be evaluated, particularly in groups such
as water birds where links to known effects of endocrine disruption are
plausible. However, causality should not be attributed on the basis of such
a correlation exercise alone.

❐

A number of models (e.g. quantitative structure–activity relationships;
QSAR), either in existence or in development, allow the prediction of the
fate and behaviour of organic chemicals in the environment. It may be
possible to apply these to endocrine-disrupting chemicals, although
validation using appropriate data from field situations would be essential.
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Simazine

γ-HCH

p,p'-DDT

p,p'-DDE

1993

Fresh water

1993

1993
1993

Seawater

Fresh water

1992

Seawater

Seawater

1992

Dolphin blubber

1992

1993

Round/flat fish muscle

Seawater

1992

1992

Dolphin blubber

Round/flat fish livers

1992
1993

Round/flat fish muscle

1992

Dolphin blubber

Round/flat fish livers

1993

Round/flat fish muscle

Rosemaund stream catchment area, Herefordshire

Inshore UK waters & Channel (38 sampling stations)

Inshore UK waters, North Sea and South-west approaches plus
Danish coastal waters and German Bight (82 sampling stations)

Rosemaund stream catchment area, Herefordshire

Inshore UK waters & Channel (72 sampling stations)

Inshore UK waters, North Sea and South-west approaches plus Danish coastal waters
and German Bight (92 sampling stations)

Cornwall and Devon

Humber Estuary,Thames Estuary, Liverpool Bay, Morecambe Bay

Humber Estuary,Thames Estuary, Liverpool Bay & Morecambe Bay

Cornwall and Devon

Humber Estuary, Thames Estuary, Liverpool Bay & Morecambe Bay

Humber Estuary, Thames Estuary, Liverpool Bay & Morecambe Bay

Cornwall and Devon

Humber Estuary, Thames Estuary, Liverpool Bay & Morecambe Bay

Humber Estuary, Thames Estuary, Liverpool Bay & Morecambe Bay

Cornwall and Devon

1992
1992

Dolphin blubber

Round/flat fish livers

Humber Estuary, Thames Estuary, Liverpool Bay & Morecambe Bay
Humber Estuary, Thames Estuary, Liverpool Bay & Morecambe Bay

1993

Round/flat fish muscle

Rosemaund stream catchment area, Herefordshire

Rosemaund stream catchment area, Herefordshire (4 occasions)

1992

1993

Fresh water

Inshore UK waters & Channel (38 sampling stations)

Inshore UK waters, North Sea and South West approaches plus Danish coastal waters
and German Bight (82 sampling stations)

Sampling location

Round/flat fish livers

1992

Fresh water

Dieldrin

1993

Seawater

Year of
sampling
1992

Environmental or
biological sample

Organochlorines
Atrazine
Seawater

Chemical

Table I A summary of recent chemical monitoring and surveillance activities for potential endocrine disrupters by CEFASa
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Fine sediment
Dredged sediment
Dredged sediment

Dredged sediment

7 congeners & sum
of 25 congeners

7 congeners & sum
of 25 congeners

7 congeners & sum
of 25 congeners

Dolphin/porpoise/pilot
whale blubber

7 congeners

7 congeners & sum
of 25 congeners

Dolphin blubber

7 congeners

Dolphin/porpoise

Round fish liver

Against Aroclor
1254 standard

Fine surfical sediment

Round/flat fish muscle

Against Aroclor
1254 standard

7 congeners & sum
of 25 congeners

Round/flat fish muscle

Unspecified

7 congeners

Round/flat fish liver

Environmental or
biological sample

PCBsb
Against Aroclor
1254 standard

Chemical

Table I continued

1994

1993

1992

1994

1994

1994

1993

1992

1994

1992

1992

1992

Year of
sampling

Portsmouth Harbour, Cardiff Bay & Docks, Barrow in Furness, Manchester Ship
Canal, Devenport, Port Talbot, Swansea & Rivers Ellen, Mersey, Usk & Taff

Swansea Bay, Blyth, Milford Haven, Southampton, Devenport, Brighton,
Heysham, Hythe Harbour, Tees & Hartlepool, Barry Docks, Tyne Docks, Poole,
Lowestoft, Durham coast & Rivers Wyre, Wear, Humber, Great Ouse, Tyne,
Orwell, Test & Esk

Tyne, Blyth, Devenport, Bristol, Swansea Bay, Portsmouth Harbour &
Rivers Mersey, Test, Stour, Humber, Usk, Taff & Tyne

River Thames (8 sites) & Thames Estuary (3 sites)

Cardigan Bay (12 sites), offshore (2 sites) & Milford Haven (1 site)

Cardigan Bay and Moray Firth

England (13 locations), Wales (6 locations)

Cornwall and Devon

Liverpool Bay & Morecambe Bay

Liverpool Bay

Humber Estuary, Thames Estuary, Liverpool Bay & Morecambe Bay

Humber Estuary, Thames Estuary, Liverpool Bay & Morecambe Bay

Sampling location

ANNEX

239

240
1994
1994

Round fish liver
Round fish muscle

1992

1994

Fresh water
Mytilus edulis

1994

Fresh water

English/Welsh sites (4 samples)

Drinking water abstraction point on River Arun

Rivers Aire, Great Ouse, Lea, Thames & Wye (5–6 points/river)

Drinking water abstraction point on River Arun

Rivers Aire, Great Ouse, Lea, Thames & Wye (5–6 points/river)

Offshore — Beryl, Forties, Ravenspurn

Offshore — Beryl, Forties, Ninian

Drinking water abstraction point on River Arun

Rivers Aire, Great Ouse, Lea, Thames & Wye (5–6 points/river)

Mersey & Liverpool Bay, Poole Harbour, Southampton Water & Rivers Wear,
Tees, Tyne & Blyth

Offshore — Beryl, Forties, Ravenspurn

Offshore — Beryl, Forties, Ninian

Drinking water abstraction point on River Arun

Rivers Aire, Great Ouse, Lea, Thames & Wye (5–6 points/river)

Redcar Jetty

Mersey & Liverpool Bay, Poole Harbour, Southampton Water & Rivers Wear,
Tees, Tyne, Blyth

Sampling location

Information presented under CEFAS relates to reported activities since 1992 (MAFF, 1994, 1995; CEFAS, 1997)
congeners are those with IUPAC numbers 28, 52, 101, 118, 138, 153 and 180

b7

a

DDE, Dichlorodiphenyldichloroethylene; DDT, Dichlorodiphenyltrichloroethane; γ-HCH, γ-Hexachlorocyclohexane (Lindane); PCBs,
Polychlorinated biphenyls; NP1EO, nonylphenol monoethoxylate; NP2EO, nonylphenol diethoxylate

Organotins
Tributyltin

NP2EO

1994

1994

Fresh water

1994

1994

Fresh water

Fresh water

1993

1994

Round fish muscle
Estuarine water

1994
1994

1994

Fresh water
Round fish liver

1993

Estuarine water
Fresh water

1993

Year of
sampling

Estuarine water

Environmental or
biological sample

Alkylphenol polyethoxylates
NP1EO
Fresh water

Octylphenol

Alkylphenols
Nonylphenol

Chemical

Table I continued

ANNE X

Fresh surfacewaters
1,2-dibromo-3-chloropropane
Aldrin
Atrazine
Benzo[a]anthracene
Benzo[a]pyrene
Benzo[b]fluoranthene
Benzo[e]pyrene
Benzo[ghi]perylene
Benzo[k]fluoranthene
Carbaryl
Carbendazim
Carbon tetrachloride
trans-Chlordane
Chloroform
Chlorpyriphos
Dieldrin
α-Endosulfan
β-Endosulfan
Endosulfan total (α+β)
Ethanol
γ-HCH
Heptachlor
Heptachlor epoxide
cis-Heptachlor epoxide
trans-Heptachlor epoxide

Site and compound

6
797
565
94
473
589
94
591
591
127
69
462
3
456
86
1051
463
405
6
11
1029
224
165
105
105

1995
Number
of sites

that may have endocrine-disrupting potential

20
5614
6203
508
2172
2583
512
2629
2642
506
395
3484
13
3318
293
6658
2789
2406
19
85
7237
1753
1011
301
301

Number
of samples
3
7
11
5
5
4
5
4
4
4
6
8
4
7
3
6
6
6
3
8
7
7
6
3
3

Average sampling
frequency
6
708
534
104
444
567
104
589
589
147
131
460
2
456
55
1001
364
349
2
9
1050
183
146
48
48

1996
Number
of sites
10
5732
6439
743
2072
5613
741
2726
2748
1274
1367
3418
12
3470
215
7216
2885
2616
24
74
8154
1580
897
239
239

Number
of samples
2
8
12
7
5
5
7
5
5
9
10
7
6
8
4
7
8
7
12
8
8
9
6
5
5

Average sampling
frequency

Table II Summary of monitoring and surveillance activities carried out during 1995 and 1996 by the Environment Agency with respect to chemicals

ANNEX
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242

Fresh surfacewaters continued
Hexachlorobenzene
Indeno (1,2,3 cd)-pyrene
Linuron
Malathion
Methanol
Methomyl
Methoxychlor
Nonylphenol
o,p'-DDT
Parathion
PCB-169
PCB-20
PCB-35
PCB-77
PCB-8
PCB-101
PCB-105
PCB-118
PCB-138
PCB-153
PCB-156
PCB-170
PCB-180
PCB-28
PCB-31
PCB-52
p,p'-DDE
p,p'-DDT
Simazine

Site and compound

Table II continued

622
510
365
451
16
55
6
2
692
775
1
20
21
1
21
365
112
397
397
397
112
2
396
397
33
392
647
699
546

1995
Number of
sites
4365
2247
2332
2619
131
207
49
13
5058
4753
1
64
65
1
65
2221
515
2463
2567
2595
517
2
2588
2569
109
2557
4781
5180
6005

Number of
samples
7
4
6
6
8
4
8
7
7
6
1
3
3
1
3
6
5
6
6
7
5
1
7
6
3
7
7
7
11

Average sampling
frequency
4341
2482
3629
2875
127
423
37
10
5238
5553
139
139
139
2505
430
2535
2525
2519
413
2468
2502
85
2523
5064
5467
6294

18
18
18
370
105
370
370
370
105
370
370
30
371
590
633
519

Number of
samples

540
563
389
413
13
62
4
7
615
817

1996
Number of
sites

7
7
3
7
9
9
12

8
7
4
7
7
7
4

8
8

8
4
9
7
10
7
9
1
9
7

Average sampling
frequency

ANNE X

Fresh surfacewaters continued
Tributyltin
Triphenyltin
Groundwaters
1,2-dibromo-3-chloropropane
Aldrin
Atrazine
Benzo[a]anthracene
Benzo[a]pyrene
Benzo[b]fluoranthene
Benzo[e]pyrene
Benzo[ghi]perylene
Benzo[k]fluoranthene
Carbaryl
Carbendazim
Carbon tetrachloride
Chloroform
Chlorpyiphos
Dieldrin
α-Endosulfan
β-Endosulfan
Endosulfan total (α+β)
γ-HCH, lindane
Heptachlor
Heptachlor epoxide
cis-Heptachlor epoxide
trans-Heptachlor epoxide

Site and compound

Table II continued

413
385
176
467
538
179
475
466
179
474
480
83
16
1118
907
15
475
292
168
10
587
26
53
14
14

47
279
374
103
295
289
103
306
292
33
11
582
499
11
278
159
99
1
367
11
20
6
6

Number
of samples

87
87

1995
Number
of sites

4
2
1
2
2
2
2
2
2
3
1
2
2
1
2
2
2
10
2
2
3
2
2

5
4

Average sampling
frequency

60
321
346
107
237
239
107
239
242
37
12
452
410
10
323
171
109
2
342
3
14
11
11

200
107

1996
Number
of sites

108
495
523
164
369
376
164
368
379
79
36
731
604
13
499
302
187
2
540
3
38
37
37

1770
774

Number
of samples

2
2
2
2
2
2
2
2
2
2
3
2
1
1
2
2
2
1
2
1
3
3
3

9
7

Average sampling
frequency

ANNEX

243

244

Groundwaters continued
Hexachlorobenzene
Indeno (1,2,3 cd)-pyrene
Linuron
Malathion
Methomyl
Methoxychlor
o,p'-DDT
Parathion
PCB-101
PCB-105
PCB-118
PCB-138
PCB-153
PCB-156
PCB-180
PCB-28
PCB-31
PCB-52
p,p'-DDE
p,p'-DDT
Simazine
Tributyltin
Triphenyltin

Site and compound

Table II continued

360
389
389
302
7
344
299
142
61
141
142
142
62
142
141
49
142
343
344
504
12
12

170
150
74
20
73
74
74
21
74
74
15
74
169
170
340
3
3

Number
of samples

175
272
251
158
6

1995
Number
of sites

2
2
2
3
2
2
2
3
2
2
3
2
2
2
1
4
4

2
1
2
2
1

Average sampling
frequency
184
230
196
189
7
2
184
181
29
15
29
29
29
15
29
29
14
29
184
183
316
1

1996
Number
of sites
316
357
335
352
10
2
329
346
55
27
55
55
55
27
55
55
26
55
328
328
492
3

Number
of samples
2
2
2
2
1
1
2
2
2
2
2
2
2
2
2
2
2
2
2
2
2
3

Average sampling
frequency

ANNE X

Saline waters
1,2-dibromo-3-chloropropane
Aldrin
Atrazine
Benzo[a]pyrene
Benzo[b]fluoranthene
Benzo[ghi]perylene
Benzo[k]fluoranthene
Carbaryl
Carbendazim
Carbon tetrachloride
Chloroform
Chlorpyriphos
Dieldrin
α-Endosulfan
β-Endosulfan
Endosulfan total (α+β)
γ-HCH, lindane
Heptachlor
Heptachlor epoxide
cis-Heptachlor epoxide
trans-Heptachlor epoxide
Hexachlorobenzene
Indeno (1,2,3 cd)-pyrene
Linuron
Malathion
Methomyl
Methanol
Nonylphenol

Site and compound

Table II continued

26
1398
475
6
6
6
5
12
5
1266
1029
53
1466
690
591
24
1577
314
103
173
166
1201
5
65
340
13
4

4

Number
of samples

8
285
131
2
2
2
1
12
4
244
236
7
298
161
136
5
309
46
25
17
17
258
1
19
87
13

1995
Number
of sites

245

1

3
5
4
3
3
3
5
1
1
5
4
8
5
4
4
5
5
7
4
10
10
5
5
3
4
1

Average sampling
frequency

6

60
1215
1002
56
1322
540
493
16
1536
218
73
86
86
998
65
87
269

8
202
202
5
277
119
107
4
294
22
12
3
3
226
17
10
70
1

1253
487
4
65
65
65

Number
of samples

254
161
1
17
17
17

1996
Number
of sites

6

8
6
5
11
5
5
5
4
5
10
6
29
29
4
4
9
4

5
3
4
4
4
4

Average sampling
frequency

ANNEX

246

Saline waters continued
o,p'-DDT
Parathion
PCB-101
PCB-105
PCB-118
PCB-138
PCB-153
PCB-156
PCB-180
PCB-28
PCB-31
PCB-52
p,p'-DDE
p,p'-DDT
Simazine
Tributyltin
Triphenyltin
Sewage effluents
1,2-dibromo-3-chloropropane
Aldrin
Atrazine
Benzo[a]anthracene
Benzo[a]pyrene
Benzo[b]fluoranthene
Benzo[e]pyrene
Benzo[ghi]perylene
Benzo[k]fluoranthene
Carbaryl
Carbendazim

Site and compound

Table II continued

1265
374
815
163
848
868
872
163
859
857
78
863
1201
1214
471
142
98
1
1806
742
20
20
44
20
44
44
9

1
245
104
4
4
6
4
6
6
4

Number
of samples

271
106
183
33
189
189
189
33
189
189
8
189
252
258
131
71
60

1995
Number
of sites

1
7
7
5
5
7
5
7
7
2

5
4
4
5
4
5
5
5
5
5
10
5
5
5
4
2
2

Average sampling
frequency

241
117
3
4
4
3
4
4
5
2

242
101
167
13
167
167
167
13
166
167
2
167
224
231
159
186
75

1996
Number
of sites

1676
792
17
18
18
17
18
18
38
3

1071
395
737
145
745
736
735
141
719
733
81
741
1003
997
489
939
582

Number
of samples

7
7
6
5
5
6
5
5
8
2

4
4
4
11
4
4
4
11
4
4
41
4
4
4
3
5
8

Average sampling
frequency

ANNE X

Sewage effluents continued
Carbon tetrachloride
Chlordane trans
Chloroform
Chlorpyriphos
Dieldrin
α-Endosulfan
β-Endosulfan
Endosulfan total (α+β)
Ethanol
γ-HCH, lindane
Heptachlor
Heptachlor epoxide
cis-Heptachlor epoxide
trans-Heptachlor epoxide
Hexachlorobenzene
Indeno (1,2,3 cd)-pyrene
Linuron
Malathion
Methanol
Methoxychlor
Nonylphenol
o,p'-DDT
Parathion
PCB-20
PCB-35
PCB-8
PCB-101
PCB-105
PCB-118

Site and compound

Table II continued

1343
6
1274
1821
894
592
161
54
2335
267
38
256
258
1775
44
15
661
54
13
2
1798
758
7
7
7
858
136
916

247
138
86
12
3
283
34
7
27
28
225
6
7
108
3
1
1
239
101
2
2
2
118
17
126

Number
of samples

196
1
185

1995
Number
of sites

7
6
7
13
18
8
8
5
9
9
8
7
2
6
18
13
2
8
8
4
4
4
7
8
7

7
6
7

Average sampling
frequency
385
1
182
1
240
128
83
13
2
287
23
4
18
19
221
3
17
110
3
2
2
234
118
2
2
2
129
16
129

1996
Number
of sites
2166
6
1336
1
1724
1003
724
180
48
2183
151
54
110
111
1638
17
86
716
54
18
4
1632
944
26
26
26
976
49
960

Number
of samples
6
6
7
1
7
8
9
14
24
8
7
14
6
6
7
6
5
7
18
9
2
7
8
13
13
13
8
3
7

Average sampling
frequency

ANNEX

247

248

Sewage effluents continued
PCB-138
PCB-153
PCB-156
PCB-180
PCB-28
PCB-31
PCB-52
p,p'-DDE
p,p'-DDT
Simazine
Tributyltin
Triphenyltin
Trade discharges
1,2-dibromo-3-chloropropane
Aldrin
Atrazine
Benzo[a]anthracene
Benzo[b]pyrene
Benzo[b]fluoranthene
Benzo[e]pyrene
Benzo[ghi]perylene
Benzo[k]fluoranthene
Carbaryl
Carbendazim
Carbon tetrachloride
trans-Chlordane
Chloroform
Chlorpyriphos
Dieldrin

Site and compound

Table II continued

953
959
142
926
947
60
952
1581
1687
731
247
236
45
758
367
47
63
140
47
139
139
23
1030
4
1058
28
791

4
119
63
9
12
20
9
20
20
6
146
1
140
4
124

Number
of samples

127
127
17
127
127
8
127
206
215
104
48
47

1995
Number
of sites

7
4
8
7
6

11
6
6
5
5
7
5
7
7
4

8
8
8
7
7
8
7
8
8
7
5
5

Average sampling
frequency

32
629
333
36
47
48
36
48
48
14
5
922
947
23
639

127
5
101

975
976
49
957
973
27
980
1403
1483
767
700
642

Number
of samples

3
101
59
3
6
6
3
6
6
6
3
134

129
129
16
129
128
7
129
202
210
115
97
85

1996
Number
of sites

7
5
6

11
6
6
12
8
8
12
8
8
2
2
7

8
8
3
7
8
4
8
7
7
7
7
8

Average sampling
frequency

ANNE X

α-Endosulfan
β-Endosulfan
Endosulfan total (α+β)
Ethanol
γ-HCH, lindane
Heptachlor
Heptachlor epoxide
cis-Heptachlor epoxide
trans-Heptachlor epoxide
Hexachlorobenzene
Indeno (1,2,3 cd)-pyrene
Linuron
Malathion
Methanol
Methomyl
Methoxychlor
Nonylphenol
o,p'-DDT
Parathion
PCB-101
PCB-105
PCB-118
PCB-138
PCB-153
PCB-156
PCB-180
PCB-28
PCB-31
PCB-52

Trade discharges continued

Site and compound

Table II continued

80
51
2
15
159
24
8
20
20
109
20
6
61
22
1
1
4
105
68
71
15
71
70
70
16
71
71
3
71

1995
Number
of sites
467
247
17
81
1023
142
21
124
124
721
137
31
298
146
5
6
9
683
399
409
103
399
406
405
109
405
403
5
400

Number
of samples
6
5
9
5
6
6
3
6
6
7
7
5
5
7
5
6
2
7
6
6
7
6
6
6
7
6
6
2
6

Average sampling
frequency

390

1
505
508
388
56
384
387
387
56
382
388

1
85
98
69
9
69
69
69
9
69
69
69

385
205
16
67
880
55
8
51
51
569
45
17
456
117
3

Number
of samples

67
40
2
13
137
14
6
8
8
91
6
6
96
18
3

1996
Number
of sites

6

1
6
5
6
6
6
6
6
6
6
6

6
5
8
5
6
4
1
6
6
6
8
3
5
7
1

Average sampling
frequency

ANNEX

249

250
99
103
63
40
40

1995
Number
of sites
634
674
365
119
117

Number
of samples
6
7
6
3
3

Average sampling
frequency
79
83
59
60
44

1996
Number
of sites
453
506
328
374
246

Number
of samples
6
6
6
6
6

Average sampling
frequency

DDE, Dichlorodiphenyldichloroethylene; DDT, Dichlorodiphenyltrichloroethane; γ-HCH, γ-Hexachlorocyclohexane;PCBs, Polychlorinated
biphenyls

Data supplied by the Environment Agency

p,p'-DDE
p,p'-DDT
Simazine
Tributyltin
Triphenyltin

Trade discharges continued

Site and compound

Table II continued

ANNE X

ANNEX

G LO S S A R I E S A ND CHE MICA L
STRUCTURES

GENERAL

GLOSSARY

Agonistic

Chemical activity at a receptor that produces the same or similar
effect as the natural messenger.

Altricial

Applied to animals whose young are helpless at birth and require a
high level of parental support.

Androgen

Chemical that promotes development of male characteristics, e.g.
development of the testes and secondary male characteristics.

Antagonistic

Action of a chemical at a receptor site that opposes the stimulatory
effect of natural hormone or other agonist.

Antiandrogen

A substance that blocks the action of androgens.

Autosomal genes

Genes found on chromosomes other than the sex chromosomes.

Benthic

Organisms that rest on the bottom or burrow into the bottom
sediments of marine or freshwater habitats.

Bioaccumulation

Tendency of a chemical to concentrate in organisms relative to their
food source; thus levels will tend to be in higher organisms higher up
the food chain.

Bioconcentration

Tendency of a chemical to concentrate in an organism relative to the
concentration in the surrounding medium.

Biomagnification

Food chain effect; substances bioaccumulated and bioconcentrated
at one trophic level are concentrated at higher trophic levels.

Bioturbation

The disruption of sediment by organisms.

Community

Assemblages of species that occur together in the same location.

Cryptorchidism

The failure of the testes to descend from the abdominal cavity into
the scrotal sac.
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Density dependence

Where the death rate in a population increases, or the birth or
growth rate of a population decreases, as the density of the
population increases.

Dimorphism

The existence of two distinct forms of an organ or organisms.

Ecdysteroids

Insect steroid hormones controlling moulting and development.

Ecosystem

A holistic concept of plants, the animals that live with them and
all the physical and chemical components of the immediate
environment or habitat which together form a recognisable selfcontained entity.

Fecundity

The number of eggs, seeds, or offspring in the first stage of the
life cycle, produced by an individual.

Fitness

The contribution made to a population of descendants by an
individual relative to the contribution made by others in its
present population.

Gonadotrophin

Group of vertebrate glycoprotein hormones, controlling
production of hormones by gonadal tissues.

Gonadosomatic index

Gonad weight expressed as a proportion of body weight.

Gonochorism

Having separate sexes.

Gonopodium

A secondary sexual structure in some male fish.

Hepatosomatic index

Liver weight expressed as a proportion of body weight.

Hermaphrodite

An organism having both male and female reproductive organs.

Heterogametic sex

The sex producing gametes of two distinct classes (in approx. 1:1
ratio) as a result of it having sex chromosomes either fully or
partially hemizygous (e.g. as in XY in male mammals).

Holometabola

Those insects with a pupal stage in their life cycle.

Homogametic

The sex producing gametes which are uniform in their sex
chromosome compliment (e.g. XX in female mammals).

Hypertrophy

Enlargement of tissues or cells.

Imposex

The development of male characteristics (e.g. a penis) on females;
generally applies to marine neogastropods.

Intertidal zone

The zone between high and low tides.

Intersex

The anomalous presence of characteristics intermediate between
those of males and females of a species; more specifically applied
to the development of eggs in the testes of male fish exposed to
oestrogenic stimulation.

Iteroparity

Where organisms reproduce offspring in a series of separate
events during and after which they maintain themselves in a
condition that favours survival to reproduce again.
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Life table

A summary of the age- or stage-related survivorship of individuals in
a population.

Oestrogenic

Chemical activity that promotes the development of secondary
female characteristics and controls the oestrous cycle (menstrual
cycle in humans).

Oviduct

The tube that conveys an animal egg cell from the ovary to other
parts of the reproductive system or to the outside.

Oviparous

Applied to reproduction of an organism in which eggs are layed and
embryos develop outside the mother’s body, each egg eventually
hatching into a young animal.

Ovotestis

Organ of some hermaphrodite animals containing components of
both the ovary and testis.

Parthenogenesis

The development of an organism from an unfertilised egg.

Phylogeny

The genetic relationship between groups of organisms as reflected
by their evolutionary history.

Phytophagous

Feeding on plants.

Phytosterols

Any of a group of steroid-based alcohols having a hydrocarbon
chain of 8–10 carbon atoms, derived from plants.

Poikilothermic

An organism whose body temperature varies according to the
temperature of its surroundings.

Polygynous

Describes a pattern of mating in animals in which males have more
than one partner.

Precocial

Applied to animals whose young require relatively little parental
care.

Semelparity

When organisms produce all their offspring in a single reproductive
event over one relatively short period.

Spraints

The faecal droppings of otters.

Synergism

When the combined effect of two chemicals or processes is greater
than the sum of the effects of each agent when given alone.

Testosterone

The principal male sex hormone. A member of the androgens.

Transgenic

Describes an organism whose genome incorporates and expresses
genes from another species.

Trophic

Describing hierarchical levels in the food chain.

Vitellogenin

Egg yolk protein produced by oviparous organisms.

Vivipary

Reproduction in which the embryo develops inside the mother and
is born alive rather than laid as an egg.

Xenoestrogen

Xenobiotic oestrogen [note: often used loosely to refer to any type of
endocrine disrupter].
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Definitions of invertebrate taxa are adapted from Barnes et al. (1996). For further details
of the diagnostic features of the invertebrate taxa readers should refer to this source.
Amphipoda

Order of the class Malacostraca (Crustacea). Includes freshwater
shrimps (Gammarus spp.).

Angiosperm

One of a group of plants (the flowering plants) whose seeds are
borne within a mature ovary (fruit).

Annelida

Phylum of protostome worms with representatives in both marine
and aquatic environments. Includes the classes Polychaeta (e.g.
ragworms, fanworms) Clitellata (earthworms and their allies) and
Hirudinea (leeches).

Arachnida

A class of the phylum Chelicerata, including the scorpions, mites
and spiders.

Arthropoda

A large group of invertebrates possessing paired legs along part or
all of the body, and pseudocoelomic body cavities, often filled with
blood and then termed haemocoels. Includes soft-bodied animals,
including the Onychophora, and the ‘true’ arthropods which possess
a hard cuticular exoskeleton. This later group contains the
Crustacea, Chelicerata and Uniramia.

Asteroidea

A class of the phylum Echinodermata, commonly referred to as
starfish.

Brachiopoda

A phylum of marine coelomate bivalve invertebrates, commonly
referred to as lamp shells. Possess a large ring of tentacles around
the mouth known as the lophophore.

Chordata

Animal phylum characterised by the presence of a notochord, by the
presence of a dorsal hollow nerve cord, pharyngeal gill slits and a
post-anal tail, at some stage of development. Includes vertebrates
and the invertebrate subphyla Urochordata and Cephalochordata.

Cirripedia

A class of Crustacea commonly known as the barnacles and their
relatives. Sessile or internal parasites.

Cnidaria

A phylum of aquatic invertebrates including hydras, jellyfish,
anemones and corals. Possess two layers to the body wall and
stinging cells; two different body forms may exist (pelagic medusa
stages and sessile polyps).

Coleoptera

An order of insects commonly known as beetles.

Copepoda

A class of Crustacea occurring in marine and fresh water that
includes planktonic, interstitial benthic and parasitic species. Most
species are small in size (<2mm).

254

ANNEX

Crustacea

A phylum of Arthropods that includes barnacles, shrimps, crabs,
lobsters, slaters and woodlice. Many of the species are marine but
there are a few found in fresh water and on land.

Ctenophora

Phylum of invertebrates closely related to the Cnidaria, commonly
referred to as the combjellies and seagooseberries. Possession of
comb rows of cilia are a distinguishing feature.

Cyclostomata

A primitive order of fish; the living members of the class Agnatha.

Decapoda

An order of the class Malacostraca (Crustacea) including the crabs,
prawns and lobsters.

Deuterostome

The situation in embryological development where the blastopore
does not form the mouth although it may form the anus. Term is
also used to describe animals portraying this state.

Diptera

Two-winged (or true) flies. Large order of insects.

Echinodermata

A phylum of deuterostome marine invertebrates including starfish,
sea cucumbers and sea urchins.

Elasmobranchia

Subclass of fish containing sharks, skates, rays and angel sharks.

Gastropoda

A class of the phylum Mollusca that includes snails, whelks, and
limpets. Terrestrial and aquatic.

Gymnosperm

Any plant whose ovules and the seeds into which they develop are
born unprotected.

Hymenoptera

Large and diverse order of insects including sawflies, bees, ants and
wasps.

Insecta

Class of Uniramia (Arthropoda) whose members have distinct head,
thorax and abdomen sections.

Isopoda

An order of the Malacostraca including aquatic and terrestrial
representatives. Dorso-ventrally flattened. Common examples
include woodlice and the water louse (Ascellus aquaticus).

Lepidoptera

Insect order containing butterflies and moths.

Malacostraca

Class of the Crustacea including Amphipoda, Decapoda and
Isopoda.

Microsporidia

Spore-forming protozoans.

Mollusca

A large phylum of soft-bodied invertebrates lacking legs, bilaterally
symmetrical, and often possessing a protective shell. Includes snails,
bivalves, octopuses and squids.

Nematoda

A phylum of worms found in aquatic and terrestrial environments
including both free-living and parasitic species. Body is pointed at
both ends and the outermost layer is a complex cuticle.

Nereids

Worms of the family Nereidae (Polychaeta, Annelida).

Orthoptera

Large order of insects including locust, crickets and grasshoppers.
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Platyhelminthes

A phylum of soft bodied, dorso-ventrally flattened invertebrates
lacking legs, which in evolutionary terms, gave rise to the other wellknow groups of worms (e.g. nematodes and annelids). Commonly
referred to as flatworms. Other key features include the possession
of three body tissue layers and the lack of a body cavity other than
a blind-ending gut. Free-living and parasitic representatives.

Protostome

The state in which, during embryonic development, the blastopore
forms the mouth; also used to describe animals exhibiting this
characteristic.

Pteridophyta

In traditional classification systems a division of the plant kingdom
containing ferns, horsetails and clubmosses that are now classified
as separate phyla.

Raptors

Birds of prey.

Teleosts

Bony fishes.

Urochordata

Subphylum of invertebrates of the phylum Chordata, commonly
known as tunicates. They are solitary or colonical filter-feeders and
are sessile or free-living. Includes the sea squirts.
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C H L O R I N AT E D A R O M AT I C H Y D R O C A R B O N S

CI

CI

C CI2

C CI3

CI

CI

p,p'-DDE
Dichlorodiphenyldichloroethylene

p,p'-DDT
Dichlorodiphenyltrichloroethane

X

X

X

X

X

X

X

X

x = H or Cl

X

X

PCB

Polychlorinated biphenyls

O

X

X
O
X

x = H or Cl

X

X

X

X

X

X

X

X

X

X

O
X

PCDD

Polychlorinated dibenzo-p-dioxin

X

x = H or Cl

X

PCDF

Polychlorinated dibenzofuran
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OH

(OCH2CH2)nOH

C9H19

C9H19

4-Nonylphenol

4-Nonylphenol polyethoxylate

BISPHENOL-A
OH

CH3
CH3
HO

P H T H A L AT E S
O
C–OR1

O

CH2–CH3

C–O–CH2–CH–CH2–CH2–CH2–CH3

C–OR2

C–O–CH2–CH–CH2–CH2–CH2–CH3

O

O

CH2–CH3

DEHP
General formula
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(C4H9)3

(C4H9)3

(C4H9)3

Sn O Sn

Bis (tri-n-butyltin) oxide

Sn Cl

Tri-n-butyltin chloride

S Y N T H E T I C A N D N AT U R A L H O R M O N E S
CH3

OH

OH

CH CH
3
2

C

CH

CH CH
2
3

HO

HO

Diethylstilboestrol

Ethynyloestradiol

CH3

O

HO

Oestrone

CH3

OH

CH3

OH

CH3

HO

17β-oestradiol

O

Testosterone
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