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1.0 Introduction
Provide a brief overview for compound. Include information on
occurrence, use profile, potential sources of exposure, current human
health concerns.

2.0 Toxicity data
Provide a brief overview for compound. Include information on
toxicokinetics (absorption, distribution, metabolism excretion), dose-
response relationships, biological thresholds (where relevant), critical
effects on human health (eg. those occurring at lowest doses;
reproductive/developmental; carcinogenic etc). Include biological
effect monitoring data if possible.

3.0 Biomarker data
Provide a brief overview for compound. Include information on
reference ranges, occupational guidance values1, PK or PBPK models,
concentration of pure compound or metabolites in blood, urine,
environment, inter- and intra-variability.

1 -quality of existing workplace BGVs may not be sufficient for use in general population but care
needs to be taken not to undermine the OELs as although based on limited data they may perform
a useful function
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4.0 Analytical methods
Provide a brief overview for compound. Include information on
methods available for measurement of biomarkers (and parent
compound if relevant), detection limits, reliability, reference materials,
external quality assurance, known confounders.

5.0 Epidemiology
Provide a brief overview for compound. Include information on any
data linking external exposure with health effect2, data linking
biological monitoring data with health effects.

6.0 Risk management
Provide a brief overview for compound. Include information on
exposure reduction options, any application where biomarker been
shown to be positively applied re health risk eg .monitoring of lead
levels in blood.

2 define units as mg/kg-d or ppm
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7.0 Susceptible groups / populations
Provide a brief overview for compound. Include information on any link
with mode of action (eg Life Sciences Institute / International
Programme on Chemical Safety), define difference between inter- and
intra-individual variability and susceptible populations.

8.0 Summary
State proposed level of BGV (assess information available using Table 1
below for guidance

9.0 Communication
Consider limitations of BGV possible with current level of information eg.
is half-life a limiting factor, can risk of ill-health be determined,
recommendations for further work, identify any potential
communication issues associated with compound.
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Framework Element

Level of BGV

Level 1

Population Range

Level 2

Non Health Based
Upper Limit Value
(95

th
percentile)

Level 3

Toxicity Based

Level 4

Toxicity and
Probability Based

Exposure:

General Population

Susceptible Group(s)

Toxicity:

Toxicokinetics (inc half-
life)

Dose-response
relationship

Main metabolite(s)

Biomarkers:

Reference ranges

Occupational guidance
values

PK / PBPK models

Analytical:

Detection limits

Ref materials / QA
scheme

Confounders

Epidemiology:

Link between exposure
and health effect

Link between BM data
and health effect

Risk Management:

Exposure reduction
measures

Susceptible Groups:

Defined susceptible
groups

Inter- and intra-individual
variability
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Glossary
In order to facilitate a consistent use of biomonitoring data within the framework, the

following definitions, are used:

biomarkers

Indicator signalling an event or condition in a biological system or sample and giving a

measure of exposure, effect, or susceptibility. Such an indicator may be a measurable

chemical, biochemical, physiological, behavioural, or other alteration within an organism.

biomarkers of effect

Biomarker that, depending on its magnitude, can be recognized as associated with an

established or possible health impairment or disease.

biomarkers of exposure

Relate exposure to a xenobiotic to the levels of the substance or its metabolite, or of the

product of an interaction between the substance and some target molecule or cell that can be

measured in a compartment within an organism.

biomarker of susceptibility

Biomarker of an inherent or acquired ability of an organism to respond to exposure to a

specific substance.

biomonitoring

Direct measurement of people's exposure to anthropogenic and naturally occurring

environmental contaminants by measuring the substances or their metabolites in human

specimens, such as blood or urine.

 General term comprising the following sub-categories:

 biological monitoring reflects total exposure and is applicable to most substances

 biochemical effect monitoring reflects the effective dose of a chemical,

usually a potentially genotoxic substance.

 biological effect monitoring measures early and, in most cases, reversible

biological effects, which do not necessarily lead to health effects

 clinical parameters are an expression of disease/non-disease state
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risk assessment

Identification and quantification of the risk resulting from a specific use or occurrence of an

agent, taking into account possible harmful effects on individuals exposed to the agent in the

amount and manner proposed and all the possible routes of exposure.

Note: Quantification ideally requires the establishment of dose–effect and dose–response

relationships in likely target individuals and populations.

risk management

Process of identifying, assessing, responding to, monitoring, and reporting risks.
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Annex 3 - Model Compounds
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1.0 Introduction

Production and uses

Nowadays, acrylamide (AA) is produced on a major technical scale through catalytic

hydration of acrylonitrile. By far the greatest part (99.9%) of the monomeric acrylamide

produced in the European Union (EU) is used in the production of polyacrylamides. Most of

the polyacrylamides are used in water treatment as dispersants and flocculants (about 60%).

In addition, high-molecular polyacrylamides can be modified chemically by the introduction

of non-ionic, anionic or cationic groups for various purposes and subsequently used as ion

exchanger, thickeners or as processing aid in the paper industry (about 20%). Besides,

acrylamide is also used as a co-polymer in the synthesis of dyestuffs and for various plastics.

Other uses for acrylamide polymers are found in the crude oil industry (drill hole cement), the

building (additive to hydraulically binders), the paper (to improve tear resistance), the mining

(clarification of circulation water) and the textile industries, in which polyacrylamides are

used as colouring aid as well as for binding textile fibres (Beratergremium für

umweltrelevante Altstoffe der GDCh (BUA) 1993). Polyacrylamide polymers are also used in

certain cosmetics, some food packaging materials, soil conditioning agents, plastics and

specialized grouting agents (USEPA, 1993; IARC, 1994). In research, acrylamide is used in

the production of polyacrylamide gels for electrophoresis.

The annual production of AA in the EU is estimated at 80,000 to 100,000 tonnes (IPCS,

1999). When using polyacrylamides, their content of monomeric AA must not exceed 0.1

percent by weight, as they otherwise have to be classified as a class 2 carcinogen (EC, 1988).

In polyacrylamides destined for drinking water treatment, the residual content of monomeric

AA may only be 0.025%.

Occurrence and sources of exposure

AA could potentially be present in food, drinking water, indoor air, or the environment, as a

result of anthropogenic or natural processes. The intake of AA by the non-smoking general

population is almost exclusively via food.

In 2002, evidence was produced for the first time by a Swedish working group that AA is

produced by the heating of foods (Tareke et al., 2002) – like potatoes that contain both

carbohydrates and proteins, and are prepared at elevated temperatures. In further studies, it

was possible to show that reducing sugars such as glucose for example, and the amino acid
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asparagine, play a crucial role in the production of AA (EC, 2002; EC, 1988; Stadler et al.,

2002). The mechanism of this reaction, during which AA is formed, temperature- and time-

dependently, is accepted as having been clarified in the meantime (Tareke et al., 2002 ; Zyzak

et al., 2003). The fact that AA is not formed until reaching temperatures above 120°C is of

great practical importance. Higher temperatures and longer cooking duration lead to higher

AA concentrations in foodstuff. A sudden rise in AA formation occurs at temperatures

between 170 and 180°C.

Table 1 shows the levels of AA in different food items, which were submitted to a joint

FAO/WHO meeting in 2002 (WHO, 2002). These values were measured in different

countries. The highest average levels of AA were found in crisps and chips. There was

however a wide range of concentrations from <0.03 mg/kg and < 0.05 mg/kg respectively to

3.5 mg/kg (WHO, 2002). In the USA these food items, which are rich in AA, represent about

one third of the caloric intake (NTP, 2005). Based on these data this FAO/WHO conference

estimated a lower bound AA uptake from foodstuff in the range of 0.3 – 0.8 µg/kg bw/d on

average. In Germany a mean uptake of 0.6 µg/kg bw/d has been calculated. In population

groups with a more extensive consumption of foods rich in AA eg deep-fried potatoes, potato

chips etc. intake of up to 3.4 µg/kg bw/d is found (Madle et al., 2003). Towards the end of

2002, the BfR gathered data on the intake of AA from highly-contaminated foods from more

than 1000 male and female students aged 15 to 19 at Berlin schools. A mean daily AA intake

of 1.1 µg/kg bw/d was calculated. According to these calculations, 1% of the students

consume more than 6.9 µg AA/kg bw/d (Mosbach-Schulz et al., 2003).

Table 1. Acrylamide levels in different foods and food product groups from Norway,
Sweden, Switzerland, the UK and the United States of America (WHO, 2002)

Food/Product Group

Acrylamide levels (μg/kg) 

Mean Median Minimum –
Maximum

No of
samples

Crisps, potato/sweet potato 1312 1343 170 - 2287 38

Chips potato 537 330 <50 - 3500 39

Batter based products 36 36 <30 – 42 2

Bakery products 112 < 50 <50 – 450 19

Biscuits, crackers, toast, bread chips 423 142 <30 – 3200 58

Breakfast cereals 298 150 <30 – 1346 29

Crips, corn 218 167 34-416 7

Bread, soft 50 30 <30 – 162 41

Fish and seafood products, crumbed,
battered

35 35 30 – 39 4

Poultry or game, crumbed, battered 52 52 39 – 64 2
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Instant malt drinks 50 50 <50 – 70 3

Chocolate drinks 75 75 <50 – 100 2

Coffee powder 200 200 170-230 3

Beer < 30 < 30 <30 1

Another way to determine the amount of AA intake by humans is found in the concentrations

of haemoglobin-(Hb) adducts of AA measured in human blood. Using a linear

pharmacokinetic model, it was possible to estimate the daily intake of acrylamide from the

concentration of N-2-carbamoylethylvaline (AAVal) in the blood (Calleman, 1996). In

Germany, more than 1000 persons were investigated for their AA-Hb adduct level. In the 857

non-smokers, AAVal concentrations in the blood of between 3 and 103.4 pmol/g globin were

found (Kütting et al., 2006). From this, a daily AA intake between 0.12 and 4.10 µg/kg bw/d

was calculated. The values for AA intake calculated from Hb-adduct measurements agree

well with the data calculated on the bases of AA levels in food and food consumption data.

Suckling babies take up AA with breast milk. In 172 breast milk samples, AA concentrations

ranged between 0.1 and 1.3µg/kg (Holtmannspötter, 2006). After consumption of 100 g

potato chips, in the breast milk of two mothers AA concentrations of 3.2 and 18.8 µg/kg were

measured (Sörgel et al., 2002). Assuming an intake of 500 ml breast milk and a body weight

of 3.5 kg for the babies, this would lead to dose up to 2.9 µg/kg bw.

It has been shown that AA crosses the placental barrier leading to an exposure of the baby

equal to that of the mother (Schettgen et al., 2004a).

Tobacco smoke is an important source in human exposure to AA. In the filtered mainstream

smoke, between 1.1 and 2.34 µg AA/cigarette were found (Smith et al., 2000). With a daily

consumption of 20 cigarettes, an additional AA intake of up to 47 µg is calculated, which

corresponds to a daily dose of up to 0.7 µg/kg body weight for an adult weighing 70 kg.

Extrapolating AA uptake from the Hb-adduct levels of the smokers of the above-mentioned

study, a daily AA intake between 0.33 and 13.31 µg/kg bw/d (median value: 2.7 µg/kg bw/d)

can be calculated. When these values are compared with those of non-smokers, this means

that smokers take up 2-3 times more AA than non-smokers (Kütting et al., 2006). From the

same study, it can be seen that the AA uptake from passive smoking is probably of

subordinate importance compared to food and active smoking.

AA enters the environment during its production and when using its polymers (residual

content of monomers). Due to its high water solubility, AA is mainly released into water and

water-containing compartments. The European Risk Assessment Report calculates the total

continental release of acrylamide into water from all conceivable sources at a maximum of
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280 kg/day (ECB, 2002). On the other hand, due to the low vapour pressure of acrylamide, its

release into the atmosphere is negligibly low at 0.38 kg/day. In the environmental media,

particularly water, soil and air, AA is degraded within a few days. This is either via a bacterial

process or due to the reaction with hydroxyl radicals. For this reason, no accumulation of AA

occurs either in the environment or in the food chain.

Further possible sources of AA uptake, like traces from food packaging, with drugs and

drinking water are irrelevant compared with the uptake from food.

Critical effects on human health

In animal experiments, AA was found to be clearly carcinogenic, producing cancer at a large

number of different sites. Therefore AA has been classified as a Group 2A carcinogenic

compound by IARC (1994). This means, that AA is a substance that must be viewed as being

carcinogenic in humans. According to most recent investigations on human metabolism, it

must be assumed that AA is also carcinogenic in humans. These facts make AA one of the

most important environmental carcinogens and are the reason for its relevance in

environmental health.

In addition, AA is classified as a germ cell mutagen (category 2) (DFG, 2009), as such an

effect has been demonstrated by an increased mutation rate in the offspring of exposed

mammals.

In workplaces AA has shown effects on the central and the peripheral nervous system of

exposed workers. Acute exposures at high AA-concentrations cause ataxia, tremor, impaired

reflexes, slurred speech and states of mental confusion as signs of impaired CNS. Chronically

exposed workers showed disturbances of the peripheral nervous system such as sensations of

numbness in hands and feet, loss of foot reflexes and muscular atrophy (DFG, 2009).

2.0 Toxicity data

The toxicological effects of AA in animals and humans have been summarized and evaluated

by a number of national and international expert committees (BUA, 1993; USEPA, 1993;

IARC, 1994; IPCS INHCEM, 1999; NTP, 2005, DFG 2009).
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Animal experiments

Carcinogenicity

In long-term carcinogenicity studies in rats and mice with oral, dermal or intraperitoneal

administration, increased incidences of cancer were observed at various sites. In female rats,

these consisted of malignant and benign mammary tumours, tumours of the central nervous

system, the thyroid gland, the oral cavity, the clitoris and of the uterus. In the male rats,

mesotheliomas of the tunica vaginalis testis and the scrotum, and tumours of the thyroid gland

were found. The doses at which increased cancer incidences occurred were between 0.1 and 2

mg AA per kg body weight and day. The incidence of mesothelioma of the tunica vaginalis of

male rats was significant at a dose of 0.5 mg/kg bw/d (Johnson et al., 1986). In a further

similar study using more rats, female animals showed mammary carcinoma at a dose of 1

mg/kg (American Cyanamid, 1989; Friedman et al., 1995). For mammary tumours in rats

JECFA (2005) proposed a benchmark dose lower confidence limit (BMDL) of 0.3 mg/kg

bw/d

With regard to tumour induction, it appeared that mice are more sensitive than rats. This may

be attributed to the fact that in the mouse metabolism, glycidamide (GA) production is

approximately three times higher than that produced in rats. GA was demonstrated to be the

ultimate carcinogenic agent of acrylamide (Rice, 2005). Newer studies show that GA is

formed in the human metabolism also. The amounts are comparable to that formed in rats

(see sections “metabolism” and “biomarkers”)

Neurotoxicity

AA is a highly effective neurotoxic compound, which in the higher dose range (20 to 50

mg/kg bw/d), particularly affects the central nervous system and produces functional

disturbances. Doses in this range produced ataxias in rats, dogs and primates (McCollister et

al., 1964; Thomann et al., 1974; Hopkins, 1970; IPCS, 1999). Lower doses produce no

clinical effects.

In the range of lower doses (up to 20 mg/kg bw), the peripheral nervous system is affected in

particular, whereby morphological changes are observed. For example, AA produces changes

in the microtubule network at very low concentrations (Sickles et al., 1995). At doses of 5 or

20 mg/kg bw, AA is capable of producing an increase in peripheral nerve degeneration which

has, however, been found to be reversible (Burek et al., 1980). After treatment with 2 mg

AA/kg bw for 18 months, degeneration of the tibial nerve was found in rats (Johnson et al.,

1986). In a long-term study (18 months) at a dose of 2 mg AA/kg bw, an increased incidence
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of degeneration of the sciatic nerve was observed histopathologically (Friedman et al., 1995).

The question as to whether these neurotoxic effects are produced by AA itself or its

metabolite, glycidamide (GA), is still open.

The NOAEL for systemic neurotoxicity is given as 500 µg/kg bw/d (Tyl et al., 2000). A joint

FAO/WHO consultation proposed a NOAEL of 0.5 - 1.0 mg/kg bw/d for primates (WHO,

2002).

Germ cell mutagen

In germ cells AA induces chromosome aberrations, micronuclei, sister chromatid exchanges,

DNA strand breaks and has been shown to be mutagenic. Therefore it was categorized as a

germ cell mutagen that has shown to increase the mutant frequency in the progeny of exposed

mammals (category 2; DFG, 2009).

Toxicity in humans

Carcinogenicity

In 1994 IARC classified AA in Group 2A as probably carcinogenic to humans. Animal

experiments and the metabolic formation of the mutagenic GA led to this decision. The joint

FAO/WHO consultation in 2002 “recognized the presence of AA in food as a major concern

in humans based on the ability to induce cancer and heritable mutations in laboratory

animals” (WHO, 2002). The epidemiological studies of AA exposed workers where a higher

incidence of pancreatic cancer had been found were known to these groups of experts but

were not considered to be sufficient to categorize AA as a human carcinogen (Sobel et al.,

1986; Collins et al., 1989; Marsh et al., 1999). In 2006 the DFG confirmed the classification

of the IARC from 1994 (DFG, 2009).

Epidemiological studies of groups of the general population, exposed to AA through food

consumption showed insufficient evidence for a classification as a human carcinogen (Mucci

et al., 2003; Mucci et al., 2004; Pelucci et al., 2003). This was due to the shortcomings of

these studies in the assessment of exposure. Questionnaires were in most cases inadequate for

determining food intake and tobacco consumption. It is difficult to obtain a valid record of

changing aspects such as e.g. dietary habits, which is highly dependent on memory, age, sex

and time of year (Kütting et al., 2005).

Most recent epidemiological studies show certain evidence that AA might be carcinogenic to

humans. Moreover results on human metabolism show that AA, as in rats, is in part

transformed to GA. Although the urinary concentration of the resulting GAMA is around a
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factor of 10 lower than in rats, the relationship between oxidative and reductive Hb-adducts in

humans and rats are the same. That means that biochemical effects of AA might be similar in

humans and rats. This could be an argument for a carcinogenic risk of AA in humans similar

to that of rats.

The mode of action for AA-induced carcinogenicity is not fully understood but in vivo and in

vitro DNA reactivity support a genotoxic mode, as does the formation of GA in human

metabolism. An endocrine mode of action has been discussed but no evidence noting a

modification of endocrine activity or sensitivity in AA-treated rodents has been provided

(Klaunig, 2008).

Neurotoxicity

The central and the peripheral nervous system are the target organs after acute or chronic

intake of acrylamide (WHO, 1985). After acute AA exposure, ataxia, tremor, impaired

reflexes, slurred speech and states of mental confusion were observed (Hashimoto, 1980).

Disturbances of the peripheral nervous system make themselves felt by sensations of

numbness in hands and feet, loss of foot reflexes, muscular atrophy and ataxia (USEPA,

1993). In a majority of cases, these neurotoxic effects of AA were found to be reversible

(Auld et al., 1967; Davenport et al., 1996; Igisu et al., 1975). In Swedish tunnel workers

exposed to a mixture containing AA, reversible deteriorations of the peripheral nervous

system were found. Here, the AA-Hb adduct level correlated with the neurological symptoms

(Hagmar et al., 2001). Chinese workers (N=41) exposed to a mixture of AA and acrylonitrile

showed significantly more frequent peripheral neurotoxic symptoms than a control group.

Here, too, the neurotoxic effects correlated with the internal AA exposure as measured by the

urinary AA mercapturic acid elimination and the AA-Hb adduct level in the blood (Calleman

et al., 1994).

Various mechanisms for the neurotoxic effects have been discussed (Sickles et al., 2002; Lo

Pachin et al., 2002; Friedman 2003) There is a recent review on acrylamide-induced nerve

damage(LoPachin et al., 2008)

Metabolism

AA can be absorbed by inhalation, through the skin, and orally. It is absorbed almost

completely, and its solubility in water ensures that it is distributed rapidly throughout the

whole body (Miller et al., 1982).
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Figure 1: Simplified human metabolism of AA (UBA, 2008)

Animal experiments show, that AA is in part oxidised to glycidamide (GA) by Cytochrome-

P450 2E1 (Sumner et al., 1999). GA induces gene mutations in in vitro test systems whereas

AA doesn`t. This indicates that GA is the ultimate carcinogen. That GA binds to DNA

confirms this fact (Besaratinia et al., 2004, 2007; Dearfield et al., 1995). AA and GA readily

bind to nucleophilic sites like sulfhydryl- or amino groups in particular. Within phase-II-

metabolism most of AA and GA are bound to glutathione. These metabolites are lastly

excreted with urine in form of the mercapturic acids AAMA and GAMA.

Human metabolism has been investigated only in the last few years. Angerer and coworkers

applied 0.99 mg (13 µg/kg bw/d) of deuterated AA to a male volunteer and investigated the

urine samples collected within 46 h. Within this time 52, 5, 1 and about 0.1 % of this dose is

excreted as N-acetyl-S-(2-carbamoylethyl)cystein (AAMA), N-acetyl-S-(2-hydroxy-2-

carbamoyl)cystein (GAMA), N-acetyl-S-(1-carbamoyl-2-hydroxyethyl)cystein (isoGAMA)

and 2,3-dihydroxypropionamide (Boettcher et al., 2005; Hartmann et al., [in preparation]).

The values for AAMA and GAMA were confirmed by Fuhr and coworkers, who found, that

50 and 5.9% of the AA dose is excreted in form of AAMA and GAMA. Moreover, these

authors reported that about 5.4% of the AA dose is excreted as free AA (Fuhr et al., 2006).
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Fennell and coworkers, applying AA doses between 500 and 3000 µg/kg bw, in addition to

the above mentioned metabolites also detected the sulfoxide of AA in urine which accounted

for 7-9% of the dose applied. They however reported 5 to 10 fold lower amounts of GAMA

and isoGAMA in urine (Fennell et al., 2006). That these metabolites of the carcinogenic

intermediate GA are dramatically lower in this study might be due to the excessively high AA

doses applied and to analytical shortcomings of this study. The formation of GA is saturated

at higher doses. In a recent study 0.5 and 20 µg/kg bw of 13C-AA was applied with drinking

water to 3 female and 3 male volunteers (Kopp et al., 2008). For the lower dose AAMA,

GAMA and AAMA-sulfoxide accounted for 51, 6.3 and 13.2% of the applied dose.

In this study the calculated half-lives for the excretion of AAMA, GAMA and AAMA-

sulfoxide were 14.2, 26.3 and 21.5 h respectively. These values for AAMA and GAMA were

very similar to those reported earlier (Fuhr et al., 2006). These authors reported a half-life of

2.4 h for the excretion of AA. It was shown, that the elimination half-life of iso-GAMA is

similar to that of GAMA and much longer as that of AAMA (Hartmann et al., [in

preparation]). It should be pointed out, that the maximum concentrations of the oxidative

metabolites are later and that the elimination of the oxidative metabolites is slower than that

of the reductive metabolites.

3.0 Biomarker data

DNA-Adducts

DNA-adducts can indicate the mutagenicity of a chemical substance as well as an elevated

cancer risk. DNA-adducts of AA therefore would be ideal parameters to estimate, not only

internal exposure, but also cancer risk on an individual basis (Angerer et al., 2007). Up to

now it was not possible to detect DNA-adducts of AA or GA in humans. Possibly this was

due to the lack of sensitive and specific analytical methods. Applying higher AA-doses it was

possible to determine DNA-adducts of GA in animal experiments.

After administration of AA to rats and mice N-7-(2-carbamoyl-2-hydroxyethyl)guanine, the

predominant DNA-adduct, was found at similar concentrations in various organs of both

species indicating, that GA is distributed evenly throughout the body (Segerbeck et al., 1995).

In 2003 it was possible to identify N-3-(2-carbamoyl-2-hydroxyethyl)adenine, a further DNA-

adduct of GA, at about 200 fold lower concentrations (Da Costa et al., 2003). It is important

to point out, that DNA-adducts of GA could be detected in livers of mice after the

administration of a dose of but 0.1mg/kg bw. This dose is 100 fold higher than those taken up

by the general population (Doerge et al., 2005).
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Hb-adducts

Protein-adducts, especially haemoglobin adducts, are looked on as ideal surrogates of DNA-

adducts measuring exposure as well as biochemical effects specifically and sensitively

(Angerer et al., 2007; DFG 2002). This also applies for the Hb-adducts of AA and GA which

amongst others bind to the free amino group of the N-terminal valine of Hb. The good

correlation between the extent of exposure to acrylamide and the haemoglobin adduct levels

in rats and mice proves that haemoglobin adducts are suitable as biomarkers for exposure to

AA (Jifsan, 2004).Due to a lifespan of 120 days of erythrocytes Hb-adducts are very reliable

biomarkers reflecting internal exposure of the last months . Using the so called EDMAN

degradation to cleave off the adducted N-terminal valine from the Hb-molecule, N-(2-

carbamoylethyl)valine (AAVal) was first determined in the general population in 1997

(Bergmark 1997). The mean value was 31 pmolAAVal/g globin (0.86 µg AAVal/l blood) for

non-smokers and 116 pmolAAVal/g globin (3.22 µg AAVal/l blood) in smokers. Since that

time, AAVal had been determined in various studies (table 2).

Table 2: AAVal and GAValt levels in blood of the general population
reference group AAV

Median range

µg/l

GAV

Median range

µg/l

GAV/AAV

Median range

Hagmar et al. 2001 S+NS 0.57-2.0

Paulsson et al. 2003,
Sweden

NS (n=5) 0,75

+/- 6

0,72

+/- 6

0.96

Schettgen et al. 2003,
Germany

NS (n=25)

S (n=47)

0.58

<0.33-1.39

1.3

0.4- 7,9

Schettgen et al. 2004b,
Germany

NS (n=13)

S (n=16)

0.50

0.2-0.84

2.20

0.68-5.54

0.50

0.25-0.63

1.22

0.61-3.30

1.0

0.5-1.7

0.55

0.4-1.4

Kütting et al. 2005,
Germany

NS (n=857)

S (n=148)

0.72

0.08-2.80

1.80

0.22-9.00

Bader et al. 2005,

NS (n=296) 0.40

<0.31-1.22
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Germany

S (n=99) 1.52

<0.31-12.00

Hagmar et al. 2005,
Sweden

NS (n=70) 0.84

0.56-2.77

Urban et al. 2006,
Germany

NS (n=60)

S (n=60)

0.73

0.50-1.42

2.19

0.53-5.73

Vesper et al. 2006, USA NS and S (n=96) 3,54

0,74-12,28

2,69

0,75-6,67

0.76

0.33-3.12

Boettcher et al. 2005,
Germany

NS (n=91 0,83

0,41-1,97

0,94

0,39-1,83

1.08

0.39-2.71

NS: non smoker; S: smoker

In 2003 Paulsson succeeded not only in determining AAVal but also the adduct of GA, N-

(R,S)-2-hydroxy-2-carbamoylethylvaline (GAVal). Median values for AAVal and GAVal

were 27 and 26 pmol/g globin respectively (Paulsson et al., 2003).

As in the case of the mercapturic acids, the relation between AA and GA adducts of

haemoglobin are of great importance with respect to the question, if AA is a human

carcinogen. Since 2003, three further studies have been published where the adducts of AA

and GA have been determined in groups of the general population (table 2).

Mean value for the GAVal/AAVal ratio of non-smokers was 0.96-1.08. The corresponding

value for smokers were 0.53 (range 0.4-1.4). The ratio GAVal/AAVal was 5.4 in mice

(Paulsson et al., 2002) and between 0.4 and 1.8 in rats (Paulsson et al., 2002; Fennell et al.,

2005, Sumner et al., 2003).

This indicates that in mice, the oxidative mutagenic pathway of metabolism is the prevailing

one but not so in humans and rats. Other than in the case of mercapturic acids the

GAVal/AAVAl relation is very comparable in humans and rats (Boettcher et al., 2005). In

both species the amounts of AAVal and GAVal are very similar. This means that the

biochemical effect of AA is similar in humans and rats.

The importance of Hb-adduct of AA and GA for the assessment of cancer risk is underlined

by the results of Fennell and his group. After gavage of 50 mg AA/kg bw to rats, significant
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correlations between the Hb-adduct level in blood and DNA-adduct levels in various tissues

were found (Fennell et al., 2005).

These results may indicate that cancer risk by AA is comparable between humans and rat.

Mercapturic acids

The mercapturic acids of AA and GA are the phase-II metabolites of AA. They are

detoxification products, which are excreted in urine. AAMA and GAMA can be used as

markers of exposure. Due to their short half lives they however reflect the exposure of but the

last 24 hours so. So for risk assessment and risk management Hb-adducts are clearly better

biomarkers. Mercapturic acids of AA may provide further evidence whether AA is

carcinogenic to humans as it is for animals. The relation between the oxidative pathway of

metabolism and the reductive one, that means the carcinogenic and the non-carcinogenic

pathway, may provide important information. Three of the human studies report nearly

identical values for the GAMA/AAMA ratio (0.096–0.12) (Boettcher et al., 2006; Fuhr et al.,

2006; Kopp et al., 2008). The corresponding ratio of the fourth study is one order of

magnitude lower (Fennell et al., 2006). However, this study should not be considered because

of the above reasons discussed in the chapter metabolism. The corresponding ratios are 0.2–

0.9 in rats (Sumner et al., 1992; Fennell et al., 2005; Doerge et al., 2007) and 0.5 - 2.3 in

mice (Sumner et al., 1992; Doerge et al., 2007) depending on the doses applied. So

metabolism confirms that mice have a higher carcinogenic risk than rats. Metabolism

moreover shows that humans also bear a carcinogenic risk, although it seems to be lower than

that of rats. These results are depicted in table 3.

AA and GA

Free AA and GA can also be determined in serum and principally be used as biomarkers. Due

to their very short half lives it is advantageous to select a biomarker with longer half life

(Hays et al., 2008). Moreover there are but a few human data so that the evaluation of a BE

would be highly speculative. In this context another consideration had to be taken into

account. AA as well as GA rapidly react with nucleophilic molecules possibly leading to a

further decrease of their concentration in blood after its collection .This especially applies to

serum which has to be prepared from blood.

Occupational levels and guidance values

Calleman was the first to use biomarkers for the determination of internal exposure to AA and

to correlate these markers with neurological effects. Forty one Chinese workers were engaged



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

96

in a plant, where AA was produced using acrylonitrile. The AA concentrations in air were

1.07 +/- 0.88 and 3.27 +/- 3.29 mg/m3 in the synthesis and polymerisation room respectively

(n=30). The US TLV time-weighted average (TWA) for AA of 0.03 mg/m3 (ACGIH, 2008) is

about 2 orders of magnitude lower than the concentrations measured in this plant. The authors

determined free AA and the haemoglobin adduct of AA (AAVal) in blood and the sum of the

mercapturic acids of AA and ACN in urine. The AAVal concentrations in blood were

between 0.3 and 34 nmol/g Hb in exposed workers. These values are equivalent to AAVal

concentrations in blood between 8.3 and 944 µg/l. Due to these very high exposures, the

workers showed numbness and weakness of hands and feet, sweating hands, impairment of

vibration threshold, pain and touch sensations as well as diminution or loss of ankle reflexes.

The values for vibration thresholds and electromyographic measurements were combined in a

neurotoxic index (NIn).

It could be shown, that NIn correlated best with the AAVal concentrations (p<0.01). The

authors concluded that the AAVal level in blood is the diagnostically most reliable parameter

for the prediction of neurotoxic effects. This is due to the fact, that AAVal concentrations

represent the exposure over the last 4 months (Calleman et al., 1994). Swedish tunnel workers

exposed to AA (n=163) showed AAVal concentrations from 2-506 µg/l blood, in comparison

with 0.6-1.9 µg/l in non-exposed workers (Hagmar et al., 2001).
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Table 3: AAMA and GAMA concentrations in urine samples of the general population

Publication Exposition
AAMA (median range)

µg/l

GAMA (median range)

µg/l

GAMA/AAMA

(median range)

Boettcher et al. 2005

NS (n=16)
29

3-83

5

<LOD-14

0,16

0,03-0,53

S (n=13)
127

17-338

19

3-45

0,15

0,03-0,30

Bjellaas et al. 2005

NS (n=5)
29

10-178

17

<LOD-143

0,46

0-2,44

S (n=1)
337

64-500

111

<LOD-263

0,25

0-0,69

Kellert et al. 2006

NS (n=13)
26

14-102

3

<LOD-11
0,11

Leichter Raucher (n=12)
56

16-630

9

3-14
0,16

Starker Raucher (n=13)
283

61-706

20

5-54
0,07

Urban et al. 2006

NS (n=60)
42

28-306

9

5-71

0,18

0,07-1,43

S (n=60)
107

25-539

15

5-93

0,13

0,06-0,67

Bjellaas et al. 2007

NS (n=47)
32

2-307

3

<LOD-17

0,07

0,01-0,20

S (n=6)
184

24-556

10

0-45

0,06

0,03-0,09

Boettcher et al.

in preparation
NS (n=91)

29

<LOD-229

7

<LOD-85

0,32

0,004-1,41
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At workplaces where the AA concentrations were well below the UK maximum exposure

limit (MEL), Jones and co-workers found a significant correlation between AA

concentrations in air and AAVal levels in blood. A concentration of 300 µg AA/m3 air

corresponds to an AAVal concentration in blood of 1550 pmol/g globin (Jones et al., 2006)

In a UK study, the mercapaturic acid of AA was used to determine the internal exposure of

227 workers engaged amongst others in the production, polymerisation, product handling etc.

The median concentration in post-shift urine samples was 2.3 µg/g creatinine. This biomarker

correlated with the AA values in air (0.004–0.282 mg/m3). The authors however showed that

dermal uptake was a major contributor to the systematic dose. Smoking and non-smoking

controls showed median AAMA concentrations of 2.8 and 1.4 mg/g creatinine. Based on the

90 percentile the authors deduced a BMGV of 8.3 µg AAMA/g creatinine (Bull et al., 2005).

The values for occupational AA exposure are shown in table 4. The German Guidance Value

for occupationally-exposed persons is 15 µg AAVal/l blood. It is based on the NOEL for

neurological effects that has been suggested by Hagmar (Hagmar et al., 2001). These authors

used the results of the above mentioned examination of the tunnel workers.

Environmental levels and guidance values

Since 2001, about 10 papers have been published which deal with the concentration of Hb-

adducts of AA in blood of the general population (table 2). Apart from AAVal, the

concentration of the GA-adduct (GAVal) has been reported in 5 of these papers. The reported

values are in good accordance. The average AAVal concentrations for non-smokers and

smokers are between 0.50 and 0.86 and between 1.52 and 2.36 µg/l respectively. The

corresponding maximum values are 2.86 and 12.58 for non-smokers and smokers. These

results show that the AA intake of smokers is 2-34 fold higher than that of non-smokers. The

average values for the Hb-adduct of the carcinogenic GA for non-smokers are very similar to

those of AA adducts (0.5-0.7 µg/l). Moreover the GAVal concentrations are very comparable

to the AAVal concentrations showing, that in humans as well as in rats the relation of the Hb-

adduct of the genotoxic agent is as high as the Hb-adduct of the non-genotoxic agent.

In Germany, the Federal Environmental Agency evaluated reference values for the general

(non-smoking) population based on the AAVal concentrations in blood. These reference

values are 1.2 µg AAVal/l blood for non-smoking adults and 1.8 µg AAVal/l blood for

children (UBA, 2008). For smokers reference values have not been established.
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Table 4: Occupational AA exposure

study group AA in air

mg/m3

AAVal

µg/l

AAMA

µg/g creatinine

median

Effects reference

41 Chinese workers

synthesis

polymerisation

1.07 ± 88

3,27 ± 3.29

8.3 – 944.4

x=392

70% workers

peripheral neuropathy

Calleman et al. 1993

163 exposed

47 unexposed

tunnel workers

2-506.2

0.6-1.9

Peripheral neuropathy

NOAEL

=14.6 µgAAVal/l

Hagmar et al. 2001

227 workers

synthesis,

polymerisation

product handling

10 controls NS

10 controls S

<0.004-0.282

x ≤ 0.03 

2.3

1.4

2.8

n.d. Bull et al. 2005

production workers 35

83

47

controls 9

0.05

0.03

0.01

0.2-23

0.1-5.0

0.1-3.8

< 0.1

nd

nd

nd

nd

none

none

none

none

DFG, 2000

AA: Acrylamide; AAVal: Hb adduct of AA; AAMA: mercapturic acid of AA; x: average value; m: median; NS: non smokers; s: smokers; nd: not determined
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It only became possible in the last few years to determine AAMA and GAMA sensitively and

specifically in urine samples. This was due to a lack of standard substances and poor

analytical methods. In the last few years, using LC-MS/MS techniques, several groups

succeeded in determining the mercapturic acids of AA and GA in urine samples of the general

population (table 3). For non-smokers, average AAMA concentrations between 26 and 42

µg/l have been reported. Maximum concentrations reached up to 306 µg/l. The corresponding

average concentrations for smokers were clearly higher (107-337 µg/l). For smokers

maximum values up to 706 µg/l were reported. The concentrations of the mercapturic acid of

GA were clearly lower than those of AAMA. The average values were between 3 and 17 µg/l,

the highest value measured was 143 µg/l for non-smokers. As in the case of AAMA, the

GAMA concentrations of smokers were higher than that of non-smokers (average values: 56-

337 µg/l).

The relationships GAMA versus AAMA, were between 0.07 and 0.46 on average, showing

that humans compared to rats excrete lower amounts of GAMA. This can be looked at as a

less efficient mechanism of detoxification of the genotoxic agent by humans.

Table 3 shows that it is hardly possible to evaluate a reference value for the mercapturic acids

of AA. This is due to the small number of studies and of persons examined so far. Moreover

various analytical procedures have been used; not all of them seem analytically reliable.

4.0 Analytical methods

The mercapturic acids of AA and GA in urine and the Hb-adducts of AA and GA in blood are

analytically and diagnostically reliable parameters for human biomonitoring of AA exposure.

The mercapturic acids are markers of internal exposure whereas the Hb-adducts can be seen

as markers of exposure and biochemical effects. The latter are thought to be surrogates of

DNA-adducts and are therefore suitable to be used to estimate carcinogenic risk.

Principally, the diagnostic validity of the reaction products of GA, which is the ultimate

carcinogen, is superior to the products of AA (which does not cause cancer). This point of

view however does not matter in practice because the mercapturic acids as well as both Hb-

adducts are determined in one analytical run each. The determination of the oxidative as well

as of the reductive product reveals information about the individual capacity to toxify and to

detoxify the absorbed dose.

Another question is whether mercapturic acids or Hb-adducts should be measured.

Mercapturic acids are eliminated within two days, thus representing recent exposure. Hb-
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adducts however represent the exposure of the last four months, due to the long half-life of

erythrocytes. For purposes of environmental health, the determination of Hb-adducts in blood

seems to be preferable. This could be shown with respect to neurotoxic effects (Calleman et

al., 1993) and this is especially true for carcinogenic effects. Moreover Hb-adducts represent

the effective dose better than mercapturic acids. The broad database of Hb-adduct

measurements of groups of the general population and of occupationally exposed workers in

various countries are further arguments to use Hb-adducts for biomonitoring purposes.

To determine AAVal and GAVal the erythrocytes are separated from whole blood. After

haemolysis the globin is separated from haemoglobin. In a modified Edman-degradation the

terminal valine of haemoglobin is cleaved off and at the same time derivatized. AA and GA

are bound to this valine. To protect both hydroxygroups of the GA adduct a further

derivatization with acetone is necessary. By means of capillary gas chromatography the

analytes are separated from accompanying substances and determined by tandem-mass-

spectrometry. For calibration N-2-carbamoylethylvaline-leucine-anilide and N-(R,S)-

2hydroxy-2-carbamoylethylvaline-leucine-anilide are used. Both standard substances are

commercially available at Bachem Biochemica, Heidelberg. The between day variation for

the determination of AAVal and GAVal is 6.9 and 12.3 % respectively. The corresponding

limits of detection are 0.01 µg/l each. Using this method environmentally as well as

occupationally occurring AA exposure can be reliably determined (DFG, 1996; Schettgen

2004; Perez et al., 1999). This method has been developed and optimized according to a

method published by Bergmark and coworkers (Bergmark et al., 1991). Generally for the

determination of haemoglobin adducts of alkylating substances, the above described

analytical principal using an Edman degradation is used. This method is relatively

sophisticated using high-end apparatus. In spite of this, this method is nowadays applied on a

routine bases in appropriately equipped laboratories and carried out with reliable results.

For the determination of AAMA and GAMA, a LC-ESI-MS/MS procedure has been

elaborated (Boettcher et al., 2005). After a solid phase extraction step the analytes are

separated using a reversed phase column. For detection tandem MS is used with electrospray

ionisation (ESI). For calibration AAMA and GAMA as well as their deuterated analogues are

used which have to be synthesized because they are commercially not available. The relative

standard deviation of this procedure lay between 2 and 6%. Detection limits for both

substances ranged down to 1.5 µg/l. Using this method, both mercapturic acids could be

detected in nearly all urine samples analysed so far. This method was the first one to

determine AAMA and GAMA in urine samples. A former published method for the

determination of AAMA using acid hydrolysis is not specific (Wu et al., 1993).
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Unfortunately neither for Hb-adducts nor for the mercapturic acids of AA are external quality

assessment schemes available up to now.

5.0 Epidemiology

Epidemiological evaluations of cancer risk in workers who were exposed occupationally to

AA have been reported. Two industrial epidemiologic studies have been performed

examining 371 workers who had possibly been exposed to AA from 1955 – 1979 during

monomer and polymer production. The AA concentrations in air decreased during this time

from 0.1 to 1.0 mg/m3 (1955-1957) to 0.1-0.6 mg/m3 (1957-1979). In this cohort death from

cancer were slightly higher than expected but was not statistically significant. Using the

concentrations of AA in air doses between 13 and 133 µg/kg bw/d can be calculated (10 m3;

75 kg bw) at these workplaces which are due to inhalation only. In a larger cohort study in

four plants in the Netherlands (1) and in the USA (3) (Sobel et al., 1986) a total of 8854

workers with potential AA exposure from 1925 to 1976 were examined. A slight increase in

pancreatic cancer and Hodgkins disease was noted (Collins et al., 1989). In an eleven-year

follow-up 1115 additional deaths were added to the original study (Marsh et al., 1999).

Overall mortality risk was found for cancer of the brain and other areas of the central nervous

system, thyroid, testis and lung cancer. However these findings were not statistically

associated with exposure to AA. A significant (20.2 fold) increased risk of pancreatic cancer

was found for workers exposed to AA >0.3 mg/m3 /year. This would correspond to a dose of

>39 µg/kg bw/d. Because no consistent dose-response-relationships were found in these

studies AA has been classified as a category 2 carcinogen (DFG, 2009).

For dietary intake of AA former epidemiological studies did not show an increase of cancer

with increasing AA uptake (Mucci et al., 2003; Mucci et al., 2004; Pelucci et al., 2003).

However, these studies had some decisive shortcomings e.g. the problem of estimating

exposure properly. Questionnaires in these cases were inadequate for this purpose (Kütting et

al., 2005). More recent studies have reported a linkage between dietary intake of AA and

endocrine tumours in women like endometrian, ovarian and breast cancer. Food uptake

diaries had been used for exposure assessment (Hogervorst et al., 2007). The AA uptake in

the highest quintile was 40.2 µg AA/d corresponding to a dose of about 0.7 µg/kg bw

assuming a bodyweight of 60 kg. In a further study these authors found some indication for a

positive association between dietary AA uptake and renal cell cancer. The same AA uptakes

had been calculated.
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Olesen showed a positive association between AA haemoglobin adducts and breast cancer in

Danish post menopausal women after adjustment for smoking behaviour (Olesen et al., 2008).

In a recent prospective study comprising more than 60,000 women no increase of breast

cancer could be detected (Larsson et al., 2009)

Overall, some of these studies might suggest a link between cancer and dietary uptake of AA.

There are only 2 publications where neurotoxic effects had been observed in occupationally-

exposed persons (Calleman et al., 1994; Hagmar et al., 2001). However in both studies a clear

association between AA exposure and health effects were found. This association was best

using the AA adduct of haemoglobin (AAVal) for estimation of internal exposure. It was poor

or non existent using AA concentrations in air or mercapturic acids in urine. From the

correlation between AAVAl and neurotoxic effects an NOEL of 14.6 µg AAVal/l blood was

deduced.

6.0 Risk management

As already mentioned, in non-smokers intake of AA is almost exclusively via the diet. This

was shown in 3 volunteers fasting for 2 days. During this time the concentration of the sum of

AAMA and GAMA in urine decreased from values between 25 and 171 µg/l to values

between 12 and 14 µg/l (Boettcher et al., 2006).

To reduce health risk of the general population, measures have been, and are being taken to

reduce the formation of AA during the production of food. These measures have been

recently reviewed (Friedman et al., 2008). Researchers are asked for methods to further

reduce AA burden in the diet. On the other hand models for the estimation of dietary exposure

showed that even big changes in single foods or groups of food would have small impact on

overall population-based intake and risk (Doerge et al., 2008).This is in line with papers

dealing with the AA body burden of the population indicating no decrease in AA intake.

There is evidence that changing individual dietary habits is a more promising way to reduce

AA intake. The following foods contain AA in decreasing concentrations: chips, crackers,

brezzelsticks, crackerbread, french fries, cookies, fried potatoes, cornflakes, toast, coffee

(BfR, 2006). By reducing the consumption of this type of food containing high concentrations

of AA everybody should be able to reduce health risks from AA. The German Federal

Institute for Risk Assessment (BfR) has made a programme available on the internet by

means of which everybody can calculate their personal AA intake and compare it with the

mean AA intake of the population. Unfortunately this service is available only in German, but
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this activity has shown to be a very efficient means of estimating one’s own AA exposure

(www.bfr.bund.de/cd/8616acrylamidrechner.xlf). The BfR assumes the mean AA intake of

the population is 0.81µg/kg bw/d. Estimations of AA intake which are based on the

determination of Hb adducts led average adduct levels which range between 0.4 to 0.8 µg/l

which corresponds to doses between 0.6 and 1.5 µg/kg bw/day (Table 2)

It seems reasonable therefore to assume an average AAVal-level of 0.6µg/l for the non-

smoking population and to use this value as a limit value. The idea is that everybody should

try to keep their own internal exposure below the average exposure of the general population

by minimizing the uptake of food rich in AA. This idea seems to be reasonable because chips,

french fries, brezzelsticks etc. are foods which one can go without most easily. That means

that the reference values which are the 95 percentile of the general population (HBM-

Commission, 1996) are thought to be too high with respect to carcinogenic risk.

Tobacco smokers should, amongst other reasons, discontinue their habits also under the

aspects of AA exposure. Pregnant and breast feeding women should especially be careful to

reduce their uptake of AA rich food. Children should be educated to reduce consumption of

foods that contain higher concentrations of AA.

7.0 Susceptible groups / populations

Within the following groups of the population, AA exposure decreases. The highest exposure

surely is borne by occupationally-exposed persons who take up AA not only by inhalation but

also through the skin. Doses between 3 and 1376 µg/kg bw/d have been reported. Next to this

group smokers take up most AA. The doses reported lie between 0.3 and 18 µg/kg bw/d.

“High (AA) consumers” are those persons who take up more AA than the rest of the

population because of eating food especially rich in AA. They are forming the upper end of

the AA doses taken up normally by the population. Values up to about 3.4 µg/kg bw/d have

been reported. The reference value (95th percentile) for the general adult population in

Germany corresponds to a dose of 1.7 µg/kg bw/d (=1.2 µg AAVal/l blood).

Because the oxidizing metabolism of children is more efficient than that of adults, children

are at a higher risk than adults. This problem is enhanced by the fact that children have a

higher AA uptake than adults. Children therefore have a reference value that is 50% higher

than that of adults (1.8 µgAAVal/l blood vs 1.2 µg AAVal/l blood) (UBA, 2008). This is

especially true for breastfed babies who according to the dietary habits of their mothers might
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belong to the group of “high consumers”. A dose of 2.9 µg/kg bw can be calculated after

uptake of AA rich food by the mother (Holtmannspötter, 2006).

AA passes the placental barrier and lead to an internal AA exposure of the unborn child that

equals that of the mother (Schettgen et al., 2004). Thus, unborn children are at an undue risk

if their mothers are habitually consuming food which is rich in AA.

Considerations about BGVs

Starting from the cancer risk of animals, it has been calculated that a dose of 1µg/kg bw/d

would correspond to a human cancer risk between 700 and 10 000 cases of cancer per 1

million inhabitants (Madle et al., 2003). This risk estimation of the German BfR was based on

4 papers published between 1993 and 2001(WHO, 1996; Sanner et al., 2001; Granath et al.,

1999; EPA 1993). Using physiologically based pharmacokinetic/pharmacodynamic modelling

lifetime excess cancer risks from average AA consumption in the diet in the range of 100 -

400 cases per million had been calculated(unit risk: 250-1000/million). The average daily AA

intake in this study had been calculated to be 0.4 µg/kg bw/d (Doerge et al., 2008).

There is another way to estimate cancer risk. The BMDL for mammary tumours of rats has

been calculated as 300 µg AA/kg bw/d. So the MOE would be 350 at the average exposure of

the general population. For high consumers however, the MOE would be 75. The joint

FAO/WHO expert committee for food additives (JECFA, 2005) concluded that these MOEs

would be low for a compound that is genotoxic and carcinogenic so these figures may

indicate a human health concern. Therefore appropriate efforts to reduce AA concentration in

foodstuffs should continue.

A possible biological guidance could be in the range of 0.6 µg AAVal/l blood, which is

equivalent to the average AA intake of the general population. This would reduce a possible

cancer risk to a limit that can be achieved with reasonable and acceptable measures. It must

be kept in mind that the calculated AA intake based on external exposure is in the order of

0.4µgAA/kg bw/d whereas the intake calculated on the basis of adduct levels is more than

twice as high. This might be due to the conversion factors used. This discrepancy however

doesn`t matter with respect to heath prevention because average AA exposure of the

population can reliably be determined using Hb adducts.

Hays and Aylward (2008) made a completely other approach to evaluate biomonitoring

equivalents (BE) for AA. His BE is based on the calculation of a risk specific dose of 0.022

µg/kg bw d which according to USEPA corresponds to human lifetime risk of 1/10000. This

dose corresponds to an AA- Hb –adduct level in blood of but 1.3 pmol/ g Globin and about
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0.14 µg AAVal/l blood. Compared to the average AAVal levels of the non smoking

population of around 0.5 µg AAVal/l blood such a low internal exposure to AA can hardly be

achieved without a complete change in dietary habits of the general population. Hays also

suggests a BE for the adduct of GA (0.4 pmolG AVal/g Globin). Such a BE would indeed be

a great step forward because this parameter would more closely reflect carcinogenic risk

compared to AAVal. However the database for human GAVal levels is very small.

Assuming a NOAEL of 20.7 µg/kg bw/d (14.6 µg/l) for neurotoxic effects, heavy smokers

would have a margin of exposure (MOE) of only 1.1. Assuming a mean internal exposure of

the general population the MOE amounts to about 35. These MOEs are much lower than

those which would result using the NOAEL for rats which is 500 µg/kg bw/d compared to

20.7 µg/kg bw/d for humans

With respect to neurotoxicological effects a limit value of 0.6 µgAAVal/l blood is sufficiently

low to guarantee health.

8.0 Summary

Most probably AA is carcinogenic to humans. Because AA is an unavoidable constituent of

food and is taken up in relevant concentrations by everybody, AA poses a health risk that

must be minimized according to the ALARA principle.

The main sources of AA exposure are food and tobacco smoke. The uptake of a non -smoker

is calculated to be between 0.3 and 0.8 µg/kg bw/d on average. Smokers take up two- to

threefold higher doses. For the estimation of internal exposure the Hb-adduct of AA (AAVal)

is a reliable and broadly approved parameter that can be determined down to 0.01 µg/l blood.

The great advantage of this parameter is that it represents the AA dose taken up in the last 4

months. This enables a very reliable estimation of the internal AA exposure even of

individual persons. Moreover this Hb adduct is an indicator of cancer risk. In Germany

reference values for AAVal have been established for adults (1.2 µg/l) and for children (1.8

µg/l). The NOAEL for neurotoxic effect is 14.6 µg AAVal/l blood.

The average internal exposure of the general population is estimated at 0.6 µg AAVal/l. This

concentration should not be exceeded. It is in the order of a BGV minimizing cancer risk to

values as low as reasonably achievable. Unborn children, suckling babies and children are the

most susceptible groups. AA uptake can be reduced by avoiding AA rich food.
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The mercapturic acids of AA and GA are the main metabolites of AA, which are excreted

with urine. The concentrations of AAMA and GAMA in urine represent the exposure of the

last two days. Up to now the database is not sufficient to establish reference values for

AAMA and GAMA.

Free AA and GA in serum are markers which amongst because of their very short half lifes

and further shortcomings are not suitable for HBM.
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Framework Element

Level of BGV

Level 1

Population Range

Level 2

Non Health Based Upper Limit
Value (95th percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability Based

Exposure:

General Population

Food, tobacco smoking

Susceptible Group(s)

Food; Mothers milk;

AAVal 0.6 µg/l (average)

AAMA 26-42
µg/L(average);306µg/l(max)

GAMA 3-7 µg/l(average)

143µg/l (max)

1.2 µg AAVal/l blood(adults)

1.8 AAVal/l blood (children)

0.3-0.8 µg/kg bw/d average
uptake with food(exposure
based)

2.9 µg/kg bw/d suckling babies;
unborn children; children

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

GAMA t½= 263 h

AAMA t½= 14,2 h

--

AAMA / GAMA

AAVal/GAVal t½= 60 d

0.4 µg AA/kg bw/d =100-400
cases/million (cancer)

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

AAMA: 2-307 μg/l; NS 

GAMA: <LOD-143 μg/l; NS 

8.3 μg AAMA/g creatinine 

--

0.08-2.86 µg AAVal/l ( NS)

15 µg AAVal/l (neurotoxicity)

1550 pmol//g globin(43
µg/AAVal/l) corr. 300µg/cm air

--
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Analytical:

Detection limits

Ref materials / QA scheme

Confounders

AAMA/GAMA 1.5 μg/l 

Not available

none

AAVal/GAVal 0.01 μg/l 

Not available

none

Epidemiology:

Link between exposure and health
effect

Link between BM data and health
effect

NOAEL: 14.6 μg AAVal/l 
(neurotoxicity)

Risk Management:

Exposure reduction measures Reduction of uptake of AA rich
food

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual variability

Children, suckling babies,
unborn children

Not known
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9.0 Communication

A BGV in the order of 0.6 µg AAVal per litre blood can reliably be controlled. The AAVal

level is representitive for the AA exposure of the last 4 month. So AAVal concentration in

blood is a very reliable parameter to estimate the dose taken up. In future GAVal should

simultaneously be determined in blood to get more information about the biochemical effect

of the carcinogenic GA. Based on the determination of AA and GAVal population studies

would allow for a better estimation of human carcinogenic risk.

Unit risk calculations of up to more than 1000 cancer cases per million show that the AA

exposure of the general population, and especially of susceptible groups, should further be

decreased. This should be possible by decreasing the AA concentration in food using

measures to reduce the formation of AA during food preparation. The general population and

especially pregnant women and children should still be better informed how to reduce AA

uptake.
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1.0 Introduction

Sources

Benzene (C6H6) is a natural component of crude oil and is produced in large quantities from

petroleum sources by a number of processes. In 1988, worldwide production was estimated to

be 20 million tonnes, with 5 million tonnes being produced within Europe. In 1990

production in the USA was estimated as 5.4 million tonnes and in Japan as 2.8 million tonnes.

Environmental sources of benzene include both natural and industrial sources. Benzene is

emitted during its production and from combustion sources including coke ovens, motor

engines, wood and fossil fuels.

Production and Uses

Benzene is used extensively as a solvent in the chemical and drug industries, as a starting and

intermediate material in the synthesis of chemicals and as an additive in petrol (NTP, 1994).

 55% of total benzene production is used as a source of ethylbenzene for the

synthesis of styrene used to make plastics and elastomers.

 24% of total benzene production is used to generate phenol and acetone; phenols

are used in the manufacture of phenolic resins and nylon intermediates, and

acetone is used as solvent by pharmaceutical manufacturing industries.

 12% of total benzene production is used for production of cyclohexane which is

used to make nylon resins.

 Benzene is a particularly important component of unleaded petrol and is used at

levels between 1 – 5% worldwide. Within the EU the maximum allowable

concentration has been reduced to <1%.

Due to the potential hazards associated with exposure to benzene, less than 2% of total

benzene production is now used as a solvent in trade and industrial paints, rubber cements,

adhesives, paint removers, artificial leather and rubber goods. Benzene is no longer used in

consumer products such as paint strippers, carpet glue and furniture wax (Wallace et al.,

1987).
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Sources of Human Exposure

Major sources of human exposure to benzene result from exhaust emissions and evaporation

losses from cars and evaporation during handling, distribution and storage of petrol.

Benzene is ubiquitous in the atmosphere being detected in both rural and urban environments

and in indoor air. However, although large volumes of benzene are released into the

atmosphere, environmental levels generally remain low due to efficient removal and

degradation processes. An average range of outdoor air concentrations taken from cities

worldwide has been reported as 32.8 – 40 µg/m3 (WHO, 2000).

Higher air concentrations can result during refuelling of cars, with levels of between 10 –

2700 µg/m3 (GM of 760 µg/m3) having been reported in the breathing zone (Nordlinder &

Ljungkvist, 1992).

The primary route for benzene exposure in indoor air (house and car) is from tobacco smoke

(both active and passive; EC. Institute for Health and Consumer Protection Physical and

Chemical Exposure Unit, 2004; COMEAP (Committee on the Medical Effects of Air

Pollutants), 2004; Duarte-Davidson et al., 2001; Hattemer-Frey et al., 1990). Median benzene

levels have been found to be higher in homes and cars of smokers than those of non smokers

in many studies (Crump, 2007; Raw et al., 2004; WHO 1993; Wallace, 1989; Hughes et al.,

1994; Porstmann et al., 1994; Laue et al., 1994; Fromme, 1995).

Exposure to benzene can also occur through ingestion of food and water contaminated with

benzene; however showering and cooking with contaminated water will cause volatisation of

benzene which is a further source of inhalatory exposure.

Dermal exposure is a minor contributor to overall benzene exposure. Although levels of

exposure are highest in an occupational setting, a greater number of individuals are exposed

to benzene through the atmosphere.

Fromme et al (1995) have estimated that during a ‘typical day’ 2 hours/day may be spent in

ambient air with a benzene concentration of 7 µg/m3, 21 hours/day in indoor air at a level of 4

µg/m3 and 1 hour/day inside a vehicle at 50 µg/m3. Calculated relative uptakes from these

scenarios were 9%, 53%, 30% with an additional 8% from food.

3 Conversion factor – 1ppb = 3.2 µg/m3
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2.0 Toxicity data

Toxicokinetics

The toxicokinetics of benzene has been well defined. The major routes of human exposure are

considered to be inhalation and oral; although benzene is absorbed through the skin, a large

proportion is lost from evaporation at the skin surface. Following absorption, benzene is

distributed throughout the body, and accumulates in fatty tissue. Metabolism in the liver leads

to production of reactive metabolites and toxicity of benzene has been shown to be dependant

on metabolism. At low levels of exposure, benzene is rapidly metabolised and excreted as

conjugated urinary metabolites. However, at higher levels of exposure, metabolic pathways

can become saturated and excess benzene is excreted as the parent compound in exhaled air.

Absorption

Inhalation: As the major route of human exposure to benzene, many studies assessing

absorption of benzene following inhalation exposure have been carried out, primarily in

occupational settings (Ashley et al., 1994; Avis & Hutton, 1993; Boogaard & Van Sittert,

1995, Brunnemann et al., 1989; Byrd et al., 1990; Etzel & Ashley, 1994, Fustinoni et al.,

1999; Ghittori et al., 1995; Gordian & Guay, 1995, Hajimiragha et al., 1989, Hanzlick, 1995,

Karacic et al., 1987; Karacić et al., 1995; Kok & Ong, 1994; Lagorio et al., 1994, Laitinen et

al., 1994; Lauwerys et al., 1994; Lindstrom et al., 1994, Mannino et al., 1995; Nomiyama &

Nomiyama, 1974; Ong & Lee, 1994;Ong et al., 1995; Pekari et al., 1992; Popp et al., 1994;

Rauscher et al., 1994; Rothman et al., 1995; Ruppert et al., 1995; Scherer et al., 1995; Shamy

et al., 1994; Srbova et al., 1950; Yu & Weisel, 1996). At concentrations of benzene between

50 – 100 ppm, absorption has been reported as between 47 - 52%, with uptake being greatest

at lower concentrations of benzene (Nomiyama & Nomiyama, 1974; Pekari et al., 1992). Of

the inhaled dose, 30% is thought to be retained, with the remainder being exhaled as

unchanged benzene.

In experimental studies, a linear relationship between benzene uptake and concentration of

benzene in air was noted in rats, up to concentrations of 200 ppm, at which point saturation of

metabolic activity occurred. Percentage absorption decreased from 33 to 15% in rats and 50 to

10% in mice as the exposure concentration increased from 10 – 1000 ppm (Sabourin et al.,

1987).

Oral: There are no studies providing definitive data on the absorption of benzene in humans

following oral exposure. However, a small number of case studies provide indirect
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information that benzene is absorbed following accidental or intentional poisoning (Thienes

& Haley, 1972).

Experimentally, 90% of radiolabeled benzene administered orally to rabbits was shown to be

absorbed and 97% of benzene administered by oral gavage to rats and mice (Sabourin et al.,

1987).

Dermal: Studies on human subjects have indicated that benzene is absorbed following dermal

exposure, although the level and rate of absorption have been reported as low (0.05% and 0.4

mg/cm2 / hour respectively; (Franz, 1984;Hanke et al., 1961). In an occupational setting,

exposure to benzene has been proposed to occur as a combination of inhalation and dermal

absorption, with an estimated 68% of absorbed dose thought to be due to dermal exposure

(Laitinen et al., 1994). Although likely to be rare in the general population, domestic use of

benzene-contaminated water may also give rise to absorption through inhalation and dermal

routes. Showering for 20 minutes with water contaminated with benzene in the range 33 –

673 ppb was shown to result in an absorbed dose of 281 µg with 40% of the dose resulting

from inhalation route and 60% from dermal route (Lindstrom et al., 1994).

In vitro experiments provide supporting evidence of dermal absorption of benzene. Excised

human skin exposed to benzene, showed a linear increase in absorption with increasing dose,

with 0.2% of the applied dose being absorbed (Franz, 1984). Benzene has also been shown to

be absorbed following dermal exposure in a similar way to humans in Rhesus monkeys,

minipigs and hairless mice (Franz, 1984).

Distribution

Data relating to the distribution of benzene in humans has largely been derived from case

studies. Following inhalation exposure, benzene has been detected in biological fluids and

tissues, with a particularly high distribution found in fatty tissues such as the brain, and well

perfused organs such as the liver and kidney (Pekari et al., 1992). Benzene is also able to

cross placental tissue (Dowty et al., 1976). Both benzene and its metabolites can bind to

plasma proteins, forming covalent adducts (Bechtold et al., 1992; Rappaport et al., 2002a,

2002b; Yeowell-O'Connell et al., 1998).

Animal studies support the distribution pattern determined in humans. In a study on pregnant

mice exposed to by inhalation to benzene at 2000 ppm for 10 minutes, both benzene and its

metabolites were detected in brain and fat, liver and kidney tissue; benzene was detected in

the placenta and foetuses immediately following inhalation (Ghantous & Danielsson, 1986).

Benzene levels in rats exposed by inhalation to 500 ppm were seen to reach steady-state
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within 4 hours in blood, 6 hours in fat and less than 2 hours in bone marrow, with distribution

also to kidney, lung, liver, brain and spleen. The metabolites, phenol, catechol and

hydroquinone were detected in bone marrow after 6 hours at higher levels than in blood.

Following cessation of exposure, levels of phenol in blood and bone marrow were seen to

decrease rapidly; however, levels of catechol and hydroquinone decreased less rapidly which

may suggest accumulation

No studies were located regarding distribution in humans following oral exposure to benzene.

No studies were located regarding distribution in humans following dermal exposure to

benzene.

Male rats exposed to radiolabelled benzene through dermal contact showed greatest

distribution to kidney (0.026%) and liver (0.013%) with 0.11% of the applied dose remaining

in treated skin (Skowronski et al., 1988).

Metabolism and Excretion

Benzene metabolism occurs primarily in the liver through the cytochrome P-450 2E1 system.

Reactive metabolites produced in the liver are carried to bone marrow where toxicity is

expressed resulting in non-cancer and cancer end points. Metabolism of benzene may also

occur, in part, in the bone marrow, and has been demonstrated to occur in isolated rabbit lung

tissue (Powley & Carlson, 2002). The metabolism of benzene is well defined (Figure 1) and

has been compiled from several mechanistic studies (Henderson et al., 1989; Huff et al.,

1989; Ross, 1996; Ross et al., 2000).
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Figure 1: Metabolic Pathways for Benzene (from Boogaard & van Sittert, 1996)

The initial step in benzene metabolism is oxidation by cytochrome P-450 2E1 (CYP2E1) to

form benzene oxide (Lindstrom et al., 1997), which is in equilibrium with benzene oxepin

(Vogel & Günther, 1967).

Benzene oxide is subsequently metabolised by several pathways:

 the predominant pathway involves the nonenzymatic rearrangement of benzene

oxide to form phenol (Jerina et al., 1968), the major initial product of benzene

metabolism.

 oxidation of phenol to catechol or hydroquinone leads to the formation of the

reactive metabolites 1,2- and 1,4-benzoquinone (Nebert et al., 2002).

 catechol and hydroquinone may also undergo catalysis via CYP2E1 to form the

reactive metabolite 1,2,4-benzenetriol.
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 reaction of benzene oxide with glutathione (GSH) forms S-phenylmercapturic

acid (Nebert et al., 2002; Sabourin et al., 1988; Schafer et al., 1993; Schlosser et

al., 1993; Schrenk et al., 1992; van Sittert et al., 1993).

 benzene oxide may also be converted to trans,trans-mucronic acid through iron-

catalysed ring-opening (Nebert et al., 2002; Bleasdale et al., 1996; Ross, 2000;

Witz et al., 1990a; Witz et al., 1991; Witz et al., 1996); it is assumed that the

intermediate trans,trans-muconaldehyde is formed, but this has not been detected

in vivo.

Experimental studies have shown that the metabolic fate and disposition of benzene is

species, dose and exposure route dependant. Quantitative differences in benzene metabolites

have been demonstrated in rats and mice (Sabourin et al., 1988) with the predominant

metabolic products in rats comprised of the detoxification products (phenyl conjugates) and in

mice the toxification products (muconic acid, hydroquinone glucuronide and hydroquinone

sulphate). This may explain the increased susceptibility of mice to benzene toxicity. The dose

of benzene was shown to influence total metabolism and metabolite concentrations, with a

decrease in metabolite concentration with increasing dose seen in both rats and mice (Witz et

al., 1990a; Witz et al., 1991; Sabourin et al., 1989). A decrease in metabolism may alter the

dose-response relationship for toxicity.

Phenol, catechol, hydroquinone and 1,2,4-benzenetriol undergo conjugation with sulphonic or

glucuronic acid (Nebert et al., 2002; Schrenk & Bock, 1990) prior to excretion in urine;

conjugates of phenol and hydroquinone form the major urinary metabolites of benzene in

humans (Sabourin et al., 1989; Wells & Nerland, 1991). The initial phase of conjugate

excretion is rapid and is followed by two slower phases (Sherwood, 1988).

There are a limited number of studies assessing elimination of benzene in humans following

dermal exposure. Urinary excretion was found to be rapid in the 2 hours following dermal

application of radiolabeled benzene in 4 subjects, with 80% of total excretion occurring with

8 hours of application (Hanke et al., 1961).

Animal data from inhalation studies supports that from human studies (Rickert et al., 1979).

Experimental studies using radiolabeled benzene orally administered to rabbits showed that

the major metabolites were in the form of conjugated phenols, accounting for 70% of the

benzene metabolised, which were excreted in urine (Parke & Williams, 1953). Oral dose was

seen to effect excretion of benzene and metabolites in rats and mice (Sabourin et al., 1987)

with a linear relationship being seen for excretion of urinary metabolites up to 15 mg/kg,
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above which the percentage of benzene in expired air was seen to increase (Mathews et al.,

1998). Metabolism was seen to be saturated in mice at levels > 50 mg/kg.

Animal data from dermal exposure studies supports the findings of human studies (Franz,

1984; Skowronski et al., 1988).

Physiologically-Based Pharmacokinetic (PBPK)
and Pharmacodynamic (PD) Models

A number of PBPK models have been developed for humans (Bois et al., 1996; Brown et al.,

1998; Fisher et al., 1997; Medinsky et al., 1989a; Sinclair et al., 1999; Travis et al., 1990),

mice (Medinsky et al., 1989a; Travis et al., 1990; Cole et al., 2001; Medinsky et al., 1989c;

Medinsky et al., 1989b; Sun et al., 1990), and rats (Travis et al., 1990; Medinsky et al.,

1989c; Medinsky et al., 1989b; Sun et al., 1990; Bois et al., 1991), which have a generic

structure, Figure 2.

Figure 2 General Structure of Physiologically Based Pharmacokinetic Models of
Benzene (from ATSDR, 2007).

In all models, it is assumed that there is flow-limited exchange of benzene between blood and

tissues and that excretion is via exhaled air. Simulations of blood, fat, liver, lung, slowly-

perfused tissues (skeletal muscle) and rapidly-perfused tissues (kidney, other viscera) are also
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common to all the models. Simulation of bone marrow as the primary target for toxicity is

included in 3 of the models (Bois et al., 1996; Sinclair et al., 1999; Travis et al., 1990; Bois et

al., 1991).

Toxicity

Haematotoxicity, bone marrow depression

The haematopoietic system is the critical target of benzene toxicity, with leukopenia, anaemia

and thrombocytopenia being apparent after only 2 days occupational exposure to > 60 ppm

benzene (Midzenski et al., 1992). Chronic inhalation exposure to benzene at levels above

workplace exposures (8 hour TWA of 1 ppm) for between several months and several years

has been shown to result in depleted numbers of erythrocytes (red blood cells), thrombocytes

(platelets) and leukocytes (white blood cells), a condition known as pancytopenia and is

caused by a reduction in function of red bone marrow. Chronic exposure to benzene can also

lead to development of aplastic anemia and leukaemia (Aksoy et al., 1974; EPA, 1995; Hayes

et al., 1997; IARC, 1982; IARC, 1987; Rinsky et al., 1987; Rinsky et al.; 2002, Yin et al.,

1987; Yin et al., 1996a; Yin et al., 1996b). Several epidemiology studies have investigated

the effects of chronic inhalation exposure to benzene in exposed workers with haematological

effects being observed at levels below 1 ppm benzene (Lan et al., 2004; Qu et al., 2003;

Rothman et al., 1996; Rothman et al., 1996). A LOAEL of 60 ppm has been reported for

haematological effects in humans (Midzenski et al., 1992). Although several studies have

reported no significant correlation between benzene exposure and haemotoxicity, findings

may have been limited by the low sensitivity of study design (Collins et al., 1997; Tsai et al.,

1983; Tsai et al., 2004).

Experimentally, data from animal studies assessing exposure-response relationship for

benzene support the human data. Repeated inhalation exposure studies have been carried out

in mice, rats, rabbits and guinea pigs to benzene levels between 10 - >300 ppm and significant

reductions in RBCs, total WBCs, lymphocytes, granulocytes, hematocrit and haemoglobin

have been reported (Wells & Nerland, 1991; Aoyama, 1986; Baarson et al., 1982; Chertkov et

al., 1992; Cronkite et al., 1982; Farris et al., 1997a; Farris et al., 1997b; Gill et al., 1980;

Green et al., 1981b; Green et al., 1981a; Li et al., 1986; Rozen & Snyder, 1985; Snyder et al.,

1982; Ward et al., 1985; Wolf et al., 1956). NOAELs for haematological effects have been

reported as between 30 - 50 ppm for rats (Li et al., 1986; Ward et al., 1985) and between 3-

47 ppm for mice (Wells & Nerland, 1991; Aoyama, 1986). LOAELs range from 100 – 300

ppm in rats (Li et al., 1986, Ward et al., 1985) and 10.2 – 3000 ppm in mice (Rozen &

Snyder, 1985; Rozen et al., 1984; Cronkite et al., 1989).
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Immunological effects

Chronic inhalatory exposure to benzene has been shown to have immunological effects in

humans, with both humoral immunity (antibody production) and cellular immunity

(lymphocyte production) affected. Effects on humoral immunity, including increased levels

of IgM and decreased levels of IgG and IgA have been reported in painters exposed to a

mixture of benzene (3-7 ppm), toluene and xylene (Lange et al., 1973). Although suggestive

of immunosupression, exposure to a mixture of solvents prevented the specific role of

benzene being identified. Cellular immunity is affected by changes in leukcocytes, and in

particular lymphocytes, with effects such as leukopenia (Aksoy et al., 1971; Aksoy, 1987; Xia

et al., 1995; Aksoy et al., 1974; Aksoy et al., 1972), preleukemia (Aksoy, M. 1972, 1974) and

loss of circulating lymphocytes (Yin et al., 1987; Cody et al., 1993; Goldwater, 1941;

Greenburg et al., 1939; Kipen et al., 1989; Ruiz et al., 1994) being reported in workers

exposed by inhalation to benzene levels ranging between 0.69 – 1060 ppm.

Experimentally, data from animal studies supports the effect of benzene on humoral and

cellular immunity with a decreased circulating leukocyte count being observed in mice

exposed to 25 ppm, 6 hours/day for 5 days (Wells & Nerland, 1991) and inhibition of

formation of mature B-lymphocytes at levels of 10 ppm and above, and formation of mature

T-lymphocytes at levels of 31 ppm and above (Rozen et al., 1984). NOAELS for

immunological effects of between 50 and 200 ppm have been reported in rats (Li et al., 1986;

Robinson et al., 1997) and between 3 – 300 ppm in mice (Wells & Nerland, 1991; Green et

al., 1978). LOAELs of between 100-400 ppm have been reported in rats (Li et al., 1986,

Robinson et al., 1997) and 10.2 – 400 ppm in mice (Cronkite et al., 1982; Rozen & Snyder,

1985).

Reproductive and Developmental toxicity

Although a number of older studies have suggested that chronic exposure to benzene and

other aromatic solvents by inhalation may impair fertility in women (Mukhametova &

Vozovaia, 1972; Vara & Kinnunen, 1946) there is no confirmatory evidence of teratogenic or

other reproductive effects in humans. In a recent study, the rate of spontaneous abortion

among wives of male workers exposed to benzene at levels ≤ 15 mg/m3 was not found to be

increased (Strucker et al, 1994).

Experimentally, reproductive effects have been demonstrated in both male and female mice

following chronic exposure to higher levels of benzene (80 – 6600 ppm; (Ward et al., 1985;

Wolf et al., 1956); effects on male fertility were also demonstrated in rats, guinea pigs and

rabbits (Ward et al., 1985). NOAELs for reproductive effects following inhalatory exposure
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to benzene have been reported as between 100 – 2200 ppm in rats (Green et al., 1978; Coate

et al., 1984), 500 ppm in mice (Murray et al., 1979) and 156.5 – 500 ppm in rabbits (Murray

et al., 1979; Ungvary & Tatrai, 1985).

There is no conclusive evidence available regarding developmental effects following

inhalation exposure to benzene in humans, with study results being compromised by mixed

exposure conditions, inadequate sample size and exposure level measurements (Budnick et

al., 1984; Goldman et al., 1985; Heath, 1983; Olsen & Rachootin, 1983). However, benzene

is known to cross the placenta and has been shown to be present in cord blood (Dowty et al.,

1976).

Fetotoxicity has been demonstrated in animal studies, with decreased body weight, skeletal

variations, and alterations in haematopoiesis in offspring of pregnant mice exposed to 20 ppm

benzene for 6 hours/day, on Gd 6-15 (Murray et al., 1979; Keller & Snyder, 1986). It has

been suggested that benzene fetotoxicity in animals is a function of maternal toxicity (Tatrai

et al., 1980) but the underlying mechanism for this is still undetermined. NOAELs of between

10 – 40 ppm have been reported for developmental effects following inhalation exposure to

benzene in rats (Coate et al., 1984, Kuna & Kapp, 1981), 10 ppm in mice (Keller & Snyder,

1988) and 156.5 -500 ppm in rabbits (Murray et al., 1979; Ungvary & Tatrai, 1985).

LOAELS of 47 – 141 ppm in rats (Tatrai et al., 1980), 20 – 156.5 ppm in mice (Ungvary &

Tatrai, 1985; Keller & Snyder, 1988) and 313 ppm in rabbits (Ungvary & Tatrai, 1985).

Chromosomal and Genotoxic effects

A comprehensive data set is available assessing chromosomal effects and genotoxicity of

benzene following chronic exposure, both in vivo and in vitro (ATSDR, 2007).

In humans, chronic exposure to benzene and/or its metabolites has been shown to produce

both chromosomal aberrations and genotoxic effects, potentially through production of

reactive oxygen species, resulting in oxidative damage to DNA (Liu et al., 1996; Nilsson et

al., 1996).

Chromosomal aberrations (Andreoli et al 1997; Karacić et al., 1995; Rothman et al., 1995;

Bogadi-Sare et al., 1997; Ding et al., 1983; Forni & Moreo, 1967; Forni & Moreo, 1969;

Forni et al., 1971; Hartwich et al., 1969; Hedli et al., 1991; Kašuba et al., 2000; Major et al.,

1992; Major et al., 1994; Picciano, 1979; Popp et al., 1992; Sardas et al., 1994; Sellyei &

Keleman, 1971; Smith & Zhang, 1998; Sul et al., 2002; Tompa et al., 1994; Tough & Brown,

1965; Türkel & Egeli, 1994; Van den Berghe et al., 1979) have been detected primarily
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following inhalation and dermal exposures or workers to benzene, with a concentration-

related increase in chromosomal aberrations across a wide range of exposure concentrations

(Yardley-Jones et al., 1990; Zhang et al., 1998; Zhang et al., 1999). Several types of

chromosomal aberrations have been reported including, hypo and hyperdiploidy, deletions,

breaks and gaps (Qu et al., 2003).

Levels of 8-hydroxy-2-deoxyguanosine (8-OhdG), a marker of oxidative DNA damage in

peripheral blood lymphocytes, have been shown to be related to exposure at medium and high

levels (32.2 and 133 ppm respectively) in workers exposed to benzene, but not toluene. DNA

damage has also been shown to occur through formation of micronuclei which was also

shown to be concentration related (Ding et al., 1983; Kašuba et al., 2000; Smith & Zhang,

1998; Zhang et al., 1998; Zhang et al., 1999; Sasiadek & Jagielski, 1990).

Urinary levels of trans,trans-muconic acid have been shown to correlate well with levels of 8-

OHdG, which, in turn, correlate well with levels of micronuclei in lymphocytes (Liu et al.,

1996).

Male petrol station workers exposed to benzene at concentrations ranging from 0.03 – 0.6

ppm were reported to have concentration-related increased levels of urinary 8-OH-dG, and

significantly increased levels of DNA single-strand breaks (Liu et al., 1996).

Glycophorin A (GPA) gene loss mutation assay was used to show that benzene exposed-

workers exhibited altered phenotypes of GPA gene, suggesting that benzene induces gene-

duplicating but not gene-inactivating mutations at the GPA locus in humans (Nilsson et al.,

1996).

Chromosomal aberrations and genotoxicity following benzene exposure has also been shown

in animal studies, providing consistent support for findings in humans:

 chromosomal aberrations in bone marrow and lymphocytes and increased

frequency of micronuclei formation have been reported in rats and mice.

 increased sister chromatid exchange following benzene exposure have been

reported in mice and rats (Rothman et al., 1995), potentially induced by the

benzene metabolite trans,trans-muconaldehyde (Erexson et al., 1986; Sharma et

al., 1985; Tice et al., 1980; Tice et al., 1982).

 DNA/RNA and protein damage has been shown to be related to binding of

benzene metabolites in rats and mice (Witz et al., 1990b).
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In vitro studies are again supportive of in vivo studies and have provided evidence for the

mechanism of benzene toxicity, which is strongly linked to production of reactive

metabolites. Benzene has been shown to be positive in gene mutation assays using Salmonella

typhimurium (Arfellini et al., 1985; Creek et al., 1997; Lévay & Bodell, 1992; Mani et al.,

1999; Mazzullo et al., 1989; Turteltaub & Mani, 2003) but only when exogenous metabolic

activators of benzene were used. In a similar way, effects on DNA synthesis, DNA adduct

formation and RNA synthesis were only apparent following endogenous activation of

benzene metabolism (Glatt et al., 1989; Seixas et al., 1982). The benzene metabolite,

trans,trans,-mucronaldehyde has been shown to be strongly mutagenic in V79 (Chinese

Hamster) cells and weakly mutagenic in bacteria (Glatt et al., 1989); muconaldehyde and its

metabolites 6-hydroxy-trans,trans-2-4-hexadienal and 6-oxo-trans,trans-hexadienoic acid

have been shown to be mutagenic in V79 cells (Glatt & Witz, 1990).

Carcinogenicity

A number of clinical and epidemiology studies have shown that chronic exposure to benzene

can lead to development of leukaemia and IARC, the EU and the EPA and Department of

Health and Human Services (DHHS) in the US have designated benzene as a human

carcinogen.

Two of the most robust epidemiology studies used to assess quantitative risk following

benzene exposure are the ‘Pliofilm’ study that investigated a cohort of rubber manufacture

workers, and the National Cancer Institute and the Chinese Academy of Preventative

Medicine (NCI/CAPM) study that investigated a cohort of factory workers exposed to

benzene. These studies and their findings are described in more detail in Section 5 -

Epidemiology.

Mechanism of action

Benzene is readily absorbed through inhalation, oral and dermal routes and subsequently

distributed via the blood; there is a tendency for benzene to accumulate in fatty tissues due to

its high lipid solubility.

The most critical effects following benzene exposure are considered to be the haematoxic and

leukemogenic effects and, as a consequence, many studies have been conducted to define the

mechanisms of action involved; these studies have been reviewed extensively (Chang et al,

1994).
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Benzene metabolism has been shown to be essential for toxicity, with inhibition of

metabolism being shown to decrease toxicity (Ross, 1996; Ross, 2000; Bird et al., 2005;

Irons, 2000; Morgan & Alvares, 2005; Ross et al., 1996; Ross, 2005; Schnatter et al., 2005;

Smith, 1996b; Smith, 1996a; Snyder, 2000a; Snyder, 2000b; Snyder, 2002; Snyder & Hedli,

1996; Snyder & Kalf, 1994). Following absorption, benzene is rapidly metabolised in the

liver to multiple reactive metabolites including benzene oxide, phenolic metabolites (catechol,

hydroquinone, 1,2,4-benzenetriol and 1,2 and 1,4-benzoquinone) and trans,trans-

muconaldehyde. Reactive hepatic metabolites of benzene are thought to be transported to the

bone marrow, where additional metabolism by bone marrow peroxidases occurs, leading to

the production of reactive oxygen species (Andrews et al., 1977). Reactive oxygen species act

directly on cellular DNA and proteins, causing clastogenic effects including strand breakage,

mitotic recombination, chromosome translocations and aneuploidy. Damage to DNA of stem

or early progenitor cells would lead to both haematopoietic and leukemogenic effects (Smith,

1996b; Smith, 1996a). No single metabolite of benzene has been shown to account for all

toxicities, and therefore the action of many individual metabolites is the most probable cause;

some examples of these include:

 trans,trans-muconaldehyde has been suggested as a transient intermediate in the

production of trans,trans-muconic acid, and has been shown to be haematotoxic

(Smith, 1996b; Smith, 1996a).

 hydroquinone (phenolic metabolite) was demonstrated to induce chromosomal

damage in lymphocytes in vitro (Witz et al., 1985).

 oxidative damage to DNA in mouse bone marrow (in vivo) and human myeloid

cells (in vitro) has been detected following exposure to hydroquinone and 1,2,4-

benzenetriol (Smith, 1996b; Smith, 1996a; Chen & Eastmond, 1995; Eastmond

et al., 2001; Irons & Neptun, 1980).

 glutathione adducts of 1,4-benzoquinone have been shown to cause

haematoxicity in mice (Kolachana et al., 1993).

Other effects of benzene metabolites on DNA include inhibition of mitochondrial DNA

polymerase (Bratton et al., 1997); inhibition of ribonucleotide reductase (Schwartz et al.,

1985); inhibition of RNA synthesis (Li et al., 1997; Li et al., 1998).



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

131

3.0 Biomarker data

Biomarkers of Exposure:

Exposure to benzene can be assessed by measurement of benzene in breath (Rushmore et al.,

1984), blood (Gruenke et al., 1986; Pellizzari et al., 1988; Sherwood & Carter, 1970; Wallace

et al., 1986) and tissues (Ashley et al., 1994; Gruenke et al., 1986; Antoine et al., 1986;

Ashley et al., 1992; Jirka & Bourne, 1982; Pekari et al., 1989). For breath samples methods

are sensitive and accurate, with detection at levels where health effects are seen and at

background levels of the general population. However, it has been noted that in the

experience of one group in the current review team (HSL), although breath-benzene is

generally reliable at occupational levels of exposure, it can be problematical at environmental

levels. This is because although benzene is well absorbed at low concentrations, the amount

exhaled can be less than the amount inhaled (except for smokers whose exhalation will add

benzene to the environment). The relationship between benzene levels in air and resulting

breath levels has been studied (Rickert et al., 1979; Bechtold et al., 1988) with a correlation

between breath levels and urinary trans,trans-muconic acid being evident for benzene levels

<3ppm (Pekari et al., 1992; Berlin et al., 1980; Money & Gray, 1989).

Methods for the analysis of benzene in blood samples are also sensitive; the screening test for

common volatile organic compounds including benzene (VOST – volatile organics screening

test) has a limit of detection for benzene of 0.1 ppb (DFG, 1994; Sul et al 2005).

It has been suggested that urinary benzene may be the most specific and sensitive short term

indicator of environmental benzene exposure (DeLeon & Antoine, 1985).

Analytical methods are available for measurement of the majority of benzene metabolites in

urine.

phenol at high levels of exposure (> 32 mg/m3; 10 ppm) phenol excretion in urine correlates

with level of benzene exposure and was once routinely measured in occupational

biomonitoring (Wilbur et al., 2008). This is no longer a method that is generally used or

recommended.

trans,trans-muconic acid levels in urine have been shown to be increased in benzene-

exposed workers and in smokers (Karacic et al., 1987; Pekari et al., 1992; OSHA, 1987,

Astier, 1992; Inoue et al., 1986; Inoue et al., 1988; Pagnotto et al., 1961) and is commonly

used as a biomarker of short-term exposure to benzene (half life of around 5 hours; (Popp et
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al., 1994; Ducos et al., 1992; Bechtold & Henderson, 1993; Melikian et al., 1994). At levels

of benzene of 1 ppm, approximately 4% of the inhaled dose is excreted as muconic acid in

urine, however at levels below 0.1ppm, this represents between 7-58%. Trans,trans-muconic

acid is considered to be the most reliable biomarker at higher exposure levels (>100 µg/m3) of

benzene and is currently used to monitor down to levels of 0.5 ppm. The ACGIH has

established a BEI of 500 µg/g creatinine in urine for occupational benzene exposure.

S-PMA is a specific and sensitive biomarker of benzene exposure with a half life of 9 hours.

There is a high inter-individual variability in the biotransformation of inhaled benzene to S-

PMA with the fraction being converted reported as 0.005-0.3% (Melikian et al 2002), 0.01-

0.21% (Ghittori et al 1999) and 0.005-0.26% (Boogaard & Van Sittert, 1995; Popp et al.,

1994; van Sittert et al., 1993; Ducos et al., 1992; Melikian et al., 1994; Boogaard & Van

Sittert, 1996; Ducos et al., 1990; Inoue et al., 2000; Lee et al., 1993; Pezzagno et al., 1999;

Qu et al., 2005; Rothman et al., 1998; Ruppert et al., 1997; Sanguinetti et al., 2001; Weaver

et al., 2000). Urinary levels of S-PMA have been shown to correlate with occupational

benzene exposure (Boogaard & Van Sittert, 1995) and the ACGIH has established a BEI of

25 µg/g creatinine in urine.

DNA and Protein-Adducts have been investigated extensively as biomarkers of exposure to

benzene, however, the application to assessment of human and animal exposures has not yet

proved successful. Protein adducts such as albumin and haemoglobin are more abundant and

more easily extracted than DNA adducts. However, S-phenylcysteine (SPC) formed

following the reaction of benzene oxide to albumin and haemoglobin has not been detected in

benzene-exposed workers (Boogaard & Van Sittert, 1995; Popp et al., 1994; Boogaard & Van

Sittert, 1996; Inoue et al., 2000; Qu et al., 2005; Farmer et al., 2005; Jongeneelen et al.,

1987).

Although the biomarkers discussed above have been shown to be robust indicators of

exposure to high levels of benzene, such as those encountered in an occupational setting or

following acute exposure scenarios, they may not be as reliable for indicating environmental

exposures (below 1 ppm; (Bader et al., 1994). Benzene in blood or urine or S-PMA in urine

is suitable for environmental monitoring (although individual variability in biotransformation

for S-PMA should be considered). It should be noted that urinary benzene concentrations are

lower than benzene concentrations in blood.

Biomarkers of effect

A number of biomarkers may also be of value in assessing the effects of exposure to benzene.
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erythrocyte and leukocyte counts can be decreased as a result of exposure to benzene and

monthly blood counts can be carried out as a form of occupational biomonitoring (Wilbur et

al., 2008). This is essentially an historical procedure and not considered suitable for

environmental exposures.

leukopenia is considered an intermediate end point in the development of benzene-related

leukemia and is used in China as an biomarker of benzene poisoning (OSHA, 1987).

LAP activity leukocyte alkaline phosphatase activity is increased in myelofibrosis and is

associated with decreased white cell counts and bone marrow activity. Whilst increased

activity of LAP has been shown in benzene-exposed workers (chronic exposure to 31 ppm;

Hayes, 1992), it is not specific for benzene and not relevant for environmental exposure.

chromosomal aberrations and sister chromatid exchange in bone marrow and peripheral

blood lymphocytes have been proposed as biomarkers of effect for benzene (Songnian et al.,

1982). These effects are not however specific to benzene and may not be appropriate for

environmental exposure assessment.

DNA-metabolite adducts in bone marrow have been suggested as potentially sensitive

biomarkers of genotoxic effects of benzene exposure (Eastmond et al., 1994). Such

biomarkers may give information about the direct extent of potential carcinogenic reactions

and, therefore, potential carcinogenic load. If DNA repair mechanisms do not remove

adducts, miscoding can occur leading to permanent mutations and possible cancer-initiation.

However, the role of DNA-metabolite adducts as biomarkers of early biological effect

following exposure to benzene is not currently well defined.

Biomarkers of susceptibility

In recent years a number of studies have been conducted to evaluate the potential role that

gene polymorphisms may play in determining individual susceptibility to benzene associated

haematoxicity (Rushmore et al., 1984; Chenna et al., 1995; Lutz & Schlatter, 1977; Norpoth

et al., 1988; Snyder et al., 1987).

CYP2E1 is responsible for activating the conversion of benzene into intermediate metabolites

including phenol, hydroquinone, catechol and 1,2,4-benzenetriol (Rothman et al., 1997; Xu et

al., 1998; Wan et al., 2002; Sørensen et al., 2003; Bauer et al., 2003). Polymorphisms have

been reported associated with both increased (Seaton et al., 1994) and decreased enzymatic

activity (Le Marchand et al 1999).
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MPO 463G>A is a polymorphism of myeloperoxidase which is responsible for the

conversion of intermediate benzene metabolites in bone marrow into toxic quinones,

particularly 1,4-benzoquinone which is able to induce protein and DNA adducts. The variant

MPO 463G>A is associated with decreased enzymatic activity and has been associated with a

reduced risk of acute leukaemia (Hayashi et al., 1991).

NQO1 609C>T is a polymorphism of NAD(P)H:quinine oxidoreductase-1 (NQO1), one of

the enzymes involved in detoxification of the benzoquinones, converting them to the less

toxic dihydroquinones (Zhang et al., 2007). The homozygous variant (TT) of the NQO1

609C>T polymorphism is associated with loss of activity (Ross, 2000) whereas the

heterozygote’s exhibit intermediate activity. An additional polymorphism, NQO1 465C>T is

also associated with decreased enzymatic activity (Traver et al., 1992).

Glutathione s-transferase T1 (GSTT1) and Glutathione s-transferase M1 (GSTTM1) are

responsible for the detoxification of benzene oxide to s-PMA (Krajinovic, 2005). A variation

involving complete deletion of the gene cause loss of activity (Ross, 1996; Snyder et al.,

1993) and have been associated with a number of forms of leukaemia including AML (Alves

et al., 2002; Seidegard et al., 1988; Sprenger et al., 2000).

Reference Ranges for Benzene

Table 1 shows the estimated levels of benzene for adults exposed through a number of

occupational and non-occupational scenarios to benzene.
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Table 1 Benzene in breath, blood, and urinary samples in general and occupational
populations without known exposure to benzene

Country Analyte Minimum/
lower 3 STD

Median/
mean

Maximum/
upper 3 STD

Comments Reference

Belgium
Blood benzene – – ND—16.1 ng/l GP Hotz et al (1997)

Exhaled - - ND—0.41 ppm GP

China Urinary 7 ng/l 120 ng/l 10,142 ng/l GP Kim et al. (2006)
China Urinary 27 ng/l 69 ng/l 2060 ng/l GP Waidyanatha et al. (2001)

China and
Malaysia

Urinary
benzene

0.64 ng/l 1.49 ng/l 10.4 nmol/l GP Ong et al. (1995)

Estonia Blood benzene 2 nmol/l 12 nmol/l 45 nmol/l GP Kivisto et al (1997)
Exhaled
benzene

<3 nmol/l 7 nmol/l 22 nmol/l GP

Urinary 0.1 nmol/l 0.1 nmol/l 0.2 nmol/l GP
Italy Blood benzene 15 nmol/l 110 ng/l 462 ng/l GP Brugnone et al (1998)

28 ng/l 219 ng/l 940 ng/l GP

Italy Urinary 85ng/l 1155 ng/l 1978 ng/l bus drivers Gobba et al (1997)
Mexico Blood benzene 0.26 ng/L 0.63 ng/L 2.30 ng/L service attendants Romieu et al (1999)

0.20 ng/L 0.30 ng/L 0.68 ng/L street vendors

0.12 ng/L 0.17 ng/L 0.23 ng/L office workers

Singapore Blood benzene 1.21 nmol/l 1.27 nmol/l 1.33 nmol/l GP Ong et al. (1996)
Urine benzene – 1.29 nmol/l 2.61 nmol/l GP

Thailand Blood benzene 18.8 ppt 65.6 ppt 471 ppt children Navasumrit et al (2005)

STD – standard deviation; ppm-parts per million; ppt – parts per trillion; GP-general population

4.0 Analytical methods

Tables 2 and 3 presented below identify well-established standard methodologies for

detecting, measuring, and/or monitoring benzene, its metabolites and other biomarkers of

exposure in biological samples; the tables do not purport to be an exhaustive list and further

details are described in (Navasumrit, 2005; DFG, 1997a,b).
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Table 2: Analytical Methods for Determining Benzene in Biological Samples

Analyte Sample Type Detection Limit Analytical Method(s)

Benzene Breath 3 ppt – 100 ppb

HRGC/MS

GC/FID

GC/MS-SIM

Blood 0.4 - 100 µg/L

HRGC/MS

HRGC/PID

GC/MS-SIM

GC/MS

GC/FID

ITMS

HPLC

Urine 0.51 nmol/L

(39 ng/l)

GC/PID

Tissues1 20 pg/g

RID-preparative
HPLC/UV

1 – bone marrow, fat, lung, liver NB: not relevant for population monitoring

ppt – parts per trillion; ppb - parts per billion; HRGC – high resolution gas chromatography; GC – gas chromatography; MS –
mass spectrometry; FID – flame ionisation detection; SIM – selected ion monitoring; PID – photoionisation detection; ITMS –
ion trap mass spectrometry; HPLC – high performance liquid chromatography; RID – reverse isotope dilution; UV – ultraviolet
detection

Table 3: Analytical Methods for Determining Metabolites of Benzene and Other
Biomarkers of Exposure in Urine Samples

Sample Type Analyte Detection Limit Analytical Method (s)

Urine Phenol,

Phenyl Sulphate, Phenyl
Glucuronide

1 – 5 mg/L

HPLC/UV

GC/FID

Urine Phenols

Cresols

2 mg/L GC/FID

Urine Phenol 50 ppb HPLC/flurometric
detection

Urine trans,trans-muconic acid 5 µg – 100 µg /L HPLC/UV

GC/MS

HPLC/UV

Urine trans,trans-muconic acid

Phenol
10 µg/L GC/MS

Urine S-phenyl-mercapturic acid 1 µg/L HPLC

Urine S-phenyl-mercapturic acid 5 nmol/l (1.2µg/l) ELISA
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ppb - parts per billion; GC – gas chromatography; MS – mass spectrometry; FID – flame ionisation
detection; HPLC – high performance liquid chromatography; ELISA – enzyme linked immunosorbent
assay

External quality assurance is available for benzene in blood and trans, trans-muconic acid, S-

PMA and phenol in urine at occupational exposure levels (www.g-equas.de). Only blood

benzene and urinary S-PMA are suitable for environmental exposure monitoring.

Known confounders

The reliability of the commonly-used biomarkers of exposure to benzene can also be

influenced by a number of additional factors:

 variability in urinary levels of phenol and phenolic metabolites can result from

ingestion of vegetables and ethanol, inhalation of cigarette smoke and exposure to

other aromatic compounds (ATSDR, 2007).

 muconic acid is a minor metabolic route and background levels are frequently

below level of detection (Inoue et al 1989).

 urinary muconic acid can also result from ingestion of the food preservative

sorbic acid (Nakajima et al., 1987).

 S-PMA is excreted in very small amounts requiring sensitive measurement

techniques. However, when competently applied, it is the method of current

choice for environmental benzene assessment.

It should be noted that the first three bullet points above relate to techniques that are not

considered suitable for the low levels of benzene exposure generally encountered in

environmental exposures.

5.0 Epidemiology

The most significant adverse health effects following prolonged exposure to benzene are

potentially, haematotoxicity, genotoxicity and carcinogenicity. The majority of evidence for

the carcinogenicity of benzene has been gained from a number of epidemiology and case

studies following occupational exposure of workers.

One of the most commonly cited studies assessing evidence of dose-response relationships for

occupational benzene exposure and leukaemia is the US ‘Pliofilm’ study. In this, a cohort of

1165 male workers working at a rubber hydrochloride (‘Pliofilm’) manufacturing plant in

Ohio during the period 1940 to 1965 were followed for health effects through to 1981. The
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cohort showed an increased mortality from all leukaemias (SMR of 3.37; 95% CI 1.54 – 6.41)

and multiple myeloma (SMR of 4.09; 95% 1.10 – 10.47). Re-assessment of the cohort after an

additional 15 years showed a diminished risk for both leukaemias (SMR of 2.56; 95% CI 1.43

– 4.22) and multiple myeloma (SMR of 2.12; 95% CI 0.69 – 4.96; (Ducos et al., 1990). Much

of the increased risk for leukaemia was due to Acute Myeloid Leukaemia (AML; SMR of

5.03; 95% CI 1.84 – 10.97; (Rinsky et al., 2002). No evidence of increased risk for

leukaemias or multiple myeloma was found with cumulative exposure between 1 – 72 ppm

years, however, the number of exposures >100 ppm for >40 days was found to be predictive

of risk (Collins et al 2003; Schnatter et al., 1996b; Wong, 1995). The results of the ‘Pliofilm’

study are often cited and used in risk estimations because of the clear job and exposure

histories for workers (including air sampling data), the robust medical surveillance and

limited influence of ‘confounding’ factors.

In a collaborative study between the National Cancer Institute and the Chinese Academy of

Preventative Medicine (NCI/CAPM), incidence rates (occurrence and cause of death) of

lymphohematopoietic malignancies and other haematologic disorders were recorded amongst

a cohort of 74,828 workers exposed to benzene, and 35,805 non-exposed workers employed

for an average of 12 years during the period 1972 – 1987. Amongst workers exposed to

benzene, a statistically increased risk was found for all haematologic neoplasma (RR of 2.6;

95% CI 1.4-4.7); all leukaemias (RR of 2.5; 95% CI 1.2- 5.1); Acute Non-Lymphocytic

Leukaemia (ANLL;RR of 3.0; 95% CI of 1.0 -8.9); combined ANLL and precursor

myelodysplastic syndromes (ANLL/MDS -RR of 4.1; 95% CI 1.4 – 11.6 (Ireland et al.,

1997). Risk was found to be significantly increased at levels of benzene >10 ppm (average)

and 40-99 ppm years (cumulative) for all leukaemias, ANLL and ANLL/MDS.

The results of the NCI/CAPM Chinese study also suggested a possible link between

occupational benzene exposure and non-Hodgkin’s lymphoma (NHL; Hayes et al., 1997).

Although overall the cohort did not show a statistically significant increased RR for mortality

from NHL, at the highest level and duration of exposure, RR was significantly increased

(Hayes et al., 1997). These findings have not been supported by other cohort mortality

studies, including the ‘Pliofilm’ cohort (Hayes et al., 1997).

An increased risk of development of multiple myeloma following occupational benzene

exposure was suggested in the initial findings of the ‘Pliofilm’ study (Rinsky et al., 2002).

Although mortality from multiple myeloma was at first seen to be increased, this effect

decreased at later stages of follow-up (Rinsky et al., 1987). Additional population and

hospital based studies (Rinsky et al., 2002, Wong, 1995) and meta-analyses of case-control

studies have also found no significant association between occupational exposure to benzene
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and benzene-containing products and risk of multiple myeloma (Bezabeh et al., 1996;

Heineman et al., 1992; Linet et al., 1987; Schnatter et al., 1996a; Sonoda et al., 2001; Wong

& Raabe, 1997).

Supporting evidence for the carcinogenicity of inhaled benzene has been reported in animal

studies. Inhalation exposure of rats to benzene at levels between 200 – 300 ppm for 4-7

hours/day, 5 days/week for up to 104 weeks, showed an increase in carcinoma of the Zymbal

gland and oral cavity (Sonoda et al., 2001). Exposure of mice to between 100-300 ppm

benzene for 6 hours/day, 5 days/week for 16 weeks resulted in induction of a number of

tumours that included leukaemias, Zymbal gland, ovaries and lungs (Maltoni et al., 1982a;

Maltoni et al., 1982b; Maltoni et al., 1983; Maltoni et al., 1985; Maltoni et al., 1989).

6.0 Risk management

Many regulations have been established worldwide to both restrict and limit the use of

benzene in the environment, workplace and in consumer products. Regulations and guidelines

for levels of benzene in air, water and other media are summarised in Table 4. The following

information is not intended to be exhaustive but to illustrate the extensive efforts undertaken

to regulate and control human exposure to benzene.

Table 4 Established Regulations and Guidelines to Limit Exposure to Benzene

Guideline Agency Information Reference

Carcinogenicity IARC Group 1 IARC, 1987, 2004, 2007

EPA Category A IRIS, 2007

NTP known human
carcinogenic

NTP, 2005

MRL ASTDR

Inhalation- acute 0.009 ppm Rosenthal & Snyder,
1987

Inhalation - chronic 0.003 ppm Lan et al 2004

Oral - chronic 0.0005 mg/kg/day Lan et al., 2004

AIR

RfC EPA 0.009 ppm IRIS, 2007; Rothman et
al., 1996

EU Directive EU 5 µg/m3 by 2010 EC, 2008

Water

Max Level EPA 0.005 mg/L EPA, 2002
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WHO 0.01 mg/L WHO, 2004

Food

RfD EPA 0.004 mg/kg/day IRIS, 2007

Occupational

PEL (8-hour TWA) OSHA 1 ppm OSHA, 2005

8-hour TWA ACGIH 0.5 ppm ACGIH, 2006

REL (10 hour TWA) NIOSH 0.1 ppm NIOSH, 2005

WEL (8-hour TWA) HSE 1 ppm HSE, 2005

Group 1: carcinogenic to humans; Category A: known human carcinogen; MRL: maximum residue
limit; RfC: inhalation reference concentration; RfD: oral reference dose; PEL: permissible exposure
limit; TWA: time-weighted average; REL: recommended exposure limit; IARC – International
Agency for Research on Cancer; EPA – Environmental Protection Agency; NTP: National Toxicology
Programme; ASTDR – Agency for toxic substances and disease registry; WHO – World Health
Organisation; OSHA – Occupational Safety and Health Administration; ACGIH – American
Conference of Governmental Industrial Hygienists; NIOSH – National Institute for Occupational
Safety; HSE – Health and Safety Executive

The IPCS (International Programme on Chemical Safety) has stated that ‘benzene is a well

proven human carcinogen with an established causal relationship between benzene exposure

and production of AML’. The IPCS also consider that, at present, there is insufficient

evidence to allow differentiation between a moderate increment in leukaemia incidence in

workers exposed to low levels of benzene and a safe non-risk level of exposure (NIOSH,

2005). Data from the Pliofilm and other relevant epidemiology studies (IPCS, 1993) were

used to calculate a time-weighted average of 1 ppm over 40 years working life. However, the

IPCS stress that as benzene is a known human carcinogen, exposure levels should be kept as

low as technically possible.

In the UK, the Expert Panel on Air Quality Standards (EPAQS) concluded that as benzene is

a genotoxic carcinogen, a NOAEL could not be established. However, the EPQAS

recommend that the risk of leukaemia in workers is not detectable when average exposures

over a working lifetime were around 0.5 ppm. By applying an uncertainty factor of 100, a

running annual average of 5 ppb was calculated, however, as benzene is a genotoxic

carcinogen a further factor was applied to give a recommended running annual average of 1

ppb (Yin et al., 1987; Decouflé et al., 1989).

7.0 Susceptible groups/populations

Susceptible individuals or groups within a population may exhibit a different or enhanced

response to benzene exposure than most people exposed to the same level in the environment.
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Susceptibility could be due to a number of factors including, age, genetic make-up, health

status and co-exposure to other substances (eg. cigarette smoke). Susceptible individuals or

groups will exhibit reduced detoxification or excretion of benzene or compromised target

organ function (benzene poisoning).

Genetic polymorphisms associated with the metabolic pathways for benzene have been shown

to increase susceptibility.

 NQO1 is normally encoded by the NQO1*1 allele, however the variant NQO1*2

has negligible activity; 5% of Caucasians and African Americans, 15% of

Mexican-Americans and 20% of Asians are homozygous for the NQO182 allele

(UK Department of the Environment, Transport and the Regions (DEFRA),

1994) and workers with this allele are at greater risk (up to 7-fold) of benzene

poisoning (Smith & Zhang, 1998; Kelsey et al., 1997).

 workers with rapid CYP2E1 function can be at increased risk (up to 7-fold) of

benzene poisoning due to the formation of benzene metabolites (Rothman et al.,

1997).

 individuals with reduced bone marrow function or decreased blood factors would

potentially be at increased risk of benzene poisoning.

 ethanol has been shown to enhance the heamatotoxic effects of benzene and

therefore, benzene-exposed workers who also consume alcohol may be at greater

risk (Rothman et al., 1997).

 young children have a potentially increased susceptibility to benzene exposure

due to under-developed metabolic pathways and high breathing rates. However,

no evidence to support age-related differences in susceptibility have been

identified (Nakajima et al., 1985).

However, it should be noted that until the exact mechanisms of benzene toxicities, in

particular carcinogenicity, are fully elucidated, identification of susceptible groups and

populations will remain speculative.
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8.0 Summary

Proposed level of BGV

There is sufficient data available from human and animal studies to propose a Level 4 or

‘Toxicity and Probability based’ biological monitoring guidance value for benzene at

environmental levels of exposure (Table 5).

Exposure evaluation

 sources of benzene exposure in ambient air include

o cigarette smoke
o petrol (combustion and evaporation)
o petrochemical industries
o other combustion processes

 mean ambient air concentrations of benzene in rural and urban areas is around 1

µg/m3 and 5 – 20 µg/m3 respectively.

 inhalation is the dominant route of exposure in humans

Health risk evaluation

 the most significant effects following chronic exposure to benzene are

haematoxicity, genotoxicity and carcinogenicity

 long-term exposure to excessive levels can also result in bone marrow depression

manifesting as leukopenia, anaemia, thrombocytopenia which can subsequently

develop into pancytopenia and aplastic anaemia.

 genotoxic effects include chromosomal aberrations, sister chromatid exchanges

and micronuclei

 carcinogenicity effects following chronic benzene excessive exposure include

development of leukaemia in humans with other multisite tumours being seen in

animals
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Table 5: Summary Evaluation to Determine Level of BGV for Benzene

 Level of BGV

Framework Element Level 1

Population Range

Level 2

Non Health Based Upper Limit
Value

Level 3

Toxicity Based

Level 4

Toxicity and Probability Based

Exposure:

General Population

Susceptible Group(s)

Routes and sources of exposure
well established; typical levels
of exposure defined

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Toxicokinetics well defined in
humans and animals;
metabolites well defined;
exposure-response relationship
established

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

Data on levels of benzene in
breath, blood and urine
following environmental
exposure available;
occupational guidance values
established; PBPK models for
benzene between blood and fat,
liver, lung , slowly-and rapidly
perfused tissues available;
background levels urinary S-
PMA established in UK.
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Analytical:

Detection limits

Ref materials / QA scheme

Confounders

Robust, sensitive methods
available for measurement of
benzene in breath, blood and
urine and metabolites in blood
and urine; metabolite detection
dependant on exposure levels
but some suitable for
establishing environmental
exposure; some known
confounders eg. phenol and
muconic acid not specific to
benzene

Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Substantial human evidence
linking occupational exposure
to development of haematologic
disorders, particularly AML. A
number of quantitative risk
assessments have been carried
out.

Risk Management:

Exposure reduction measures

Guidance levels established for
environmental and occupational
scenarios to reduce exposure to
benzene.

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

Several potential susceptible
groups have been identified,
based upon proposed
mechanism, but still
speculative.



9.0 Communication

Benzene has been classified as a human carcinogen and therefore no toxic threshold can be

established. Exposure at both an occupational and general population level should be kept as

low as can be reasonably achieved and current risk management measures are in place to help

towards this.

Although the sources of exposure to benzene and subsequent toxic effects are well

established, clear communication of health risks may not be possible due to the ‘carcinogen

label’. Measurement of background levels of benzene or metabolites within the general

population is achievable but associated health effects at these levels have not been universally

agreed. This is because there is a divergence in the ways in which risk assessment for the

carcinogenic effects of benzene are dealt with. Broadly, this breaks down into (i) using the

human epidemiological studies described above in some form of quantitative risk assessment,

often using linear extrapolation from known or estimated exposure values to give a numerical

value, or (ii) using a qualitative approach in which the same epidemiological data can be used

to give a low-effect level or “point of departure”, and uncertainty factors used to arrive at an

exposure at which any risk can be described as “minimal” or “immeasurable”. This has been

done by various regulatory authorities for both occupational and environmental risk

assessment. For the purposes of discussion in this report, we have proposed that benzene is a

Level 4; however, an argument could equally well be made for placing it at Level 3. In either

case, very careful consideration will be required when communicating a BGV for benzene.
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1.0 Introduction

Cadmium is a metal that is naturally present in the earth’s crust, often associated with zinc,

lead and copper ores. Most frequently, cadmium is extracted as a by-product during the

production of these other metals. About 83% of all cadmium is used in battery production, 8%

in paint pigments, 7% in coatings and platings, and some other minor uses include stabilizers

for plastics, metal alloys and photovoltaic devices.

Cadmium is emitted to soil, water, and air by non-ferrous metal mining and refining,

manufacture and application of phosphate fertilizers, fossil fuel combustion, and waste

incineration and disposal (ATSDR, 2008). In the general population, the Cd body burden is

negligible at birth but increases continuously during life until the age of 60-70 yr. (Bernard,

2008). Environmental exposure to cadmium occurs primarily through smoking, the

consumption of contaminated foods and water, and inhalation of contaminated air

(Verougstraete et al., 2003; Menke et al., 2008). The amounts of Cd ingested daily with food

in most countries are in the range of 10-20 µg/day (Bernard, 2008).

Cadmium is a widespread and well-recognised toxic metal with numerous adverse health

effects in humans. Main target organs include the kidneys, but also effects on bones and

cardiovascular system have been associated with Cd exposure. Accumulation of Cd in the

liver and kidneys is due to the ability of these tissues to synthesize metallothionein, a Cd-

inducible protein that protects the cell by binding the toxic Cd2+ ion. Metallothion is rapidly

cleared from plasma by glomerular filtration before being taken up by the proximal tubular

cells. This glomerular filtration pathway is at the origin of the selective accumulation of Cd in

proximal tubular cells and thus in the renal cortex. Through this process, the kidney is the

main target organ for chronic Cd toxicity in the human body (Bernard, 2008).

According to the International Agency for Research on Cancer (IARC), there is sufficient

evidence in both humans and experimental animals for the carcinogenicity of Cd and Cd

compounds. Hence, Cd and Cd compounds are classified as carcinogenic to humans (Group

1;IARC, 1993). Also, other regulatory bodies, such as the US Department of Health and

Human Services concluded that there were sufficient human and animal data to conclude that

cadmium is a known human carcinogen. The USEPA has classified cadmium as a probable

human carcinogen by inhalation (Group B1), based on its assessment of limited evidence of

an increase in lung cancer in humans and sufficient evidence of lung cancer in rats. Also the

German Research Foundation (DFG) classified Cd and its inorganic compounds (inhalable

fraction) in carcinogen category 1 (DFG, 2004). However, the mechanism of Cd
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carcinogenesis remains largely unknown. Since the metal is not strongly genotoxic and does

not cause direct genetic damage, epigenetic mechanisms and/or indirect genotoxic

mechanisms such as a blockage of apoptosis, alterations in cell signalling or inhibition of

DNA repair might be involved (Waalkes, 2003; Bernard 2008).

2.0 Toxicity data

In the recent European risk assessment, EC (2008) extensively discussed the toxic properties

of cadmium for human health following both occupational and environmental exposure. The

main toxicokinetics parameters and their modifying factors are included in the following

overview:

Absorption Modifying factors

Oral 1.4 – 25 µg/l

 5% of ingested dose (max 10%) ↑ with low iron status 

↑ with low Zn, Ca or protein diet 

↓ with presence of Zn 

Age (newborn >)

Toxicokinetic model : 3 % gives best fit Including low iron status

Inhalation Fumes: 25-50 % (human data)

Dusts: 10-30% (human data) Depending on particle size

Dermal < 1% (animal data)

Cd-B Non-smokers: < 1 µg/l

Smokers: < 5 µg/l

Females > males

↓ (hemodilution) or ↑ (relative depletion of iron stores) 
during pregnancy

Body burden 5-30 mg at 50 years (general population) ↑ with age 

Non-smokers: 15 mg

Smokers 30-40 mg

Females > males

Kidney + liver: 50%

Kidney: 33%

Ratio kidney/liver ↓ with exposure intensity  

Kidney cortex: 10-50 ppm

Smokers: 2-3 x non-smokers

Newborns about 3 ppm

Liver: 0.5-5 ppm

Placenta: 5-10 ppm

Cd-U 0.01% of body burden/day

 < 2 µg/g creatinine (creat.) ↑ with age 

Smokers > non-smokers

Females > males

  ↑ with kidney damage 

Smoking Inhalatory absorption: 50%

20 cigarettes/day = 3 µg Cd/d

Cd-B: 2-5-fold increase

Body burden: 2-3-fold increase

Cd-U: 1.5-fold increase
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As previously mentioned, the main route for environmental exposure to Cd is the oral route.

Primary sources of cadmium are cigarette smoke, food intake (mainly shellfish, offal,

spinach), and ambient air particularly in urban areas and in the vicinity of industrial settings

(Tellez-Plaza et al., 2008).

The kidney is probably the most sensitive target organ for cadmium toxicity, with numerous

studies illustrating that exposure to Cd compounds causes kidney damage, including relative

kidney weight, or histological and functional changes (Thomas et al., 2009). The first

manifestation of cadmium nephrotoxicity is usually a tubular dysfunction associated with an

increased urinary excretion of low molecular weight (LMW) proteins such as -1-

microglobulin, ß2-microglobulin (ß2-M), retinol-binding protein (RBP), or the enzyme N-

acetyl-ß-D-glucosaminidase (NAG). Although these early changes to tubular function may be

reversible, and do not necessarily represent clinical significance in themselves, tubular

damage may progress to glomerular damage and eventually to renal failure if Cd exposure is

prolonged (Akesson et al., 2005; Thomas et al., 2009). At low levels of exposure, typically

resulting from environmental exposure, the dose-response relationship between Cd-U and

nephrotoxicity (particularly NAG) remains valid. The following table describes the relation

between excretion of certain low molecular weight proteins and associated health effects

(taken from Bernard, 2004; 2008):

ß2-M or RBP in urine

(µg/g creat.)

Health significance

<300 Normal value

300 – 1.000 Incipient Cd tubulopathy; possibility of some reversal after removal
of exposure if urinary Cd is below 20 µg/g creat.

1.000 – 10.000 Irreversible tubular proteinuria that may accelerate the decline of
glomerular filtration rate with age. At this stage, glomerular
filtration rate is normal or slightly impaired

> 10.000 Overt Cd nephropathy, usually associated with a decreased
glomerular filtration rate

While for occupational exposure, a Cd body burden corresponding to a Cd-U of 5 µg/g

creatinine constitutes a LOAEL based on the occurrence of LMW proteinuria (Roels et al.,

1993), LOAEL for renal effects in the general population can be detected for Cd body

burdens at 2 µg Cd/g creatinine. The above mentioned European Risk Assessment for Cd

metal and Cd-oxide used this LOAEL of 2 µg/g creatinine for the risk characterisation

section, both for oral and inhalation exposure (ECB, 2007; ECB, 2008).

In an associated opinion of the Scientific Committee on Toxicity, Ecotoxicity and the

Environment (CSTEE, 2004), it was stipulated that this LOAEL for Cd-U of 2 µg/g creat. is

uncertain and not sufficiently conservative, and they suggested using all available data on
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LOAELs for Cd-U, including 0.5, 2, and 2.6 µg/g creat. As will be discussed later (see section

5), there may not be a “safe” exposure threshold for Cd-U.

Apart from these well-documented and obvious toxic effects of Cd on bones and kidney, there

is sufficient evidence that Cd also has genotoxic, carcinogenic and reproductive effects. These

effects that are seen in humans are further discussed in section 5 (Epidemiology), which is of

more relevance for environmental exposure.

On January 30th 2009, EFSAs Scientific Panel on Contaminants in the Food Chain

(CONTAM) revised the provisional tolerable weekly intake (PWTI) of 7 µg/kg body weight

(bw) per week, which was established by the Joint FAO/WHO Expert Committee on Food

Additives and was endorsed previously by EFSA. Based on the analysis of Cd occurrence in

various food items, the highest cadmium concentrations were found in seaweed, fish and

seafood, chocolate, and foods for special dietary uses. Taking into account food consumption

patterns, the food groups that contributed to the major part of the dietary Cd exposure were

cereals and cereal products, vegetables, nuts and pulses, starchy roots or potatoes, and meat

and meat products. The mean dietary exposure across European countries was estimated to be

2.3 µg/kg bw per week (range: 1.9-3.0). Based on these data, and a one-compartment model

for non-smoking Swedish women, the CONTAM panel calculated that a weekly intake of

2.52 µg Cd/kg bw should not be exceeded. The CONTAM Panel concluded that the mean

exposure for adults across Europe is close to, or slightly exceeding, the health based tolerable

weekly intake (TWI) of 2.5 µg/kg bw/week (EFSA, 2009)

3.0 Biomarker data

As biomarkers of exposure, both Cd in blood (Cd-B) and in urine (Cd-U) have frequently

been used. Cd-U is often used as a biomarker of long-term exposure and reflects the

accumulated body burden. Direct measurements have confirmed that Cd-U reflects the

amount of Cd accumulated in the renal cortex. Cd-B is considered a biomarker of more recent

exposure (EC, 2008). In occupational exposure, a Cd body burden corresponding to a Cd-U of

5 µg/g creatinine constitutes a LOAEL based on the occurrence of LMW proteinuria (Roels et

al., 1993).

Several models have been reported to describe the kinetics of cadmium in mammalian

systems. Of these models, the Nordberg-Kjellström model (Kjellström & Nordberg, 1978) has

been the most widely used for cadmium risk assessment (ATSDR, 2008). It is a multi-

compartment kinetic model describing cadmium metabolism and permits one to relate
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quantitatively Cd intake with Cd accumulation in different tissues as well as Cd urinary

excretion (Cd-U). It is based on the biological half-life of kidney cadmium of 20-30 years that

was derived from human autopsy studies (Elinder et al., 1976). It includes an oral absorption

rate of 5% and a daily excretion rate of 0.005% of body burden, one-third of which is in the

kidney. The Nordberg-Kjellström model predicts that the cadmium level of 50 µg/g kidney

cortex may be attained after 50 years of dietary Cd intake of about 1 µg/kg body weight per

day (Satarug et al., 2003).

Because of its widespread presence in the environment, Cd has frequently been included in

routine, large-scale human biomonitoring studies. Some typical concentrations of Cd are

presented in the following table.



Country Survey Year Age (years) # samples Matrix
Geom. Mean

(95% CI)
P50° P90° Reference

USA 1999-2000 1 and older 7970 Blood 0.412 (0.386-0.439) 0.30 1.00 CDC, 2003

2001-2002 1 and older 8945 Blood Not calculated 0.30 0.90 CDC, 2005

1999-2000 6 and older 2465 Urine 0.326 (0.306-0.347) 0.330 1.01 CDC, 2003

2001-2002 6 and older 2690 Urine 0.21 (0.19-0.24) 0.23 0.84 CDC, 2005

1999-2000 6 and older 2465 Urine CC* 0.307 (0.290-0.324) 0.296 0.797 CDC, 2003

2001-2002 6 and older 2690 Urine CC* 0.21 (0.19-0.24) 0.23 0.84 CDC, 2005

Germany 1990-1992 6-14 713 Blood 0.14 (0.13-0.15) 0.1 0.3 Krause et al., 1996

1990-1992 6-14 732 Urine 0.087 (0.082-0.092) 0.10 0.21 Krause et al., 1996

1990-1992 6-14 731 Urine CC* 0.062 (0.059-0.065) 0.06 0.15 Krause et al., 1996

1990-1992 25-69 3965 Blood 0.36 (0.35-0.38) 0.3 1.9 Krause et al., 1996

1990-1992 25-69 4002 Urine 0.287 (0.279-0.295) 0.30 0.92 Krause et al., 1996

1990-1992 25-69 4002 Urine CC* 0.210 (0.204-0.216) 0.22 0.66 Krause et al., 1996

1998 18-69 4645 Blood 0.44 (0.42-0.45) 0.38 1.73 Becker et al., 2002

1998 18-69 4740 Urine 0.227 (0.221-0.232) 0.22 0.68 Becker et al., 2002

1998 18-69 4728 Urine CC* 0.178 (0.174-0.183) 0.18 0.55 Becker et al., 2002

2003-2006 3-14 1560 Blood <0.12 <0.12 0.23 Becker et al., 2008

2003-2006 3-14 1734 Urine 0.068 (0.065-0.07) 0.08 0.22 Becker et al., 2008

Flanders 2002-2003 Cord blood 1107 Blood 0.21 (0.19-0.23) 1.28 Steunpunt M&G, 2008

2003-2004 14-15 1659 Blood 0.36 (0.33-0.38) 1.32 Steunpunt M&G, 2008

2004-2005 50-65 1534 Blood 0.42 (0.40-0.44) 1.03 Steunpunt M&G, 2008

2004-2005 50-65 1535 Urine CC* 0.62 (0.60-0.64) 1.21 Steunpunt M&G, 2008

° all concentrations are in µg/l, P90 is given to have comparable data for USA, Germany and Flanders

*CC: creatinine corrected (µg/g creatinine)



Based on the German GerES HBM studies, reference values4 were developed for cadmium in

blood and urine for both adults and children. For (non-smoking) children aged 6-12, reference

values of 0.5 µg Cd/l for both whole blood and urine were confirmed based on GerES III data

from 2001/2003, and were later confirmed in GerES IV pilot study (Wilhelm et al., 2006;

German Federal Environmental Agency, 2007). For non-smoking adults (25-69 years old), the

GerES III campaign from 1997/1999 recommended reference values of 1.5 µg/l in urine (1.0

µg/g creat.) and 1.0 µg/l in blood (Ewers et al., 1999). It needs to be stressed that these

reference values are strictly statistically derived values, which per se are of no direct health

relevance. The same authors also recommended HBM-values for cadmium in urine and blood.

HBM-values are derived from toxicological and epidemiological studies and thus represent

health-related biological exposure limits. For Cd, HBM-values for children and young adults

< 25 years old were 1µg/g creat (HBM-I) 5 and 3 µg/g creat (HBM-II)6, while for adults > 25

years old HBM-I was 2 µg/g creat and HBM-II 5 µg/g creat (Ewers et al., 1999).

Several authors have also used the benchmark dose (BMD7) approach to come up with a

better approximation of expected health effects of cadmium. Suwazono et al (2006) used a

hybrid approach to estimate BMDs of Cd-induced tubular and glomerular effects in 820

women (53-64 years of age) from a relatively unpolluted area in Sweden. The calculated

BMDLs for tubular effects, using a cut off P(0) of 5%, were 0.5 and 0.8 µg/g creatinine at

BMRs of respectively 5% and 10%. For glomerular effects, corresponding BMDLs were 0.7

and 1.2 µg/g creatinine. These data are comparable with the 0.6-1.8 µg/g creatinine BMDLs

(5% added probability) for kidney effects in an unexposed population of 40-59 year old

Japanese women (Uno et al., 2005), but lower than what was found by several other studies.

In the previously mentioned CADMIBEL study, the urinary cadmium level corresponding to

the 10% probability of adverse response was about 2 to 2.7 µg/g creatinine for different

tubular effect markers. Recently, EFSAs CONTAM Panel calculated a BMDL5 of 4 µg Cd/g

creatinine based on the prevalence of elevated urinary -2-microglobulin microglobulin

concentrations. Applying a chemical-specific adjustment factor of 3.9, to account for

interindividual variation of urinary cadmium, lead to a proposed benchmark value of 1 µg

Cd/g creatinine (EFSA, 2009).

4 Reference values: statistically derived values that indicate the upper margin of background exposure
to a given pollutant in a given population at a given time. They are generally based on the 95%
confidence interval of the 95% population percentile
5 HBM-I: the concentration of Cd below which there is, according to available knowledge, no risk for
adverse health effects of the general population (alert value)
6 HBM-II: the concentration of Cd above which there is, according to available knowledge, an
increased risk for adverse health effects in susceptible individuals of the general population (action
level)
7 Benchmark dose: the BMD is defined as the exposure that corresponds to a certain change in
benchmark response level (BMR) compared with the background. The lower 95% CI bound of the
BMD (BMDL) has been suggested to replace the no observed adverse effect level (NOAEL).
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As biomarkers of early effect, markers for tubular dysfunction associated with an increased

urinary excretion of low molecular weight proteins such as -1-microglobulin, retinol-binding

protein (RBP) are frequently measured. Mason et al (1998) reported that analytical precision

for measurements of cadmium and RBP, expressed as creatinine corrected, is around 9% and

15% respectively. The mean intra-individual biological variation of both biomarkers was 18

and 40% respectively in subjects occupationally exposed to cadmium. Recently however,

Andersson et al (2008) concluded that a clear diurnal variation and a gender effect existed in

-1-microglobulin excretion rates. The intra-individual variability -1-microglobulin

excretion rates between days was 29% in 24h urine samples.

Recently, Hays et al (2007, 2008) developed a new screening approach for interpreting

biomonitoring results, called biomonitoring equivalents. A biomonitoring equivalent (BE) is

defined as the concentration or range of concentrations of chemical in a biological medium

that is consistent with an existing health-based exposure guideline. BEs are designed to be

screening tools to gauge which chemicals have large, small or no margin of safety compared

to existing health-based exposure guidelines (Hays et al., 2007, 2008). As a case study to

illustrate the applicability of the BE-approach, Hays et al (2008) reviewed available

pharmacokinetic data and models for Cd and applied these to existing health-based exposure

guidance values from the USEPA, ATSDR, Health Canada and WHO. The following table

gives the results of the assessment for Cd in both urine and blood:

BE derivation step USEPA chronic RfD ATSDR chronic MRL WHO JECFA PTWI

Target organ Kidney Kidney Kidney

POD
200 µg/g renal cortex Cd
conc.

0.0021 mg kg-1day-1 dietary
Cd intake

2.5 µg/g cr urinary Cd
conc.

Matrix

Urine

(µg/g
cr)

Urine

(µg/l)

Blood

(µg/l)

Urine

(µg/g
cr)

Urine

(µg/l)

Blood

(µg/l)

Urine

(µg/g
cr)

Urine

(µg/l)

Blood

(µg/l)

BEPOD 6.3 4.6 5.3 2.5 1.8

Intraspecies uncertainty
factors

Not specified

Pharmacodynamic 100.5 100.5 100.5 100.5 100.5 100.5

Pharmacokinetic 1 1 1 1 1 1

BE value 2.0 1.5 1.7 1.7 1.2 1.4 Not calculated

Confidence rating High High Medium High High Medium Not evaluated

For more details on the exact calculations, please see Hays et al (2008). It should be noted

that these BE-values are very comparable to the German HBM-I values of 1µg/g creat for

children and young adults < 25 years of age and 2 µg/g creatinine if > 25 years old mentioned

earlier (Ewers et al., 1999).
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4.0 Analytical methods

The most common analytical procedures for measuring cadmium concentrations in biological

samples use the methods of atomic absorption spectroscopy (AAS) and atomic emission

spectroscopy (AES). In AAS analysis, the sample is heated by a flame or in a furnace until the

element atomizes. In AES analysis, the emitted radiation resulting from the thermal energy

from a flame or inductively coupled plasma discharge (ICP) is measured. These basic

methods of analysis are well defined and generally accepted for the analysis of cadmium.

Commercial reference materials in human urine are commercially available for the accuracy

control of trace element and heavy metal analyses (NIST, 1994; Sero, 2004).

Samples are prepared for AAS and AES methods in a variety of ways. Digestion with nitric

acid is most common (Roberts & Clark, 1986; Sharma et al., 1982). Cadmium in blood and

plasma measured by graphite furnace atomic absorption spectroscopy (GFAAS) facilitated by

a wet ashing pretreatment of samples resulted in good accuracy and reproducibility. The

sample detection limit using this method was 0.4 μg/l (Roberts & Clark, 1986). This method 

was also precise and highly reproducible in determining cadmium in whole blood, urine, and

hair with 99–99.4% recoveries reported (Sharma et al., 1982). The matrix may also be

modified with diammonium hydrogen phosphate or other agents such as palladium (Pd)-based

modifiers (Moreira et al., 1995). Detection limits as low as 0.1 μg/l with recoveries ranging 

from 93 to 111% are reported using this technique (Subramanian & Meranger 1981;

Subramanian et al., 1983). If the concentration of cadmium in the dissolved sample is below

the detection limit, pre-concentration techniques, such as chelation and extraction, may be

employed (Gross et al., 1976; Sharma et al., 1982). Cadmium in urine or blood as a

biomarker of exposure is usually determined with a high level of analytical reproducibility (1-

2% of relative standard deviation) and 5-10% of intra- and interlaboratory variability

(Smolders et al., 2009a).

Cadmium concentration in tissue may be measured both in vivo (Ellis, 1985; Scott & Chettle,

1986) and in vitro (Lieberman & Kramer 1970) by neutron activation analysis (NAA). Direct

in vivo assessment of body burden in humans focused on the measurements of cadmium in the

kidney and liver by NAA. The detection limits reported are approximately 2 mg cadmium for

the total kidney and 1.5 μg/g for the liver (Ellis, 1985); 1.9 mg cadmium for the kidney; and 

1.3 μg/g for the liver (Scott & Chettle, 1986). X-ray fluorescence is also used for in vivo

measurement of cadmium in the kidney (Christoffersson et al., 1987; Nilsson & Skerfving

1993; Scott & Chettle, 1986). The in vivo techniques are used for clinical measurements of

individuals occupationally exposed to cadmium.
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5.0 Epidemiology

Because of the widespread presence of Cd and Cd compounds in the environment, and the

associated health effects, several large-scale epidemiological investigations have studies the

link between internal cadmium dose and health effects, including overall mortality, cancer,

hypertension, or endocrine disruption.

In a large study following the Third National Health and Nutrition Examination Survey

(NHANES-III, 1988-1994), Menke et al (2009) studied the association between creatinine-

corrected urinary cadmium levels with all-cause and cause-specific mortality in 13.958 adults.

The study showed that environmental cadmium exposure was associated with increased risk

of all-cause, cancer, and cardiovascular disease mortality among men. Although women had a

significantly higher body burden of Cd than men, they did not show the same associations.

This gender difference is assumed to be due to toxicokinetics, with women having lower body

Fe stores than men (Satarug et al., 2000). Also Nishijo and co-workers (1999) found a dose-

dependent association between urinary cadmium and increased all-cause mortality rates in a

15 year follow-up study of 3.119 inhabitants from a Japanese Cd-polluted area. Also in a

large follow-up study in Belgium (CADMIBEL), Nawrot and colleagues (2008) concluded

that in exclusively environmentally-exposed subjects, the internal dose of cadmium (both

blood- and urinary Cd) predicted total and non-cardiovascular mortality. Moreover, the

hazard function is continuous without a threshold of the internal dose below which the risk

would disappear.

Previously, the CADMIBEL study however failed to find similar associations between

increased urinary and blood cadmium levels and prevalence of cardiovascular diseases

(Staessen, 1991). This CADMIBEL study also revealed for the first time that diabetic patients

show increased susceptibility to the renal toxicity of Cd (Buchet et al., 1990). Although the

underlying mechanisms are not fully cleared, experimental data show that a Cd burden at

levels below the renal toxicity threshold of 50 µg/g wet weight may enhance development of

diabetic renal complications without concurrent nephrotoxicity (Satarug et al., 2000).

Following a review of the epidemiological literature on the relationship between cadmium

and prostate cancer, Sahmoun et al., (2005) concluded that epidemiological studies do not

convincingly implicate cadmium as a cause of prostate cancer.

Although cadmium has a high affinity for the androgen receptor, where it inhibits the binding

of androgens and induces androgen-like activities, the effect of cadmium on sex steroid

hormone levels in the general population could not be confirmed. Menke et al. (2008) found
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no association between urinary cadmium levels and sex steroid hormone concentrations in a

representative sample of 1.262 US men.

From the NHANES study, Lee et al. (2006) found evidence of oxidative stress at levels of

urinary cadmium substantially lower than those labelled as dangerous by OSHA, CDC, or

WHO. However, it remained unclear whether increases in oxidative stress markers have a

direct relationship with future risk of clinical outcomes.

Wigle (2003) summarised the available epidemiological evidence regarding the health effects

associated with cadmium exposure. He concluded that mainly for adult lung cancer and

kidney functioning (measured as urinary protein excretion), there was significant evidence of

health effects. For genotoxicity, the experimental data on a link between Cd and endpoints

like mutagenicity or chromosomal aberrations are more convincing than the epidemiological

data. For other endpoints, such as birth defects, sexual maturation, or neurotoxicity, the

available evidence was inadequate.

6.0 Risk management

As already mentioned earlier, the main routes for environmental exposure to Cd are well

characterized, and risk management options have been proposed accordingly. Recently, the

ATSDR has proposed some basic rules that outline how the general public can reduce the risk

of exposure to cadmium (ATSDR, 2008):

 Do not smoke tobacco products

Cadmium accumulates in tobacco leaves. The national geometric mean blood

cadmium level for adults is 0.47 μg/l. Mean blood cadmium levels for smokers have 

been reported as high as 1.58 μg/l. 

 Good occupational hygiene

Occupational exposure can be controlled through personal protective equipment,

good industrial hygiene practices, and control and reduction of cadmium emissions.

Children can be exposed to cadmium through parents who work in cadmium-emitting

industries. Therefore, good hygiene practices such as bathing and changing clothes

before returning home may help reduce the cadmium transported from the job to the

home.

 Avoid cadmium contaminated areas and food

Check and obey local fishing advisories before consuming fish or shellfish

from local waterways. Avoid hazardous waste sites.
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 Proper disposal of cadmium-containing products

Dispose of nickel-cadmium batteries properly. Many states have laws in effect that

ban the disposal of batteries as municipal waste. Recycle old batteries whenever

possible. Contact your local waste and recycling authority on how to properly dispose

of paints and coatings.

 Handle cadmium-containing products properly

Do not allow children to play with batteries. If mishandled, batteries could rupture.

Children may also swallow small nickel-cadmium batteries.

7.0 Susceptible groups / populations

The health effects seen in children from exposure to toxic levels of cadmium are expected to

be similar to the effects seen in adults (kidney, lung, and intestinal damage depending on the

route of exposure). Harmful effects on child development or behavior have not generally been

seen in populations exposed to cadmium, but more research is needed. A few studies in

animals indicate that younger animals absorb more cadmium than adults. Animal studies also

indicate that the young are more susceptible than adults to a loss of bone and decreased bone

strength from exposure to cadmium. However, Cd transfer through the placenta is very

limited, so exposure at the start-of-life is generally very limited

Cadmium is found in breast milk and a small amount will enter the infant’s body through

breastfeeding. The amount of cadmium that can pass to the infant depends on how much

exposure the mother may have had. The iron deficiency, commonly seen among women of

childbearing age, results in the up-regulation of the iron channels through which both Cd and

iron are absorbed from the digestive tract. While this theoretically makes women a potential

high-susceptible group to Cd, the opposite was observed in the NHANES III Study. The study

showed that environmental cadmium exposure was associated with increased risk of all-cause,

cancer, and cardiovascular disease mortality among men. The mechanism behind this is

unclear.

It remains unclear whether cadmium can cause birth defects in humans. Studies in animals

exposed to high enough levels of cadmium during pregnancy have resulted in harmful effects

in the young. The nervous system appears to be the most sensitive target. Young animals

exposed to cadmium before birth have shown effects on behavior and learning. There is also

some information from animal studies that high enough exposures to cadmium before birth

can reduce body weights and affect the skeleton in the developing young.
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As Cd body burden increases with age until about 60-70 years old, the elderly may to be at

higher risk due to their life-long accumulation and exposure to Cd compounds.

Finally, due to their higher consumption of cereals, nuts, oilseeds and pulses, vegetarians may

be exposed to up to 5.4 µg/kg bw per week, which is 2.5 times the average exposure.

8.0 Summary

Cadmium has frequently been included as a target pollutant in both research and surveillance

human biomonitoring projects across Europe and the World. Its primary pathways for uptake,

toxico- and pharmacokinetic properties, and associated health effects are well understood and

have extensively been validated under different exposure scenarios. Reference values and

health based HBM-values to estimate exposure of and effects in the general population are

documented. Epidemiological studies have confirmed the in vivo and in vitro findings on the

Cd exposure-dose-response continuum in the general population.

Analytical methods are documented in internationally established standard operation

procedures, reference materials are available for relevant human matrices and confounders are

well known and accounted for.

Generally, urinary Cd concentrations are an excellent biomarker to describe exposure to Cd

and can directly be related to associated health effects. The kidney has been identified as a

key organ in Cd-associated health effects. Increased excretion of low-molecular weight

proteins are the earliest manifestation of Cd nephrotoxicity. And while these early changes

may be reversible, tubular damage may progress to glomerular damage and eventually to

renal failure if Cd exposure is prolonged.

Because all these aspects of Cd exposure, biomonitoring, and toxicity are well known, urinary

Cd is a level 4 biomarker.
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Level of BGV

Framework Element Level 1

Population Range

Level 2

Non Health Based Upper Limit
Value (95th percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability Based

Exposure:

General Population

Susceptible Group(s)

Dietary uptake of 2.3 µg/kg bw
per week

Smokers, occupational 20 cigarettes/day = 3 µg Cd/d

Kidney is the most sensitive organ
for Cd exposure

EFSA TWI: 2.5 µg/kg bw/week

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Uptake efficiency:
Absorption: 5% of dose
Inhalation: 25-50% (fumes)
Inhalation: 10-30% (dust)

-----

Excretion of 0.01% of body
burden/day

Well-known relationships between
Cd in urine and health effects

Biomarkers:

Reference ranges German Reference value:
Children urine: 0.5 µg/l
Children blood: 0.5 µg/l
Adults urine:1.5 µg/l
Adults blood: 1 µg/l

German HBM I value:
1-2 µg/g creat (children-adults)
German HBM II value:
3-5 µg/g creat (children-adults)
Biomonitoring Equivalents:
Urine: 1.7-2 µg/g creat.

Blood: 1.4-1.7 µg/l

EFSA Benchmark dose:
1 µg/g creatinine
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Occupational guidance values

PK / PBPK models

LOAEL urine: 5 µg/g creat

Fully validated Nordberg-Kjellstrom
model

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

0.01- 0.1 µg/l
Reproducibility: 1-2%
Inter/intralaboratory variability:
5-10%

E-QUAL-MAK

Well-known

Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Cd exposure and urinary levels are
associated with increased risk of all-
cause, cancer, and cardiovascular
disease mortality

Risk Management:

Exposure reduction measures Official risk reduction advise
available

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

Elderly, smokers, vegetarians



9.0 Communication

Cadmium is one of the environmental pollutants for which dose-response relationships are

best documented. The reason for this is that the amount of Cd stored in the critical target

organ, the kidney, can be evaluated non-invasively using as surrogate indicator the

concentration of the metal in urine. The relationship between urinary cadmium levels and the

earliest health effects, i.e. renal toxicity, has extensively been documented in both humans

and laboratory animals. At a total concentration of Cd in the renal cortex of 150-200 µg/g wet

weight, renal effects are likely to occur. Different pathways of deriving these dose-response

relationships, i.e. through toxicological research, epidemiological investigation or through the

backward calculation of Biomonitoring Equivalents, have all pointed out that an urinary Cd

concentration of about 1-2 µg/g creat. is associated with the early onset of renal toxicity.

Additionally, the concentrations in the general population are close to this toxic threshold

level, with geometric mean values in broad population studies only one order of magnitude

lower than this level, and P90 levels only a factor of two lower. As the main uptake of

cadmium originates through life-style processes (e.g. smoking, food preferences), there are

important options to reduce general exposure, or at least to generate awareness among the

general population, through adequate communication and proposals to alter individual

behaviour.

All these aspects allow for very clear and precise communication on the health effects of Cd

in the general, environmentally exposed, public. Risk factors and proposals for risk

management are available. Identification of highly susceptible populations is relatively easy

due to the non-invasive character of urine sampling, and the knowledge of additional risk

factors such as smoking.
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1.0 Introduction

Synthetic pyrethroids were first produced during investigations of the chemical structures of

natural pyrethrins, to improve physical and chemical properties and give greater biological

activity. Several of the earlier synthetic pyrethroids were successfully commercialised,

mainly for the control of household insects. Other more recent pyrethroids have been

introduced as agricultural insecticides because of their excellent activity against a wide range

of insect pests and their non-persistence in the environment.

In 2006, approximately 75 tonnes of pyrethroid insecticides were used in the UK (FERA

(Food and Environment Research Agency), 2006). Using relative insecticide use for the UK

compared to the EU (15 states only, EC. Eurostat, 2008) this would give an estimated EU

annual usage of around 3000 tonnes.

Cypermethrin was first synthesised in 1974 and marketed in 1977 as a highly active synthetic

pyrethroid insecticide effective against a wide range of pests in agriculture, public health and

animal husbandry. In agriculture, its main use is against foliage pests and certain surface soil

pests, such as cutworms. Cypermethrin is the alpha-cyano-3-phenoxy-benzyl ester of the

dichloro analogue of chrysanthemic acid, 2,2-dimethyl-3-(2,2-dichlorovinyl)

cyclopropanecarboxylic acid. The molecule embodies three chiral centres, two in the

cyclopropane ring and one on the alpha cyano carbon. These isomers are commonly grouped

into four cis- and four trans-isomers, the cis-group being the more powerful insecticide

(WHO, 1982).

Environmental exposures can occur through diet (thought to be the main component,

(Schettgen et al., 2002), environmental over-spray and use of consumer insecticidal products.

An Acceptable Daily Intake of 0.05 mg/kg body weight has been recommended (WHO.

JECFA, 2004).

2.0 Toxicity data

Absorption of cypermethrin from the gastrointestinal tract and its elimination is quite rapid.

Overall, the metabolic transformation has been similar in the different animals studied,

including man. Differences that occur have been related to the rate of formation rather than to

the nature of the metabolites formed and to conjugation reactions. The major metabolic

reaction is cleavage of the ester bond to form 3-phenoxybenzoic acid (3PBA) and 3-(2,2-

dichlorovinyl)-2,2-dimethylcyclopropanecarboxylic acid (DCVA, both cis- and trans-
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isomers). The 3PBA is mainly excreted as a conjugate. It is also further metabolised to a

hydroxy derivative (4OH3PBA) and conjugated with glucuronic acid or sulphate. The DCVA

is mainly excreted as a glucuronide conjugate, hydroxylation of the methyl group only

occurring to a limited extent.

Human volunteer data (Eadsforth & Baldwin, 1983) has shown that, on average, subjects

excreted 78% of a trans-isomer dose and 49% of a cis-isomer dose within 24 hours. This is

consistent with animal data showing that the cis-isomer is retained longer in body fat and

other organs (WHO, 1982). Woolen et al (1992) also conducted human volunteer studies on

cypermethrin but analysed both halves of the molecule i.e. both DCVA and

3PBA/4OH3PBA. Percentages of the dose excreted and the proportion of cis and trans

isomers were very similar to the Eadsforth and Baldwin study. Both studies indicated

excretion half-lives of between 11 and 27 hours, with Eadsforth and Baldwin reporting that

the trans-isomer was excreted with a half-life about half of that for the cis-isomer.

Dermal studies by Woolen et al (1992) (recoveries miscalculated in actual paper) and

Eadsforth et al (1988) indicate that less than 1% of an applied dermal dose was recovered as

urinary metabolites. Woolen et al (1992) reported a significant difference in the ratio of

DCVA to 3PBA+4OH3PBA metabolites recovered, depending on the route of exposure.

After dermal dosing the amount of metabolites derived from the phenoxybenzyl moiety

(3PBA+4OH3PBA) was on average 4 times greater than the amount of (cis+trans DCVA)

recovered in urine whereas oral administration resulted in a near 1:1 relationship.

Synthetic pyrethroids are neuropoisons acting on the axons in the peripheral and central

nervous systems by interacting with sodium channels in mammals and/or insects. A single

dose produces toxic signs in mammals, such as tremors, hyperexcitability, salivation,

choreoathetosis, and paralysis. The signs disappear fairly rapidly, and the animals recover,

generally within a week. At near-lethal dose levels, synthetic pyrethroids cause transient

changes in the nervous system, such as axonal swelling and/or breaks and myelin

degeneration in sciatic nerves. They are not considered to cause delayed neurotoxicity of the

kind induced by some organophosphorus compounds (WHO, 1982).

Cypermethrin is considered to be moderately toxic. While reported LD50 values differ

considerably among animal species (depending on the vehicle used and the cis-/ trans-

isomeric ratios), the toxic responses in all species were found to be very similar. The acute

toxicity of the trans-isomer in the rat (LD50 > 2000 mg/kg body weight) was lower than that

of the cis-isomer (LD50, 160 - 300 mg/kg body weight). The onset of toxic signs of poisoning

was rapid and they disappeared within several days in survivors. Cypermethrin was



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

187

moderately to severely irritating, when applied to the skin or the eye of the rabbit. In guinea

pigs, a mild skin sensitizing potential was found using the maximization test. No toxic effects

were observed in rats fed cypermethrin at 100 mg/kg diet for 3 months. Furthermore,

prolonged feeding of cypermethrin (2 years) to dogs at a level of 300 mg/kg feed did not

produce any toxicological effects (WHO, 1982). A no-observed-adverse-effect level of 7.5

mg/kg body weight has been adopted by the WHO Task Group (WHO, 1989).

Repeated oral administration of cypermethrin to rats and other animal species at levels

sufficiently high to produce significant mortality in one group of animals, produced

biochemical changes in the peripheral nerves, consistent with sparse axonal degeneration.

Histopathological changes (swelling and/or disintegration of axons of the sciatic nerve) were

observed. There was no cumulative effect. The magnitude of the change was substantially less

than that encountered with established neurotoxic agents and appeared to be reversible

(WHO, 1982).

In a multigeneration reproduction study on rats, dose levels up to 500 mg/kg feed were

tested. The parent animals at the highest dose level showed decreased food intake and

reduction in body weight gain. No influence on reproductive performance or on survival of

the offspring was found. However, at the highest dose level, reductions in litter size and total

litter weights were seen. No effect was found with 100 mg cypermethrin/kg diet. Embryotoxic

and teratogenic effects were not found in rats administered dose levels of up to 70 mg/kg

body weight (WHO, 1982).

Cypermethrin did not show any mutagenic activity in bacteria or in yeast, with or without

metabolic activation, or in V79 Chinese hamster cells. A sister chromatid exchange study

using bone marrow cells of mice showed a dose-response related increase in sister chromatid

exchanges of dividing cells. In long-term/carcinogenicity studies, oral administration of

cypermethrin to rats did not induce an increase in the incidence of tumours. In a mouse study,

dose levels of up to 1600 mg cypermethrin/kg diet did not produce any increase in tumours of

types not commonly associated with the mouse strain employed. It was concluded that there is

no evidence for the carcinogenic potential of cypermethrin (WHO, 1982).

Reports of human poisoning incidents involving cypermethrin are rare, with very few

fatalities reported. He et al (1989) reported 45 cases of cypermethrin poisoning (occupational

6, accidental 39). In a study looking at poisoning cases from pyrethroids in general

(Bradberry et al., 2005) there were eight fatalities in 621 reported poisonings. Lessenger

reported a case where five office workers were exposed to cypermethrin used as a building

termitacide, resulting in dizziness, headaches, nausea and vertigo (Lessenger, 1992).



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

188

Paresthesia (facial tingling) is a commonly reported symptom resulting from occupational

exposures. As this occurs at doses significantly below any toxic thresholds, it has been

suggested as an indicator to review control measures (WHO, 1989).

3.0 Biomarker data

Biomarker data has been reported for human volunteers, occupationally exposed workers and

the general population. Most studies have reported metabolites (DCVA, 3PBA) in urine. The

biomarkers reported are not specific to cypermethrin – DCVA is also a metabolite of

permethrin and cyfluthrin, 3PBA is a metabolite common to many synthetic pyrethroids as

well as some other chemicals. The studies reported in table 1 are where cypermethrin is

explicitly mentioned as a potential source of exposure.

There have been three reported human volunteer studies. Eadsforth and Baldwin (1983) gave

volunteers a single oral dose of 0.25, 0.5, 1.0 or 1.5 mg of cypermethrin (1:1 cis:trans ratio)

and measured urinary DCVA (both cis and trans). There was a linear relationship between

the amount of metabolites excreted in 24 hours and the dose administered. The other reported

studies (Eadsforth et al., 1988; Woolen et al., 1992) present data that is in good agreement.

A couple of papers report the use of analysing cypermethrin itself in blood samples (Leng et

al., 2003; Ramesh & Ravi, 2004) but samples were all below the detection limit whereas

metabolites were detected in urine at the same time (Leng et al., 2003), indicating that blood

sampling is unlikely to be suitable for determining environmental exposures.

Table 1. Summary of reported biological monitoring studies mentioning cypermethrin
as a potential exposure source.

Study Type Metabolite levels

Fortin et al., 2008 Environmental cDCVA 95% <110 pmol/kg (children <60), tDCVA 95%
<231 pmol/kg (children <208), 3PBA 95% < 178
pmol/kg (children <73)

Tulve et al., 2008 Environmental 3PBA median 2.2 µg/l (children, n=9)

Schettgen et al.,
2002

Environmental cDCVA median 0.06 µg/l, tDCVA median 0.11 µg/l,
3PBA median 0.16 µg/l (n=46)

Leng et al., 2003 Environmental cDCVA 95% <0.95 µg/l, tDCVA 95% <1.46 µg/l, 3PBA
95% <1.41 µg/l (n=15)

Becker et al., 2006 Environmental cDCVA 95% <0.74 µg/l, tDCVA 95% <1.7 µg/l, 3PBA
95% <2.4 µg/l (children, n=396)

Tornero-Velez et al.,
2006

Environmental cDCVA 95% <0.89 µg/l, tDCVA 95% <2.5 µg/l, 3PBA
95% <3.3 µg/l (children & adults, n=2539)

Wang et al., 2007 Occupational 3PBA GM 5.4 µg/g creatinine (winter, n=78), 12.3 µg/g
creatinine (summer, n=66)
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Hardt & Angerer,
2003

Occupational Total DCVA < 1.9 µg/g creatinine, 3PBA < 28.5 µg/g
creatinine (agriculture, n=19)

Total DCVA < 15.1 µg/g creatinine, 3PBA < 26 µg/g
creatinine (greenhouse workers, n=2)

Kühn et al., 1996 Occupational cDCVA 85 µg/l, tDCVA 180 µg/l, 3PBA 475 µg/l (n=1)

Woollen et al., 1992 Volunteer

3.3 mg oral dose

(~ 0.05 mg/kg)

Maximal cDCVA ~150 µg/l, tDCVA ~300 µg/l, 3PBA
~150 µg/l, 4OH-3PBA ~120 µg/l (n=6)

Eadsforth et al., 1988 Volunteer

0.25 – 1.5 mg
daily for 5 days

0.75 mg dose daily led to cDCVA ~50 µg/l, tDCVA ~80
µg/l in 24 hour samples daily (n=2)

Eadsforth &
Baldwin, 1983

Volunteer

0.25 - 1.5 mg

1.5 mg dose led to cDCVA ~110 µg/l, tDCVA ~175 µg/l
in 24 hour samples (n=1)

There are no occupational or environmental biological monitoring guidance values for either

cypermethrin specifically or for synthetic pyrethroids in general. However the German

Biomonitoring Commission have established reference values for cis and trans DCVA and

3PBA of 1, 2 and 2 µg/l respectively (www.umweltdaten.de/gesundheit-e/monitor/Tab-ref-

values-organic.pdf). These values appear to be well below the expected range resulting from

an exposure at the ADI (interpreting from volunteer studies), which would be in the order of

200 – 300 µg/l for individual metabolites.

4.0 Analytical methods

There are many methods published for the detection of urinary metabolites, mostly based on

GC-MS with some LC-MS methods reported more recently. Barr and co-workers (2007)

have reported a comparison of the commonest used methods. Immunoassays have also been

reported for the measurement of pyrethroid metabolites (Ahn et al., 2006; Kim et al., 2007)

but these are not readily available commercially. A few methods have been reported for

cypermethrin in blood (Ramesh & Ravi, 2004) but, as discussed in section 3, these are

unlikely to be suitable for environmental exposures.

External quality assurance is available for pyrethroid metabolites in urine (DCVA, 3PBA,

DBVA (specific deltamethrin metabolite) at environmental exposure levels (http://www.g-

equas.de/).



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

190

5.0 Epidemiology

There are few reported studies linking biological monitoring data to health effects. A couple

of studies have reported effects on human sperm related to urinary metabolites levels of

pyrethroids (Perry et al., 2007; Meeker et al., 2008), although one of these studies (Perry et

al., 2007) included exposure to organophosphous pesticides as well. The other study

(Meeker et al., 2008) found evidence for reduced semen quality and increased sperm DNA

damage in relation to urinary metabolites of pyrethroid insecticides, particularly trans-DCVA

(a metabolite specific to cypermethrin, permethrin and cyfluthrin).

Elfman et al (2009) found no relationship between reported symptoms of acute health effects

and levels of 3-PBA in urine in planters handling cypermethrin-treated seedlings.

6.0 Risk management

The Environmental Health Criteria document for cypermethrin (WHO, 1982) comes to the

following conclusions:

“General population: When applied according to good agricultural practice, exposure of the

general population to cypermethrin is negligible and is unlikely to present a hazard.

Occupational exposure: With reasonable work practices, hygiene measures, and safety

precautions, the use of cypermethrin is unlikely to present a hazard to those occupationally

exposed to it. The occurrence of "facial sensations" is an indication of exposure. Under these

circumstances work practice should be reviewed.”

Biological monitoring can be routinely applied to monitor occupational exposure to ensure

that exposure is controlled below levels that might cause "facial sensations" or paresthesia.

The WHO assessment of general population exposure only appears to address exposure

through diet and overspray during application. The widespread use of cypermethrin in

consumer insecticidal products needs to be considered due to the possibility of accidental

over-exposure. There are also reports of exposures from house dust due to the use of

consumer products or remedial treatments in the home.
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7.0 Susceptible groups / populations

The generally mild and short-term effects of cypermethrin exposure tend not to indicate any

specific susceptible groups. Despite some concern that young children may have greater

exposures due to hand-to-mouth behaviour and floor contact, this is not demonstrated in

studies. Animal studies have indicated the possibility of immunesuppression by pyrethroids

and, if demonstrated in humans, could indicate a susceptible sub-group of persons with

compromised immune systems but this needs further clarification.

8.0 Summary

The toxicology of cypermethrin and its toxicokinetics and metabolism has been reasonably

described in both animals and humans. Biological monitoring based on urinary metabolites is

well established and reported at environmental levels, with an external quality assurance

scheme available.

The German Human Biomonitoring Commission has already established a reference range of

urinary metabolites for the German population. There are also plentiful data from the

NHANES studies in the US and other smaller studies from other countries, indicating that a

Level 2 (Non Health Based Upper Limit Value) guidance value could be set.

Although there are reported human volunteer studies available and an ADI has been

established, the data is probably too limited to warrant a Level 3 (toxicity based) guidance

value. The generic nature of the urinary metabolites also complicates the setting of a Level 3

guidance value.

9.0 Communication

There is sufficient data to be able to set a 95th percentile biological monitoring guidance value

that is not known to be associated with any health effects. Levels above this environmental

BGV would indicate increased exposure but the possibility of health effects would not be

known. Some further interpretation with respect to urine levels expected at the ADI may be

possible.
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Framework Element

Level of BGV

Level 1

Population Range

Level 2

Non Health Based Upper
Limit Value (95th

percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability
Based

Exposure:

General Population

Susceptible Group(s)

Data available on environmental
sources of exposure such as
diet, consumer products, house
dust.

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Toxicokinetic data from animal
and human studies.

Metabolites well described in
animals and humans

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

German reference values
established. Extensive data sets
on other populations.

No occupational guidance
values

No published PBPK models

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

Sensitive and specific methods
available for metabolites in
urine capable of detecting
environmental exposure. QA
available at environmental
exposure levels
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Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Animal data on link between
exposure and health effects. No
data on link between BM data
and health effects.

Risk Management:

Exposure reduction measures

Majority of environmental
exposure thought to be due to
diet. Avoidance of relevant
consumer products possible.

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

None identified.
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1.0 Introduction

Provide a brief overview for compound. Include information on
occurrence, use profile, potential sources of exposure, current human
health concerns.

There are a number of extensive reviews of the human exposure to polybrominated diphenyl

ethers (PBDEs) have been written due to the increased concern for the bioaccumulation,

global transportation through the environment and potential adverse health effects of these

compounds. PBDEs or brominated flame retardants (BFRs) have been used as flame

retardants for number of decades; they provide longer escape times due their ability to slow

down the ignition and combustion process. PBDEs are used in a wide range of materials and

products e.g. wiring in TV sets, computers, mobile phones as well as in appliances, and

textiles. Due to the extensive use of BFRs the potential exposure may occur in many

situations such as in the home, cars, airplanes and offices.

Polybrominated Diphenyl Ethers. PBDEs are a class of structurally similar brominated

hydrocarbons, in which 2–10 bromine atoms are attached to the diphenyl ether molecule.

Monobrominated structures (i.e., one bromine atom attached to the molecule) are often

included when describing PBDEs. The general chemical structure of PBDEs is shown below:

5 5' where m + n = 1–10

can be seen from the structure that a large number of brominated compounds are possible.

The 209 It possible compounds for PBDEs are called “congeners”. However, the number of

PBDE congeners that actually exist in commercial PBDE mixtures is much less compared to

polychlorinated biphenyls (PCBs). Typically, only a subset of the 209 possible congeners is

observed for PBDEss. PBDEs can be categorized by degree of bromination.
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Three commercial mixtures of PBDEs have been sold: penta-, octa-, and deca-BDE. Penta-

and octa- were banned from all products on the EU-market and states of the USAby August

2004. deca-BDE is still produced and applied around the world.

Frederikson et al have carried out a detailed review of the sources of human exposure and

summarised the levels detected in a variety of media (Frederiksen et al., 2009). PBDEs have

been found in the environment in a number of biota and show an accumulation patter similar

to that of well-known Persistent Organic Pollutants (POPs). Due to their lipophilicity PBDEs

accumulate in lipids and biomagnify in the food chain.

The greatest source of uncertainty regarding the movement and fate of PBDEs in abiotic

media is the extent of degradation in these environments (Vonderheide et al., 2008). The

degradation of decaBDE congener is of particular interest as it is still used and its

debromination may contribute to the environmental levels of lesser brominated congeners.

Sources of Exposure

Dietary Intake

Surveys have been carried out to determine the content of PBDEs in food items. The data on

PBDEs in the diet contain little information on the congener composition. And data on

decaBDE is scant. The levels in the food and their relative distribution have been assessed in

food baskets in the US (Huwe & Larsen, 2005) Spain (Gomara et al, 2006), Sweden

(Darnerud et al., 2006), Finland (Kirivanta et al., 2004) and Belgium (Voorspoels et al.,

2007). The data show that the main source of dietary intake of PBDEs is in fish and shellfish.

The mean reported total-PBDE content in fish is approximately 4200pg/g ww based on the

data world wide.

Calculations from the market basket studies have shown an approximate daily dietary intake

of 23-88 ng total PBDE for both European and North American diets: these values include

deca BDE where estimated. These data have been reviewed and summarised by Frederiksen

et al (2009).

Household Dust and Indoor air

Many studies have assessed the levels of total PBDEs in house dust; in some of these studies

deca-BDE has also been estimated. The range of total-PBDE in house dust from continental

Europe is 70-684 ng/gdw, UK levels averaged at 7290 ng/gdw and those in the US are of the

same magnitude as those estimated in the UK. The studies show that household dust could be

a significant contributor to the total intake of PBDEs.
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Much of the data generated on indoor air is difficult to compare across studies as the sampling

or analysis criteria are different. However, the data do show that level in indoor air are low

and in many cases below the limits of detection. Indoor air samples taken from residential

properties shown levels of total PBDEs 192 pg/m3 in Sweden, approximately 400 pg/m3 in

the US.

Uptake of PBDE can be through inhalation of dust and indoor air, or ingestion of dust. There

can also be direct absorption via dermal contact with textiles and furniture or house dust.

Webster et al (2005) estimated dermal contact to dust to account for 10% of total PBDE

exposure in adults and as much as 35% of the total PBDE in children.

Outdoor Air

The studies which report data for PBDEs excluding decaBDE, the values range from 1.1

pg/m3 in Norway, 2.0 pg/m3 in the UK, and 43 pg/m3 in the US (Frederiksen et al., 2009).

In general outdoor levels are an order magnitude lower than indoor air levels.

Health Effects

There are very few data relating to adverse health effects in humans from acute exposure to

PBDEs. Data from animal studies suggest that PBDEs have low acute toxicity and that deca-

BDE is much less likely than the lower-brominated PBDEs to cause adverse health effects

[2]. Data from rodent studies indicate that the key target organ for toxicity following repeated

exposure to PBDEs is the liver. Penta- and octa-BDE are considerably more hepatotoxic than

deca-BDE. Penta- and octa-BDE have been shown to induce liver cytochrome P-450 enzymes

and to produce effects on the thyroid (COT (Committee on Toxicity), 2004; USEPA.IRIS,

2008).

Deca-BDE and penta-BDE did not produce any overt fetotoxicity or teratogenicity in

developmental toxicity studies in animals, whereas with octa-BDE there was some evidence

of low fetotoxicity at doses producing no maternal toxicity. Single doses of penta-BDE given

shortly after birth have been reported to produce neurobehavioural effects (delayed

habituation behaviour) at 60 and 120 days of age (USEPA.IRIS, 2008)

The International Agency for Research on Cancer (IARC) has concluded that, based on the

lack of human data and the limited evidence of carcinogenicity in animals, deca-BDE is not

classifiable as to its carcinogenicity to humans (group 3) (IARC, 1999). Deca-BDE is not

classified as a carcinogen in the EU. No carcinogenicity data are available on the lower-

brominated PBDEs.
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2.0 Toxicity data

Provide a brief overview for compound. Include information on
toxicokinetics (absorption, distribution, metabolism excretion), dose-
response relationships, biological thresholds (where relevant), critical
effects on human health (eg. those occurring at lowest doses;
reproductive/developmental; carcinogenic etc). Include biological
effect monitoring data if possible.

The toxicology of decaBDE (BDE-209) as been reviewed by the EPA (2008)and will be

briefly summarised here with focus on areas of relevance to the development of BGV for

decaBDE.

Data on the toxicokinetics of deca-DBE in humans are limited to findings on the levels in

serum and maternal milk that demonstrate it is absorbed from the environment and distributed

to tissues. These data do not provide information on the quantitative aspects of absorption or

the kinetics of tissue distribution and retention. Animal studies have shown both oral and

dermal absorption of decaBDE. The percentage of the oral dose absorbed across the

gastrointestinal tract ranged from 7-26%. The percentage of dermal dose absorbed and retain

in the epidermis of rats was between 2-20% however this was a function of the dose

administered.

Many studies have reported the distribution of PBDEs and decaBDE in human breast milk.

However, decaBDE was reported to be a minor congener on breast milk. Studies have also

shown levels of PBDEs and decaBDE in serum samples. These data suggest that deca BDE

does distribute to blood and milk. Studies in various countries (Sweden, Canada, USA, UK)

have indicated that PBDEs can be detected in human breast milk. Detailed studies in Sweden

reported that levels increased over the period of 1972-1997, with the main compounds

measured being tetra- and penta-BDE, together with small amounts of hexa-BDE. Deca-BDE

was not detected (COT (Committee on Toxicity), 2004). Detailed distribution studies are not

available and the potential for decaBDE to distribute to other tissues is not known in humans.

No animal studies of decaBDE distribution following inhalation have been found. Several

oral studies in rats have shown the wide spread distribution of decaBDE. Morck (2003)

showed that on a lipid weight basis liver, and plasma had the highest levels decaBDE ,

whereas adipose tissue and many other organs had low levels. These results indicate that

decaBDE is not readily distributed to the adipose tissue but rather found in plasma and blood

rich tissues.
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Oral and i.v studies suggest that decaBDE is metabolised through oxidative dehalogenation

reaction to from phenolic metabolites and debrominated to form a variety of nona-, octa- and

heptaBDE congeners. Animal studies indicate that decaBDE is a weak inducer of phase I and

phase II metabolism.

The primary route of excretion for all PBDEs in animals is thought to be in the faeces.

Distribution studies with deca-BDE in rats have demonstrated that it is poorly absorbed and

rapidly excreted in the faeces. After i.v. administration to rats the major part of the dose

(74%) was excreted in the faeces; about 63% of the excreted material in the faeces was

metabolites, and the remaining 37% unchanged decaBDE. There are few data regarding the

bioaccumulation or route of elimination in humans.

Epidemiological studies or occupational exposure studies have not included surveillance of

health endpoints. Oral short-term, sub chronic, as well as oral chronic toxicity studies carried

out by National Toxicology programme in 1986 in rats and mice has been summarised below

(USEPA.IRIS, 2008; NTP, 1986). F344/N rats and B6C3F1 mice were dosed through their

diet.

Table 1: Oral (diet) short-term, sub-chronic and chronic toxicity studies for decaBDE in
laboratory animals (NTP 1986)

Species Duration NOAEL LOAEL

Rat F344/N 14 days 9.326 mg/kg-day (males)

10.853 mg/kg-day (females)

Not identified

Rat F344/N 13 weeks 3.066 mg/kg-day (males)

3.994 mg/kg-day (females)

Not identified

Mouse B6C3F1 14 days 20.994 mg/kg-day (males)

23.077 mg/kg-day (females)

Not identified

Mouse B6C3F1 13 weeks 10.233 mg/kg-day (males)

11.566 mg/kg-day (females)

Not identified

Rat F344/N 2 years 1.120 mg/kg-day (males)

2.550 mg/kg-day (females)

2.240 mg/kg-day (males)

Not identified in females

Mouse B6C3F1 2 years Not available in males

3.760 mg/kg-day (females)

3.200 mg/kg-day (males)

7.780 mg/kg-day (females)

The chronic toxicity study in rats showed that exposure to decaBDE in the diet did not cause

compound-related effects on survival or any significant effects on body weight or food

consumption. Several neoplastic changes were observed at high dose, including thrombosis

and degeneration of the liver, fibrosis in the spleen, and lymphoid hyperplasia in the

mandibular lymph node in male rats. Chronic studies in mice showed that decaBDE

treatment caused liver granulomas, liver hypertrophy, and thyroid gland follicular call

hyperplasia in male mice only and stomach ulcers in female mice only. Based on these
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finding a NOAEL and a LOAEL for systemic toxicity was reported (Table 1). Female rats

and mice appeared to be less sensitive. The dose-related increase in non-malignant liver

tumours in both male and female rats provides some evidence of carcinogenicity of decaBDE

in rats.

3.0 Biomarker data

Provide a brief overview for compound. Include information on

reference ranges, occupational guidance values8, PK or PBPK models,

concentration of pure compound or metabolites in blood, urine,
environment, inter- and intra-variability.

There are numerous studies which assess the exposure of workers, and the general public to

PBDEs and decaBDE. These studies can be used to determine tentative reference ranges.

Table two summarises the levels of PBDEs and decaBDE assessed human serum from

workers in electronic factories where PBDEs are used and groups where no occupational

exposure would be expected.

Table 2 Examples of Exposure Biomarkers

Exposure Group N Total BPDE DecaBDE LOQ, LOD Yeara, Place,
Ref

Blood serum

Electronic
Dismantler N=19

(occupational
exposure)

37 pmol/g lwb

(26 ng/g lw)
Median

5 pmol/g lw

(4.8 ng/g lw)

Median

0.7 ng/g lw
(LOQ)

Sweden, 1999

(Sjödin et al.,
1999)

Hospital cleaners

N=20 (reference
group)

5.4 pmol/g lw (3.3
ng/g lw)

Median

<0.7 pmol/g lw

(<0.7 ng/g lw)
Median

0.7 ng/g lw
(LOQ)

Sweden, 1999

(Sjödin et al.,
1999)

Computer Clerks

N=20 (reference
group)

7.1 pmol/g lw

(4.1 ng/g lw)
Median

<0.7 pmol/g lw

(<0.7 ng/g lw)
Median

0.7 ng/g lw
(LOQ)

Sweden, 1999

[(Sjödin et al.,
1999)

Agricultural/Pregnant
Women N24

21 ng/g lw Mean Not reported 0.1 0.5 ng/g lw California,
1999/2000

(Bradman et
al., 2007)

Postmenopausal
women

N=110

63 ng/g lw Mean Not reported 2 - 4 ng/L LOD Canada
2003/4
(Sandanger et

8 -quality of existing workplace BGVs may not be sufficient for use in general population but care
needs to be taken not to undermine the OELs as although based on limited data they may perform
a useful function



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

203

al., 2007)

Breast Milk

Pooled milk samples 11 ng/g lw Not reported Not reported Australia
2002/3

(Toms et al.,
2007)

General Population

N=19

5.3 ng/g lw Median 2.6 ng/g lw Median Not reported China, 2004

(Sudaryanto
et al., 2008)

General Population

N=62

3.388 ng/g lw
Mediand

1.6 ng/g lw Median Not reported France 2008

(Antignac et
al., 2009)c

a: Year samples were collected not year of publication if this has been reported.
b: lipid weight, c: This paper also measured lower brominated PBDEs as well as adipose tissue and cord serum.
D: higher brominated octa- nona- and deca-not total PBDEs.

Metabolism studies assessing the level of hydroxylated metabolites in human exposed to

PBDEs have revealed that the metabolite profile for human and those observed in mice are

different which indicates that different enzymes might be involved in the metabolic

process[20]. The use of metabolites to determine exposure and uptake has not been well

studied.

There are no occupational guidance values although exposure and uptake has been reported in

worker cohorts.

There are no PK or PBPK models for PBDEs or decaBDE.

Due to the sparse nature of the data available it is not possible to determine inter- or intra

variability in relation to human biomarkers of exposure.

4.0 Analytical methods

Provide a brief overview for compound. Include information on
methods available for measurement of biomarkers (and parent
compound if relevant), detection limits, reliability, reference materials,
external quality assurance, known confounders.

The vast majority of papers report the analysis of parent compounds (PBDEs and decaBDE)

in human tissue.

PBDEs and decaBDE are extracted from human tissue samples using solid phase extraction.

The samples were analysed by GC/MS (high resolution) with electron ionisation and selective

ion monitoring of the (M-Br). Most studies have used a standard DB5 column with splitless
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injection and helium as carrier gas. Quantification of the congeners using isotopicllay labelled

internal standards has been used not only of PBDEs but also for poly chlorinated diphenyl

ethers. Studies have report limits of quantification from 0.1 to 0.7 ng/g lw (Table 2).

The analyses also require the determination of milk, plasma or serum lipid: there are

commercially available test kits for the determination of total lipid by weight.

Many of the studies used external laboratories for quality assurance and carried out duplicate

analysis of samples.

Reference material exist for environmental samples, non were found for human samples.

5.0 Epidemiology

Provide a brief overview for compound. Include information on any

data linking external exposure with health effect9, data linking

biological monitoring data with health effects.

Studies of decaBDE levels in occupationally exposed groups or studies of decaBDE in human

biological media did not include surveillance of health endpoints. All the studies address

exposure.

6.0 Risk management

Provide a brief overview for compound. Include information on
exposure reduction options, any application where biomarker been
shown to be positively applied re health risk eg .monitoring of lead
levels in blood.

The studies reported have not evaluated human health risk. The numerous exposure studies

only relate to biomarkers of exposure and some attempt to assess source and routes of

exposure. The banning of lower molecular weight PBDEs has resulted in their reduced

presence in environment. However, decaBDE is still used and has been shown to

debrominate and thus can contribute the environmental pool of lower brominated congeners.

The value of human biomarker data in this example is the ability to monitor the effectiveness

of policy to reduce exposure through the ban of chemicals.

9 define units as mg/kg-d or ppm
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Thus this example illustrates exposure management and not risk management.

7.0 Susceptible groups / populations

Provide a brief overview for compound. Include information on any link
with mode of action (eg Life Sciences Institute / International
Programme on Chemical Safety), define difference between inter- and
intra-individual variability and susceptible populations.

There is insufficient data to determine ‘susceptible groups’. The fact that PBDEs as well as

decaBDE have been detected in breast milk indicates that breast feeding infants will be

exposured through their diet. However, there are no data to suggest that infants are more or

less susceptible.

8.0 Summary

State proposed level of BGV (assess information available using ‘tick-
box’ below

DecaBDE would fall into Level 2 – there is potential wide spread general population

exposure, it is possible to develop reference rages in order to monitor trends in exposure and

possible reduction in exposures through chemical substitution or the removal of decaBDE

from the market.

The value of a level 2 BGV is to be able to monitor trends on a national and international

basis.

However, there are no clear health based criteria or risk based criteria up on which to develop

lever 3 or 4 biological guidance values.
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Framework Element

Level of BGV

Level 1

Population Range

Level 2

Non Health Based Upper
Limit Value (95th

percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability
Based

Exposure:

General Population

Susceptible Group(s)

Preliminary reference values
could be developed. There is
little toxicological data to
determine susceptible groups

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Not enough data.

Hydroxylated metabolites have
been detected in both human
samples as well as laboratory
animals.

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

Preliminary Reference ranges
could be determined.

There are no data on individual
variability.

No occupational Guidance
values

No PBPK models

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

LOD 0.1 0.7 ng/g lw

No reference material for
human samples.

Bo analytical confounders
reported.
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Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

No studies linking exposure to
effect.

Risk Management:

Exposure reduction measures

Exposure reduction through
bans of lower molecular weight
congeners

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

No data



9.0 Communication

Consider limitations of BGV possible with current level of information eg. is
half-life a limiting factor, can risk of ill-health be determined,
recommendations for further work, identify any potential communication
issues associated with compound.

PBDEs are a class of compounds which pose a communication dilemma. The health benefits from the

point of view of reducing the health risks from fires outweigh the uncertain adverse health effects of

exposure.

There are no studies that relate adverse human health with exposure to PBDEs or decaBDE. PBDEs

show low toxicity in laboratory animal short-term and chronic studies.

But due to their lipophilicity and low vapour pressure they have been found to be transported in the

environment and found to bioaccumulate.

The main source of general population exposure is thought to be the diet and through ingestion or

inhalation of household dust.

The communication message is difficult to balance and some work in this area would be beneficial to

the general publics understanding of hazard and risk.
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1.0 Introduction

Production and uses

DEHP is an important plasticizer for polyvinylchloride (PVC) polymers. Phthalate plasticized PVC is

abbreviated PVC-P.

DEHP has been the most frequently used phthalate before the turn of the millennium. Its global

production amounted to 3-4 million t in 1985 (Wams, 1987), in 2004 just under 2 million t of DEHP

were manufactured. The DEHP production in 1999 in Western Europe amounted to around 460 000 t

corresponding to 42 % of the total plasticizer production in this geographic area. In 2004, the share of

DEHP dropped to 22 % corresponding to an amount of ca. 200 000 t. In recent years DEHP has been

replaced by di-iso-nonylphthalate/di-iso-decylphthalate (DINP/DIDP) as the most important PVC

plasticisers. These DEHP substitutes had gained a share of 58 % in 2004 (from 35% in 1999)

(Arbeitsgemeinschaft PVC und Umwelt e.V., 2006).

The average plasticizer content in soft PVC is about 30-35%, in some cases higher contents have been

reported (Arbeitsgemeinschaft PVC und Umwelt e.V., 2006; EC. JRC, 2008). Thus, DEHP and its

substitutes are major constituents in many common items such as PVC floorings, wall papers,

tablecloths, furniture upholstery, tarpaulins, coated fabrics, shower curtains, garden hoses, swimming

pool liners, rainwear, shoes, automobile upholstery and tops, underbody coating, wires and cables etc.

(EC. JRC, 2008; ATSDR, 2002; Lorz et al., 2002; Kavlock et al., 2002).

In the medical field DEHP is used in bags for blood or parenteral nutrition, tubings, catheders, CAPD

bags, vinyl gloves and many other medicinal products (EC. JRC, 2008; FDA, 2001; DG SANCO-

European Commission H&CD-G; 2002, SCENIHR (Scientific Committee on Emerging and Newly-

Identified Health Risks), 2008).

A minor portion of DEHP (5-10%) is also used in non-PVC applications such as sealants, dispersions,

lacquers and glossy paints, printing ink, rubber, as an emulsifier and, as an additive for advanced

ceramic materials (EC. JRC, 2008).

In the EU, the use of DEHP is no longer permitted in toys and childcare articles, first recommended in

1998 (98/485/EC) with the final legislation introduced in 2007 (EC, 2005). Due to its classification as

a reproductive toxicant DEHP is also not permitted for use in cosmetics in the EU, since 2004 (EC,

2004). There are restrictions on the use of DEHP in food contact materials in the European Union

(2007/19/EC), e.g. it must not be used in fatty food contact materials or in single-use applications such

as cap seals or gaskets.



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

212

DEHP can still be legally used in non fatty food contact materials for repeated use which includes

such items as tubes and conveyer belts, provided the migration of the plasticizer does not exceed the

Substance Migration Limit (SML) of 1.5 mg/kg food (EC, 2007).

Sources of exposure

DEHP is a ubiquitous environmental chemical and can be detected in all compartments of our

ecosystem (atmospheric air, water, soil, plants and animals, etc.), in indoor environments (indoor air,

house dust, etc.), and in our daily foodstuff.

Because DEHP (and other phthalate plasticizers) are not chemically bound to the polymer (only

physically dissolved in it), they leach or outgas into the surrounding media. Thus, phthalates can enter

the environmental cycles or the human body directly.

The ubiquitous presence of DEHP poses a great problem for its reliable detection and quantification:

the phthalate blank problem. Its omnipresence in the environment and even in the cleanest laboratory

chemicals, sampling equipment, and analytical apparatus hampers the reliable quantification of DEHP

in real life scenarios. As a result, all ambient monitoring data and all data in general related to the

measures of low levels of phthalate diesters must be interpreted with caution because of possible

external contamination (Deutsche Forschungsgemeinschaft (DFG), 2002; Kessler et al., 2001).

In a first view, the DEHP levels in the house dust samples appear to be considerable. E.g. in the

German Environmental Survey (GerES) IV DEHP was determined in 252 randomly selected house

dust samples. The 63 µm fraction contained a median of 0.52 g/kg and a 95th percentile of 1.84 g/kg

DEHP. In 199 GerES III samples the 2 mm fraction contained a median of 0.42 g/kg and a 95th

percentile of 1.19 g/kg DEHP (Becker et al., 2004). Only worst case assumptions like for a 1-2 year

old infant of 12kg body weight, the ingestion of 100mg house dust with a DEHP content of 2.5 g/kg

and 100% resorption would lead to an exposure of approximately 20 µg DEHP/kg body-weight/day

(Stellungnahme der Kommission Human-Biomonitoring des Umweltbundesamtes, 2005).

Only incomplete data on DEHP levels in foodstuff have been published so far. Food monitoring

studies conducted by the UK Ministry of Agriculture, Fisheries and Food (MAFF), revealed DEHP

levels in meat, poultry, eggs and milk between 0.3 and 0.7 mg/kg (MAFF UK, 1996) and in infant

formula levels between 0.05 and 0.98 mg/kg (MAFF UK, 1998). In two German studies, DEHP levels

of up to 0.16 mg/kg milk were found (Stellungnahme der Kommission Human-Biomonitoring des

Umweltbundesamtes, 2005).

As an important route of DEHP exposure we might have to consider contaminated foodstuff through

the inappropriate use of DEHP plasticised tubings and sealants in the processing of fatty foods.

Random samples of pesto sauce and olive oil taken in 2005 in Germany contained up to 195 mg
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DEHP/kg pesto sauce und 75 mg DEHP/kg olive oil (Federal Institute for Risk Assessment, 2005a;

Federal Institute for Risk Assessment, 2005b).

In certain cases and especially for infants and toddlers DEHP leachate from toys due to mouthing

might be of relevance (ECB, 2003). Calculated maximum oral doses due to leaching of DEHP from

materials can be as high as up to 75 µg/kg b.w./day. Mouthing and chewing might in a worst case

assumption lead to daily internal exposure for a child weighing 8 kg, with a daily exposure period of 3

hours and a product surface area of 10 cm2 of 200 μg /kg b.w./day (CSTEE, 1998). It should be noted 

that in the EU from 2007 on, the use of DEHP is no longer permitted in toys and childcare articles

(EC, 2005).

Table 1: Estimated daily intake of DEHP from various sources (in μg/kg bw/d), adapted from 
(1)

medium intake Remarks

Atmospheric air < 0.0005 at concentrations in atmospheric air of up to 5 ng/m³

Indoor air up to ≈ 1 at concentrations in indoor air of 3.1 μg/m³ 

Drinking water up to ≈ 0.4 range from 0.13 – 0.38 for infants (age <0.5 years) to 0.02 
– 0.06 for adults (age 20 – 70 years)

Foods 4.9 - 18 age-dependent, Canadian population (Meek et al., 1994)

3 - 30 US population (Doull et al., 1999)

Soil < 0.0001 Canada (2)

PVC toys (mouthing and
chewing)

≈ 8 infant licking a PVC toy with a surface of 10 cm² and a 
DEHP content of 24 % for one hour

House dust ≈ 20 worst-case consideration for an infant* ingesting 100 mg 
dust having a DEHP content of 2.5 g/kg

* Infant aged 1 – 2 years, weighing 12 kg

Estimates made in Canada (Meek et al., 1994), USA (Kavlock et al., 2002; Doull et al., 1999) and

Europe (ECB, 2003) underlined contaminated foodstuff as the principal and continuous source of

DEHP exposure of the general population. Table 2 depicts the overall estimated DEHP exposure from

all environmental sources.

Table 2: Estimation of DEHP exposure of the general population (in µg/kg b.w./day) derived
from all known relevant sources of ambient exposure.

Doull et al.,
1999

MAFF, 1996
Meek & Chan, 1994

range
(97,5.
Percentile)

estimated average daily intakes

Age (years)

(0–0,5) (0,5–4) (5–11) (12–19) (20–70)

3-30 27 9 19 14 8.2 5.8

Fromme et al. (2007b) analyzed 350 duplicate diet samples for DEHP and the monoester MEHP,

representing the food borne DEHP exposure of 50 study subjects over 7 consecutive days. They

detected DEHP in 95% and 58% of the food samples with concentrations ranging from 0.015 to 1.301
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mg/kg fresh weight for DEHP and 0.0001 to 0.0049 mg/kg f.w. for MEHP. Food related intakes at the

95th percentile were calculated to be 309 µg/day for DEHP and 4.3 µg/day for MEHP (derived from

the median value of seven sampling days) resulting in daily DEHP+MEHP intakes at the 95th

percentile of around 4 µg/kg body-weight/day. In two of the 350 duplicate diet samples (from one

female) DEHP content resulted in an exposure of 61 and 75 μg/kg b.w./day. Within the same study 

(Fromme et al., 2007b), the intake of the same participants calculated from biomonitoring data

(urinary DEHP metabolites) was very comparable to DEHP intakes from the diet over the whole

concentration range. This study therefore illustrates and confirms two things: first, foodstuff is the

predominant route of DEHP exposure for the general population; second, some individuals might have

higher DEHP exposures (over a couple of days) than in earlier models deemed possible.

Data on the distribution and persistence of MEHP (the hydrolytic ester cleavage product of DEHP) in

the environment and in foodstuff is limited. MEHPs distribution behaviour is probably different than

DEHPs distribution behaviour, because it is considerably more polar. Only Fromme et al. (2007b)

analyzed diet duplicates for MEHP and indeed found this DEHP breakdown product, albeit at lower

concentrations than DEHP. If present, exposure to MEHP must not be neglected, because MEHP

exerts the same toxic effects as DEHP.

Reasons for concern

Environmental, animal and human studies demonstrate that exposure to DEHP is and has been

ubiquitous over the last decades and that exposure may occur throughout the whole life span

(beginning with the fetus). Several studies have also shown, that exposure to DEHP in young children

is higher than in older children, in adolescents and in adults (CDC (Centers for Disease Control and

Prevention), 2005, Wittassek et al., 2007a, Wittassek et al., 2007b).

The toxicity of some phthalates, including DEHP, has been known for decades, although focus shifted

from carcinogenic effects (hepatic cancer) to endocrine modulating effects (effects on reproductive

development, primarily during male sexual differentiation). In 2001, DEHP was classified as a

reproductive toxicant Cat. 2 (R 60, R 61) according to appendix 1 of the EU Directive 67/548/EU (EU

2001) and DEHP is one of 15 substances which are on the current European Chemicals

Agency(ECHA) candidate list of substances of very high concern (ECHA, 2009).

Several recent exposure assessment studies for DEHP (based on human biomonitoring and other

exposure models) have shown, that in some cases and for some susceptible populations, Tolerable

Daily Intake (TDI) or similarly derived values (based on animal studies) can be exceeded within the

environmentally- exposed general population. Median exposures for the general population were in

the same range as exposures estimated from ambient data (Wittassek et al., 2007a; Wittassek et al.,

2007b; Clark et al., 2003), and below levels determined to be safe for daily exposures (RfD and TDI).
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However, in the upper percentiles, DEHP urinary metabolite concentrations suggested that for some

people, these daily phthalate intakes might be substantially higher than previously assumed and close

to or exceeding the RfD and TDI (David, 2000; Koch et al., 2003a; Kohn et al., 2000). Furthermore,

special situations including platelet donation (Koch et al., 2005a; Weisbach et al., 2006), or intensive

medical interventions (Calafat et al., 2004; Green et al., 2005; Weuve et al., 2006); can result in daily

intakes that exceed the RfD or TDI for long periods of time and/or are close to levels where first toxic

effects have been observed in animals.

Therefore, of high concern is the toxicological significance of these chronic exposures to DEHP

reaching in some cases the RfD and/or TDI among susceptible subpopulations (e.g., children, pregnant

women). Interwoven with the toxicological significance of these exposures is also the question of the

time (-point) when these high exposures occurred (e.g., prenatal exposures), and of co-exposures to

other endocrine disrupting chemicals.

2.0 Toxicity data

Reviews of the toxicology of DEHP were published, among others, by the US-ATSDR (2002), IARC

(2000), the NTP CERHR (Kavlock et al., 2002; Kavlock et al., 2006), the DFG (Deutsche

Forschungsgemeinschaft (DFG), 2002), US-FDA (FDA, 2001) and most recently by the ECB (EC.

JRC, 2008).

Although DEHPs toxicity in animals has been known for a very long time, only few studies on DEHPs

toxicity in humans are available. Only recently, have some human (epidemiological) studies found

associations for some biomarkers of phthalate (including DEHP) exposures with adverse

developmental effects similar to those found in rats. The phthalate induced reproductive effects in

laboratory animals described as the “phthalate-syndrome” have many similarities with the “Testicular

Dysgenesis Syndrome” (TDS) of human males. All limit values and toxicological evaluations for

DEHP have been derived from animal studies

Animal Experiments

Acute toxicity data

Under conditions of a single exposure and absorption, DEHP is practically non-toxic. The substance

has no irritant and no sensitising effect. In the rat as well as in the mouse, the rabbit and the guinea

pig, LD50 (oral) values exceed 25 g/kg (Deutsche Forschungsgemeinschaft (DFG), 2002).
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Carcinogenicity

There are an abundant number of studies on the carcinogenic effects of DEHP in animal models. There

is unequivocal evidence that DEHP (through its metabolite MEHP) causes hepatic tumours in mice

and rats. DEHP activates the peroxisome-proliverator-activated receptor- (PPAR) which is known

to mediate hepatocarcinogenic effects in rodents (Kavlock et al., 2002). However, rodent PPAR is

known to be activated and respond at much lower concentrations of DEHP/MEHP than human

PPAR (Bility et al., 2004). Because of this difference, major evaluations conclude that

hepatocarcinogenic effects due to DEHP exposure are unlikely to occur in humans. The IARC has

classified DEHP as “not classifiable as to its carcinogenicity to humans” (Group 3) (IARC, 2000).

A study on lifelong exposure of Sprague–Dawley rats to DEHP reported increased incidences of

tumours in the testes (Voss et al., 2005). They found significantly increased Leydig-cell tumour

incidences after exposure to 300 mg/kg per day DEHP (P = 0.04) and a significant dose-related trend

(PTrend = 0.02). This study shows for the first time that the rat testes are a target organ of DEHP

carcinogenicity in Sprague–Dawley rats upon lifetime exposure. Other recent results suggest that

DEHP might cause hepatic cancer in rodents also through a mechanism independent of PPAR (Ito et

al., 2007; Takashima et al., 2008).

Adverse developmental and reproductive effects

In recent years, the potential developmental and reproductive effects of DEHP have received more

attention than the hepatotoxic effects.

Early standard teratology studies exposed pregnant animals only during gestational day (GD) 6-15 and

examined the offspring before birth, when the reproductive tract is still immature. Malformations were

only observed after relatively high doses, and often parallel to maternal toxicity. Concerning

reproductive effects, early on, the testis was identified as the target organ of phthalate toxicity

(Committee on the Health Risks of Phthalates, National Research Council, 2008).

However, only after rats are exposed through the critical developmental window of GD 15-17 the full

spectrum of reproductive tract abnormalities of DEHP and other endocrine modulating phthalates can

be observed. These include vacuolisation of Sertoli cells, Leydig cell hyperplasia, underdeveloped or

absent reproductive organs (resulting in reduced or no fertility), malformed external genitalia

(hypospadias), undescended testes (crypdorchidism), decreased anogenital distance (AGD), retained

nipples and decreased sperm production/motility (EC. JRC, 2008; Committee on the Health Risks of

Phthalates, National Research Council, 2008; Lamb et al., 1987; Poon et al., 1997; Akingbemi et al.,

2001).

At present, the probably best documented NOAEL (no observed adverse effect level) value for

testicular effects was determined by Wolfe and Layton (EC. JRC, 2008; Wolfe et al., 2003) in
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Sprague-Dawley rats in a multigeneration study, being 4.8 mg/kg bw/d. The NOAEL for

developmental toxicity was stated to be 8 mg DEHP/kg bw/d in the F0 generation and 5 mg DEHP/kg

bw/d in the F1 and F2 generations. It is based on the fact that in the F1 and F2 generations, the

testicular effects were much more pronounced than in the F0 generation. The NOAEL with regard to

fertility is 48 mg/kg bw/d.

To provide an adequate protection against health effects due to DEHP, the Risk Assessment Report of

the ECB adds the following margins of safety (MOS) with regard to the NOAEL of 4.8 mg/kg bw/d:

250 for newborn infants (0-3 months), 200 for infants aged >3 months – 12 months and 100 for the

general population (infants/children >12 months and adults). Since the NOAEL for testicular and

developmental toxic effects has been derived from multi-generation studies and the decisive effects

after maternal dosage will only appear in the subsequent generations, an MOS of 250 is also indicated

for women of child-bearing age, to ensure an adequate protection of their offspring.

The observed functional and structural impairment of male reproduction and development is related to

the finding that DEHP (and MEHP) can modulate the endogenous production of fetal testicular

testosterone and influence insulin-like factor 3 and follicle-stimulating hormone production (Foster,

2006; Gray et al., 2000; Wilson et al.; 2004, Sharpe et al., 2008; Culty et al., 2008). Based on their

studies on hormone modulation Akingbemi et al. (2001) have proposed a NOAEL of 1 mg/kg b.w./d.

The toxicological relevance and/or adversity of this end point, however, have not yet been

unequivocally elucidated.

A synoptic view of tolerable intakes for humans as derived by some international institutions is given

in Table 3 (adapted from (Stellungnahme der Kommission Human-Biomonitoring des

Umweltbundesamtes, 2005)).

Human Data

Some recent epidemiological studies (referred to later) reported associations between internal DEHP

exposures with abdominal obesity (Stahlhut et al., 2007) altered free T4 and/or total T3 levels (Meeker

et al., 2007) and effects on respiratory function, asthma, and allergy in children and adults in relation

to the use of PVC (DEHP) containing products (Bornehag et al., 2004; Kolarik et al., 2008; Jaakkola

et al., 1999; Jaakkola et al., 2000). In the latter studies, however, no biomarkers were measured.

Effects of DEHP on the human reproductive system are currently the greatest concern regarding

DEHP´s toxicity. Human males exhibit a high incidence of reproductive disorders like cryptorchidism

and hypospadias, which are the most common male birth defects (Committee on the Health Risks of

Phthalates, National Research Council, 2008; Sharpe et al., 2008). The observed effects of DEHP and

other phthalates on the developing reproductive tract of male rats (summed up under the “Phthalate
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Syndrome”) are very similar to the end points of concern in the human male population that make up

the “testicular dysgenesis syndrome”.

However, there are no human data (except some epidemiological hints, referred to later) that directly

and unambiguously link exposures to DEHP or other phthalates (or their metabolites) with the

hypothesized syndrome.

Table 3: Tolerable intakes of DEHP (synoptic view, adapted from (Stellungnahme der
Kommission Human-Biomonitoring des Umweltbundesamtes, 2005), not all limit values are
derived from reprotoxic effects)

Name Institution

(Reference)

year Value

(µg/ kg b.-w./day)

Underlying
NOAEL
(mg/kg
bw/day)

Reference

TDIa)

(MPRb))
NL-RIVM
(Baars et al.,
2001)

2001 4 3.7 Poon et al.,
1997

RfDc) US-EPA

(1993)

1991 20 20 Carpenter et
al., 1953

TDIa) WHO

(2003)

2003 25 2.5 WHO, 2003

TDIa) EU-CSTEE

(CSTEE,
1998)

1998 37 3.7,

3.5

Poon et al.,
1997 and

LOAEL,
Arcadi et al.,
1998 f

TDIa)

(RAR-
DEHP)

ECB / EU

(EC. JRC,
2008)

2008 20 (infants 0-3 months and women of
child-bearing age)

25 (infants >3-12 months

50 (remaining general population)

4.8 Wolfe et al.,
2003

TDIa) Health Canada

(Government
of Canada,
Environment
Canada,
Health
Canada, 1994)

1994 44 44 Wolkowski-
Tyl et al.,
1984

MRLe) US-ATSDR
(ATSDR,
2002)

2002 60 5.8 David et al.,
2000

a) Tolerable daily intake; b) Maximum permissible risk level; c) Reference dose (for chronic exposure); d)
Tolerable absorbed dose; e) Minimal risk level (for chronic exposure duration); f) The Scientific Committee on
Toxicity, Ecotoxicity and the Environment considers the study by Wolfe et al., which as a three-generation
reproductive study resulted in an NOAEL of 4.8 mg/kg bw/d, as more valid than the study by Poon et al. but it
did not derive another TDI value.

Toxicokinetics, metabolism and distribution

In environmental scenarios, foodstuff and therefore, the oral exposure route has been shown to be the

major pathway of DEHP exposure. Mouthing, and in some cases ingestion of house dust also add to
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the oral exposure route (although their contribution to the overall DEHP exposure is considered

incremental).

DEHP is rapidly hydrolyzed (by lipases or pH-dependent ester cleavage) in the mouth, in the gut

and/or in the blood to MEHP. MEHP is the major DEHP metabolite in the circulating bloodstream. No

parent DEHP has ever been measured in the blood of the general population under contamination-free

circumstances.

MEHP is rapidly and extensively further metabolized by ω-, ω-1- and β-oxidation at the alkyl-chain to 

a variety of secondary metabolites, which are the major metabolites in urine. MEHP and the oxidised

secondary metabolites are in a Phase II reaction conjugated to some extent with glucuronic acid (Silva

et al., 2006b; Silva et al., 2003; Kato et al., 2004; Barr et al., 2003; Silva et al., 2006a). Human

metabolism of DEHP is depicted in Figure 1.

Figure 1: Metabolism of DEHP (according to (ATSDR, 2002; Albro et al., 1982; Schmid et al.,
1985); adapted from (Koch et al., 2004a; Koch et al., 2005b)). Major metabolites as referred to
in this publication are highlighted.
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The time-course of metabolite concentrations in human serum (Koch et al., 2004a, 2005b) until eight

hours after an oral D4-DEHP dose has been recorded in one volunteer along with urinary excretion of

metabolites over 44 hours.
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5OH-MEHP is the metabolite excreted in urine at the highest concentration directly after DEHP

exposure, closely followed by 5cx-MEPP. Both metabolites have their maximum concentrations 4

hours after application of DEHP. The elimination characteristics of 2cx-MMHP were fundamentally

different. Its initial urinary concentrations were about ten-times lower compared to the other

metabolites analysed. Its urinary concentration however steadily increased to reach a first maximum

after 8 to 10 hours and a second and absolute maximum after 24 hours. Twenty-four hours after the

DEHP dose 2cx-MMHP and 5cx-MEHP were the major urinary metabolite. From this time on

concentrations of these two carboxylated metabolites were (due to their different half-times of

elimination) considerably higher than concentrations of MEHP, 5OH-MEHP and 5oxo-MEHP. 24h

after exposure urinary MEHP concentrations were negligible.

Excretion of DEHP metabolites followed an at least bi-phasic elimination pattern. The first elimination

phase (after absorption and distribution) lasted until 14 hours after DEHP administration. For the

second elimination phase we estimated an elimination half-life-time between 15 and 24 hours for D4-

5cx-MEPP and for 2-cx-MMHP which was longer than the ones observed for the ω-1-oxidation 

products D4-5OH-MEHP and D4-5oxo-MEHP (about 10 hours each). Table 4 summarizes the

maximum urinary concentrations (Cmax) after the dose of 650 µg/kg body-weight, the times of the

maximum concentration (tmax) and the estimated elimination half-life times (t1/2) of the five major

DEHP metabolites.

Table 4: Maximum urinary concentration (cmax), time of the maximum concentration (tmax)
and estimated elimination half-life times (t1/2) of five DEHP metabolites as determined in the
high dose experiment (DEHP dose: 48,5 mg abs, 650 µg/kg body weight), adapted from
(Koch et al., 2005b).

cmax

[mg/L]

tmax

[h]

t1/2

[h]*2

5cx-MEPP 8.2 4 12-15

2cx-MMHP 0.9 and 1.2*1 8-10 and 24 24

5OH-MEHP 10.0 4 10

5oxo-MEHP 6.2 4 10

MEHP 3.6 2 5

*1 absolute concentrations for 2cx-MMHP are semi-quantitative
*2 for the second elimination phase

In this single dose experiment, until 44 hours after the dose, 24.7% of the applied D4-DEHP was

found in urine as D4-5OH-MEHP, 21.9% as D4-5cx-MEPP, 14.9% as D4-5oxo-MEHP, 7.3%as D4-

MEHP and 5.4% as D4-2cx-MMHP. Altogether, 74.3 % of the applied D4-DEHP dose was excreted

as one of the five D4-DEHP metabolites determined in urine within 2 days (70.5% after 24h).
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Koch et al. (2005b) also investigated the dose dependency of metabolism and excretion of D4-DEHP.

They conclude that for the dose range they investigated, covering two orders of magnitude (from 4.7

µg/kg body-weight (low dose) to 28.7 µg/kg body-weight (medium dose) and 650 µg/kg body-weight

(high dose), no dose-dependency of the relative amounts of excreted metabolites could be observed.

Bearing in mind that not all known metabolites were analysed in this study and bearing in mind that

after 2 days labelled DEHP metabolites were still detectable in urine, Koch et al. (2005b) further

conclude that DEHP is nearly completely absorbed by humans and finally excreted via urine.

Some older data on DEHP metabolism exist, which will be discussed in short only. Peck and Albro

(1982) determined DEHP metabolites in urine after infusion of a platelet concentrate containing

DEHP to a cancer patient. Ratios of excreted metabolites differed considerably from the ratios

described by Schmid and Schlatter (1985). Both studies, however, have in common that quantification

of the metabolites was performed either with no standard substances at hand or with their synthesis not

published. Neither could contamination be excluded, since no labelled analysis was performed.

Quantitative predictions derived from those studies therefore have to be seen with limitations. A recent

study by Anderson et al. (2001, 2002) dosed 13C-labelled DEHP to human volunteers but only

determined the simple monoester MEHP (together with MnOP). Twenty-four hours post dosing they

found 12-14% of the applied DEHP dose as MEHP in urine. This is twice the concentration Koch et

al. (2004a, 2005b) found after 24 hours. Some analytical shortcomings (e.g. the non separation of

MEHP from MnOP), however, weaken the general assertions drawn from that study.

Based on toxicokinetic data and information on human exposure situations the percentage

bioavailability for different pathways of exposure have been summarized by the EU in the DEHP Risk

Assessment Report (EC. JRC, 2008), see Table 5.

Table 5: Summary of exposure route dependent systemic bioavailability (according to ECB
2008):

Exposure route Population Human systemic
bioavailability (%)

Oral

adults (50)*1

infants/children 100

Inhalation

adults 75

infants/children 100

dermal

(free DEHP and in products) adults 5

infants/children 5

Parenteral

all subpopulations 100

*1 Shown by (13)and (14) to be at least 75%, more probably close to 100%.
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Comparison Human Data – Animal Data

We can compare the results of MEHP in serum by Koch et al. (2004a, 2005b). with two recent studies

on MEHP in blood of rats and marmosets (Kessler et al., 2004) and pigs (Ljungvall et al., 2004) after

oral administration of DEHP. A comparison of the maximum MEHP blood concentration (cmax) and

the normalized area under the concentration-time curve (AUC) determined by the trapezoidal rule and

normalized to the DEHP dose is shown in Table 6.

Table 6: Comparison of the maximum MEHP blood concentration (cmax) and the normalized
area under the concentration-time curves (AUC) between humans, rats, marmosets and pigs.

Species

dose

[mg/kg body
weight]

cmax

[mg/L blood]

AUC [nmol*h/ml

per mmol

DEHP/kg] *2

pigs

(Ljungvall et al., 2004)
1000 18 n.a.

rats

(Kessler et al., 2004)
30 2.7 695*3

marmosets

(Kessler et al., 2004)
30 2.2 118-181

human

(Koch et al., 2005b)
0.65 2.5 *1 11000*4

n.a.: not available
*1 equivalent to a concentration of 4.95 mg/L serum
*2 normalized AUC up to 8 h after the dose
*3 total normalized AUC
*4 calculated from the serum data presented in this study up to 8.3 hours after the dose using the trapezoidal method

A striking observation is that the maximum MEHP concentration in human blood was in the same

order of magnitude as in the animal studies although the dose was 50 to 1000 times lower than in the

animal experiments. The dose-normalized AUC for MEHP in blood was about 15 to 100-times higher

in the human volunteer than in the rats and marmosets, respectively. MEHP in blood is regarded by

some authors as a general dose surrogate for the toxic potential of DEHP (Kessler et al., 2004).

Assuming this hypothesis to be correct, DEHP would be 15 to 100-times more toxic in humans than in

marmosets or rats. Future studies may need to clarify this issue.

Toxic Species (DEHP, MEHP or the oxidized Metabolites?)

For decades, the simple monoester MEHP has been suspected the ultimate toxic species in DEHP´s

toxicity. Dosage of MEHP provokes the same toxic effects as DEHP. The fact that an extensive

oxidative metabolism leads to the secondary metabolites was given little attention. Possibly this was

also due to the non-availability of the secondary metabolites as standard substances for toxicological

studies. Analogous experiments to MEHP dosage for the secondary metabolites haven’t been

performed until recently.
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Regnier et al. (2004) conducted in-vivo studies regarding the embryotoxicity of number of oxidative

metabolites like 5OH-MEHP, 5oxo-MEHP and 5cx-MEPP (next to DEHP and MEHP) in embryonal

rats. They examined effects on growth, development and morphology and established the following

order of potential manifestations of developmental toxicity based on comparison of the toxicity data

for the individual metabolites:

5OH-MEHP >> 5oxo-MEHP ≈ 5cx-MEPP > DEHP ≈ MEHP = 2-EH >> 2-EHA.  

They found the oxidized metabolites, in particular 5OH-MEHP as well as the other oxidative

metabolites, to be the ultimate species concerning their developmental toxicity. If referred to

morphological changes in the embryo, 5OH-MEHP proved to be 100 times more toxic than MEHP.

For the parameters examined, all oxidative secondary metabolites were more toxic than DEHP,

MEHP, 2-EH or 2-EHA. In a recent study by Stroheker et al. (2005), this view has been confirmed.

Regnier et al. also identified another secondary, oxidized metabolite of high toxicity: 2-ethyl-3-

carboxypropylphthalate, a ß-oxidation breakdown product of MEHP.

3.0 Biomarker data

Since the late 1990s, there have been numerous reports suggesting that exposure to DEHP (and other

phthalates) among the general population around the globe is widespread (CDC (Centers for Disease

Control and Prevention), 2005, Blount et al., 2000, Adibi et al., 2008, Becker et al., 2004, Brock et al.,

2002, CDC, 2008, Hauser et al., 2006, Högberg et al., 2008, Jönsson et al., 2005, Koch et al., 2003c,

Koch et al., 2004b, Koch et al., 2005c, Sathyanarayana et al., 2008, Silva et al., 2004, Swan et al.,

2005).

Table 7: Selected biomonitoring data (metabolites in urine) on DEHP exposure in the United
States and Germany (median (95th percentile) concentrations are reported in µg/L).

sample
origin

NHANES
(Silva et al.,

2004)*1

NHANES
(CDC

(Centers for
Disease
Control

and
Prevention)

, 2005)*1

NHANES *2

GerES*3
(Becker et
al., 2004;

Koch et al.,
2007)

Germany
(Koch et

al., 2003c)

ESBHum*4
(Wittassek

et al.,
2007b)

Germany
(Fromme et
al., 2007a)

N 2541 2782 2605 254 85 60 50*5

Age ≥ 6 years ≥ 6 years ≥ 6 years 3-14 years 7-64 20-29 years 14-60 years 

Urines spot spot spot
first

morning
first

morning
24h

first
morning

sampling
year

1999-2000 2001-2002 2003-2004 2001-2002 2002 2003 2005

5OH-MEHP - 20.1 (192) 21.1 (266) 52.1 (188) 46.8 (224) 13.4 (38.8) 19.5 (50.9*6)
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*1 CDC Third National Report on Human Exposure to Environmental Chemicals.
*2 National Health and Nutrition Examination Survey. 2003-2004 Laboratory Files. Lab 24 Urinary Phthalates. Available:
http://www.cdc.gov/nchs/about/major/nhanes/nhanes2003-2004/lab03_04.htm [accessed February 2009].
*3 German Environmental Survey for Children
*4 German Environmental Specimen Bank for Human Tissues
*5 each participant collected a morning urine sample on 8 consecutive days (399 samples altogether).
*6 mean of males and females

Principally, DEHP reference values may be derived on the basis of the concentrations of the simple

monoester metabolite, MEHP and/or the oxidised metabolites, 5OH-MEHP, 5oxo-MEHP or 5cx-

MEPP etc. in urine. However, in the light of most recent data referring to the pronounced oxidative

metabolism of DEHP in the human body and general advantages of the secondary metabolites

(extended half-life, higher concentrations, non-susceptibility to contamination and possibly the

ultimate toxic metabolites), the evidence and stability of MEHP as a parameter for biomonitoring are

increasingly critically discussed. Thus the German Commission has refrained from deriving a

reference value for MEHP (Stellungnahme der Kommission Human-Biomonitoring des

Umweltbundesamtes, 2005). 5cx-MEPP has been introduced only recently as a most promising

biomarker of DEHP exposure (major urinary metabolite, longest half live of elimination). Therefore

the data basis is too thin at present for the derivation of reverence values in this case.

Based on the results of the pilot study of the German Environmental survey (GerES IV) among

children (Becker et al., 2004) and based on the confirmative data by Koch et al. (2003c) who

examined samples from the general German population the Human Biomonitoring Commission of the

German Federal Environmental Agency derived the following reference values for German children

and adults (Stellungnahme der Kommission Human-Biomonitoring des Umweltbundesamtes, 2005):

5OH-MEHP (220 µg/L) and 5oxo-MEHP (150 µg/L). These German values are very much in

accordance with the 95th percentiles of the NHANES biomonitoring program (2002: 192 µg/L for

5OH-MEHP and 120 µg/L for 5oxo-MEHP; 2004: 266 µg/L for 5OH-MEHP and 157 µg/L for 5oxo-

MEHP).

A major observation that can be made is that the DEHP exposure considerably decreased over the last

decade in Europe. Reason for this is that DEHP is being substituted by phthalates like DiNP and DiDP

due to its toxic properties and labelling issues. Data from the German Environmental Specimen Bank

illustrates (Wittassek et al., 2007b) that among German students internal DEHP exposure declined

from 1991 to 2003 by a factor of around three. This data is based on 24h-urine samples and is

interesting insofar as it is very comparable to data from spot urine samples of adults.

5oxo-
MEHP

- 14.0 (120) 14.4 (157) 41.4 (139) 36.5 (156) 12.2 (34.9) 14.6 (36.0*6)

5cx-MEPP - - 33.0 (337) - - 17.5 (60.6) 24.9 (59.9*6)

2cx-MMHP - - - - - 5.6 (21.7) 9.8 (23.8*6)

MEHP 3.2 (23.8) 4.1 (38.9) 1.9 (31.0) 7.2 (29.7) 10.3 (37.9) 4.6 (25.2) 4.6 (10.9*6)
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Foodstuff seems to be the major route of exposure to DEHP in adults. In a study involving 50

volunteers over 7 days, estimated DEHP intakes from the urinary concentrations correlated

significantly with dietary DEHP intake from the day before, and the dietary intake calculated from

food duplicates could quantitatively explain the internal DEHP exposure (Fromme et al., 2007b).

As food is identified the major source of exposure, it is not surprising that younger children (having a

higher food intake per kg body-weight) show significantly higher internal exposures to the DEHP,

respectively its metabolites), than older children and adults (Becker et al., 2004; Koch et al., 2007).

House dust concentrations of DEHP from these children’s homes and urine DEHP-metabolite

concentrations were not correlated. Also, urinary DEHP metabolite concentrations among children

from households with PVC wall coverings or floorings were not significantly different than among

other children (Becker et al., 2004). These data suggest that neither phthalate plasticized PVC-material

in the children’s surroundings nor the actual concentration of DEHP in household dust (an often stated

hypothesis) are main or significant contributors to the DEHP body burden in children.

Interestingly, oxidative phthalate metabolism seems to be slightly favoured in neonates and young

children compared to adults (Silva et al., 2006a; Calafat et al., 2008; Koch et al., 2006). This finding

warrants additional research because the bioactivity of oxidized metabolites is still to be elucidated.

However, the wealth of biomonitoring data from general population studies does not suggest

significant intra- or inter-individual differences in the metabolism of phthalates. The ratios of urinary

concentrations of hydrolytic and oxidative metabolites are highly stable and comparable in all

populations investigated (Silva et al., 2006a).

Therefore, the variations observed among metabolites of the same parent phthalate are probably more

dependent on the time of exposure and the differences in elimination kinetics of the various

metabolites than in significant polymorphisms of metabolizing enzymes (Silva et al., 2006a; Koch et

al., 2006).

Several studies have addressed the temporal variability of urinary biomarkers of phthalates. Hoppin et

al. (2002) documented relatively good reproducibility of phthalate hydrolytic monoester

concentrations in two first-morning urine specimens collected for two consecutive days from 46

African-American women; day-to-day intra-class correlation coefficients (ICC) ranged from 0.5 to 0.8

(Hoppin et al., 2002). In another study (Hauser et al., 2004), among eleven men who collected up to

nine urine samples each during a three month period, although substantial day-to-day and month-to-

month variability in each men’s hydrolytic metabolite concentrations existed, a single urine sample

was moderately predictive of each subject’s exposure over three months; sensitivities ranged from

0.56 to 0.74. Fromme et al. (2007a) investigated the ICCs for 11 phthalate metabolites in 8

consecutive first morning voids of 50 participants and confirmed previous findings (Hoppin et al.,
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2002; Hauser et al., 2004). The ICCs ranged from 0.23 to 0.50 suggesting substantial within-subject

variability for most metabolites.

Lorber et al. (2009) recently developed a simple pharmacokinetic model to characterize exposure of

Americans to DEHP.

This model predicts serum and urine concentrations of the five major DEHP metabolites and was

calibrated using data from an individual who dosed himself with 48.5 mg DEHP (Koch et al., 2004a,

2005b). Modelling a background population in this paper allowed for an examination of daily trends in

overall concentration and the ratio of the secondary metabolites to the primary metabolite of DEHP.

Furthermore, first morning voids were shown to slightly underestimate the underestimate average

daily DEHP exposure.

To quantify the testes dose of MEHP with various routes of exposure and dose levels, Keys et al.

(1999) developed a physiologically based pharmacokinetic (PBPK) model for DEHP and MEHP in

rats.

Daily Intake Calculations based on Biomarker Data

Spot urine samples

The total DEHP intake can be calculated from the urinary excretion of DEHP metabolites and

represents an integrative measure of external DEHP exposure over all known and unknown routes of

exposure. Furthermore, the excretion of DEHP metabolites in urine reflects the true individual

exposure and does not constitute any worst-case consideration as frequently made when estimating

exposure on the basis of environmental monitoring.

Kohn et al. (2000) and David (2000) proposed a formula to determine the daily intake from the

excretion of the metabolite in urine, based on a linear two-compartment model:
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DI = daily intake
UE = concentration of the metabolite in urine (creatinine corrected)
CE = creatinine excretion normalised by body weight. For adult women, CE can be set to

be 18 mg/kg/day and for adult men 23 mg/kg/day (Kohn et al., 2000, Harper et al.,
1977)

FUE = metabolic conversion factor (on a molar basis)
(share of urinary excretion of the metabolite relative to the dose)

MWD = molecular weight of diester (DEHP=390)
MWM = molecular weight of metabolite (e.g. 5OH-MEHP=293, 5oxo-MEHP=291)

The metabolic conversion factors for the renal excretion of the major DEHP metabolites can be

deduced from the metabolic studies of (Koch et al., 2005b).
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The above calculation approach has been successfully applied by several study groups since then

(Wittassek et al., 2007b; Koch et al., 2003a; Marsee et al., 2006).

For children, the model has to be adapted because the creatinine excretion in children which varies

considerably over the children’s age (Remer et al., 2002). For the biomonitoring data of the German

Environemtal Survey for children (GerES) the following modified approach has been chosen

(Wittassek et al., 2007a; Koch et al., 2007):
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Alternatively, there is a second model for the calculation of the daily intake based on volume related

urinary metabolite concentrations together with reference values for the mean daily body- weight

related urine volume in children (Wittassek et al., 2007a; Koch et al., 2007):
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24h urine samples

Calculation of the daily intake based on metabolite concentrations in 24h urine samples (with known

total volume uv 24h) can be easily calculated according following equation (Wittassek et al., 2007b):
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Daily DEHP intakes (based on biomarkers)

Daily DEHP intakes calculated from various biomonitoring studies are summarized in Table 8.

Table 8: Daily DEHP intakes [µg/kg bw/day] for the German and US American general
population deduced from urinary metabolite concentrations.

country of
origin

USA USA Germany Germany Germany

sample origin
pregnant
women, SFF II*1 NHANES III

general
population

GerES IV*2 ESBHum*3

sampling year 1999-2002 1988-1994 2002 2001-2002 1988-2003

Study
(Marsee et al.,
2006)

(Kohn et al.,
2000)*A

(Koch et al.,
2003a)

(Wittassek et al.,
2007a)

(Wittassek et al.,
2007b)

Urines spot spot first morning first morning 24h

N 214 289 85 239 632

Age (years) n.a. 20-60 7-63 2-14 20-29*4



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

228

Median 1.32*5 0.71 4.6*6 4.3*6 3.5*6

95th Perc. 9.32*5 3.6 17.0*6 15.2*6 10.1*6

Max 41.1*5 46 58.2*6 140*6 39.8*6

*1 Study for Future Families, a multicenter pregnancy cohort study.
*2 Of the two calculation models used, the creatinine model was chosen for purpose of comparison, the volume model data (not shown) gave
higher values by a factor of approx. 2.
*3 Taken from the German Environmental Specimen Bank for Human Tissues.
*4 male and female students only.
*5 Based on MEHP only. Based on the secondary metabolites, DEHP intakes were as follows: 1.7 (10.7) (Swan et al., 2005)
*6 Based on MEHP and the three oxidized metabolites, metabolic conversion factors adopted from (36).
*A Based on the same biomonitoring data by Blount et al. (2000), David (2000) used a slightly different calculation model with very similar
results.

All studies indicate that maximum values exceed the existing risk or preventive limit values (TDI, RfD

etc. see Table 3, page 10).

Derivation of the German Human Biomonitoring Value (HBM)

In 2007, the Human Biomonitoring Commission of the German Federal Environmental Agency

derived a Human Biomonitoring Value (HBM) based on the TDI for DEHP (Stellungnahme der

Kommission Human-Biomonitoring des Umweltbundesamtes, 2007).

This German HBM value is expressed as the sum of the urinary concentrations of 5-oxo-MEHP and 5-

OH-MEHP (in µg/L), reflecting DEHP exposure at the TDI (of 50 µg/kg b.w./day). The HBM value

derived in this way represents an HBM I value (according to the definition of the German HBM)

because it was derived from a NOAEL (which means according to current assessment that there is no

concern when the value is not exceeded).

Table 9: HBM I values derived for the sum of the oxidized DEHP metabolites 5OH-MEHP and
5oxo-MEHP (adapted from (Stellungnahme der Kommission Human-Biomonitoring des
Umweltbundesamtes, 2007))

Population
TDI

[µg/kg bw/day]

urine volume [L/kg
bw/day]

HBM I value [µg/L] in
morning urine*

children (6-13 years) 50 0.030 500

women (childbearing age) 20 0.020 300

all other 50 0.020 750

* Calculation method: Tolerable daily intake x concentration in urine (f = 0.4) x the ratio of molecular weight (293/390) to urine volume
(ml/kg bw).

As the ratio between renal elimination of DEHP metabolites and creatinine is unknown, the HBM

value is not “standardised” to the creatinine concentration of the urine samples (Remer et al., 2002,

Anonymous, 2005).
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Due to differences of the physiology of children and adults and because it is not known whether

metabolic ratios in adults and in children under the age of six are the same, the Commission did not

derive an HBM value for children below 6 years of age.

A comparison of these German HBM I values and the current German reference values for the DEHP

metabolites 5-oxo-MEHP and 5-OH-MEHP published by the Commission (Stellungnahme der

Kommission Human-Biomonitoring des Umweltbundesamtes, 2005) is summarized in.

Table 10: Comparison of the HBM I values for DEHP and the German reference values for
5OH-MEHP and 5oxo-MEHP (adapted from (Stellungnahme der Kommission Human-
Biomonitoring des Umweltbundesamtes, 2007)

Population HBM I value [µg/L] reference value [µg/L]

children (6-13 years) 500
370

(sum of 150 for 5oxo-MEHP and 220
for 5OH-MEHP)

women (childbearing age) 300

all other 750

4.0 Analytical methods

Blood and urine are the most common matrices for biomonitoring. The use of unconventional matrices

(e.g., breast milk, meconium, umbilical cord blood, amniotic fluid, seminal fluid, saliva) may be of

interest for toxicological considerations (Barr et al., 2005), for assessing prenatal exposures (Pichini et

al., 2004; Whyatt et al., 2001), or for specific purposes (Kintz et al., 2002; Palmeri et al., 2000).

However, validated standard operating procedures and published reference ranges are lacking. Also,

knowledge on the variability of these matrices related to demographic (e.g., age, gender, race) and

occupational and personal lifestyle factors is limited, and toxicokinetics are insufficiently described

(Barr et al., 2005; Angerer et al., 2007; Schulz et al., 2007).

Although nearly all of the above media have been investigated for DEHP residues, there is now a

general consensus, that the DEHP exposure of the general population can best be monitored by

measuring its metabolites in urine. As noted above, the secondary, oxidised DEHP metabolites (as

opposed to MEHP) are of particular importance and the biomarkers of choice for human

biomonitoring of DEHP exposure (extended half-life, higher concentrations, non-susceptibility to

contamination and possibly the ultimate toxic metabolites; Weuve et al., 2006; Silva et al., 2006b;

Kato et al., 2004; Barr et al., 2003; Koch et al., 2005b; Koch et al., 2006; Lorber et al., 2009; Calafat

et al., 2006).

Analytical Standards

Almost all phthalate diesters and metabolites are available both in their native as well as isotopically

labelled (i.e., D4 or 13C4) standards for reliable and state-of-the-art-trace analysis. For 2cx-MMHP



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

230

no analytical standards are commercially available. Identification and quantification of this metabolite

was performed as described by (Preuss et al., 2005).

Methods

The wealth of the methods published for DEHP metabolite analysis in urine is by HPLC-MS-MS

(Preuss et al., 2005; Blount et al., 2000; Koch et al., 2003b; Kato et al., 2003; Silva et al., 2004; Kato

et al., 2005; Silva et al., 2007), although some GC-MS approaches have been published (Schmid et al.,

1985; Dirven et al., 1993; Nuti et al., 2005).

The method by Koch et al. (2003b) has been tested and cross checked by the working group “Analyses

of Hazardous Substances in Biological Materials” of the DFG (Deutsche Forschungsgemeinschaft)

Senate Commission for the Investigation of Health Hazards of Chemical Compounds in the Work

Area. The method and its validation has been published both in German and English in 2008 (Koch et

al., 2008). Mean recoveries for the two preferred metabolites (5-OH MEHP and 5-oxo-MEHP) were

greater than 85% and reproducibility was less than 15% at two spiking levels.

The detection limit for the metabolites was approximately 0.25 µg/L under the given conditions. The

quantification limit was about 0.5 µg/L and was estimated as six times the signal/background noise

ratio. These limits of quantification are sufficient do quantify the DEHP exposure background in

nearly all samples from the occupationally unexposed population. The linear range of the method has

been reported to be at least 0.5µg/L – 500µg/L.

Sources of Error

Contamination-free measurement of DEHP metabolites in urine (and likewise, in blood) is possible for

the secondary metabolites only. The monoester, MEHP, may easily be formed from DEHP already in

the pre-analytical phase or under certain environmental conditions, as a result of a variety of

hydrolytic processes.

External Quality Control

Environmental levels of 5OH-MEHP, 5oxo-MEHP and 5cx-MEPP in urine are included in the

German external quality assessment scheme (www.g-equas.de).

5.0 Epidemiology

Non-Reproductive outcomes

A number of studies have examined respiratory function, asthma, and allergy in children in relation to

the use of PVC containing products in the home or phthalates in house dust (Bornehag et al., 2004;

Jaakkola et al., 1999, 2000), although none has used biomarkers to define exposure. Two cross-
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sectional studies found associations between allergic symptoms and house dust levels of BzBP and

DEHP (Bornehag et al., 2004; Kolarik et al., 2008). Only a single study to date has examined markers

of metabolic syndrome in relation to phthalate exposure. Stahlhut et al. (2007) investigated phthalate

exposure and its associations with abdominal obesity and insulin resistance in adult US male

participants in the NHANES 1999–2002. They modelled six phthalate metabolites as predictors of

waist circumference and HOMA (a measure of insulin resistance) using multiple linear regression.

Four metabolites were significantly associated with increased waist circumference (MBzP, 5OH-

MEHP, 5OXO-MEHP, and MEP) and three with increased HOMA (MBP, MBzP, and MEP).

Meeker et al. (2007) examined urinary concentrations of MEHP and other phthalate monoester

metabolites in 408 male partners in subfertile couples and concluded that urinary MEHP

concentrations may be associated with altered free T4 and/or total T3 levels in adult men. They saw an

inverse association between MEHP urinary concentrations and free T4and T3 serum levels.

Reproductive outcomes

Swan et al. (2005, 2006; (Marsee et al., 2006) was one of the first groups to report on decreased

anogenital distance (AGD) among male infants in relation to their prenatal phthalate exposure

(phthalate metabolites measured in their mothers’ urine during pregnancy). Meeker et al. (42))

reported, that in 425 men recruited through a US infertility clinic, MEHP in urine was inversely

associated with testosterone, estradiol, and free androgen index. Furthermore, the ratio of testosterone

to estradiol was positively associated with MEHP and MEHP%, suggesting potential relationships

with aromatase suppression.

Several other recent studies reported effects on reproductive outcomes at environmental phthalate

exposure levels. Swan (2008) summarized these studies relating environmental internal phthalate

exposure to reproductive outcomes in humans (see Table 20).

Table 11: Health outcomes (reproduction) in infants, children and adults associated with
phthalate concentration in biological samples (adapted from (Swan, 2008))

Timing of
exposure

Sex Outcome Phthalate
metabolite *

Reference

Prenatal Males /
Females

Shorter gestational age at birth MEHP (in cord
blood)

(Latini et al.,
2003)

Prenatal (mean
age 12.6

months at exam)

Males Shorter anogenital distance
(AGD)

MEHP, 5OXO-
MEHP, 5OH-
MEHP,

MEP, MBP

(Swan, 2008,
Swan et al., 2005)

Reduced penile size MEHP
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Incomplete testicular descent MEHP, 5OH-
MEHP, 5OXO-
MEHP

(all measured in
mothers urine
during pregnancy)

Adult Males Increased sperm DNA damage MEP, MEHP (Hauser et al.,
2007)

Males Decreased sperm morphology DEHP in semen
samples

(Zhang et al.,
2006)

Males Decrease in testosterone and
estradiol

MEHP (Meeker et al.,
2007)

Increase in testosterone to
estradiol ratio (aromatase
suppression?)

MEHP

* measured in urine unless stated otherwise
SHBG: sex-hormone binding globulin

Some of these findings in humans at environmentally-occurring phthalate exposure levels are

surprising, as they are observed at doses lower than those where effects have been observed in animal

studies. The median and 95th percentile of daily exposures to DEHP in the mothers investigated by

Swan et al. (2005, 2006, 2008) have been estimated by Marsee et al. (2006) to be 1.32 and 9.32

μg/kg/day and therefore close to but still below current RfDs respectively TDIs. Further studies might 

need to clarify these findings. As the general population is ubiquitously and continuously exposed to

the whole range of industrial phthalates it is also of future importance to take account of this

cumulative exposure both in epidemiological approaches and cumulative risk assessments (Committee

on the Health Risks of Phthalates, National Research Council, 2008).

6.0 Risk management

General population

Main source of DEHP exposure of the general population is foodstuff, however, sources there are very

diffuse. Incidences have been reported, where some foods (e.g. olive oil) were highly contaminated

with DEHP due to inappropriate use. However, these incidences are difficult to connect with

biomonitoring results.

DEHP production and use has considerably decreased in Europe. This drop in production and use is

beautifully reflected in the results of biomonitoring. The German Robert Koch Institute compared

production volume of DEHP with internal DEHP exposure of the German population (Helm, 2007).

Results indicated a nearly perfect correlation between DEHP production and DEHP intake.

As already mentioned before, DEHP has been classified as a reproductive toxicant Cat. 2 (R 60, R 61)

according to appendix 1 of the EU Directive 67/548/EU (EU 2001). Also, DEHP is one of 15
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substances which are on the current European Chemicals Agency (ECHA) candidate list of substances

of very high concern (ECHA, 2009).

In the EU, the use of DEHP is no longer permitted in toys and childcare articles (EC, 2005). Due to its

classification as a reproductive toxicant DEHP is also not permitted for use in cosmetics (EC, 2004).

Medical devices

DEHP is still the major plasticizer in PVC medical devices, like tubings, catheters, bags for infusion

and parenteral nutrition, bloodbags, plasmabags etc. In 2002 the EU Scientific Committee on

Medicinal Products and Medical Devices (SCMPMD) published a first opinion on DEHP in medical

devices. On 15 October 2007 the EU Scientific Committee on Emerging and Newly-Identified Health

Risks (SCENIHR) published its report on “the safety of medical devices containing DEHP-plasticized

PVC or other plasticizers on neonates and other groups possibly at risk”:

This report concluded that there was limited evidence indicating a relation between DEHP exposures

and certain effects in humans. However, it was recognized that especially the potentially high

exposure during medical treatments raise concern, even in the absence of clinical or epidemiological

evidence for harmful effects in humans. Some alternatives may be suitable to replace DEHP in certain

medical devices, while for other devices it may be difficult to achieve the same functionality as PVC

plasticized with DEHP. The risk and benefit of using alternative plasticizers should be evaluated case

by case.

We will give here two examples (apheresis donors and neonates) for the use of DEHP in medical

procedures, and resulting DEHP exposures.

Apheresis donors

Apheresis procedures are known to cause a significant DEHP exposure if DEHP-plasticised PVC is

used (FDA, 2001; SANCO, 2002; Koch et al, 2005c). The intake values calculated for the

plateletpheresis procedures reach values that come close to or exceed the limit values of the US EPA

(RfD 20 µg/kg body weight/day) and the EU (TDI 20-50 µg/kg body weight/day) on the day of the

apheresis.

In regard of risk management, three points have to be made clear in the case of apheresis donors. First,

plasma and platelet donors are volunteers. They have no benefit from their donation. Therefore there

can be no “circumstances where the clinical benefits arising from the use of the material outweigh the

possible risks”. Second, many apheresis donors are women of reproductive age. These volunteers may

undergo an unnoticed pregnancy, and the end of the first trimester of pregnancy has to be assumed to

be most critical in the sexual differentiation of the male fetus, and therefore for DEHP toxicity. Third,

the findings by Koch et al. suggest that DEHP exposure to plateletpheresis donors may be reduced by
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certain discontinuous-flow compared to certain continuous-flow systems. Regarding plasmapheresis,

no significant additional DEHP exposure could be observed.

Neonates in intensive care

In a pilot study Koch et al. (2006) investigated 45 neonates who were treated with various medical

procedures with the likelihood of high DEHP exposure due to DEHP containing medical devices.

Based on metabolite levels in their 24h urines they could calculated the neonates DEHP dose of the

previous day and showed that more than 50% of subjects exceeded the TDI for newborns, whilst the

95th percentile was more than 50 times this TDI.

In the case of neonates, medical procedures are certainly life-saving, and clinical benefits arising from

the use of the material certainly outweigh the possible risks. However, it can be seen from this pilot

study, that DEHP exposures can be substantial in certain treatments of premature neonates in intensive

care.

7.0 Susceptible groups / populations

Window of susceptibility

In rat studies, DEHP exposure during GD 15-17 is of critical importance to provoke the full spectrum

of effects that can result from exposure to phthalates in utero. When in rats (in utero) DEHP exposure

occurs during GD 15-17 (during the period of sexual differentiation) the full spectrum of reproductive

tract abnormalities may be observed (Committee on the Health Risks of Phthalates, National Research

Council, 2008).

Production of fetal testosterone occurs over a broader window in humans (gestation week 8-37) than

in rats (GD 15-21). The critical period for sexual differentiation in humans is late in the first trimester

of pregnancy, differentiation is essentially complete by week 16 (Committee on the Health Risks of

Phthalates, National Research Council, 2008; Nuti et al., 2005). Also, in humans testicular descend

occurs in gestation weeks 27-35 (third trimester), in rats it occurs in the third postnatal week.

Therefore, assuming the same mode of action of DEHP in humans and in rats, we have to assume that

the most critical window of exposure to DEHP in humans would be gestation week 8-16 (Committee

on the Health Risks of Phthalates, National Research Council, 2008; Welsh et al., 2008).

Toxicokinetics

The complex metabolism/toxicokinetics of DEHP may have implications on its toxicity. It yet has to

be elucidated which metabolites are the ultimate toxicants (the simple monoester MEHP and/or some
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of its oxidised secondary metabolites). The knowledge of the extensive DEHP metabolism therefore is

of importance both for exposure assessment strategies and for risk assessment strategies.

Regarding a complete exposure assessment to DEHP it is therefore of importance to measure all of the

major DEHP metabolites. On the quest for dose response relationships one can later focus on certain

metabolites of interest.

In general the DEHP metabolism, with respect to the DEHP metabolite ratio, is stable in the

populations investigated. In some studies on children, however, oxidised DEHP metabolites are found

in somewhat higher concentrations compared to MEHP. Whether unexplained differences in metabolic

capacity at each step of phthalate metabolism may account for some of these differences needs to be

elucidated (Committee on the Health Risks of Phthalates, National Research Council, 2008).

A striking difference however is that neonates in intensive medical care show dramatically elevated

urinary 5cx-MEPP concentrations relative to the other DEHP metabolites (Calafat et al., 2004).

High exposure populations

We have earlier shown that high DEHP exposure can be related to intensive medical treatment.

However, since the general background exposure of the population seems to be related to

contaminated foodstuff, children show higher DEHP intakes than adults and younger children show

higher DEHP intakes than older children (Wittassek et al., 2007a).

8.0 Summary

 There is sufficient data available from studies of exposure to DEHP in animals and humans to

be able to propose a Level 3 toxicity-based biological monitoring guidance value for DEHP at

environmental levels of exposure.

 Both human and animal metabolism and toxicokinetics of DEHP are well described.

 Exposure of the general population to DEHP is omnipresent and well documented by human

biomonitoring data. Analytical methods are sensitive and selective enough to ensure a reliable

detection of specific phthalate metabolites in all urine samples of the general population.

Blood is, due to the contaminating interference, not an apt matrix for monitoring the body

burden of the general population.

 The oxidised metabolites, 5OH-MEHP, 5oxo-MEHP and 5cx-MEPP are the biomarkers of

choice because of their (compared to MEHP) extended half-life, higher concentrations, non-

susceptibility to contamination and suspected toxicity.
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 Toxicity based guidance values have been established for acceptable/tolerable levels of DEHP

in air at the workplace (e.g. MAK value) and also for environmental exposure (e.g. TDI, RfD).

Using these as a basis and the available extrapolation/PBPK models it is possible to derive

Biological Equivalent Values for oxidised DEHP metabolites in urine.

 There are insufficient data to describe the long-term effects of environmental exposure to

DEHP (although new epidemiological studies have been or are currently conducted and

indicate subtle effects even at environmental exposures) or to propose a probability-based

guidance value.

 Based on the most relevant NOAEL determined in the Risk Assessment Report on DEHP of

the EU, with the inclusion of Margins of Uncertainty (MOS), Tolerable Daily Intake (TDI)

values can be derived (50 µg/kg/day for the adult general population). These TDI value can be

translated into biomarker data (metabolite level in urine when this TDI is reached), as done by

the Human Biomonitoring Commission of the German Federal Environmental Agency:

HBM I values derived for the sum of the oxidized DEHP metabolites 5OH-MEHP and 5oxo-
MEHP:

Population
TDI

[µg/kg bw/day]

urine volume [L/kg
bw/day]

HBM I value [µg/L] in
morning urine*

children (6-13 years) 50 0.030 500

women (childbearing age) 20 0.020 300

all other 50 0.020 750

* Calculation method: Tolerable daily intake x concentration in urine (f = 0.4) x the ratio of molecular weight (293/390) to urine volume
(ml/kg bw).
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Framework Element

Level of BGV

Level 1

Population Range

Level 2

Non Health Based Upper
Limit Value (95th

percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability
Based

Exposure:

General Population

Susceptible Group(s)

Foodstuff

Food, medical devices

5OH-MEHP: 220 µg/L,

5oxo-MEHP: 150 µg/L

Neonates:

5OH-MEHP: 550-13000 µg/L

5oxo-MEHP: 400-10000 µg/L

5cx-MEPP: 5550-n.a. µg/L

Median: ~ 4 µg/kg/d DEHP

95th P: ~ 15 µg/kg/d DEHP

Neonates:

Median: ~ 50 µg/kg/d DEHP

95th P: ~ 1700 µg/kg/d DEHP

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

tmax: 2-4h, t1/2: 5-24h

5OH-MEHP: 23.3%

5cx-MEPP: 18.5%

5oxo-MEHP: 15%

Biomarkers:

Reference ranges

Occupational guidance value

PK / PBPK models

Germany:

5OH-MEHP: 220 µg/L,

5oxo-MEHP: 150 µg/L

(children and adults, 1st morning
urine)

- (only MAK value for DEHP)
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Lorber et al. 2009;

Keys et al. 1999

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

~ 0.5 µg/L (sufficiently low)

G-EQUAS Round Robin

MEHP contamination possible
(use sec. metabolites)

Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

1st indications

1st indications (AGD,
reproductive outcomes)

Risk Management:

Exposure reduction measures Reduction of internal exposure
parallels reduction in
production;

Medical procedures

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

Male fetus (gestational week 8
to 16), pubertal and prepubertal
male

not known, indications for
increased oxidative metabolism
(5cx-MEPP) in NICU neonates



9.0 Communication

Based on the most relevant NOAEL determined in the Risk Assessment Report on DEHP of the EU,

with the inclusion of Margins of Uncertainty, Tolerable Daily Intake (TDI) values can be derived (50

µg/kg/day for the adult general population). These TDI value can be translated into biomarker data

(metabolite level in urine when this TDI is reached), as done by the Human Biomonitoring

Commission of the German Federal Environmental Agency.

These HBM values can be interpreted in the way that there is no concern (or noteworthy risk) as long

as they are not exceeded. These values being derived from the TDI one has to be aware that there is a

factor of 100 to 250 to the NOAEL.

Therefore, of high concern is the toxicological significance of chronic exposures to DEHP reaching in

some cases the RfD and/or TDI among susceptible subpopulations (e.g., children, pregnant women).

Interwoven with the toxicological significance of these exposures is also the question of the time

point when these high exposures occurred (e.g., prenatal exposures), and of co-exposures to other

endocrine disrupting chemicals.

DEHP is a non-persistent chemical. It is not known to accumulate in the human body. However, there

is a constant and continuous exposure to this chemical and therefore a constant internal exposure.

Several studies have addressed the temporal variability of urinary biomarkers of phthalates and

although substantial day-to-day and month-to-month variability in metabolite concentrations existed,

a single urine sample can be assumed to be moderately predictive of each subject’s exposure over a

certain time. However, certain exposure incidences (e.g. consumption of contaminated olive oil)

might not be detected. Metabolites with longer half lives of elimination (like 2cx-MMHP) might help

solve this problem.

Linking adverse effects of DEHP to internal exposures in humans is a highly complicated issue. All

animal studies indicate, that there is only a short window of susceptibility (sexual differentiation of

the male fetus) and some of the subtle effects (infertility) will only be observed in adult life. At this

time, establishing a link to a phthalate (DEHP) exposure in fetal life is almost impossible to make.

Epidemiological studies linking biomarker data (of the mothers) with reduced anogenital distance

(AGD) have to be regarded as indications in view of a dose-response relationship. When refined in

terms of exposure during the critical window of exposure and standardization of the AGD

measurement these studies might increase in reliability of their results.
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This manuscript does not include any reference to the dose additive nature of phthalate toxicity.

Phthalates with a similar mode of action are DnBP, DiBP or BBzP and these phthalates are also

ubiquitous in our environment and within our bodies. Future exposure and risk assessments will

therefore have to take account of this cumulative exposure and therefore cumulative risk.
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1.0 Introduction

Lead (Pb) is a soft, malleable heavy metal. In its pure form, it has a bluish-white colour when freshly

cut, but tarnishes to a dull grayish colour when exposed to air. Lead is usually found in ores

associated with zinc, silver and (most abundantly) copper, and is extracted together with these metals.

The main Pb mineral is galena (PbS), which contains 86.6% Pb. Other common varieties are cerussite

(PbCO3) and anglesite (PbSO4). Most ores contain less than 10% Pb, and ores containing as little as

3% Pb can be economically exploited (Thornton et al., 2001).

Production and consumption of Pb is increasing worldwide. Total annual production is about 8.7

million tonnes, of which about 60% is produced from recycled scrap. In 2008, Pb mining produced

about 3.9 million tonnes of Pb, with top Pb producing countries Australia, China, USA, Peru and

Canada. These first three countries account for more than 50% of global primary production (ILZGS,

2009).

Lead has many industrial and every-day applications, including car batteries, ceramic glazes,

electrodes or (micro-)electronics. Currently, it is estimated that 80% of the total annual Pb use is for

the production of (car) batteries. Because of stringent government regulations, up to 97% of the Pb

from this use is again recycled (ATSDR, 2007).

According to the WHO (2009), two of the major sources of environmental exposure to Pb in the past

have been the use of Pb-containing paint and tetra-ethyl Pb as an anti-knock additive in gasoline. As

will be extensively outlined below, Pb-containing paint and tetra-ethyl Pb have caused important

emissions of Pb in the environment, particularly in the second half of the 20th century. However, the

toxic properties of Pb are already known for a long time, with Pb poisoning also being documented in

ancient Rome, Greece, and China. It is even hypothesized that Pb poisoning might have contributed

to the downfall of Rome (Gilfillan, 1965).

2.0 Toxicity data

Lead has no known physiologically relevant role in the body. The primary routes of Pb absorption are

via respiration and ingestion; dermal absorption is negligible. After clearance in the kidneys, it is

excreted from the body mainly through urine. Smaller amounts of Pb are also eliminated through the

faces, and very small amounts in hair, nails, and sweat (Lidsky & Schneider, 2003). The main body

compartments that store Pb are the blood, soft tissues, and bone; the half-life of Pb in these tissues is
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measured in weeks for blood (approximately 35 days), months for soft tissues (approximately 2 years

for the brain), and 20-30 years for bone (ATSDR, 2007; Payne, 2008).

While Pb that is stored in bones, teeth, hair and nails is bound tightly and not immediately considered

biologically available to other tissues, Pb can be reintroduced from the bone into the blood stream

long after the initial exposure is gone. In adults, 94% of absorbed Pb is deposited in the bones and

teeth, but children only store 70% in this manner, a fact which may partially account for the more

serious health impacts on children (Barbosa et al., 2005; Lidsky & Schneider, 2003).

The half-life of Pb in the blood in men is about 35-40 days, but it may be longer in children and

pregnant women, whose bones are undergoing remodelling. Over 95% of Pb in the blood is bound to

erythrocytes. Many other tissues store Pb, and the organs with the highest concentrations are the

brain, spleen, kidneys, liver, and lungs (ATSDR, 2007; Barbosa et al., 2005; Lidsky & Schneider

2003).

The half-life of Pb in the brain, one of the target organs for neurotoxic effects (see further), is about 2

years. Due to the relatively short half life of Pb in blood, blood-Pb levels may not accurately reflect

the duration of its toxic action in the brain. Once deposited, Pb is eliminated from the brain very

slowly, and cannot be removed by chemical chelating agents (Rogan et al., 2001). Thus, once an

elevated blood-Pb concentration has been detected, it is too late to prevent Pb’s deleterious effects on

the developing brain (Lidsky & Schneider, 2003; WHO, 2009).

Lead is able to pass through the placenta, and blood-Pb levels in mothers and infants are usually

similar (Landrigan et al., 2007; Payne, 2008). In addition to the prenatal transfer of Pb, also breast

milk contains levels of Pb that are correlated to the maternal blood-Pb levels (Li et al., 2000; Dorea,

2004).

Although all of Pb’s toxic effects cannot be tied together by a single unifying mechanism, Pb’s ability

to substitute for calcium is a factor common to many of its toxic actions (Lidsky and Schneider 2003).

In acute Pb poisoning, typical neurological signs are pain, muscle weakness, skin sensitisation, nausea

and vomiting. More clinical symptoms included haemolysis, which can lead to anaemia and

haemoglobin excretion in urine and kidney damage (Valent et al., 2004; Murata et al., 2009; ATSDR,

2007).

The main target for (chronic) Pb toxicity however is the nervous system, both in adults and children.

Among others, Pb exposure damages cells in the hippocampus, a part of the brain involved in

memory, and Pb substitution for calcium affects intraneuronal regulatory mechanisms. Lead also

interferes with the release of neurotransmitters, and has a variety of effects on synaptic mechanisms

and structures. The brain and central nervous system is the organ most sensitive to Pb exposure, and
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chronic Pb exposure may interfere with the child’s normal neurologic development (Lidsky &

Schneider, 2003; Murata et al., 2009). These neurotoxic properties of Pb have extensively been

studied across the globe, and have extensively been documented in several large scale

epidemiological studies. In section 5 (Epidemiology), a more in depth overview on the relationship

between blood-Pb levels and developmental disabilities is provided. However, Figure 1 already gives

a summary of the many other health effects that may be associated with Pb exposure (and that can be

correlated with blood-Pb levels).

Figure 1: Summary of health effects associated with increased blood-Pb levels

3.0 Biomarker data

Generally, blood has been used as the matrix of choice to quantify Pb-exposure (Sakai, 2000;

ATSDR, 2007). For over 30 years, blood-Pb levels have been used to monitor the effect of gradual

reduction of Pb in gasoline, and hence decrease Pb-associated health effects. This allows for long

time series of blood-Pb levels from different countries around the world. Because of this long history

of blood-Pb measurements, there is a good idea of the distribution of blood-Pb levels across the

general population, and in different sub-populations.
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Based on the outcome of the GerES IV study10, Schulz et al (2009) have recently proposed new

reference values for of 35 µg/l blood-Pb levels for German children.

Blood-Pb

(LOQ: 2.1 µg/L)
N % ≥ LOQ P50 P95 95% CI of P95 Reference value

All 1.560 100% 16.9 33.8 35.0-37.7 35 µg/l

3-5 years 315 100% 19.6 39.9

6-8 years 377 100% 17.9 33.4

9-11 years 407 100% 15.6 31.4

12-14 years 460 100% 14.6 30.5

Based on additional toxicological and epidemiological studies, supported by expert judgement, the

German HBM Commission has also defined HBM I and HBM II levels for blood-Pb. The HBM I

value represents the concentration of a substance in a relevant matrix below which there is no reason

to assume that there would be a risk for adverse health effects. Consequently, there would be no need

for action. The HBM II value represents the concentration in a relevant matrix above which there is

an assumption of increased risk for adverse health effects. Consequently, above the HBM II value an

urgent need to reduce exposure and to provide individual biomedical care is needed. The HBM II

value should thus be seen as an intervention or action level (Schulz et al., 2007).

Parameter and Matrix Population group HBM I Value HBM II Value

Lead in blood

Children ≤12 years 100 µg/l 150 µg/l 

Women of reproductive age 100 µg/l 150 µg/l

Other persons 150 µg/l 250 µg/l

This threshold of 100 µg/l as a HBM I value is supported by other national and international

institutions (CDC, 2005; WHO, 2009, Tong et al., 2000). This however has sometimes lead to the

misperception that the established 100 µg/l threshold is indicative of a safe blood-Pb level. This

however is not true, and various studies have pointed out that blood-Pb levels below 100 µg/l are

associated with various neurodevelopmental problems (Lanphear et al., 2005; Lidsky & Schneider,

2003). Following a recent workshop on neurotoxicity of metals, Landrigan and colleagues (2007)

have advocated the lowering of the blood-Pb threshold level to 50 µg/l, in what is known as

Declaration of Brescia. Recently, Smolders et al (2010) have collected blood-Pb data from 8 different

European countries in an effort to assess the availability and comparability of biomonitoring data

across Europe. The following table provides an overview of some of the typical blood-Pb

concentrations that are found in different national HBM surveys across Europe.

10 Reference values represent a benchmark values against which to evaluate the general exposure of the entire
population or specific subgroups. Reference values are statistically derived values and do not represent health
based guidance values. Thus, they cannot be used for health-related evaluation of human biomonitoring data.
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Table 1 : Overview of statistical analysis of B-Pb raw data received for adult women across 8
different European countries (concentrations in µg/l)

Country Sampling period n
P5

(95% CI)

P10

(95% CI)

P50

(95% CI)

P90

(95% CI)

P95

(95% CI)

Belgium

2002-2006 773a 6.9

(6.2-7.8)

8.6

(7.8-9.5)

18.2

(16.9-19.6)

38.7

(35.4-42.6)

47.9

(43.4-53.2)

2002-2006 807b 15.4

(13.8-17.2)

18.7

(17.0-20.6)

36.9

(34.4-39.5)

73.0

(66.9-79.0)

88.5

(80.2-96.6)

Croatia 2004-2005 166
9.1

(8.1-10.2)

11.0

(9.8-12.1)

20.9

(19.3-22.6)

40.0

(36.1-44.0)

48.1

(42.9-53.3)

Czech
Republic

1996-1999 422
10.6

(8.5-12.6)

13.2

(11.0-15.2)

28.2

(26.1-30.1)

60.4

(53.6-67.8)

74.9

(64.7-86.9))

2000-2004 424
12.0

(10.7-13.4)

14.4

(13.1-15.8)

27.1

(25.5-28.9)

51.0

(45.7-57.3)

61.1

(53.7-70.3)

2005-2007 335
11.3

(9.3-13.4)

13.5

(11.5-15.5)

24.8

(23.3-26.4)

45.8

(41.1-51.4)

54.4

(47.6-63.1)

Denmark 1993-1994 86
18.3

(15.4-21.8)

21.7

(18.6-25.2)

39.2

(35.5-43.0)

70.8

(62.7-79.4)

83.7

(72.7-95.9)

Germany

1987-1989 2591
35.5

(32.8-38.1)

40.3

(37.7-42.9)

63.0

(60.6-65.7)

98.5

(93.1-105.1)

111.8

(104.6-120.9)

1990-1994 1541
24.4

(22.0-26.8)

28.6

(26.1-31.0)

49.7

(47.0-52.4)

86.4

(79.7-93.6)

101.1

(92.5-110.8)

2000-2004 215
10.3

(8.8-11.7)

12.4

(10.8-13.9)

23.6

(22.1-25.2)

44.9

(41.0-49.4)

54.0

(48.5-60.6)

Italy 2004 36
11.0

(.3-14.6)

13.0

(10.2-16.7)

23.5

(20.1-27.3)

42.4

(36.1-50.0)

50.2

(41.8-60.8)

Slovakia 1992-1998 98
12.6

(10.3-14.8)

15.0

(13.0-17.0)

27.9

(25.4-30.8)

52.0

(42.4-67.2)

62.0

(48.8-84.1)

Sweden 2003-2004 47
4.4

(3.2-6.2)

5.8

(4.4-7.5)

15.3

(12.5-19.1)

40.2

(26.1-63.9)

53.0

(31.3-90.3)
a Adolescent girls aged 14-15 years old
b Adult women aged 50-65 years old

As already mentioned earlier, the ban on tetra-ethyl Pb as an anti-knocking agent in gasoline caused a

dramatic drop in blood-Pb levels across the world. Figure 2 gives an overview of some of the

temporal trends that were observed over the last 25 years. The data on “European adult women (this

study)” are taken from Smolders et al (2010).
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Figure 2: Temporal trends in blood-Pb levels across different European and American HBM
surveys

Across all datasets in Figure 2, a temporal trend is observed when plotting sample time versus B-Pb

levels. The relative decrease in B-Pb levels is fast in the late 1980’s, while it appears to slow down

considerably in the first decade of the 21st century. The decreasing environmental Pb-concentrations

are reflected in B-Pb levels that seem to reach a steady state which is set around a B-Pb value of 25

µg/l. Similar convergence levels for B-Pb levels of around 30 µg/l have been suggested by Thomas et

al. (1999) based on a meta-analysis of 17 different surveys across five continents. These authors used

a simple linear model to calculate this convergence level, yet agreed also that this linearity would be

broken as time passed and B-Pb concentrations decreased. Also Stromberg et al. (2003) proposed a

convergence level of close to 20 µg/l, but recent measures by these authors have shown that the B-Pb

levels have continued to decrease during recent years. (Stromberg et al., 2008).

Because of the obvious health concern related to environmental exposure to Pb, several PBPK models

have been developed to better understand the behaviour of Pb in the body. Three pharmacokinetic

models, in particular, are currently being used or are being considered for broad application in Pb risk

assessment (ATSDR, 2007):

 the O'Flaherty Model, which simulates Pb kinetics from birth through adulthood

(O'Flaherty, 1993,1995);

 the Integrated Exposure Uptake BioKinetic (IEUBK) Model for Pb in Children

developed by USEPA (1994a, 1994b);

 the Leggett Model, which simulates Pb kinetics from birth through adulthood (Leggett,
1993).
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Of the three approaches, the O'Flaherty Model has the fewest Pb-specific parameters and relies more

extensively on physiologically based parameters to describe volumes, flows, composition, and

metabolic activity of blood and bone that determine the disposition of Pb in the human body. Both the

IEUBK Model and the Leggett Model are classic multi-compartmental models; the values of the age-

specific transfer rate constants for Pb are based on kinetics data obtained from studies conducted in

animals and humans, and may not have precise physiological correlates (ATSDR, 2007). The

structure of the IEUBK model, which is probably the most employed model for modeling Pb

exposure in children, is outlined in figure 3.

Figure 3: Structure of the IEUBK Model for Pb in Children

The O’Flaherty, IEUBK, and Leggett Models differ considerably in the way each represents tissues,

exchanges of Pb between tissues, and Pb exposure. Figure 4 compares the blood-Pb levels predicted

by each model for a hypothetical child who ingests 100 μg Pb/day in soil for a period of 1 year 

beginning at the age of 2 years (e.g., equivalent to ingestion of 100 μg soil/day at a soil Pb 

concentration of 1,000 mg Pb/g soil). As the figure shows, different models may give very different

outcomes, and attention must be taken to take these differences into account while interpreting the

PBPK data.
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Figure 4: Modelled blood-Pb levels using different PBPK models (Taken from ATSDR 2007)

4.0 Analytical methods

Several analytical methods are available to analyze the level of Pb in biological samples. The most

common methods employed are flame atomic absorption spectrometry (AAS), graphite furnace

atomic absorption spectrometry (GFAAS), anode stripping voltametry (ASV), inductively coupled

plasma-atomic emission spectroscopy (ICP/AES), and inductively coupled plasma mass spectrometry

(ICP/MS) (ATSDR, 2007).

Limits of detection for Pb using AAS are in the order of μg/mL (ppm) for flame AAS measurements, 

while flameless AAS measurements can detect blood-Pb levels at about 1 ng/mL (Flegal & Smith,

1995). A detection limit of 0.05 ng/mL has been achieved for Pb in blood samples analyzed by

GFAAS (Flegal & Smith, 1995). ICP/MS is also a very powerful tool for trace analysis of Pb and

other metals. The most reliable method for the determination of Pb at low concentrations is isotope

dilution mass spectrometry (IDMS) but due to the technical expertise required and high cost of the

equipment, this method is not commonly used (USEPA, 1986; Grandjean & Olsen, 1984). It is

primarily used for the development of certified standard reference materials, which is available for

many different biomonitoring and environmental matrices.

Sample preparation usually consists of wet ashing (digesting) the sample with strong acid and heat,

and redissolving the residue in dilute acid prior to analysis so that all Pb species are converted

quantitatively to the same Pb compound. For samples analyzed by ICP/MS, ASV, AAS, and GFAAS,

sensitivity is in the low to sub-ppb (0.1–15 ppb) with good accuracy and precision (DeBenzo et al.,
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1989; Zhang et al., 1997). Lead has been quantified in a variety of individual tissues, including liver,

kidney, brain, heart, lung, muscle, and testes. Techniques for measuring Pb in tissues are similar to

those used for blood and urine.

In their assessment of the availability and comparability of blood-Pb levels across Europe, Smolders

et al (submitted) gathered national survey data across 8 countries in Europe. Levels of detection and

analysis methods used in these different European blood-Pb surveys are given in table 2.



Table 2: Overview of the analytical characteristics of the B-Pb measurements for the different raw data sets (From Smolders et al, submitted)

Country Analytical method LOD Area Additional information Reference

Belgium
Inductively coupled plasma – mass

spectrometry
2 µg/l 8 areas in Flanders Adolescents & adults Schroijen et al. (2008)

Croatia Atomic absorption spectrometry 1.4 µg/l Zagreb white-collar office workers Pizent et al. (2008)

Czech Republic Atomic absorption spectrometry 1.5 µg/l
4 urban and sub-

urban areas
Blood donors Černá et al. (1997) 

Denmark
Electrothermal atomic absorption

spectrometry
1.45 µg/l

Glostrup County near
Copenhagen

Sub-group of MONICA-10 cohort Kristiansen et al. (1997)

Germany
Electrothermal atomic absorption

spectroscopy
1.3 µg/l Different areas

School beginners

Mother-child cohorts

Women aged 53-56

Wilhelm et al. (2005)

Wilhelm et al. (2007)

Italy
Inductively coupled plasma atomic

emission spectroscopy
0.32 µg/l Rome Healthy volunteers Alimonti et al. (2005)

Slovakia Atomic absorption spectrometry 2.11 μg/l 8 regions in Slovakia 
Data from cross-sectional (1992-98)
and birth cohort studies (2001-05)

Sovcikova (1995)

Sovcikova et al. (1997)
Ursinyova and Hladikova

(2000)

Sweden
Inductively coupled plasma – mass

spectrometry
1.05 µg/l* Nation-Wide Tourists returning from Greece Seldén et al. (2008)

* LOQ instead of LOD



Lead in bone is considered a biomarker of cumulative exposure to Pb because it accumulates in bone

over the lifetime and most of the Pb body burden resides in bone.Therefore, non-invasive methods

using x-ray fluorescence represent a metric cumulative dose, whereas measurements of Pb in blood

represent a more recent dose (Barbosa et al., 2005).

Typical analyses of bone-Pb encompass x-rays of the tibia or the second phalanx of the index finger

(Wielopolski et al., 1986; Christoffersson et al., 1986); and in vivo bone K x-ray fluorescence

(Batuman et al. 1989; Hu et al., 1998). The level of Pb in bone has been reported to be a good

indicator of stored Pb in body tissue (Rosen et al., 1987; Skerfving et al., 1993). The sensitivity of the

technique is in the low ppm range and the precision is acceptable (ATSDR, 2007). Advantages are

that no sample preparation is required and the technique can safely and easily be done on live

subjects. A limitation of x-ray fluorescence measurements is that its precision is dependent upon the

mass of the bone being studied (Hu et al., 1998). Therefore, thin bones of children have greater

measurement errors than mature bones found in adults.

5.0 Epidemiology

As pointed out earlier, Pb has many toxic effects on human health. However, the greatest concern is

often given to the presence of neurodevelopmental health effects in children. Not only are

neurodevelomental effects among the most sensitive endpoints (see figure 1), but children also are the

most sensitive sub-population (see section 7). Lead exposure has in literature consistently been

associated with intellectual and other neurologic deficits. In a large meta-analysis of epidemiological

studies, Lanphear and co-workers (2005) found an intelligence quotient point decrement of 3.9 (95%

CI 2.4-5.3) associated with an increase in blood-Pb levels from 24 to 100 µg/l (see figure 5).



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

259

Figure 5: Log-linear model (95% CIs shaded) for concurrent blood-Pb levels, adjusted for
HOME score, maternal education, maternal IQ, and birth weight. The mean IQ (95% CI) for
the intervals <5 µg/dl, 5-10 µg/dl, 10-15 µg/dl, 15-20 µg/dl, and >20µg/dl are shown (Taken
from Lanphear et al (2005))

Also Braun et al (2006) reported that North American children with a blood-Pb level greater than 20

µg/l were at a 4.1-fold increased risk of attention-deficit hyperactivity disorder (ADHD). In terms of

population-attributable fraction, this would imply a total of 290.000 excess cases of ADHD for 4-15

year old children in the USA alone.

Globally, WHO (2009) estimates that about one fifth of the burden of disease from Pb occurs in the

Southeast Asian region, with another one fifth of the burden of disease taking place in the Western

Pacific region. In Central and South America, 33-34% of children have blood-Pb levels above 100

µg/l, compared with 7% in North America (Figure 6). In 2001, the global disease burden from Pb-

induced disease was estimated to be 0.4% of all deaths and 0.9% of disease-adjusted life years

(WHO, 2002; Valent et al., 2004)). Even though government action to reduce risk from Pb has

particularly in Western Europe and North America caused a dramatic drop in blood-Pb levels (see

further), Valent et al (2004) estimated that nearly 157.000 days of healthy life are still lost among

children under 4 years old in Europe, mainly because of mild retardation from Pb poisoning.
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Figure 6: Overview of blood-Pb levels > 10 µg/dl across WHO sub-regions (Gordon et al, 2004)

In addition, long-term follow-up studies have shown that high blood-Pb levels at childhood are

associated with decreases in cognitive performance and with psychiatric symptoms such as

depression and anxiety as an adult. It was found in a large group of current and former inorganic Pb

workers in Korea that blood-Pb levels in the range of 20–50 μg/dL were correlated with neuro-

cognitive defects; high current blood-Pb concentrations were correlated with poorer performance on

neuro-cognitive function tests. Increases in blood-Pb levels from about 50 to about 100 μg/dL in 

adults have been found to be associated with persistent, and possibly permanent, impairment of

central nervous system function (Stokes et al., 1998; Nevin, 2007).

6.0 Risk management

As already mentioned earlier, Pb in both paint and gasoline can be considered the most important

historical sources of Pb-exposure in the environment. Therefore, policy makers and legislators have
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already early understood the need to ban as much as possible the use of Pb in every day commodities

(Valent et al., 2004).

Several European countries such as France, Belgium and Austria banned white-lead interior paints as

early as 1909. In the USA however, the Lead-Based Paint Poisoning Prevention Act was not passed

until 1971, and Pb-containing house paint was phased out and not fully banned until 1978. This

implies that in the USA, Pb-containing paint probably continues to be a source of Pb in the

environment in older houses. Wakefield (2002) even estimated that at the end of the previous century,

about 40% of houses in the USA still contained Pb-based paint. In Germany, Pb-containing water

pipes, ceramic dishes and uptake of dust or soil are considered a continuing source of environmental

Pb.

The major source of Pb in the environment however found its origin in the beginning of the 1920s,

when tetra-ethyl Pb was added to gasoline to improve its combustion. When it became clear that this

extensive emission of Pb in the environment was causing profound health effects, a phasing-out of Pb

in gasoline started in the early 1970s. Based upon modelling, it was assumed that internal Pb levels

would drop gradually, but blood-Pb biomonitoring showed a dramatic and extremely well-correlated

drop in internal dose (Figure 7). Following this success story on how HBM can be used as a tool to

illustrate the efficiency of risk management actions, tetra-ethyl Pb was phased out in many countries

over the world, and further action is undertaken to make sure this once dominating source of

environmental exposure to Pb disappears globally (WHO, 2009). Until now, the success of blood-Pb

monitoring in evaluating and managing the population risk of Pb remains a textbook example of the

potential applicability of HBM in environmental health impact and risk assessment. However, a

recent review by Laidlaw and Fillippelli (2008) have pointed out that resuspension of urban soils,

previously contaminated with Pb from gasoline, may be a persistent source of chronic Pb poisoning in

children.

Based on this increasing knowledge on the sources, health impacts and biomarker findings, the

proposed population threshold blood-Pb levels have undergone a constant revision to reflect to this

improving mechanistic and causal knowledge (Figure 8).
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Figure 7: Concommitant decrease of Pb usage in gasoline and average blood-Pb levels in
the US (USEPA, 2000)

Figure 8: Temporal evolution of the proposed blood-Pb thresholds based on the increased
knowledge on the health effects associated to Pb exposure
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The WHO (2009) advocates setting targets for child blood-Pb levels (and subsequently tracking these

levels) as an excellent means to assess the progress of risk management strategies and to help

countries to identify key sources of Pb pollution. Apart from the obvious risk management action of

fuel policy changes into unleaded fuel, WHO (2009) also proposes other individual and community

risk reduction actions:

 Identify possible in-home sources of Pb, such as paint, water, food containers. Seek

professional advice on actions to take regarding Pb-based paint and its removal.

 Keep the house and schools as clean and dust-free as possible.

 Employ good hygiene practices, such as frequent hand-washing, and instruct children to

do the same

 Let tap water run for 30 seconds before drinking water to reduce Pb concentrations from

water standing in pipes.

 Provide children with vitamin-rich nutrition to reduce absorption of Pb.

 If indicated, request that a doctor or clinic conduct blood-Pb level tests for children,

which is especially important in a child's first two years of life, for children whose

household members have tested high for Pb, for children who live in Pb-exposed areas

and for children whose household members work in industries that use, ferine or recycle

Pb.

 Schools should be located away from major roads and industrial sources of Pb.

 Disseminate information about childhood Pb poisoning, with emphasis on the special

vulnerabilities of children, sources of Pb contamination, ways to eliminate Pb sources.

7.0 Susceptible groups / populations

Because of Pb’s effects on neurodevelopment, particularly children are a susceptible group (Valent et

al., 2004). This susceptibility is caused by three specific aspects:

 Behavioral: Young children explore their surroundings by putting hands and other

objects in their mouths, a primary route of Pb exposure. Because the very young crawl

and play on the floor, they are directly exposed to the areas where Pb dust most heavily

accumulates. Children with pica, a tendency to eat non-food items, are particularly

vulnerable to Pb poisoning, as they will likely ingest Pb if it is in paint chips, soil or other

items the child eats.
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 Physiological: Relative to their size, children breathe more air, consume more food, and

drink more water than adults. Lead found in air, water or food will therefore expose

children more than adults. Added to that, children's bodies absorb greater proportions of

Pb than adult bodies. A toddler will absorb about 50% of ingested Pb, whereas an adult

will absorb about 10%. Children's brains and nervous systems are also more sensitive to

the damaging effects of Pb and may not be able to repair the damage caused. Children's

organs are under development from the fetal stage through adolescence. During his or her

first years of life, a child's ability to metabolize, detoxify, and excrete toxins differs from

that of an adult, making the child more susceptible to Pb.

 Developmental: Children have their whole lives ahead of them to develop health effects

from Pb exposure and to suffer the consequences of Pb poisoning from their early years.

In addition, children's systems can be permanently damaged if exposed to toxins such as

Pb during certain crucial periods of development.

Apart from this identification of children as susceptible sub-population, there are three (additional)

factors which may cause inter-individual variability:

 Socio-economic factors may have an important effect on blood-Pb concentrations in

subgroups. In developed countries, nonwhite people with low levels of education living

in poorer areas are most at risk for elevated Pb. In the US, the groups most at risk for Pb

exposure are the impoverished, city-dwellers, and immigrants. NHANES III showed that

21% of children in the inner cities across the USA had blood-Pb levels equal to or greater

than the threshold level of 10 µg/dl, compared with 5.8% of children in other areas. When

stratified by income level, 16.3% of children from low-income families had blood-Pb-

levels above 10 µg/dl, compared with 5.4% and 4.0% of children from middle- or high-

income families (Lidsky & Schneider, 2003). Laidlaw and Fillippelli (2008) have

recently reviewed information that this increased burden of Pb in urban areas may be due

to the resuspension of Pb-containing dust and particles, which may be a continuing

environmental source, even long after Pb is banned from gasoline.

 Lifestyle risk factors for elevated Pb exposure include alcohol consumption and smoking

(possibly because of contamination of tobacco leaves with Pb-containing pesticides).

 Finally, also genetic factors may influence the vulnerability of the brain to the neurotoxic

effects of Pb. The ALA gene, which codes for δ-aminolevulinic acid dehydratase, the 

vitamin D receptor gene, and the haemochromatosis gene have all been associated with

higher susceptibility of neurotoxic effects of Pb, although the exact mechanisms are not

always completely clear (Onalaja & Claudio, 2000; Sakai, 2000).
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8.0 Summary

There is abundant information from environmental, animal, and human studies to propose a Level 4

Biological Guidance Value for Pb (Table 3)

Lead is probably the best studied environmental pollutant with respect to the use of HBM values in

hazard identification, hazard/risk assessment, risk reduction strategies and risk management

evaluation. While not necessarily all mechanisms or causal relationships between Pb in the

environment, Pb in blood or bone, and health effects are fully understood, the epidemiological

consequences of population-scale exposure to Pb through different sources is widely understood and

is supported by tons of scientific evidence.

The most important sources of Pb in the environment (tetra-ethyl Pb in gasoline and Pb-containing

paint) are being banned across the world, children are identified as the most susceptible subpopulation

because of their particular physiological and behavioural status (they are not little adults) and the

most sensitive health endpoints, both from a toxicological and epidemiological point of view, are

identified.

Risk reduction and management strategies are available, have proven their efficacy, and are globally

applied.
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Table 3: Summary evaluation to determine the Level of BGV for Pb

Framework Element

Level of BGV

Level 1

Population Range

Level 2

Non Health Based Upper Limit
Value (95th percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability Based

Exposure:

General Population

Susceptible Group(s)

Exposure routes are well
established. Long term
monitoring data of sources in
different environmental
compartments (air, water,
food,…) available

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Toxicokinetics data is widely
available for both animals and
humans; exposure-dose-
response relationships are
available at high, average, and
low exposure levels

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

Blood-Pb levels have a long
history as a biomarker of
exposure, reference ranges and
threshold values are widely
accepted and reflect current
scientific knowledge; PBPKs
are developed for the general
population, IEUBK focuses on
children as the most susceptible
group

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

Robust and sensitive methods
are available for routine
determination of Pb in human
and environmental matrices,
both using invasive and non-
invasive techniques. Reference
materials and QA schemes are
widely available
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Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Textbook example of the link
between exposure, internal dose,
and epidemiological effects.

Risk Management:

Exposure reduction measures

Risk reduction strategies
(banning of leaded fuel, paint)
have proven highly successful
and are a textbook example of
how HBM can influence and
inform risk management

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

Mainly children are the most
susceptible group.



9.0 Communication

The use of biomonitoring data for the impact assessment, risk assessment, evaluation of risk

management strategies for Pb is the classical textbook example on how human biomonitoring

data can support policy making.

Based on the identification of health effects, sources of Pb in the environment were identified

(mainly leaded petrol and Pb containing paint) and strategies to reduce exposure were

outlined, monitored and proven to be efficient. Blood-Pb levels proved to be highly useful to

assess neurodevelopmental effects of Pb, and have frequently been validated in

epidemiological studies.

The main level of uncertainty is on the threshold level at which Pb elicits its effects on the

neurodevelopment of children. While the currently advocated threshold level of 100 µg/l is

widely accepted across the world, more and more studies are pointing out that this is not a

level of no concern, and increased efforts are needed to further reduce exposure (particularly

of children). Recent analysis of the temporal decline of blood-Pb in different countries has

indicated that background blood-Pb levels will probably set at 20-30 µg/l. Whether this is a

“safe” level, and whether there will be a safe level altogether, remains an item of discussion.

The discussion however is largely semantic, as all regulatory instances, and probably also

most of the scientific evidence, points at the need to reduce blood-Pb levels to “as low as

reasonably achievable”.
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1.0 Introduction

Methyl tert-butyl ether (MTBE) is a volatile, flammable and colorless liquid that is

immiscible with water. MTBE is manufactured via the chemical reaction of methanol and

isobutylene, both of which come from fossil fuels. MTBE has been widely used as an anti-

knocking agent in petrol; it is also used as a solvent, a chemical reagent and has been used

medically to dissolve gallstones. The distinctive odour of MTBE can taint water supplies,

being detectable by the human palate at very low concentrations (5-10 µg/l; DWI, 2001).

According to the European Fuel Oxygenated Association, MTBE use in petrol ranged from

0.2% v/v in Denmark to 12% in Finland, with most countries using 4-5% v/v. Annual

production in the EU was ~2.6 million ton (EFAO, 2005). Demand is seen to match

production capability and this is likely to remain stable for the next few years. In the US, use

of MTBE has been phased out in several States after issues with groundwater contamination

and it is being increasingly substituted with ethanol (seen to be a renewable resource).

There is potential for widespread exposure in the general population due to the extensive use

of petrol – exposure can occur by evaporation of petrol either through refuelling or from the

petrol tank, through exhaust emissions and through contaminated water supplies. Workers in

the petroleum industry may have additional occupational exposure.

2.0 Toxicity data

MTBE is rapidly absorbed into the circulation following inhalation exposure or by ingestion

(Dekant et al., 2001). Metabolism is by P450 enzyme-mediated oxidation to form tert-Butyl

alcohol (TBA, t-butanol), a TBA conjugate, 2-methyl-1,2-propanediol, and 2-

hydroxyisobutyrate with the latter being the dominant urinary metabolite in humans after

exposure via inhalation or ingestion. Clearance of MTBE from the blood was rapid with a

mean elimination half-life of 3.7 to 8.1 hours, depending on dose (Amberg et al., 2001).

Approximately 30% of the dose was excreted via exhalation as unchanged MTBE and TBA.

About half of the administered dose was recovered as urinary metabolites with half-lives

ranging from 7.7 to 17.8 hours, depending on the metabolite (Amberg et al., 2001).
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Figure 1. Metabolism of MTBE in humans (Dekant et al., 2001).

In studies on animals, MTBE is "moderately" acutely toxic and induces mild skin and eye

irritation but not sensitization. Repeated exposure affects primarily the kidney of rats and the

liver of mice, with lowest reported adverse effect levels of 440 mg/kg bw per day in rats

following ingestion and 1440 mg/m3 (400 ppm) following inhalation. MTBE has not induced

adverse reproductive or developmental effects at concentrations less than those that were

toxic to the parents (IPCS, 1998).

MTBE is not genotoxic but has induced tumours in rodents primarily at high concentrations

that also induce other adverse effects. These data are considered currently inadequate for use

in human carcinogenic risk assessment. The IPCS Task Group concluded that, in order to

provide quantitative guidance on relevant limits of exposure and to estimate risk, acquisition

of additional data in several areas is necessary (IPCS, 1998). MTBE was reviewed by an

International Agency for Research on Cancer Working Group (IARC, 1999). The conclusions

were that there was inadequate evidence for the carcinogenicity in humans of MTBE, limited

evidence for its carcinogenicity in experimental animals, and the overall evaluation was that

MTBE was not classifiable as to its carcinogenicity for humans (Group 3).

Consumers in some areas of the USA have complained about acute health symptoms such as

headache, eye and nose irritation, cough, nausea, dizziness and disorientation associated with

the use of oxygenated fuels such as gasoline containing MTBE. Epidemiological studies of

human populations exposed under occupational and non-occupational conditions, as well as

experimental studies of human volunteers exposed under controlled conditions, have not been
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able to identify a basis for these complaints. In controlled experimental studies on adult

volunteers exposed in inhalation chambers to MTBE at concentrations ranging from 5.0

mg/m3 (1.4 ppm) up to 270 mg/m3 (75 ppm), there were no evident effects in terms of either

subjective reports of symptoms or objective indicators of irritation or other effects up to 180

mg/m3 (50 ppm) for as long as 2 h (Johanson et al., 1995; Vainiotalo et al., 2007).

The US Agency for Toxic Substances and Disease Registry has defined minimum risk levels

for MTBE (Table 1(ATSDR, 1996)).

Table 1. Minimum risk levels for MTBE, as defined by ATSDR.

route duration MRL Uncertanity
factors

endpoint

inh Acute 2 ppm 100 neurological

int 0.7 ppm 100 neurological

chronic 0.7 ppm 100 renal

oral acute 0.4 mg/kg/day 100 neurological

int 0.3 mg/kg/day 300 hepatic

route duration MRL Uncertanity
factors

endpoint

inh Acute 2 ppm 100 neurological

int 0.7 ppm 100 neurological

chronic 0.7 ppm 100 renal

oral acute 0.4 mg/kg/day 100 neurological

int 0.3 mg/kg/day 300 hepatic

3.0 Biomarker data

Biomarker data has been reported for human volunteers, occupationally exposed workers and

the general population.

MTBE has been measured in blood, breath and urine whilst metabolites have been measured

in breath (TBA) and urine (TBA, a TBA conjugate, 2-methyl-1,2-propanediol, and 2-

hydroxyisobutyrate). MTBE is the preferred biomarker as it is specific.

Table 2. Summary of reported biological monitoring studies for MTBE, reporting the

use of MTBE itself as a biomarker.

Study Type Metabolite levels

(Lin et al., 2008) Environmental Blood MTBE 3 – 51 ng/l (n=354)

(Park and Jo, 2004) Environmental Breath MTBE 2.3 ng/l GM (n=120)

Fustinoni et al
(unpublished)

Environmental Urine MTBE <10 - 836 ng/l (n=90)
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(Scibetta et al., 2005) Occupational
(borderline
environmental)

Traffic wardens

Urine MTBE 60 – 657 ng/l (n=127)

(Ghittori et al., 2005) Occupational Petrol station attendants

Urine MTBE 50 – 10130 ng/l (n=26)

(Perbellini et al.,
2003)

Occupational Refinery workers

Blood MTBE 10 – 15130 ng/l (n=37)

Fustinoni et al
(unpublished)

Occupational Petrol station attendants

Urine MTBE 40 – 10450 ng/l (n=89)

(Vainiotalo et al.,
2007)

Volunteer

25 and 75 ppm for
4 hours

Urine MTBE, peak excretion end of exposure, half-life 4
hours, 0.2% of inhaled dose excreted as MTBE in urine.

Biomonitoring action limit corresponding to an 8-hr time-
weighted average ( TWA) exposure of 50 ppm was
estimated to be 20 µmol/l (1760 µg/l) for post-shift
urinary MTBE.

(Amberg et al.,
2001)

Volunteer

5 and 15 mg C-
13-MTBE:
dissolved in 100
ml of water

In urine samples, 2-hydroxyisobutyrate was recovered as
major excretory product, t-butanol and 2-methyl-1,2-
propane diol were minor metabolites. Elimination half-
lives for the different urinary: metabolites of MTBE were
between 7.7 and 17.8 h, Approximately 50% of the
administered MTBE was recovered in urine of the
volunteers after both exposures, another 30% was
recovered in exhaled air as unchanged MTBE and t-
butanol.

(Nihlen et al., 1998) Volunteer

5, 25, and 50 ppm
for 2 h

The respiratory uptake of MTBE was 42-49%, respiratory
exhalation was high (32-47%).

Post-exposure excretion of MTBE in urine was separated
into two linear phases, with average half-lives of 20 min
and 3 h. The kinetics of MTBE was linear up to the
highest exposure level of 50 ppm.

There are no occupational or environmental biological monitoring guidance values for

MTBE; the German DFG have reviewed the available data and concluded that there is

insufficient to be able to set a guidance value. (Vainiotalo et al., 2007) suggested a

biomonitoring action limit, corresponding to an 8-hr time-weighted average (TWA) exposure

of 50 ppm, of 20 µmol/l (1760 µg/l) for post-shift urinary MTBE.
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4.0 Analytical methods

Analysis of MTBE itself in blood or urine is generally by headspace or solid phase micro-

extraction followed by GC-MS (Scibetta et al., 2007). High resolution mass spectrometry has

also been used (Bonin et al., 2005). These techniques are sufficiently sensitive to monitor

environmental exposures.

No external quality assurance is available specifically for MTBE in blood or urine however

solvent analysis by headspace is available from G-EQUAS (http://www.g-equas.de/).

5.0 Epidemiology

The totality of the evidence shows that, for the majority of the non-occupationally exposed

human population, MTBE is unlikely to produce lasting adverse health effects (Ahmed,

2001). The concentrations of MTBE to which the general public is expected to be exposed

are orders of magnitude below concentrations that have caused adverse health effects in

animals. Controlled human studies have not replicated early epidemiology studies that

suggested, but did not confirm, a possible association between MTBE exposure and

nonspecific health complaints (Phillips et al., 2008). Borak et al., 1998 undertook a literature

review of published and unpublished reports of acute health effects following MTBE

exposure. From the studies judged most adequate on individual criteria and those with

highest overall adequacy, the authors found no significant association between MTBE

exposure and symptoms.

6.0 Risk management

Based on collective evidence, it appears unlikely that MTBE alone induces adverse acute

health effects in the general population under common exposure conditions (IPCS, 1998).

The US Environmental Protection Association (EPA) has set an advisory limit for MTBE in

drinking water of 20-40 ppb. There are no specific limits in the UK or Europe. In the US

there are much higher concentrations of MTBE in petrol. Although the EU Directive permits

the use of MTBE at up to 15% by volume in petrol, on average the levels of MTBE used in

EU (~1.6%) are substantially less. Additionally, the geology of Californian aquifers is

different to those in the UK. In California, water is often drawn from relatively shallow wells

whilst in the UK abstraction tends to be from deeper aquifers in rural settings. Some states in
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the US have switched from using MTBE to ethanol however there are issues with using

ethanol as a substitute.

Following good practice when refuelling cars and proper disposal of petrol used in the home

should avoid any serious contamination issues for the general population.

7.0 Susceptible groups / populations

A small segment of the population (e.g. asthmatic children, the elderly, and those with

immuno deficiency) may be at increased risk for toxicity. However, no studies have been

conducted to investigate this hypothesis (Ahmed, 2001).

8.0 Summary

The toxicology of MTBE is reasonably well studied although there are some studies on

carcinogenicity that are currently difficult to interpret for human risk. The toxicokinetics and

metabolism has been described in both animals and humans. There have been complaints

from consumers about acute health symptoms associated with the use of oxygenated fuels

such as gasoline containing MTBE. However it is not clear that MTBE is the causative agent

and epidemiological studies of human populations have not been able to identify a basis for

these complaints.

Biological monitoring is available based on a number of markers, but for environmental

exposures measuring MTBE itself is preferred. Environmental exposures have been

determined to a limited extent using both blood and urine samples. Methodology for

measuring MTBE is well established using either headspace or solid phase microextraction

coupled with gas chromatography-mass spectrometry, however there is no available external

quality assurance scheme at present.

There are no environmental or occupational biological monitoring guidance values for MTBE

and the data currently available are limited but it would be possible to set a Level 2 (Non

Health Based Upper Limit Value) guidance value, based on either blood or urine MTBE

(urine would be preferable).



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

279

9.0 Communication

There is some data to be able to set a preliminary 95th percentile biological monitoring

guidance value that is not known to be associated with any health effects although data from

countries other than Italy would be useful. Levels above this environmental BGV would

indicate increased exposure but the possibility of health effects would not be known. There

have been no reported health effects in controlled volunteer studies up to 75 ppm.
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Framework Element
Level of BGV

Level 1
Population Range

Level 2
Non Health Based Upper Limit

Value (95th percentile)

Level 3
Toxicity Based

Level 4
Toxicity and Probability Based

Exposure:

General Population

Susceptible Group(s)

Data available on environmental
sources of exposure such as
ambient air, drinking water.

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Toxicokinetic data from animal
and human studies.

Metabolites well described in
animals and humans

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

Limited data on
environmentally exposed
populations

No occupational guidance
values

No published PBPK models

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

Sensitive and specific methods
available for MTBE in blood
and urine capable of detecting
environmental exposure.

No specific QA

Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Animal data on link between
exposure and health effects. No
data on link between BM data
and health effects. Some animal
effects of unknown human
consequence.
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Risk Management:

Exposure reduction measures

Good practice when refuelling
or using petrol.

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

None confirmed.
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1.0 Introduction

Platinum (Pt) is a silver-grey metal found naturally in low amounts in the earth’s crust (about

0.003 ppb). It is often associated with sulphide-ore bodies of nickel, copper, and iron. The

largest known primary reserves are in the Bushveld complex, South Africa, near Norilsk,

Russia, and in the Sudbury Basin, Canada. In 2005, South Africa was the top producer of Pt

with a share of almost 80% of worldwide production (USGS, 2007). Figure 1 gives an

overview of the main applications of Pt and the quantities involved. In 2006, a total of 239

tonnes of Pt was sold worldwide. Of this, about 212.5 tonnes came from the primary reserves,

while 26.5 tonnes originated from secondary recycling and recovery from autocatalysts.

Figure 1: Overview of the main Pt applications and the quantities involved

Specialised applications of Pt compounds can be found in electrodes and jewels, as oxidation

catalyst in chemical manufacturing, or in thick-film circuits. These applications only have a

very limited effect on human exposure as they cause no or extremely limited emissions to the

environment. Platinum used for jewellery is mainly present in its metallic form, is largely

inert and has no associated health effects.

For other applications however, the emission of Pt or Pt-containing compounds into the

environment is well described. Dental fillings and breast implants have been identified as a

significant person-specific source of Pt (UBA 1998, Lysikka & Maharaj 2006; Maharaj

2007). In breast implants, Pt is a catalyst used in the making of silicone implant polymer
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shells and other silicone devices used in medicine. From there, small amounts of platinum

leaches to the surrounding tissue. Another source of relative importance for individual-

specific sources is the use of Pt containing neoplastic drugs (cisplatin, carboplatin) for cancer

treatment. Kümmerer et al (1999) reported an estimated total emission of hospitals of 14.2-

15.3 kg of Pt into wastewater and sewage sludge in 1996 in Germany through hospital

effluents, compared to an estimated 124.8-187.2 kg of Pt from cars.

As of 1970, the main use of Pt comes from the automotive industry, where platinum-rhodium

and platinum-palladium crystals are used as catalysts in the control of automobile-exhaust

emissions from car engines (Gomez et al., 2002; CDC, 2005; Kalavrouziotis & Koukoulakis,

2009). Since 1993, all new cars registered in the EU need to contain a catalyst converter for

conversion of the pollutants CO, CxHy and NOx into the more innocuous gases CO2, H2O and

N2 (Gomez et al., 2002). These catalysts contain high amounts of Pt, palladium (Pd) and

rhodium (Rh) (also known as the platinum-group elements, PGEs). During the lifespan of the

catalyst, some of these PGEs leave the catalyst surface mainly due to mechanical or thermal

abrasion and are transferred into the environment (Palacios et al., 2000; Gomez et al., 2002).

The importance of traffic as the main source of PGE contamination in the environment is

supported by the exponential increase of airborne and dust-related PGE-concentrations in

traffic-polluted areas. Several publications have illustrated that higher concentrations are

clearly correlated with higher traffic density and with time since the introduction of exhaust

gas catalysts. A summary is given of the evolution of Pt concentrations reported in literature

in airborne samples and road dust (Appendix P1).

Palacios et al (2000) studied in detail the presence of PGEs in car exhaust fumes. They found

that for new catalysts, samples showed the highest content of particulate PGEs. After

30,000km, the released PGEs decreased significantly. For new gasoline and diesel catalysts,

the mean of the total amount of Pt released was respectively 100 and 400-800 ng Pt/km. After

ageing the catalysts up to 30,000 km, the released amounts dropped to respectively 6-8 and

108-150 ng/km. Also results from Artelt et al (1999) showed a tendency towards decreasing

Pt emissions with increasing converter age. The soluble portion of PGEs (which is supposed

to be the toxicologically most relevant fraction) in HNO3 collector solution represented less

than 5% of the total amount released from both fresh and aged catalysts (Palacios et al.,

2000). Also a previous study by König et al (1992) reported that 10% of the total Pt emissions

for fresh gasoline catalysts were water soluble, while Artelt et al (1999) reported that less than

1% of the total Pt emission was water soluble. Solubility of Pt particles appears to be largely

dependent on the size of the particles, where particles between 3 and 5 nm revealed
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solubility’s of 15-22%, while particles of 25 nm were only slightly (ca. 1%) solubilised

(Nachtigall et al., 1996).

Because this emission of Pt along roads and highways could potentially lead to incorporation

into the food chain, Pt concentrations in several food items have been determined. In a

preliminary study, Frazolli et al (2006) reported trace levels of Pt in different food items. The

mean values were 83.2 and 83.6ng/kg in full-cream and skimmed milk respectively and 171

and 257 ng/kg in wholemeal and white bread. In a subsequent study, Frazolli et al (2007)

analysed a total of 90 Italian food samples, including flour products, vegetables and

foodstuffs of animal origin (meat, milk and eggs), for Pt content. The lowest and highest

concentrations of Pt (17 and 93 ng kg-1 dw) were found in vegetables and flour products,

respectively. Previously, the concentrations of Pt in a range of foodstuffs from Sydney

(Australia) were detected (Vaughan & Florence, 1992). Concentrations ranged from

8.11µg/kg fresh weight for liver to 0.13 µg/kg for full-cream milk. This information, as well

as the amounts of these foods in hypothetical diets for Australians, was used to calculate the

total dietary intake of platinum. The average diet of a Sydney adult contains 1.44 µg Pt/day

(adult male, 1.73 µg Pt/day; adult female, 1.15 µg/day). The uptake of dietary platinum from

the gut was estimated to be at least 42% and, therefore, diet appeared to make a substantial

contribution to total platinum intake (Vaughan & Florence, 1992). In a duplicate portion

sampling study, Wittsiepe et al (2003) found Pt levels ranging from <0.01 to 450 ng Pt/kg

(dry weight, median: 22) and uptake in the range of <0.81 to 32 ng/kg body weight/week

(median: 2.3). Children consuming products exclusively from the super market showed

slightly higher Pt concentrations in the food duplicates and a higher dietary intake per body

weight than children with food consumption including products from the family owned

vegetable gardens or the surrounding area and/or products from domestic animals of the

surrounding area.

2.0 Toxicity data

Pt speciation

The metal Pt in itself is largely inert, and does not generally elicit a toxic response. However,

it can be combined with halogens, cyanides, sulphur compounds, heavy metals and

hydroxides. The chemistry of Pt compounds in aqueous solution is dominated by the complex

compounds, and many of the salts, particularly those with halogen- or nitrogen-donor ligands,

are water soluble.
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Pharmacokinetic data

From animal experiments, it has been shown that the route of administration of Pt compounds

is important in determining the retention of Pt in the following manner; intravenous >

intratracheal > inhalation > oral (Lindell, 1997). Following aerial exposure, deposits of

insoluble metallic compounds in the airways are more likely to be cleared by the mucociliary

apparatus, swallowed and excreted in the faeces, while soluble metallic salts may more

readily dissociate and be transported as metal ions into lung tissues. Gastrointestinal

absorption appears to be rather small, generally less than 1%, although soluble Pt salts were

better absorbed than insoluble salts, PtO2, or Pt (Health Council of the Netherlands, 2008). In

the body, Pt is mainly found in the soft tissues, particularly the kidneys. Platinum levels in

tissues of humans not occupationally exposed to Pt compounds varied greatly: from <1 to ca.

1200 ng/g wet tissue (liver, kidney, lung, heart, muscle) weight. Remarkably significant Pt

levels were also observed in fat. Fetal uptake after administration of different Pt salts to

pregnant rats and mice has been shown to be very low.

Excretion of Pt salts in rats and mice generally occurs in the urine and follows a bimodal

pattern. A fast elimination during the first 50 hours is followed by a slower second

elimination step over the next 3 to 4 weeks. Excretion in humans has been estimated to some

extent, and limited data indicates a slow elimination of Pt metal. In one study, no obvious

difference of the Pt content before and after an exposure-free period of 15 days could be

shown, when Pt was measured in urine and serum of four occupationally-exposed workers. In

concordance with this, increased urinary levels of Pt were found in one worker exposed to Pt

during recycling of Pt catalysts, while no definite decrease in urinary levels of Pt was seen

during an unexposed period of at least 12 days (Health Council of the Netherlands, 2008).

Occupational exposure

From occupational exposure, there is a substantial amount of information available on the

toxicity of soluble Pt-salts. Mainly Na2PtCl6, (NH4)2PtCL6, and PtCl4 are considered the most

toxic substances. Generally, these Pt-salts can elicit a toxic response if they are inhaled, come

in contact with the eyes or skin, or if they are swallowed. Following occupational exposure of

workers from Pt refineries or Pt recycling facilities, aerial exposure to concentrations of 2 to

20 µg/m³ of workroom air can develop irritation of the nose and upper respiratory tract with

sneezing and running of the eyes, leading to cough, chest tightness, asthmatic wheezing with

dyspnoea and cyanosis which becomes progressively more severe with further exposure

(NIOSH 1978).
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According to Health Council of the Netherlands (2008) however, there are no reports

concerning other effects than allergy and irritation (skin and mucous membranes) in humans

occupationally exposed to soluble Pt salts. Data on the potential health effects in humans

arising from exposure to Pt metal or insoluble Pt compounds are completely lacking.

Furthermore, there are difficulties in establishing a dose-effect and dose-response

relationship, since there are wide variations in measured air levels of Pt and most workers

have changed their activities several times during their occupational exposure time.

Animal toxicology

As previously mentioned, the toxicity of Pt depends mainly on the Pt-species, soluble ones

being much more toxic than insoluble ones. For example, oral toxicity to rats (LD50 values)

decreased in the following order: Na2PfCl6 (25-50 mg/kg) > (NH4)2PtCL6 (195-200 mg/kg) >

PtCl4 (240 mg/kg) > Pt(SO4)2.4H2O (1010 mg/kg) > PtCl2 (> 2000 mg/kg) > PtO2 (>8000

mg/kg). For the two latter compounds, no LD50 could be calculated (IPCS, 1991).

Only limited experimental data are available for Pt effects on reproduction, embryotoxicity,

and teratogenicity in test animals. Pt(SO4)2 causes reduced offspring weight in Swiss ICR

mice from day 8 to 45 post–partum, at concentrations above 200 mg Pt/kg. The main effect of

Na2PtCl6 was a reduced activity level of the offspring of mothers exposed to 20 mg/Pt/kg on

the 12th day of gestation (IPCS, 1991).

Several Pt-compounds have been found to be mutagenic in a number of bacterial systems,

with cisplatin being by far the most potent compound (Uno & Morita 1993; Overbeck et al.,

1996). Using the human Micronucleus test (MN) and bacterial SOS-Chromotest, Gebel et al

(1997) were able to demonstrate that carboplatin and cisplatin were the most potent MN

inducers tested. Also transplatin, PtCl4 and K2PtCl4 showed MN and SOS Chromotest-

activity, but at much lower levels. On the other hand, PtCl2 and K2PtCl6 showed no genotoxic

effects on neither tests. However, genotoxic effects measured using MN or Sister Chromatid

Exchange (SCE) were not detected in hospital pharmacy personnel regularly in contact with

antineoplastic agents, including cisplatin. According to Florea & Busselberg (2006),

neurotoxic effects of Pt are only found with antineoplastic agents such as cisplatin,

carboplatin or oxaliplatin.

Metallic Pt in itself seems to be non-allergenic, and has no reported other health effects.
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Human toxicology

Recently, Schmid et al (2007) examined the influence of Pt on cellular toxicity in human

bronchial epithelial BEAS-2B cells. The potency of Pt(NO3)2 and PtCl4 to cause cell death

and oxidative stress was compared to other metal salts with known effects, such as NiCl2,

CdCl2 or CrO3. With regard to cell viability, metals could be arranged in order of increasing

toxicity as follows: Rh(III)<Ni(II)<Pt(II)<Pd(II)< Pt(IV)<Cr(VI)<Cd(II). LC50 concentrations

for Pt(IV) and Pt(II) were respectively 0.05mmol/l and 0.4 mmol/l. Surprisingly, Pt(IV)

caused the strongest effect in the oxidative stress assay, with a maximum relative increase in

reactive oxygen species (ROS) concentration of 1134%, double that of Cr(VI). Also Pt(II)

caused an increase of 238%. Maxima in relative ROS production were found at exposure

concentrations of 0.02mmol/l for Pt(II) and 0.26 mmol/l for Pt(IV). It was remarkable to

notice that after an initial steep increase, relative ROS levels dropped when higher metal

concentrations began to affect basic cell metabolism, reducing the ability to form ROS

through regular mitochondrial activity and ultimately to cell death.

Evidence that the sensitising potential of Pt compounds is restricted to the soluble

halogenated compounds is accumulating (Health council of the Netherlands, 2008). Allergy to

complex salts of Pt is a type I allergy with immediate reaction to inhalation or contact. The

halogeno-complex salts of Pt are extremely potent allergens and the risk of sensitization is

estimated to be in the range of 25-90 % (Linnett, 2005). Lombardo & Balmes (2000) estimate

that the highest prevalence’s of occupational asthma (up to 50%) have been reported with

exposures to Pt salts and proteolytic enzymes used in the detergent industry.

Eberl et al (2000) studied the effects of two different Pt compounds, the potent sensitizer

Na2PtCl6 and the non-immunogenic Pt(NH3)4Cl2 on human sperm function within a

concentration range of 0.5 – 1000 µM. They reported a significant dose-dependent increase in

the percentage of acrosome-reacted spermatozoa for both salts. Sperm motility was markedly

reduced in samples containing the highest concentrations of the Pt salts.

Certain Pt compounds, mainly cisplatin and carboplatin, are frequently used as antineoplastic

agents in the treatment of cancer. Hessel et al (2001) used the micronucleus assay to study the

genotoxic risk of medical personnel exposed to cytostatic drugs, including Pt-compounds. No

correlation was found between urinary Pt levels from cisplatin and carboplatin and

micronucleus data. The authors however were unable to exclude that observed increased rates

of micronuclei per cell were caused by historical exposure to antineoplastic drugs. Effects of

exposure to genotoxic compounds may only become obvious only at a later point in time.
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Although IPCS (1991) reported that no unequivocal exposure concentration-effect

relationship could be deduced, the risk of developing Pt-salt sensitivity during occupational

exposure appeared to be correlated with exposure intensity. In a few studies the exposure

level to some extent has been related to the prevalence of symptoms or positive skin prick test

results (Cleare 1977; Cleare et al., 1976) and in one study a bronchial provocation test was

used to correlate dose and effect (Merget et al., 1990).

There is a general lack of information on the toxicological effects of environmental exposure

to Pt-emissions from automobile catalysts. As the most significant health risk in occupational

exposure is sensitisation of the airways, it seems plausible that the most likely potential health

risk from PGEs emitted form automotive catalysts is related to inhalation of PGE-containing

dust (Gomez et al., 2002). Rosner & Merget (2000) calculated an upper limit for a safe

concentration between 15 and 150 ng Pt/m³ as a guidance value for emission of Pt from

automotive catalysts. The value of 15 ng/m³ was based on a worst-case assumption that

halogenated Pt salts comprise 1% of the total Pt emissions, and the higher value on a

corresponding figure of 0.1%. Based on the values of measured Pt in air samples, given in

Annex P1, the traffic-related exposure to Pt in ambient air seems thus to be approximately

three orders of magnitude below the levels for which adverse health effects might

theoretically occur.

Very recently, Wiseman & Zereini (2009) reviewed the most recent evidence with regard to

the health risks associated with environmental exposures to Platinum and other PGEs. They

concluded that these metals may pose a greater health risk than once thought for several

reasons:

1. emitted PGEs may be easily mobilised and solubilised by various compounds

commonly present in the environment;

2. PGEs may be transformed into more toxic species upon uptake by organisms;

3. a significant fraction of PGEs is found in airborne particulate matter, and in present in

the fine fraction that have been found to be associated with increases in morbidity and

mortality

The authors concluded that these factors highlight the need to monitor environmental levels of

PGE and continue research on their bioavailability, behaviour, speciation and associated

toxicity to enable us to better assess their potential to elicit health effects in humans.
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3.0 Biomarker data

Reference range

Following the German Environmental Survey 1998 GerES III (UBA, 2005), the German

HBM Commission felt sufficiently confident to identify reference values11 for Pt-

concentrations in urine in the general German population. Based on the GerES III data, a

reference value in urine of 10 ng Pt/l for adults (18 to 69 years) without teeth with dental

inlays, crowns or bridge elements of precious metal were set (UBA, 2005; Wilhelm et al.,

2004).

Occupational guidelines

The United States OSHA standard (Occupational Safety & Health Administration) for soluble

platinum salts is set at 0.002 mg Pt/m³, a standard which is also supported by the Threshold

Limit Values (TLV) of the ACGIH (American Conference of Governmental Industrial

Hygienists) and the Recommended Exposure Limits (REL) of the National Institute of

Occupational Safety and Health (NIOSH). This last institute derived an IDLH concentration

(Immediately Dangerous to Life or Health Concentration) of 4 mg Pt/m³, based on the use of

a safety margin of 2000 above the REL (IPCS, 1991; NIOSH, 1996; Linnett, 2005).

For Pt metal dust, the ACGIH exposure guidelines were set a limit of 1.0 mg/m³. The OSHA

again confirmed this limit by confirming an 8-hour TWA (time-weighed average) limit of 1.0

mg/m³ for Pt metal (NIOSH, 1989).

Recently, the Dutch Expert Committee on Occupational Standards recommends a health-

based occupational exposure limit for chloroplatinates of 5 ng/m3 (as Pt) as inhalable dust, as

an 8-hour time-weighted average. For Pt metal, insoluble Pt compounds, and soluble

compounds other than chloroplatinates, no health-based occupational exposure limits could be

recommended. Additionally, the Committee concludes that the toxicological database does

not allow the recommendation of a health-based occupational exposure limit for soluble Pt

compounds (Health Council of the Netherlands, 2008). However, in their appraisal of this

conclusion, the Health Council of the Netherlands argued that the data of Linnett & Hughes

11 The GerES reference value permits to asses the exposure of individuals or population groups
compared to the ubiquitous background exposure. The German Human Biomonitoring Commission
uses as reference value the 95th percentile of the measured pollutant concentration levels in the
relevant matrix of the reference population. To derive it, it is rounded off within the 95 % confidence
interval.
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(1999) indicates that an occupational exposure level of 0.5 μg/m³ for tetraammine platinum 

dichloride is not associated with toxicity, and might be used as an upper limit for workers.

PK/PBPK models

The International Commission on Radiological Protection (ICRP, 1981) developed a

multicompartmental model of the toxicokinetics of Pt in humans (Figure 2). This model was

developed for the purpose of estimating radiation doses resulting from absorbed radioactive Pt

nucleotides and, therefore, simulates the post-absorption distribution and excretion of Pt (i.e.,

irrespective of the chemical or physical form ingested or inhaled).

Figure 2: Structure of the ICRP-multicompartmental model describing the
toxicokinetics of Pt in humans (F: fast elimintation, S: slow elimination)

The ICRP (1981) model simulates the kinetics of elimination of absorbed Pt. Absorbed Pt

enters a transfer compartment, from which Pt is distributed (t1/2 = 0.25 days) to kidney (10%),

liver (10%), spleen (1%), adrenals (0.1%), and other tissues (58.9%). Biphasic elimination of

Pt from tissues is simulated as fast (F, t1/2 = 8 days, 95% of burden) and slow (S, t1/2 = 200

days, 5% of burden) first-order excretion in urine and feces, in a 1:1 mass ratio.

A PBPK model has also been proposed for the antineoplastic agent cisplatin, (Reddy et al.,

2005). However, this is of less relevance for environmental exposures.

In general however, there is only limited data on (pharmaco-) kinetics of Pt-compounds in test

organisms or humans. Oral absorption of Pt and the insoluble platinum salts is very low

(probably less than 1%), but via inhalation some absorption does occur. Soluble platinum

salts are absorbed to a somewhat higher degree, both via the oral and the inhalation route of

administration. Model experiments in which rats were exposed by inhalation to platinum

(metal) particles ≥4nm deposited on Al2O3 particles ≤5 μm (closely resembling particles 

emitted from automotive catalytic converters) for up to 90 days suggested that up to ca. 30%
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of the platinum in this form deposited in the respiratory tract was bioavailable. The generally

small amounts of platinum that are absorbed are distributed to the soft tissues, especially the

kidneys, and are sometimes also found in the bones. Excretion of bioavailable platinum

appears to occur via a biphasic process, mainly in the urine; in humans, the two half-lives

were approximately 50 hours and approximately 24 days, respectively. This indicates that

platinum may accumulate in the body, which is supported by the finding of increased urinary

platinum levels in individuals who stopped working in the platinum industry several years

before. Data on biotransformation of platinum or its salts were not found (Health Council of

the Netherlands, 2008).

Internal distribution of Pt levels in tissues of humans not occupationally exposed to platinum

compounds varied greatly: from <1 to ca. 1200 ng/g wet tissue (liver, kidney, lung, heart,

muscle) weight. Remarkably also in fat, significant platinum levels were observed (Health

Council of the Netherlands, 2008 and references therein). Also Benes et al (2000) reported a

great variation in the platinum content in human tissues. In 70 autopsied individuals (54

males, 16 females; age: 18-76 years) from the North Bohemia territory of the Czech Republic,

the platinum content in liver, kidney, and bone was found to be in the range of 2-3920

(median: 2), 2.5-750 (median: 2.5), and 10-230 (median: 10) μg/kg wet weight, respectively. 

No significant differences were seen between males and females.

Pt in blood

There is very little known regarding the concentration of Pt in blood of the general

population, and concentrations reported vary significantly. IPCS (1991) reports

concentrations of 0.1 to 2.8 µg/l for the general population, while the sera from

occupationally-exposed workers contained levels of 150-450 µg Pt/l. Begerow et al (1997)

reported Pt-blood levels of 0.3-1.3 ng Pt/l (n=7, arithmetic mean 0.9 ng Pt/l) using double

focusing magnetic ICP-MS with a detection limit of 0.3 ng Pt/l. Also Lykissa & Maharaj

(2006) reported very low Pt-levels of 568.1 ± 74.77 pmol/l (n = 9) in women with silicone

breast implants. Petrucci et al (2005) reported average Pt concentrations in the blood of

workers from a catalyst production plant of 0.38 µg/l. Pt levels in blood however were not

correlated to Pt levels in personal samplers.

Pt in urine

In their Third National Report on Human Exposure to Environmental Chemicals, the CDC

was not able to detect Pt in urine with sufficient accuracy. In the survey years 2001-2002, less

than 5 % of the 2500 individual samples were above the detection limit of 0.04 µg/l (CDC,
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2003). Also in the CDC’s Second National Report, Pt concentrations were below the

detection limit of 0.03 µg Pt/l in 98.8% of the samples (CDC, 2003). Also earlier, Perelli &

Piolatto (1992) indicated that there is no indication that concentrations of Pt in either blood or

urine could reach detectable amounts in normal, environmentally-exposed subjects.

Improving analytical detection limits have allowed the detection of Pt at much lower

concentrations than reported above. In the German Environmental Study 1998 (GerES III), Pt

was detected in concentrations above a level of quantification of 0.1 ng/l in over 97.5% of

study participants. The outcome of the GerES III study, both corrected and uncorrected for

creatinine, is given in Table 1.

Table 1: Pt concentrations in the urine of the German adult population (18 to
69 years of age (UBA, 1998)

LOQ N P10 P50 P90 P95 P98 MAX AM GM CI GM

Pt (ng/l urine) 0.1 1080* 0.5 2.1 11.0 23.7 41.7 185 5.6 2.2 2.0 - 2.4

Pt (ng/g creatinine) 0.1 1080 0.3 1.8 11.2 18.9 28.3 210 4.7 1.8 1.6 - 1.9

* 25 samples were < level of quantification (LOQ)

Following GerES III, a multivariate analysis of the factors explaining Pt-concentrations in the

general German population was conducted. For Pt, 23.5% of the total variance could be

explained, with the number of dental fillings explaining and creatinine explaining respectively

12.5% and 2.1% of the variability. Also the use of chewing gum contributed significantly to

the amount or urinary cadmium. No significant effect of traffic exposure could be detected,

although this is considered the main source of Pt emission in the environment. Herr et al

(2003) studies confounding factors for 84 German dermatological patients, and were able to

identify different types and age of dental alloy restorations as a factor that influences urinary

Pt concentrations. Mainly the number of noble dental alloy restorations and the age of the

restorations were important. On the other hand, car traffic exposure and dermatological

condition were not associated with internal Pt exposure.

Iavicoli et al (2004) reported urinary Pt levels in police officers controlling the street

(exposed) and subjects engaged only in office work (control). There were no statistically

significant differences between the traffic control group (4.45 ± 2.42 ng Pt/l) and the control

group (4.56 ± 2.84 ng/l). Also, no significant differences in urinary Pt before and after an 8-

hour work shift were found. Significant differences between male and female police officers

and age were, however observed. Mean Pt concentrations were significantly higher in male

police officers, and subjects aged > 40 years showed statistically significant higher mean Pt

concentrations than those of younger colleagues. Also in Italy, the occupational exposure of

tram drivers to Pt has been studied by Iavicoli et al (2007). They reported urinary Pt levels of
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1.23 ng Pt/g creatinine for municipal tram drivers, which was significantly higher than the

1.03 ng/g creatinine in the control subjects. A broader overview of Pt levels found in different

environmentally and occupationally exposed groups is given in Table 2.

Pt in Hair

Following occupational exposure, Petrucci et al (2005) reported average Pt levels in hair of

2.26 µg/kg. While high correlations were observed between Pt levels detected in airborne

samples and hair, the authors concluded that hair cannot be considered a good index of time

related exposure, until more reliable methods of washing are able to remove exogenous Pt.

Comparative Pt levels

In a comparative study on the exposure of women through silicone breast implants, Lykissa &

Maharaj (2006) reported increased concentrations of Pt in different bodily matrices compared

to the general population. Mean Pt concentrations in women exposed to silicone breast

implants were as follows: whole blood 568.1 ± 74.77 pmol/l (n=9); urine 1.77 ± 0.85 µg/g

creatinine (n=10); hair 2.13 ± 2.98 ng/g (n=9); nails 0.88 ± 0.34 ng/g (n=9); sweat 1.9 ± 1.69

ng/g (n=9); breast milk 1.09 ± 0.32 µg/l (n=6). However, other studies have also examined the

exposure to and biological impact of Pt in silicone breast implants, and found no differences

in urinary Pt levels compared to women who never had implants (Nuttall et al 1994; USFDA,

2005).
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Table 2: Content of Pt in urine of different environmentally and occupationally exposed groups (Taken from Herr et al 2003)

Study group N Country Min Max Median Mean
Level of
detection

Unit Method used°

Environmental

Not specified 10 Germany 1.2 35.0 5.4 1.0 ng/l ICP-MS

University staff 12 Germany 2.1 17.4 5.8 ? ng/l AV

Unexposed volunteers 16 Germany 0.5 7.6 1.72 0.24 ng/l ICP-MS

Unexposed volunteers 21 Germany 0.48 7.7 1.8 0.24 ng/l ICP-MS

University staff 5 UK 48 224 113 30 ng/g creatinine ICP-MS

School leavers 17 Germany 0.3 2.2 1.2 1.1 0.24 ng/l ICP-MS

Unexposed volunteers 46 Germany <0.9 151.2 2.6 13.6 0.9 ng/l AV

84 Germany <0.9 65.5 <0.9 3.30 0.9 ng/l AV

Occupational

Unexposed workers 12 Germany 2.1 17.4 3.6 6.3 ? ng/l AV

Nursing staff 11 Germany 2.1 15.2 5.3 4 ng/l AV

Road workers 17 Germany <0.24 4.4 0.5 0.9 0.24 ng/l ICP-MS

Road workers 10 UK 22 135 58 30 ng/g creatinine ICP-MS

Working with Pt salts 7 UK 210 1180 470 30 ng/g creatinine ICP-MS

Working with catalyst
salts

13 Germany 0.5 14 1.3 3.8 0.3 ng/l AV

Dental technicians 27 Germany 0.8 167.8 11.4 25.7 0.24 ng/l ICP-MS

° AV=adsorptive voltammetry; ICP-MS= inductively coupled plasma–mass spectrometry



4.0 Analytical methods

The determination of Pt in biological fluids is generally performed by means of adsorptive

voltammetry or different inductively coupled plasma mass spectrometry (ICP-MS)

techniques, mainly sector field (SF) or quadrupole (Q). Also methods using ICP-AES (atomic

emission spectrometry) and ICP-AAS (Atomic absorption spectrometry) have been proposed.

Hann et al (2003) described the ICP-SFMS instrumental settings for the determination of Pt

concentrations in urine, microdialysates, serum, and human lung tissues. Procedural detection

limits for these matrices were respectively 0.42 pg/g, 13 pg/g, 0.35 ng/g and 0.4 ng/g. The

authors identified the lack of suitable reference material, and the potential of matrix effects,

i.e. non-spectral interferences, as the main disturbing factors for the ultratrace determination

of Pt concentrations in human tissues.

Typical detection limits for the quantification of Pt in different human tissues are given in

Hann et al (2003). Procedural detection limits for urine, microdialysates, serum, and human

lung tissues were respectively 0.42 pg/g, 13 pg/g, 0.35 ng/g and 0.4 ng/g. Spezia et al (2005)

reported similar detection limits of 0.05 and 0.18 ng/l, depending on the detection method.

Other typical levels of detection are given in Table 2. As a general rule of thumb, detection

limits at and below 1 ng/l urine are normal.

Spezia et al (2005) described a comparison of both ICP-SFMS and ICP-QMS to measure Pt

in urine. Generally, both methods offer excellent accuracy and linearity of calibration curves

over a tested range of 1 to 20 ng Pt/l urine for both methods used. The variability of the

determinations was assessed in two series of 20 real samples on two different days, with

different calibrations and by different operators. The resulting repeatability was 5.4% and

4.0% for ICP-QMS and ICP-SFMS, and levels of detection were 0.18 and 0.05 ng Pt/l urine

respectively. Spezia et al (2005) reported a high reliability of the ICP-MS methods of

quantification, with relative measurement errors generally around or below 5%.

Farago et al (1998) reported mean recoveries of 99% and 95 % in urine and blood

respectively. The reported relative standard deviations for urine analyses ranged from 0.133 at

0.04 µg/l to 0.02 at 0.850 µg/l, and from 0.09 at 0.150 µg/l to 0.015 at 2.00 µg/l in blood.

The German External Quality Assessment Scheme (G-EQUAS) for the analyses in biological

materials offers objective quality control and certification for occupational and environmental

analysis of Pt in both urine and plasma. Also, the German Research Foundation (DGF) has

included a title on Platinum compounds (chloroplatinates) is their extensive MAK collection
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for Occupational Health and Safety which assimilates some of the most recent and relevant

information regarding the sampling, quantification, and health effects of platinum compounds

following occupational exposure.

5.0 Epidemiology

Several authors have argued that environmental exposure is not considered to cause adverse

health effects (Farago et al 1998; Herr et al 2003). Santucci et al (2000) evaluated whether

increasing environmental exposure increases the frequency of the positive prick and patch test

reactions to certain chlorinated Pt salts in patients with dermatitis and urticaria. 749 subjects

with contact dermatitis and 51 with urticaria were variously patch and prick tested with 30

haptens of a standard series, with aqueous solutions of, respectively, hexachloroplatinic acid

(H-2[PtCl6]), potassium tetrachloro-platinate (K-2[PtCl4]), sodium hexachloroplatinate (Na-

2[PtCl6]), iridium chloride (IrCl3), rhodium chloride (RhCl3) and palladium chloride (PdCl2),

and with 16 common inhalants. 153 workers, variably exposed in a Pt refinery, were patch

and prick tested only with solutions containing Pt-group elements at various concentrations

and with 16 common inhalants. Pt-group elements did not elicit positive patch or prick test

reactions in non-occupationally exposed subject. In exposed workers, positive patch test

reactions at day 2 and at 25 min, respectively, were found in 2 subjects with hand dermatitis

and in 2 with urticaria and asthma. 22 out of the 153 workers, 18 of whom had rhinitis,

asthma, and urticaria, gave positive prick test reactions to 1 or more salts. Furthermore, on

patch and prick testing, 4 cross-reactions between Pt, palladium, iridium and rhodium were

demonstrated. Santucci et al (2000) concluded that the present concentration of Pt in the

environment does not increase the incidence of reactions to Pt salts in patients with dermatitis

and/or urticaria.

6.0 Risk management

Pt provides an excellent example of the significance of speciation in metal toxicity. Pt allergy

is confined to a small group of charged compounds that contain reactive ligands, the most

effective of which comprises chlorides (IPCS 1991; Farago et al 1998, Ravindra et al 2004).

Metallic Pt is considered to be biologically inert and non-allergenic. Since the emitted Pt from

traffic mostly is in metallic and oxide forms, its sensitising potential is probably very low

(Ravindra et al 2004).
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While car catalyst emissions are shown to be the major source of Pt in the environment, it

does not appear to be the major source for internal Pt dose. Because the fraction of particle-

bound Pt that passes through the lungs varies between 11% and 36% of catalyst emissions, of

which only an estimated 1% is soluble and therefore possibly toxic, the contribution of this Pt

emission to the body burden is limited (Artelt et al 1999; Herr et al 2003).

It was estimated that mainly dental alloy restorations had the strongest influence on the body

load of Pt, and the type of restoration had an important effect on the Pt body burden (Herr et

al, 2003).

7.0 Susceptible groups / populations

Because of the limited health effects associated with exposure to Pt compounds, it is difficult

to define susceptible groups or populations. However, it is possible to determine several

factors that influence human internal exposure to environmental Pt:

 According to Herr et al (2003), the main factor influencing exposure variability is the

number and type of “noble metal dental alloy restorations” (NMDAR). These

NMDAR may contain up to 20% Pt depending on the type of restoration and the

composition of the alloy, and therefore may strongly influence the internal Pt

exposure. Philippeit & Angerer (1999) showed that urinary Pt levels of subjects with

NMDAR are about 20 times that of subjects without these dental materials, and also

Schierl (2001) reported that dental alloys are a major source of Pt exposure;

 Also other medical applications, such as breast implants may represent a significant

source of Pt in patients (Lysikka & Maharaj 2006; Maharaj 2007);

 Occupation is another important source of Pt, again indicating that dentists, dental

nurses and medical personnel are in much higher risk of exposure than for example

road workers, which are exposed to Pt from traffic. Also workers involved in the

production and recycling of car catalysts are in higher risk of exposure. No significant

effects of road working or living near busy roads on Pt levels have been documented;

 While Herr et al (2003) found that internal Pt excretion is age dependent, another

study by Begerow et al (1997) did not find this age dependency of Pt excretion;
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8.0 Summary

Mainly urinary Pt has been included in several HBM studies, and has been identified as a

potential health hazard due to its omnipresence in the environment. Major uptake routes and

population HBM reference ranges are known. Well-validated analytical techniques exist, and

detection levels are generally low enough to estimate environmental exposure of non-

occupationally exposed populations

However, while there is detailed information on the potential sources of Pt, very little is

known about the associated health effects. Pt in itself is not very toxic, and the only real Pt-

associated health effects have occurred from sensitisation and allergies to specific Pt-salts

following occupational exposure.
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Level of BGV

Framework Element Level 1

Population Range

Level 2

Non Health Based Upper Limit
Value (95th percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability
Based

Exposure:

General Population

Susceptible Group(s)

Car catalysts, food

Occupational, dental alloys

Dietary uptake: 1.44 µg Pt/day

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Biphasic elimination with t1/2

of 50 h and 24 days

None available

---

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

Blood: 0.1-2.8 µg/l

Urine: 2.0-2.4 µg/l (GerES)

Pt metal dust: 1 mg/m³

Pt salts: 0.002 mg/m³

Only for radioactive Pt

Urine: 10 ng/l (Germany)

Chloroplatinates: 5 ng/m³
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Analytical:

Detection limits

Ref materials / QA scheme

Confounders

1 ng/l urine

G-EQUAS scheme for Pt in
urine and serum

Dental alloys, occupation,
breast implants (?)

Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Only sensitisation and allergy
following occupational
exposure

Very limited

Risk Management:

Exposure reduction measures None

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

Susceptibility mainly based on
presence of dental alloys and
occupational exposure
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9.0 Communication

Platinum may represent a case study for which communication is of very high importance. It

is a constant reminder that “the presence of a chemical does not equal the presence of risk”

but also that different use profiles may have significantly different health effects. On the one

hand, the emission of Pt compounds from car catalysts makes it a ubiquitous element that is

found in relatively high concentrations in air samples and in soils near roads. From there, it

can spread throughout the entire environment through (ground) water, dust or uptake by

plants, resulting in potential food chain incorporation. On the other hand, several Pt-

containing compounds have been shown to cause drastic health effects, including

carcinogenicity and nephrotoxicity (e.g. cisplatin) and sensitisation and related allergenic

health effects (e.g. several soluble salts).

Overall, there is no evidence to suggest that the current environmental exposure pathways

lead to an important body load of Pt. Also, while some specific health effects are well-

described and obvious, the chance that the general population comes in contact with

antineoplastic drugs through environmental or involuntary sources is extremely limited.

Hence, while Pt is present in the environment, and some specific Pt-containing substances

may have important health effects, there is no link associating exposure and health endpoints

through internal dose.

Hence, it may be better NOT to report on environmental levels or on health effects in terms of

concentration Pt, but to specify which compounds are measured (e.g. metallic or oxide form).

Also, measuring Pt in urine, blood, or any other matrix applicable in human biomonitoring,

may not be appropriate without the description of which parent compound is targeted.
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Appendix P1: Pt emissions in air and
dust

Pt content in airborne samples (Taken from Gomez et al, 2002)

Location Sampled environment Average Pt concentration
(pg/m³)

Germany Background level <2

California, USA (1975) Background level <0.05

Dortmund, Germany
(1991/1992)

Urban 0.02 – 5.1

Munich , Germany
(1993/1994)

Bus, tramway, city streets, medium
traffic

7.3 (range: 0 – 43.1)

Graz, Austria Tunnel dust 13.0 ± 3.7

Munich, Germany
(1995/1996)

13.6 (range 4.42 – 42.4)

Munich, Germany
(1995/1996)

Coarse particles (2.5-10 µm) 8

Munich, Germany
(1995/1996)

Fine particles (<2.5 µm) 3.9

Madrid, Spain (1998-2000) 15.6

Göteborg, Sweden (1998-
2000)

12.3

Scheffield, UK (1998-2000) 3.9

London, UK (1998-2000) 5.6

Rome, Italy (1998-2000) 10.5

Munich, Germany (1998-
2000)

4.1

Shangai, China (2003-2005) City center 1.69

Shangai, China (2003-2005) Background level 0.54

Pt content in road dust (Taken from Gomez et al, 2002)

Sample Location Sampled
environment

Average Pt concentration
(ng/g)

Road dust SE Germany 16.000 cars/day 14 ng/m²/day

Soil Richmond, UK (1996) 0.3 - 8

Dust Richmond, UK (1996) 0.42 – 29.8

Road dust Nottingham, UK (1998) N=20 96.8

Birmingham, UK (1997) N=14 6.48

Soil along
motorway

Frankfurt, Germany N=69 72

Soil in city area Frankfurt, Germany N=10 46

Tunnel dust Styria, Austria (1994) Ventilation shaft 55

Styria, Austria (1998) Ventilation shaft 81

Road dust Madrid, Spain (1998-
2000)

317

Road dust Göteborg, Sweden (1998- 325.5
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2000)

Road dust Scheffield, UK (1998-
2000)

57.7

Road dust London, UK (1998-2000) 73.7

Road dust Rome, Italy (1998-2000) 34

Road dust Munich, Germany (1998-
2000)

178.8
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1.0 Introduction

Samarium (Sm) is one of the 14 elements known as lanthanides. Lanthanides, together with

lanthanum, form the lanthanoids or rare earths (REs) - a group of 15 transition metals in

group III of the periodic table. Samarium has been used with other rare earths for carbon-arc

lighting in the motion picture industry. With cobalt it forms new permanent magnet material

with the highest resistance to demagnetization of any known material. Samarium oxide has

been used in optical glass to absorb the infrared. Samarium is used to dope calcium fluoride

crystal for use in optical lasers. It is used as a neutron absorber in nuclear reactor control rods.

Gadolinium, samarium, and neodymium chelate complexes are used in magnetic resonance

imaging contrast agents. Radioactive samarium-153 chelated with ethylenediamine

tetramethylene phosphonic acid is used to treat the severe pain associated with cancers that

have spread to bone.

Little is known about environmental levels of exposure. Sources of environmental exposure

are probably restricted to emissions from manufacturing and mining activites. The ACGIH

TLV for yttrium and related compounds is 1 mg/m3 with a lead health effect of pulmonary

fibrosis. There are no significant health concerns for environmental exposure at present.

2.0 Toxicity data

There are few data specifically on the toxicity of samarium but the properties of the REs are

similar and provide some additional data. REs do not have high acute toxicity and oral LD50

values are typically >1000 mg/kg body weight.

The chemical forms of RE compounds determine their deposition and retention. The

clearance of chelated REs given i.v. depends on the stability of the complexes but is more

rapid than un-chelated forms. Chelated REs are excreted rapidly via urine while un-chelated

REs form colloids in blood that are taken up by the liver and spleen. Approximately 50% of

an i.v. dose of samarium ethylenediaminetetramethylene phosphonic acid was excreted in 8h

in humans. Although bone is one of the target organs of RE it is not clear what cells are

involved. Inhalation of RE in animals can cause acute pneumonitis and long term exposure to

RE dust may cause pneumoconiosis in humans. The few data available show no

carcinogenicity of REs in animals and negative results in Ames mutagenicity tests (Hirano &

Suzuki, 1996).
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3.0 Biomarker data

There are no published data on levels of samarium in urine or blood. Unpublished work at

the Health and Safety Laboratory found levels of samarium in urine from people (n=8) not

occupationally exposed from <0.1 to 1.5 μmol/mol creatinine with a mean of 0.32 μmol/mol 

creatinine and a 90% value of 0.69 μmol/mol creatinine.  Levels of samarium in urine 

samples (n=87) from workers (n=17), in a factory making cobalt-samarium magnets ranged

from 0.1 to 16 μmol/mol creatinine with a mean of 2 μmol/mol creatinine and a 90% value of 

3.4 μmol/mol creatinine. 

4.0 Analytical methods

There are no published methods specifically for the determination of samarium in blood or

urine. In the method used by the Health & Safety Laboratory, samarium in urine was

measured along with other metals by inductively coupled plasma mass spectrometry (ICP-

MS). The urine samples were diluted 1 in 10 with a 1% nitric acid diluent containing 10 µg/L

internal standard mix of yttrium, rhodium and indium and analysed by direct nebulisation

ICP-MS (Thermo Elemental Scientific Series 1) in normal mode. No external certified

reference materials were available for samarium so spiked recoveries of blank urine were

used. The limit of detection for the urinary samarium method was 0.002 µg/L and the limit

of quantification was 0.02 µg/L.

5.0 Epidemiology

There are no data linking biological monitoring data with health effects.

6.0 Risk management

There are no data demonstrating the application of biomonitoring for samarium to its risk

management and no occupational or environmental biological monitoring guidance values.
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7.0 Susceptible groups / populations

There are no data to suggest that there are groups with greater susceptibility to samarium

toxicity.

8.0 Summary

There are few data on the toxicity of samarium and no published biological monitoring data

from either occupational or environmental exposure. The low acute toxicity of the REs and

the use of samarium chelates in cancer therapy suggest little immediate concern for

environmental exposure. Occupational exposure to samarium may result in inhalation of

dusts with unknown consequences but possibly pneumoconiosis. Further work is needed to

identify a reference range for samarium and its toxicokinetics.
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Level of BGV

Framework Element Level 1

Population Range

Level 2

Non Health Based Upper Limit
Value (95th percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability Based

Exposure:

General Population

Susceptible Group(s)

Few data

No data

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Not known

Not known

Samarium?

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

Few data

None

None

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

0.02 µg/L

None

Not known

Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Not known

Not known



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

315

Risk Management:

Exposure reduction measures No data

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

No data

Not known



9.0 Communication

With the information currently available it is not possible to interpret biological monitoring

results for samarium either in terms of health or in terms of normal or reference levels.

References
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1.0 Introduction

Toluene is a clear, colourless, volatile, flammable liquid with a boiling point of 110 oC and a

saturated vapor pressure at room temperature of 22 torr. It occurs naturally in crude oil and is

a component of gasoline. It is widely used as a solvent in numerous products including

paints, adhesives, coatings, inks and cleaning products. The main sources of atmospheric

toluene are vaporisation of gasoline, vehicle exhaust emissions and solvent emissions.

The European Chemicals Bureau (2003) gave toluene the following classification:

F, R11 Highly flammable.

Repr.Cat.3; R63 Possible risk of harm to the unborn child.

Xn; R48/20-65 Harmful: danger of serious damage to health by prolonged exposure through

inhalation. May cause lung damage if swallowed.

Xi; R38 Irritating to skin.

R67 Vapours may cause drowsiness and dizziness

European consumption of commercial toluene in 1995 was estimated to be 2,750 K Tonnes.

Commercial toluene is mainly (80%) used as an intermediate in the production of other

chemicals. Approximately 20% of commercial toluene is used as a solvent carrier in paints,

thinners, adhesives, inks and extraction solvent in the production of pharmaceutical and other

chemical products. Use of toluene in products like paints and lacquers may have decreased in

recent years but is still likely to be significant.

The widespread use of toluene and products containing it means that many people are likely

to be exposed occupationally or environmentally. Ambient urban air contains toluene in the

range 2-150 μg.m3 (European Chemicals Bureau 2003). Air quality guidelines of the World

Health organisation recommend a level of 260 μg.m3 in ambient air (WHO, 2000).
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2.0 Toxicity data

Toluene has low acute toxicity. In humans experimentally exposed to toluene, concentrations

of 75 ppm (285 mg/m3) and above caused headache, dizziness, and feeling of intoxication,

irritation and sleepiness. A NOAEC of 40 ppm (150 mg/m3) for these effects has been

identified (ECB, 2003). Toluene vapours at and above 75 ppm causes eye irritation in

humans. Toluene is not a skin sensitizer and is unlikely to be a respiratory allergen.

In rats, an inhalation LC50 of 28,100 mg/m3/4 hours has been reported and a NOAEL for

general systemic toxicity of 625 mg/kg/day for repeated oral exposure was identified in a 90-

day study. The inhalation NOAEC was 300 ppm (1,125 mg/m3). And f or the dermal route, no

data on repeated dose toxicity have been found.

A dermal LD50 of 12,400 mg/kg has been determined in the rabbit.

Occupational exposure to toluene at high concentrations may increase the risk of developing

mild high-frequency hearing loss. However, the studies showing this effect are not

appropriate for determining a LOAEC or NOAEC. The ototoxicity of toluene in the rat is well

documented by behavioral, electrophysiological, and morphological techniques. It is therefore

possible to carry out a separate risk characterization for this endpoint by use of the animal

data. Impaired hearing function in the rat has been demonstrated at exposure concentration

levels of 1,000 ppm (3,750 mg/m3) for as little as 2 weeks. A 16-week NOAEC of 700 ppm

(2,625 mg/m3) has been reported.

Toluene is considered to be non-genotoxic, and was not carcinogenic to rats or mice in

inhalation studies. Toluene is classified by IARC as Group 3 - ‘Not classifiable’ for human

carcinogenicity.

In male rats exposed to 2,000 ppm (7,500 mg/m3), reduced sperm count was found with a

NOAEC of 600 ppm (2,250 mg/m3).

Toluene abuse has been related to a syndrome in human foetuses characterised by physical

and neurological abnormalities, resembling the foetal alcohol syndrome.

Limited data in humans indicate an increased risk for spontaneous abortions at dose levels

around 88 ppm (330 mg/m3). The Deutsche Forschungsgemeinschaft (DFG) lists toluene in

pregnancy risk group C – no reason to fear damage to the embryo or foetus when the MAK

(50 ppm 8h TWA) and BAT (1 mg/l in blood or 3 mg/l o-cresol in urine at end of shift) are

observed. However, the ACGIH has recently reduced the TLV (8h TWA) for toluene to 20
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ppm on the basis of concern for CNS effects and female reproduction (pregnancy loss)

ACGIH 2008.

No evidence suggesting that the levels of toluene found in the working environment can cause

damage to the peripheral nervous system has been found.

The pharmacokinetics of toluene has been well studied in human volunteers and workers. It

is well absorbed by inhalation, ingestion and through the skin. Some toluene is eliminated

unchanged in exhaled air (15-20%) and urine (<0.01%) but most is metabolised sequentially

by CYP 2E1 to benzyl alcohol, benzaldehyde and benzoic acid that is then conjugated with

glycine to form the major metabolite hippuric acid that is eliminated in urine with an

elimination half-life of 1 – 2 hours (fig 1). Minor metabolites include S-benzyl mercapturic

acid, S-p-toluyl mercapturic acid and the o- and p-isomers of cresol. Ortho cresol is a minor

(<1%) metabolite with a half-life of about 3 hours (reviewed in ACGIH 2001, Lauwerys &

Hoet, 2001).

3.0 Biomarker data

Toluene is metabolised by sequential oxidation to benzoic acid, which is then conjugated with

glycine to yield the major metabolite hippuric acid. The variety of biomarkers used to assess

occupational and environmental exposure to toluene are summarised in figure 1 and Table 1.
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Figure 1 Metabolism of toluene after Angerer et al. 1998.
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Table 1 Summary of Biomarkers of toluene exposure.

Analyte Matrix Comments

Toluene Blood Sensitive methods and PBPK models available, specific &
relevant to target tissues concentrations, data from occupational
exposure and volunteer studies. Data available to provide BEI
and BAT for occupational exposure. Sensitive methods to
assess environmental exposure.

Toluene Urine Specific analyte, methods and some data to provide BEI for
occupational exposure and also data from environmental
exposure. Sensitive methods to assess environmental exposure.

Toluene Breath Rapidly changing concentrations make this approach semi-
quantitative at occupational levels of exposure. Utility is
uncertain at environmental exposure levels – levels will
probably be lower than environmental air levels and reflect
toluene that has not been absorbed by the lungs.

Hippuric acid Urine Non-specific metabolite, high background levels from dietary
sources of benzoic acid. Only suitable for high (>50 ppm)
occupational exposure levels.

Ortho cresol Urine Non-specific metabolite. Suitable for occupational exposure
levels but not environmental exposure due to endogenous
metabolism and environmental sources of o-cresol.

S-p-
toluylmercapturic
acid

Urine Specific biomarker but a minor metabolite with insufficient data

S-Benzyl
mercapturic acid

Urine Specific biomarker but a minor metabolite with insufficient data

There are biological monitoring guidance values for assessing occupational exposure to

toluene (Table 2)

Table 2 Biological monitoring guidance values for toluene

Organisation Analyte Matrix Sample collection time BMGV Airborne
exposure limit
8h TWA

ACGIH Toluene Blood Pre-shift at end of week 20 μg/l 20 ppm 

ACGIH Toluene Urine End of shift 30 μg/l 20 ppm 

ACGIH o-cresol Urine End of shift 0.3 mg/g
creatinine

20 ppm

DFG Toluene Blood End of Shift 1.0 mg/l 50 ppm

DFG o-cresol Urine End of shift 3.0 mg/l 50ppm

ACGIH (2008), DFG 2007

Occupational exposure limits and biological monitoring guidance values like those of the

ACGIH, DFG and others are intended to prevent any significant ill-health effects from

occupational exposures of 8h/day, 5 days/week for a working life in the majority of workers.

These organisations also state that the guidance values are not suitable for assessing

environmental levels of exposure, although in practice they do give a perspective. Because of

the availability of human data from occupational exposure and volunteer studies various

organisations have used it, with adjustments factors for exposure duration and inter-individual
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variation, to derive environmental guidance values. Aylward et al., (2008) have summarised

several health-based guidance values for toluene for both inhalation exposure and ingestion at

environmental levels (Table 3).

Table 3 Health-based exposure guidance values for toluene from various agencies
(from Aylward et al. 2008)

The biomarkers suitable for assessing environmental exposure to toluene are toluene in blood

and urine and are considered further below.

Toluene in blood

Table 4 summarises some data on levels of toluene in blood due to background or

environmental exposure.
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Table 4 Levels of toluene in blood from people not occupationally exposed.

Population N Mean +/- SD
(GM)

μg/l 

Median

μg/l 

95th %

μg/l 

Reference

US 1018 -

(0.3)

0.3 1.0 Wu et al., 2006

US Inner city
children

36 0.16 +/- 0.14 0.52 Sexton et al., 2006

Italy 018 0.5 0.4 1 Fustinoni et al., 2000

Italy 25 1.1 +/- 1.5

(0.56 +/-0.66)

Perbellini et al., 2002

Italy 269 1.1 0.5 7 Brugnone et al., 1995

Italy Urban

Italy rural

Smokers

Non-smokers

All

106

126

53

179

232

0.98 +/- 1.38

0.7 +/- 0.95

0.9 +/- 0.86

0.81 +/- 1.26

0.83 +/- 1.18

(0.42)

0.48

0.44

0.61

0.42

0.47

3.5

2.2

2.72

3.4

2.86

Wang et al., 1993

Germany 77 0.36 0.3 2.3 Straff et al., 2002

Germany

Rural

Urban

24 (0.310 +/- 1.73)

(0.310 +/- 1.9)

Bergamaschi et al.,
1999

US 604 0.52 0.28 1.47 Ashley et al., 1994

US 114 0.3 1.81 Etzel et al., 1994

Hospital staff 58 0.83 +/- 0.87 Brugnone et al., 1989

Italy

Administrators

Traffic Wardens

19

20

1.12 +/- 0.62

1.12 +/- 0.54

Fustinoni et al., 2000

US Urban 9 1.47 +/- 0.83 Pierce et al., 1996

There are several PBPK models available for toluene developed and validated from animal

and volunteer studies. Droz et al., (1989) combined a PBPK model with a statistical

simulation technique and found that for toluene monitoring toluene in urine was the best

marker of exposure and brain concentrations. Pierce et al., (1996) used a PBPK model to

predict the level of toluene exposure that would explain the levels of toluene found in blood

and breath of non-occupationally exposed people. Thrall et al., (2002) used a PBPK model to

predict breath concentrations of toluene following dermal absorption of toluene from a dilute

aqueous solution. They also concluded that fluctuation in exposure plays a large part in the

final variability of biological indicator results. The study of inner-city children by Sexton et

al., (2006) found that for toluene the between child variance in biomonitoring results was

greater than the within-child variance suggesting exposure is a significant contributor to the

biomonitoring results. Aylward et al., (2008) modified models by Tardiff (1993) and Pierce to

derive Biomonitoring Equivalent (BE) values for Toluene (Table 5) Biomonitoring
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Equivalents (BEs) are estimates of the concentration of a chemical or metabolite in a

biological medium that is consistent with an existing exposure guidance value such as a

tolerable daily intake or reference dose.

Table 5. Biomonitoring Equivalent Values

Route & Species
used for toxicity
data

Organisation & Criterion Target Organ BE blood
toluene

 μg/l 

Oral Rat USEPA chronic RfD Kidney 2

Oral Rat Health Canada chronic oral TDI Kidney & liver 3 - 5

Oral Rat ATSDR Acute MRL Brain 50

Oral Mouse ATSDR Immediate MRL Brain 0.5

Oral Mouse WHO chronic TDI Liver 7

Inhalation Human USEPA chronic RfC CNS 50

Inhalation Human Health Canada chronic inhalation TDI CNS 40

Inhalation Human WHO air quality guideline CNS 3

Inhalation Human ATSDR chronic inhalation MRL CNS 3

Inhalation Human ATSDR acute MRL CNS 30

Toluene in urine

Toluene in urine is also a specific marker of exposure toluene and is found at roughly similar

concentrations to those in blood. Table 6 summarises some of the data on levels of toluene in

urine after environmental exposures.

Table 6. Levels of toluene in urine from people not occupationally exposed.

Population N Mean +/- SD

(GM +/- GSD)

μg/l 

Median

μg/l 

95th %

μg/l 

Reference

Italy Children

Italy Children

Italy Children

147

107

139

0.56

0.25

0.33

0.44

0.2

0.2

1.36

0.48

1.26

Minoia et al.,

1996

Italy 25 0.4 +/- 0.28

(0.28 +/-0.33)

Perbellini et al.,

2002

Germany

Rural

Urban

24 (0.282 +/- 1.34)

(0.295 +/- 1.44)

Bergamaschi et

al., 1999

Fustinoni et al., (2000) reported urinary toluene concentrations ranging between 0.13 and

0.29 µg/L in 18 people living in Milan with no known occupational exposure to toluene. In a

separate study, Fustinoni (2007) measured urinary toluene in 75 control subjects and found

concentrations in the range 0.09 – 0.59 µg/L.
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4.0 Analytical methods

Toluene in blood or urine can be analysed by static headspace or purge and trap methods or

solid phase microextraction (SPME) followed by gas chromatography with a range of

detectors including mass spectrometry. Because toluene itself is measured (rather than a

metabolite care must be taken to avoid sample contamination and because toluene is volatile

care must be taken to avoid loss of analyte during sample transport and storage prior to

analysis. The limit of detection for toluene using a static headspace GC-MS method was

0.043 μg/l in blood and slightly more sensitive in urine (Perbellini et al., 2002). Fustinoni et

al., (1999) using SPME reported similar detection limits.

The intra-assay and inter-assay coefficients of variation for a headspace GC-MS method at a

concentration of 5 µg/L were 11.4% and 13.5% respectively (Wang et al., 1993). Perbellini

et al., (2002) reported within and between day CVs of 3 and 6.8 % at 0.06 µg/L.

External quality assurance is available for toluene in blood at occupational exposure levels

(http://www.g-equas.de/)

5.0 Epidemiology

All the data linking exposure to toluene and health effects in humans come from studies of

occupational exposure and human volunteer studies. The data have been reviewed by

regulatory bodies including the DFG, HSE, ATSDR. Volunteers exposed to toluene

concentrations of 75 ppm (285 mg/m3) and above reported eye irritation, headache, dizziness,

and feeling of intoxication, irritation and sleepiness. Occupational exposure to toluene at high

concentrations may increase the risk of developing mild high-frequency hearing loss.

The ACGIH reviewed 12 field studies involving 19 to 369 workers to derive a relationship

between toluene in air and blood collected at the end of exposure; 11 studies of toluene in air

and urinary levels of o-cresol and 6 studies of toluene in air and urine with correlation

coefficients up to 0.96 (ACGIH, 2001).

6.0 Risk management

The European Chemicals Bureau (ECB, 2003) in its risk assessment document for toluene

made recommendations for risk reduction measures for workers potentially exposed to
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toluene and for consumers because of concerns about acute toxicity (headache, dizziness,

feeling of intoxication, sleepiness and impaired functional performance) and eye irritation as a

consequence of exposure to vapours arising from spray painting and carpet laying. The ECB

also sought further information on the relationship between the observed effects on

reproduction and the duration of the exposure leading to these effects. Biological monitoring

has been used for many years to assess exposure in the workplace and modern analytical

methods have sufficient sensitivity to be able to detect toluene in blood and urine at

environmental levels of toluene.

7.0 Susceptible groups / populations

Toluene is metabolised by CYP 2E1 and conjugation with glycine so any co-exposure to

toluene and substances that share these pathways (like other solvents, alcohol and aspirin)

may increase the levels of toluene in blood.

The ACGIH TLV for occupational exposure to toluene is 20 ppm based in part on concern for

pregnancy loss. It would seem prudent to keep female exposure to toluene well below

occupational levels of exposure.

8.0 Summary

There is sufficient data available from studies of exposure to toluene in animals and humans

to be able to propose a Level 3 toxicity or health-based biological monitoring guidance value

for toluene at environmental levels of exposure. The metabolism and toxicokinetics of

toluene are well described and there are methods available to determine the major metabolite

hippuric acid and some of the minor metabolites of toluene. However, other sources of

hippuric acid and o-cresol that make them unsuitable for assessing the low levels of toluene

found in the environment. Measurement of toluene in blood or urine is specific for toluene

exposure and there are well-validated analytical methods with sufficient sensitivity and

specificity to determine toluene in blood and urine at environmental exposure levels. Dose

response relationships have been established between the levels of toluene inhaled and the

levels of toluene found in blood and urine. Health-based guidance values have been

established for acceptable levels of toluene in air both in the workplace and the environment

and also for oral exposure. Using these as a basis and the available PBPK models it is

possible to derive Biomonitoring Equivalent values for toluene in blood. It may also be
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possible to use a similar approach or the relationship between levels of toluene in blood and

urine to derive BE values for toluene in urine.

The levels of toluene found in blood show that although environmental exposure to toluene is

widespread, the levels found are below the biomonitoring equivalent values based on

reference values from various organisations for acute and chronic exposure (tables 4 and 5

above) and therefore are of no immediate concern.

There are insufficient data to describe the long-term effects of low level environmental

exposure to toluene or to propose a probability-based guidance value.
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Framework Element

Level of BGV

Level 1

Population Range

Level 2

Non Health Based Upper Limit
Value (95th percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability Based

Exposure:

General Population

Susceptible Group(s)

Data on levels of toluene in
blood and urine from
occupational and environmental
exposure

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Toxicokinetic data from animal
and human studies. Dose
response established for lead
health effects. Metabolites well
described in animals and
humans

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

Sufficient human data from
environmental exposures for
toluene in blood and urine.

BMGVs for occupational
exposure

PBPK models for toluene in
blood

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

Sensitive and specific methods
available for toluene in blood
and urine capable of detecting
environmental exposure. G-
EQAS for toluene in blood at
occupational exposure levels
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Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Substantial human data
available of lead health effects.
Sufficient data from animal
studies showing toluene is not
mutagenic or carcinogenic.

Risk Management:

Exposure reduction measures

Guidance available to aid
reduction of occupational
exposure levels of toluene

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

None at environmental levels of
exposure. Possibly women
seeking to become pregnant
with high occupational
exposures



9.0 Communication

Toluene is of low acute toxicity to humans. It is not genotoxic, carcinogenic, or a skin

sensitiser or an asthmagen. Occupational exposure to toluene at concentrations of 75 ppm

(285 mg/m3) and above causes eye irritation, headache, dizziness, and feelings of intoxication,

irritation and sleepiness. Occupational exposure limits for toluene are set well below this

level to control exposure and prevent ill-health.

Environmental exposure levels of toluene are much lower and although toluene is commonly

found in blood and urine the levels are below the biomonitoring equivalent values based on

reference values from various organisations for acute and chronic exposure (tables 4 and 5

above) and therefore are of no immediate concern

Blood toluene levels above a biomonitoring equivalent value would be associated with a low

risk that increased as the level of exposure increased but without being significant until

exposure exceeded occupational exposure limits.
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1.0 Introduction

Toluene diisocyanates (TDI) are important industrial chemicals. The 80% 2,4-TDI: 20% 2,6-

TDI mixture represents over 95% of the industrial usage (CAS # 26471-62-5). TDI is used in

the manufacture of polyurethane foams which are found in furniture, insulation, carpet

underlay, and bedding accounting for approximately 90% of the total supply of TDI (IARC,

1986; ACGIH, 1991). TDI based rigid foam is used in refrigerators and roofs (IARC, 1986).

2,4-TDI exists as a clear, colourless to pale yellow liquid while the 2,4-/2,6-TDI mixture is a

clear to pale yellow liquid. TDI is not known to occur naturally. The odour of the 2,4-/2,6-

TDI mixture has been described as sharp, pungent, and acrid with an odour threshold greater

than 0.005 ppm ( 0.04 mg/m3) (NTP, 1991). This document will deal with the 80:20 2,4:2,6-

mixture and from now will refer to this mixture as TDI.

The occurrence of TDI in ambient air has been associated with the release in stack exhaust

from plants using TDI in the manufacture of polyurethane foam products and coatings. Many

household products can contain polyurethane as stated above.

TDI is readily hydrolysed and degraded in aqueous solution, however the primary degradation

reaction in the atmosphere is expected to be oxidation by OH radicals with an estimated half

life of one day (Tury, 2003).

After exposure, TDIs are converted into toluene diamine (TDA). This has been shown in both

humans and animal models (IARC, 1986; Rosenberg & Savolainen, 1985; Persson et al.,

1993).

The main source of exposure is occupational. TDI is classed as a respiratory sensitiser with an

exposure limit of 0.02mg/m3 (8h TWA) (HSE, 2005). Occupational exposure to TDI is

associated with skin irritation, contact sensitisation, occupational asthma and severe

pulmonary irritation and obstruction (IPCS, 1987; Banks et al 1986; Hagmar et al 1987; Baur

et al., 1994). 2,4-TDI is classified as a Group 2B possible human carcinogen by the

International Agency for Research on Cancer (IARC, 1986). TDI and polyurethane products

are manufactured in closed systems and therefore environmental exposure is through leaks or

incident releasing vapour into the immediate vicinity of manufacturing plants. However,

consumers may be exposed to low levels of TDI from polyurethane varnishes or glues during

DIY activities. TDI emission from household products such as carpet underlay, furniture

cushions, sheet foams etc were found to be negligible (Kelly et al., 1999), however, low level



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

336

exposures have been detected using antibody titers to TDI-Human Serum Albumin (TDI-

HSA) (Thrasher et al., 1989) in subjects who had building-related health effects..

2.0 Toxicity data

The kinetics and metabolism of TDI has been reviewed by IPCS document EHC 75 (IPCS,

1987) and the DGF – German research Foundation Commission for the Investigation of

Health Hazards of Chemical compounds in the work area have recently reviewed the

toxicological data for TDI (DFG, 2008).

The most probable routes of exposure are inhalation and dermal contact. Both animal models

and observation in occupationally-exposed workers suggest that TDI is absorbed rapidly

through the respiratory tract and produces both acute respiratory irritation and chronic rhinitis

and lesions in the lower respiratory tract, as well as occupational asthma (Skarping et al.,

1991; Skarping et al., 1996). The distribution of TDI following inhalation in humans is not

well understood: respiratory sensitisation and upper respiratory tract irritation in indicates that

TDI is absorbed rapidly and the detection of urinary metabolites and protein adducts indicates

that reactive isocyanate groups (NCO) are rapidly conjugated or hydrolysed to toluene

diamine (TDA) then excreted in urine as TDA derivatives.

The toxicokinetics following dermal absorption of TDI and other isocyanates (NCO) is still

poorly understood. There is some uncertainty with regard to the whether isocyanates can

induce respiratory sensitisation following dermal exposure. Due to the reactivity of TDI, it is

not thought to circulate as free diisocyanate but forms conjugates with macromolecules.

A group of workers who handled uncured polyurethane foam revealed approximately 20 fold

greater level of TDI derived amines in the urine as compared to workers who did not handle

the polyurethane foam. Both groups were exposed to similar levels of TDI via inhalation.

The conclusion from this study is that TDI is absorbed dermally and this dermal exposure

results in TDI related TDA metabolites in the urine (Austin, 2007). In rats exposed to 2,4-

TDI, no unreacted 2,4-TDI was detected in the urine, but 2,4-TDA was detected after acid

hydrolysis of the urine (Yeh et al., 2008). A suggested biochemical pathway would involve

formation of TDA, its conjugation and excretion, but this has not been substantiated.

Much is known about the excretion of TDI as toluene diamine (TDA)-conjugates in urine and

protein adducts due to the vast body of research into the development of biomarkers of

exposure to TDI (and other NCO) in animal models and investigations of occupational

exposure. The salient points and key studies are briefly summarised below.
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The group of Skarping in the 1990s (Skarping et al., 1991; Brorson et al., 1989; Brorson et

al., 1991) carried out test chamber exposure of humans to TDI. Five volunteers were exposed

to TDI atmospheres for 7.5 hours at the Swedish TLV of 40 µg/m3. The inhaled dose was

estimated to be 120 µg. Blood and urine samples were collected and assessed for 2,4- and

2,6-TDA after acid hydrolysis (methodology discussed later). The maximum elimination rate

occurred for all subjects at 6 to 8 hours-that is immediately after the end of the 7.5h exposure,

with possible biphasic elimination. The half-life of the concentration in urine for the first

phase was 1.9h for 2,4-TDA and 1.6h for 2,6-TDA. The approximate half-life for the second

phase was 5h for both TDAs. The cumulative % elimination after 28h corresponded to 8-

14% of the estimated inhaled dose of 2,4-TDI and 14-18% of 2,6-TDI. These elimination

values are in the same order of magnitude as elimination of methylene diisocyanate (MDI)

assessed as the related amine in urine (studies carried out by the same group). Plasma levels

of TDA were determined as the sums of the amine and hydrolysable (acetylated) TDAs. The

average plasma concentrations of 2,4-TDA was 2.2µg/l after 8h and 24h. For 2,6-TDA the

average after 8h was 2.2µg/l and 2.4µg/l after 24h. The half-life in plasma was estimated at

10 days (Skarping et al., 1991).

In both studies the N-acetylation phenotype was determined using dapsone but no correlation

between acetylator phenotype and 2,4- or 2,6-TDA in hydrolysed urines was found (Skarping

et al., 1991; Brorson et al., 1991) However, the significance of this phenotype was not

discussed.

Two men were exposed to TDI atmospheres at three different concentrations (around 25, 50

and 75 ug/m3). The plasma elimination half-life plasma showed a biphasic pattern: a fast ca.

2-5h and slow-phase >6day peak. There was a positive correlation between the air

concentrations and cumulative urinary level of both TDAs, as well as the plasma levels of

TDAs. This suggests that these biomarkers can be used in the evaluation of exposure

(discussed below): however no effect makers were determined. These results were

corroborated by studies in occupational settings (Persson et al., 1993; Lind et al., 1997).

The toxicokinetics in chronically-exposed workers has been studied: the half-life in urine

ranged from 5.8 to 11 days with an indication of a two phase urinary elimination (Lind et al.,

1996). The half-life of plasma adducts was 21 days and was twice as long in chronically-

exposed workers as in short-term exposure.

A key study by Diem et al., (1982) has been used to determine an inhalation reference

concentration (RfC). Although many studies have shown a decline in lung function in

workers exposed to TDI, the study group in Diem’s work were exposed exclusively to TDI
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and it was possible to investigate the baseline forced expiratory volume in 1 second (FEV1)

values for each individual before the commencement of TDI exposure. The study was also

able to adjust for smoking as a confounder. A group of 277 TDI production workers were

followed for a period of 5 years. Pulmonary function measurements were taken at nine points

over the 5 year period. These measurement included spirometry, single-breath diffusion

capacity, and residual volumes. This study contains sufficient information from which to

derive a LOAEL and NOAEL, and from which the US EPA have derived the RfC of 0.07

μg/m3 (USEPA. IRIS, 1995) .

It has been known for a long time that exposure to TDI (and other diisocyanates) can lead to

specific hypersensitivity of the bronchial system (isocyanate asthma). In Guinea-pigs

exposed to TDI atmospheres designed to mimic workplace exposures, antibodies to TDI were

detected at exposure levels above 2.56mg TDI/m3. A dose response relationship was

established. Pulmonary sensitivity to TDI-protein antigens were observed at concentrations

exceeding 2.6 mg/m3 (IPCS, 1987; Karol, 1983).

Occurrence and specificity of IgE- antibodies to isocyanates in occupationally exposure

workers has revealed conflicting results. A specific IgE-mediated mechanisms has been

proposed and also unspecific mechanisms are thought to be responsible (Karol et al.,

1978a&b; Cvitanovic et al., 1989). IgG and IgE antibodies have been studied. The

responsible antigen is still under study; TDI has a broad spectrum of reactivity with various

functional groups such as hydroxyl, sufhydryl, and imidazole as well as the N-terminal amino

groups of proteins (Baur et al 1994; Czuppon et al., 1992; Sabbioni et al., 2001; Lind et al.,

1997a). Albumin is thought to be the major receptor molecule in blood plasma (Sabbioni et,

al., 2001; Lind et al., 1997a; Sepai et al., 1995). However, dose-response relationships have

not been determined.

3.0 Biomarker data

Hydrolysable Urinary Conjugates and Plasma
Protein Adducts

Biological monitoring techniques have been applied in numerous studies of occupational

exposure to TDI during the production of polyurethane foams, rigid plastics and during spray

painting with polyurethane-based paints. Hydrolysable urinary metabolites as well as plasma

adducts were assessed in relation to air monitoring.
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Correlations between the air concentrations and hydrolysable urinary metabolites have been

shown to be linear in many studies (Persson et al., 1993; Rosenberg & Savolainen, 1986a&b;

Maitre et al., 1993 ; Kaaria et al., 2001 ; Creely et al., 2006 ; Sennbro et al., 2004).

However, studies have shown the presence of detectable urinary metabolites of isocyanates

when the air monitoring results were below detection limits (Skarping et al., 1996; Kaaria et

al., 2001; Creely et al., 2006) or where the exposure to airborne TDI can not explain the

differences in TDA detected in urine (Austin, 2007). These data suggest that dermal

absorption of TDI is an important route of exposure in the work place. However, the

relevance of dermal absorption in non-occupational settings has not been assessed. This route

of exposure is likely to be insignificant due to the fact that the levels of free TDI in these

foams is low and only released by cutting or somehow damaging the foam.

Urinary levels vary greatly with time (Persson et al., 1993; Tinnerberg et al., 1997) however,

plasma concentrations are far less variable – especially with chronic exposures where it is

conceivable that a steady state has been reached (Persson et al., 1993; Lind et al., 1997b; Lind

et al., 1996). Thus it is possible to detect exposure over a longer timeframe using plasma TDI

derived TDA adducts. These studies indicate that due to the short half-life of urinary TDA

conjugates it is necessary to collect samples shortly after exposure. The longer half-life of

TDI related TDA adducts may lend itself to the detection of longer-term exposures.

The presence of urinary markers of exposure and uptake have lead to the UK HSE (Health

and Safety Executive) and the German (DGF: German Research Foundation) to develop

biological guidance values for the monitoring and control of occupational exposure to

isocyanates (see Table 1).

Many of the occupational studies have shown that no free TDI related amines were detected

in plasma and no free diamines were detected in urine. This indicates that the isocyanate

circulate as plasma proteins adducts and all diisocyanate- related metabolites are in a

conjugated form (Sennbro et al., 2003).

The studies summarised above are all in the occupational setting. Only one study reports

assessing environmental exposures and plasma adducts and the only subject with detectable

adducts levels had occupational exposure (Nuorteva et al., 1987). However, some of the

occupational studies have data on occupationally-unexposed individuals and these data may

be used to derive a preliminary reference values for the general population.
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Table 1: Occupational Exposure Limits and Biological Values

Exposure Limits Biological Monitoring
Guidance Values

Occupational Safety and Health
Administration (OSHA)

STELa of 20 ppb

US EPA (1995) RfCb 0.07 μg/m3

Swedish TLV 8h TWA 5ppb
(36μg/m3),

5-min- 10ppb (72μg/m3)

HSE (UK) (2005) -NCO, 0.02 mg/m
3
,

STEL 0.07 mg/m
3

Classified as a sensitizer

BMGVc: 1 μmol isocyanate 
derived amine/mol
creatinine

GSF, German Research Foundation
For Methylenediphenyl diisocyanate,
using methylene diphenylamine as a
biological marker

BLWd 10μg/g creatinine 

a Short-term exposure limit (usually 15 minutes)

b Reference concentration (inhalation)

c Biological monitoring guidance value, value set as a control measure, level above the BGV do not directly related to health
risks. Control-based BMGVs are set based on the 90th percentile of data from workplaces with good control when there is
insufficient toxicological data to set a health related guidance value.

d ’Biologischer Leit Wert’: Biological guidance value, control level, these values are set where there is insufficient toxicological
data to set a BAT (which is a health –based guidance value).

In 81 occupationally workers exposed to TDI in manufacturing plants all using either TDI or

TDI based polyurethane the median TDA levels ranged from 3.4 to 6.9 μg/g creatinine and 

the levels were all < 0.1 μg/g creatinine the limit of detection (LOD) in 121 unexposed 

workers (Sennbro et al., 2004) (see Table 2). Many occupational studies do not recruit

adequate controls to allow inter-study comparisons to be made.

Table 2: Urinary biomarker assessment relating occupational exposure and control
levels

Exposure Exposed workers Controls/ Unexposed
workers

Limit of
Detection

Reference

TDI or TDI
polyurethane

Median range (n=81)

3.4 to 6.9 μg/g 
creatinine

Median range (n=121)

<0.1 μg/g creatinine 

0.1 ng/ml

(0.1 μg/l)  

(Sennbro et
al., 2004)

TDI flexible
foam

Range (n= 15)

– 5.1 μg/l 2,6-TDA 

0.6 – 4.0 μg/l 2,4-TDA 

Below LODa (n=12) 0.1 μg/l (Carbonnelle
et al., 1996)

Polymerisation
of PU foam

Range (n= 13?)

1.0 -250 μg/l 2,6TDA 

1.0 – 63 μg/l 2,4 TDA 

Below LOD (n =20) 1.0 μg/l  (Sakai et al.,
2002)

Polyurethane
foam or TDI

Range (n= 110)

0.1 – 43 μg/l 2,6 TDA 
0.2 - 76 μg/l 2,4TDA 

Range (n=120)

<.01 – 0.4 μg/l 2,4-TDA 

<.01 – 0.2 μg/l 2,6-TDA 

0.1 μg/l (Sennbro et
al., 2005)
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As most of the studies report few if any control (occupationally unexposed) urinary levels of

TDA it is not possible to confidently estimate a reference value.

Sennbro et al. (2005) used occupational referents to calculate what he terms an Upper

Reference Value (URL). The URL corresponds to the upper boundary of background

exposure in occupationally unexposed workers which can be the highest biomarker value in

the reference group (as long as the reference and exposed group data do not overlap) or the

mean concentration plus two standard deviations, or the more conventional 90th or 95th

percentile in the referent group. Using urinary levels of methylene dianiline (MDA) from

occupationally unexposed workers Sennbro et al derived a URL for 4,4’-methylenediphenyl

diisocyanate (MDI) exposure of 0.5 μg MDA /l urine and report the 95th percentile as 0.4μg 

MDA/l urine. This study also assessed TDI in occupationally-unexposed workers but

concluded that as there are too few data points where the levels were above LODs for TDA,

however, they derive a URL of 0.4 μg/l for 2,4-TDA and 0.2 μg/l for 2,6 –TDA, with 95th

percentiles of 0.1 μg/l for both isomers.    

TDI Specific Antibodies

A qualitative association between specific antibodies and exposure to isocyanates has been

reported (Baur et al 1994; Cvitanovic et al., 1989; Cartier et al., 1989) however, quantitative

data are scarce. Furthermore, immunogenic variation in man is poorly understood. The

prevalence of detectable specific immunoglobulin in sensitized workers is still unclear –

values from 0 to 50% have been reported (Karol et al., 1978; Tee et al., 1998) Attempts have

been made to use TDI specific IgG and IgE to predict long term prognosis however the results

are not conclusive (Park et al., 2002).

A recent study by Littorin et al. (2000) has shown a positive relationship between exposure,

concentration of metabolites in urine and plasma adducts, specific IgG antibodies and work

related symptoms. This study focuses on differentiating between two work regimes rather

than exposure verses non-exposure. Thus it is difficult to relate the findings to non-

occupational scenarios.

In conclusion, although the use of specific antibodies as markers of exposure and effect are

tempting, the current available data indicate that the results would prove to be difficult to

interpret and apply to public health surveillance.
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4.0 Analytical methods

As stated above, exposure to TDI leads to TDI-related amine urinary conjugates and protein

adducts. These conjugate and adducts when hydrolysed release toluene diamine (TDA). The

methodology for the hydrolysis, extraction and subsequent analysis of TDA is summarised in

Table 3.

In general urine and plasma samples were analysed after acid hydrolysis with the addition of

an internal standard, a tri-deuterated (d3)2,4-TDA and 2,6-TDA. The solution is then

alkalised to allow the free amines to be extracted into organic solvent (e.g. dichloromethane),

the extract is then derivatised with either pentafluoro propionic anhydride (PFPA) or

heptaflouro butyric anhydride (HFBA). The solution is then dried and reconstituted into an

appropriate solvent and analysed by GC-MS (gas chromatography - mass spectrometry) with

either EI (electron ionisation) or NCI (negative ion chemical ionisation). One group used

alkali hydrolysis, phenylene-1,3-diamine (1,3PDA) as an internal standard and HPLC-ECD

(Carbonnelle et al., 1996).

The limit of detection (LOD) varied from  0.01 – 2 μg/l with only two papers recorded a limit 

of quantification of quantification (LOQ) of 0.5 μg/l (Sennbro et al., 2003) and 0.1 μmol/mol 

creatinine this paper uses creatinine to account for urine dilution (Creeley et al., 2006).

The analytical procedure has been well validated within laboratories across Europe and Japan,

as noted in Table 3. However, an external quality assurance strategy has not been developed.

This would need to be addressed in order to aid inter-laboratory comparison of data.

From table 2 and 3 it is possible to conclude that if this methodology is to be applied to

environmental exposures which are likely to be orders of magnitude lower than occupational

settings, and where the exposure is possibly intermittent, the detection limits will need to be

reduced perhaps by a factor of 10.

Table 3 also shows that the form in which laboratories report their analytical accuracy and

precision varies. Some harmonisation needs to be considered, this is a general comment that

applies wider than TDI/TDA analysis.



Table 12: Summary of Analytical Methodology

Research Group Procedure s Precision/

Accuracy

CV% b Analysis LOD, LOQ c Ref.

Savolainen

Helsinki, Finland

H: acid

IS: ??

DA: HFBA

NR d NR GC-MS EI LOD

2μg/l 

(Rosenberg et al., 1986;
Maitre et al., 1993)

Skarping

Lund Sweden

H: acid,

IS: d3

DA: PFPA

[1 ug/l] e Precision

1.6% 2,6TDA

3.5% 2,4TDA

6%- 7% GC-MS EI LOD 0.01μg/l (Persson et al., 1993)

GC-MS NCI
(ammonia)

LOD

0.05 μg/l 

(Lind et al., 1996;
Sepai et al., 1995)

Louvain, Belgium H: alkaline,

IS: 1,3-PDA

Precision

7.9% 2,6 TDA

5.3% 2,4TDA

NR HPLC- ECD LOD

0.1 μg/l 

(Carbonnelle et al.,
1996)

Maitre

France

H: acid

IS: 1,4 PDA

DA: HFBA

[5 ug/l] Accuracy

93%

NR GC-MS

NCI

LOD

0.1μg/l 

(Kääriä et al., 2001)

Kaaria

Helsinki, Finland

H: acid

IS: d3

DA: HFBA

Precision

3.7% 2,4TDA

3.6% 2,6TDA

NR GC-MS EI LOD

0.35nmol/l

(Creely et al., 2006)

Sennbro

Lund, Sweden

H: alkali

IS: d3

DA: PFPA

Accuracy

95-98% Urine

93-101% plasma

2-4% GC-MS NCI

(Ammonia)

LOD

0.1 ng/ml

LOQ

0.5 mg/ml

(Nuorteva et al., 1987)

Sakai

Tokyo, Japan

H: acid,

IS: 3,4TDA

NR [25 ug/l]
(N=10)

4.6%2,6TDA

LC-MS LOD

1.0 μg/l 

(Sakai et al. , 2002)
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Research Group Procedure s Precision/

Accuracy

CV% b Analysis LOD, LOQ c Ref.

5.1%2,4TDA

H: acid

IS: 3,4TDA

DA: HFBA

NR [25 ug/l]
(N=10)

5.7%2,6TDA

6.3%2,4TDA

GC-MS NCI LOD

0.1 μg/l 

(Sakai et al., 2005)

Jones, Cocker

HSE, UK

H: acid,

IS: Analogues

DA: HFBA

NR 5% GC-MS NCI

(Methane)

LOD

1 nmol/l

LOQ

0.1 μmol/mol 
creatinine

(Sennbro et al. , 2003)

a: Acid or Alkali Hydrolysis(H), Internal Standard (IS) Derivatising Agent (DA).
b: Coefficient of Variation as report in each paper.
c: LOD, Limit of Detection, LOQ, Limit of Quantification as report in each paper.
d: NR Not reported.
e: [--] denotes concentration.



5.0 Epidemiology

The major epidemiological studies carried out have been in the occupational setting.

Krone reviewed diisocyanate exposure and non-occupational disease (Krone, 2004). The

paper purports to review the evidence for the role of NCO and polyurethanes in the genesis of

non-occupational allergy and respiratory disease. Although the text describes many

associations no causative relationships were reported; none of the studies describe

quantitative exposure to response relationships or exposure to biomarker correlations. The

review does highlight the need for further effort in the evaluation of the role of NCO in the

increasing prevalence of asthma in industrialised countries.

Antibodies to indoor air pollutants such as formaldehyde, trimellitic anhydride, volatile

organic chemicals and TDI have been studied following ‘building-related’ health complaints

(Thrasher et al., 1989). There was a positive, not statistically significant, correlation between

symptoms and the geometric mean titers to the chemical-conjugates investigated. The study

concluded that the use of biological monitoring should be included in future studies and found

no dose-response relationships for TDI.

Bernstein et al. (2006) analysed 139 anonymous donors without known diisocyantae exposure

and assayed IgG and IgE specific for TDI-human serum albumin (TDI-HSA). 5% of the

samples reacted with TDI-HSA. They concluded that antibody measurements may not be

reliable indicators of exposure in non-occupational settings.

The literature search revealed that there are no large scale epidemiological studies; however,

two studies have assessed exposure of inhabitants living near polyurethane factories. A study

in Glenola, North Carolina, USA where a general population was screened for potential

exposure from a polyurethane foaming plant using immunological markers of exposure

(Levine et al., 2001; Orloff et al., 1998) and a second study in Finland where plasma samples

were analysed for TDI (and other isocyanates) (Nuorteva et al., 1987). The US study is

described under the section on risk management as the results were applied to abate

population exposure.

The prevalence of asthma in the population living near a factory producing polyurethane in

Kouvola, Finland was investigated (Nuorteva et al., 1987). The percentage of asthmatics in

the ‘exposed’ (defined as living near the factory) and the controls (living at a distance from

the factory were not statistically different. Serum samples from asthmatic patients were
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analysed for TDI and other isocyanates. A positive result was only found for one patient who

had occupational exposure to isocyanates. The study concluded that the polyurethane factory

did not have an effect on the prevalence of asthma in its surrounding population.

There have been some reports of positive associations between polyurethane foams (e.g. in

pillows, mattresses), and prevalence of childhood asthma and childhood wheezing attacks.

However, the causative link is still not understood and could be due to non-chemical

allergens.

In 1986 the IARC has classified TDI as possibly carcinogenic to humans (Group 2B), based

on sufficient carcinogenicity evidence in experimental animals, but there is inadequate

evidence in humans (IARC, 1986). In 1999 the evidence was reviewed and a number of

occupational cohorts were assessed this review did not alter the classification (IARC, 1999).

6.0 Risk management

In August 1996, residents in Randolph County, North Carolina, USA contacted the Agency

for Toxic Substances and Disease registry (ATSDR) due to health concerns possibly related

to chemicals emissions form a polyurethane manufacturing plant (Levine et al., 2001).

Extensive assessments were carried out including air sampling, interviews with residents, risk

assessment of ambient air and emissions data, and review of medical records. The residents

reported symptoms consistent with exposure to TDI i.e., difficulty breathing, difficulty

concentrating, poor memory, and headaches. Ambient air measurements revealed TDI at

levels known to produce health effects in individuals who are sensitised such as bronchial-

hyper-sensitivity and decline in lung function.

Blood samples were collected from 113 residents and tested for IgG and IgE antibodies to

TDI, hexamethylene diisocyanate and diphenylmethane diisocyanate. Of these 113 residents,

10 (9%) had antibodies to one or more of the diisocyanates, 9 had IgG antibodies to TDI and

one had IgE antibodies to TDI. Following the investigation by ATSDR the plant was issued

an order to abate exposure in September 1997 and the production of polyurethane foam was

stopped and has not resumed (Orloff et al., 1998). In this study the presence of IgG was used

as a biomarker of past exposure.

However, the study by Levine et al. (2001) states that the results showed flawed methodology

and improper interpretation of data which may have led to the inappropriate closure of the

facility. No effort was made to correlate exposure with biomarkers of uptake, such as urinary

TDA or plasma TDA, were attempted. The ‘exposed’ group was not compared to an
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adequate ‘control non-exposed reference’ group. As stated above, Bernstein et al. (2006)

analysed 139 anonymous donors without known diisocyantae exposure and assay for IgG and

IgE specific for TDI-human serum albumin (TDI-HSA). 5% of the samples were reacted with

TDI-HSA. They concluded that antibody measurements may not be reliable indicators of

exposure in non-occupational settings. Other studies have reported the absence of IgG

antibodies in non-exposed workers (Bernstein et al., 2006; Selden et al., 1989) the criteria

used to determine a positive reaction could account for the differing results. This further

underlines the need for sensitive and exposure-specific biomarkers with adequate knowledge

of background (general population) data and ‘set criteria’ in order to interpret the data and

implement and monitor public health interventions with confidence.

7.0 Susceptible groups / populations

TDI is classified as a respiratory irritant and sensitiser even at low concentrations (IARC,

1986) however, the pathogenic mechanism of NCO-asthma and hypersensitivity pneumonitis

through occupational exposure to TDI are still unclear.

Mapp reported genetic markers of susceptibility to NCO induced asthma (Mapp et al., 1997;

Mapp et al., 2002).  Suggesting allelic variants in the π type glutathione-S-transferase locus 

(GSTP1) can protect against or predispose to TDI-induced asthma. These studies and animal

models have revealed that at least two factors are involved in the development of NCO

asthma: 1) genetic predisposition, 2) environmental exposure. It is conceivable that those

with a genetic susceptibility are at higher risk to become sensitised. However, the body of

evidence is not present to clearly define susceptible groups.

8.0 Summary

TDI has been classified as a class 2B carcinogen by IARC and is known to be a respiratory

irritant and sensitiser and NCOs are one of the major causes of occupation asthma. There are

some plausible routes of exposure to the public through leaks and emissions near and around

industrial plants manufacturing TDI as well as polyurethane production. In addition there are

some concerns around indoor air quality and low level emission of NCOs from consumer

products. Thus there are well founded public health concerns. The body of evidence comes

from the occupational setting where human biomonitoring has been recommended as a means

to monitor the effectiveness of exposure control measures. The proposed methods involve the



FINAL REPORT; FOR INFORMATION ONLY – DO NOT QUOTE OR CITE

348

determination of urinary markers of exposure namely the isocyanate derived amine. The

Biological guidance values set are not health based.

Environmental exposures are expected to be at very low levels and possibly intermittent

therefore the use of plasma adducts as markers of environmental exposure are thought to be

more feasible. However, there may also be scope to include the determination of TDI-HSA

antibodies as markers of past exposure.

Therefore, for TDI a Biological Guidance Value at Level 2 – to assess exposure alone through

plasma adducts would seem appropriate. A preliminary value could be derived from data in

non-occupationally exposed individuals. This is a non-health based guidance value. There is

insufficient data to propose a health-based BGV.

In order to set a Level 3 – health-based BGV for TDI, the body of evidence linking the

biomarker and effect needs to be addressed. The use of TDI-specific antibodies is a attractive

way forward however this will require an understanding of the mechanisms of the

immunological response, the antigenic moiety and dose-biomarker, biomarker-time

relationships before these techniques can be applied to public health protection.
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Level of BGV

Framework Element Level 1

Population Range

Level 2

Non Health Based Upper Limit
Value (95th percentile)

Level 3

Toxicity Based

Level 4

Toxicity and Probability Based

Exposure:

General Population

Susceptible Group(s)

Need further data for
environmental exposures

??

Yes

Toxicity:

Toxicokinetics (inc half-life)

Dose-response relationship

Main metabolite(s)

Yes

Yes

Yes

Biomarkers:

Reference ranges

Occupational guidance values

PK / PBPK models

Some may be derived from
occupational control. Need
further data for environmental
exposures

Yes

None found

No

No

Analytical:

Detection limits

Ref materials / QA scheme

Confounders

Yes

No

Yes/No

Yes

No

Yes/No

Epidemiology:

Link between exposure and
health effect

Link between BM data and
health effect

Yes (occupational)

Yes (occupational and
environmental)
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Risk Management:

Exposure reduction measures Yes in an occupational setting –
Biological guidance values

Yes – occupational,
Environmental - through
regulation

Susceptible Groups:

Defined susceptible groups

Inter- and intra-individual
variability

No: some attempt to look at
genetic polymorphisms.

No. Difficult to detect
susceptible groups reliably
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9.0 Communication

Exposure to isocyanates can lead to short term effects (respiratory irritation and reduced lung

function) and there is a potential to induce long-term sensitivity in susceptible individuals. These

health effects warrant some concern. However, as it is not possible with the current level of

knowledge to assign health- based guidance value, it is only possible to derive a Level 2 value that

relates to exposure.

Data from occupational exposures, and test chamber experiments reveal the biphasic half-life of

hydrolysable urinary TDA. The initial excretion with a short half-life reflects current (short-term)

exposure, and a second phase longer half-life excretion may reflect the elimination of plasma protein

bound adducts. However, plasma protein adducts have a longer half-life and accumulate. Thus

plasma protein adducts may be used to assess environmental exposure and will reflect a longer term

exposure. If a steady state (ie. chronic low level) is achieved these markers will be more applicable to

monitoring non-occupational exposures.

There is a need to improve the analytical methods to reduce the detection limits in order to be able to

monitor lower environmental exposures.

Isocyanates have been implicated as one of the agents associated with the increase in childhood

asthma. The causative chemical agent has not been identified; however, there is a plausible if not

provable relationship between exposure to isocyanates from consumer products and increases in the

prevalence of asthma. The current uncertainty in this association needs to be carefully communicated

to the public.

The main concern in the public health field relating to human biomonitoring is adequate

communication to the public and in particular to study volunteers. The proposed framework will give

a sound foundation on which to develop a communication strategy for each compound as it is

assessed and assigned a BGV Level.
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